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Abstract 

New Zealand’s heavily-calcified bryozoans are diverse, well-described, and capable of 

creating ecologically-important three-dimensional benthic habitat that hosts a 

taxonomically-rich fauna both on and around colonies. Economically-important species, 

including tarakihi (Nemadactylus macropterus), oysters (Ostrea chilensis), and blue cod 

(Parapercis colias) use bryozoan thickets as habitat and refugia. This association between 

commercial species and habitat-forming bryozoans has resulted in bryozoan beds being 

damaged by bottom fishing and, in some cases, intentionally cleared to ease fishing 

efforts. While protecting previously damaged ecosystems is important for re-establishing 

dynamic marine habitats, the effect of marine protection on bryozoan diversity and 

abundance has been unexplored in New Zealand, until now. The aim of the present thesis 

was to investigate the response of bryozoan communities to different types of marine 

protection around New Zealand’s three largest islands by using four locations as case 

studies: Cape Rodney – Ōkakari Point Marine Reserve (north-eastern North Island), 

Separation Point Exclusion Zone (north-eastern South Island), Ulva Island/Te 

Wharawhara Marine Reserve (Stewart Island), and the Otago shelf voluntary exclusion 

zone (south-eastern South Island).  

In each of the four case studies presented within the present thesis, New Zealand’s 

protection of habitat-forming bryozoans has fallen short, regardless of whether bryozoans 

were the intended target of protection, although other examples of protection success 

could exist in other marine protected areas around the country. Within Cape Rodney – 

Ōkakari Point Marine Reserve and the Separation Point Exclusion Zone, bryozoan 

communities were less abundant and species-rich in modern surveys compared to 

historical collections. In the case of Ulva Island/Te Wharawhara Marine Reserve, 

bryozoan reefs were excluded from the marine reserve altogether. Results presented for 
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the Otago shelf voluntary exclusion zone showed no increase in bryozoan abundance or 

species richness despite seventeen years of protection. Poor land management, ineffective 

marine protected area design, non-existent enforcement, and continued overuse are all 

potential explanations for why bryozoans are not thriving in these protected areas, with 

many of these diffuse stressors being uncontrolled by the implementation of fishing 

restrictions.  

Existing protected areas that focus on heavily-calcified bryozoans (e.g., Separation Point 

Exclusion Zone, Otago shelf voluntary Exclusion Zone), however, have no targeted 

monitoring programs or recovery targets, which has made it impossible to quantify the 

success of management practices. Despite the uncertainty surrounding bryozoan 

protection and recovery timelines, bottom fishing is still one of the biggest threats to New 

Zealand’s bryozoans and marine reserves are an important tool for managing that threat. 

Risk-based approaches to management, like the one presented in the present thesis, can 

help identify threats and inform management decisions, although other approaches (e.g., 

precautionary approach) may be more proactive or adaptable to as we learn more about 

bryozoan biology and ecology. In the future, new marine protected areas should have 

well-defined, informed management goals, statistically-sound monitoring strategies, and 

a thorough understanding of the biology and ecology of target species to make reasonable 

management decisions that result in significant positive change to bryozoan-dominated 

biogenic habitat across New Zealand. To that end, the present thesis has also provided an 

overview of some fundamentals of monitoring program design, applied those broad 

fundamentals to a novel bryozoan management framework, and identified key aspects of 

bryozoan biology and ecology that must be investigated before effective management of 

bryozoan-dominated biogenic habitat is possible. 
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Chapter 1. Introduction 

The Earth’s surface is predominantly saltwater, with seas and oceans covering over 70% 

of the planet. Around 10% of the global human population lives along the coast in 

places <10 m above sea level, and nearly 40% of people live within 100 km of the coast 

(United Nations, 2021). Coastal environments (i.e. intertidal to the shelf break) provide 

many ecosystems services (i.e. ecosystem capital that is used or enjoyed by people 

(Culhane et al., 2020)) including coastal protection, nutrient cycling, carbon 

sequestration, and the maintenance of fisheries (Barbier et al., 2011) with those services 

being worth NZ$4–8 trillion annually (United Nations, 2021). Historically, the ocean 

was seen as a bottomless resource by Western societies (Bolster, 2006; Corbin, 1994); 

this belief that marine resources were limitless and immune to human influence has 

driven centuries of overexploitation resulting in dramatic environmental and biological 

changes in marine systems (see Jackson et al., 2001; Pauly, 1995).  Until the 1980s, 

coastal biogenic habitat (i.e. multidimensional structures formed by benthic 

invertebrates and algae that are used by other organisms for substrate and refugia) like 

coral reefs and kelp forests, were often described as “pristine” in academic publications, 

despite already being impacted for centuries (Jackson et al., 2001). Today, there are few 

locations where biogenic habitats have seen low to no impact from anthropogenic 

activity (Halpern et al., 2008). 

Chronic overuse of marine resources has led to coastal systems becoming some 

of the most exploited and threatened natural systems globally (Lotze et al., 2006; Worm 

et al., 2006; Halpern et al., 2008). While anthropogenically-driven changes to marine 

ecosystems are not a new occurrence, the intensity and ubiquity of human disturbance 

has increased in recent decades, with multiple interacting stressors threatening the 

present and future integrity of marine communities (Scavia et al., 2002; Crain et al., 
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2008; Durrieu de Madron et al., 2011). Although it can be difficult to rank 

anthropogenic threats to marine environments, overexploitation (Jackson et al., 2001), 

habitat loss, climate change (Scavia et al., 2002), and sedimentation (Thrush et al., 

2004) are often considered some of the greatest threats to coastal systems (Kappel, 

2005; Venter et al., 2006; Halpern et al., 2008; Crain et al., 2009; Cardinale et al., 

2012). Both independently and when paired with other stressors, overexploitation (e.g., 

bottom fishing) can damage sensitive habitats (Aronson and Precht, 2006; Mumby et 

al., 2006; Hoegh-Guldberg et al., 2007; Hughes et al., 2007; Graham et al., 2008) by 

reducing seabed complexity (Buhl-Mortensen et al., 2016), physically damaging 

biogenic structures (Collie et al., 2000), and resuspending sediments (O'Neill and 

Ivanović, 2016). Anthropogenic climate change alters reproduction and development 

(Kurihara and Shirayama, 2004), can damage calcified structures (e.g. shells and 

exoskeletons) (Lombardi et al., 2011a; Lombardi et al., 2011b, Fine and Tchernov, 

2007), and shifts latitudinal distributions of marine organisms (Harley et al., 2006; 

Przeslawski et al., 2008). Fine sediment is the most widespread water contaminant in 

New Zealand (Morrison et al., 2009; Geange et al., 2017).  

Fishing predates fisheries science, with each new generation of fisheries 

scientists viewing the already depleted marine environment as “natural” (Pauly, 1995). 

This issue of “shifting baselines”, compounded with the historical view that the ocean is 

unaffected by human activities (e.g., large-scale fishing), has led to a deficit in 

knowledge of system baselines (Pauly, 1995; Bolster, 2006). Historical data that do 

exist for marine systems are usually limited to key fisheries species (e.g. Frank et al., 

2005), with fewer long-term datasets relating to changes in invertebrates and benthic 

communities as a whole (McClenachan et al., 2012). Even datasets that are considered 

“long-term” often do not reach back far enough to encompass natural environmental 
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cycles, nor do they exist on time scales relevant to the generation time of long-lived 

invertebrates (Davis, 1982; Orth and Moore, 1984; Connell et al., 1997; Fourqurean and 

Robblee, 1999; Hall et al., 1999; Hughes and Tanner, 2000). Our understanding of how 

anthropogenic stress changes benthic communities, especially for non-coral 

invertebrates like bivalves, molluscs, and bryozoans, is particularly sparse (Chaudhary 

et al., 2016). We cannot go back in time to reclaim the lost opportunities for 

investigating how past human activities have changed the benthos. We can, however, 

look forward to protecting the benthic communities that remain, determining how these 

communities respond to environmental stressors and establishing best practices for 

monitoring in response to management practices in order to understand the trajectories 

of these systems on their way to recovery or to alternate states (Lotze et al., 2011). 

 

1.1. Marine protection legislation 

Global recognition of the need to protect marine environments began in the 1950s with 

the adoption of the Geneva Convention on the Law of the Sea, followed by the United 

Nations (UN) Environment Program in the 1970s, which helped outline national rights 

and responsibilities toward the sea (Maestro et al., 2019). From these organizations, the 

Convention on Biological Diversity (CBD), a multilateral environmental treaty, was 

developed to “conserve and sustainably use the oceans, seas and marine resources for 

sustainable development” (Secretariat of the Convention on Biological Diversity, 2005). 

Modern UN conservation and sustainability goals focus on reducing marine pollution 

(e.g. marine debris, nutrient pollution), minimizing ocean acidification, protecting at 

least 10% of coastal and marine waters, increasing scientific knowledge, and 

encouraging sustainable use of marine resources and fishing practices, particularly in 

developing nations (Secretariat of the Convention on Biological Diversity, 2005; United 
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Nations, 2021). CBD goals support the overarching target of a “blue economy” (i.e., an 

economic model that prioritizes sustainable use of ocean resources (Kathijotes, 2013)) 

which aims to improve human welfare and social stability while mitigating 

environmental risks and ecological losses (Kathijotes, 2013). 

Broadly, marine protected areas are regions of the ocean where human activities, 

like resource extraction and seafloor disturbance, are regulated or restricted more so 

than elsewhere in the marine environment (Hoagland et al., 2009; Hoagland et al., 

2019). Usually, the purpose of designating a marine protected area is to conserve either 

a single or multiple species, habitats, or ecosystem services present within that space 

(Department of Conservation, 2005; Hoagland et al., 2009). The degree of protection 

can depend on the management objectives (e.g., biological, social, or economic) of the 

marine protected areas; restrictions can be limited to a particular activity (e.g., mineral 

exploration) or extend to full protection (e.g., type-1, no-take marine reserve). New 

Zealand was one of the first countries in the world to designate a no-take marine reserve 

(Eddy, 2014). The New Zealand Government’s Marine Reserves Act 1971 set forth 

legal guidelines for “…preserving, as marine reserves for the scientific study of marine 

life, areas of New Zealand that contain underwater scenery, natural features, or marine 

life of such distinctive quality, or so typical, or beautiful, or unique that their continued 

preservation is in the national interest” (Marine Reserves Act, 1971, section 3, 

subsection 1). Four years after the creation of the Marine Reserves Act, New Zealand’s 

first marine reserve, Cape Rodney–Ōkakari Point Marine Reserve (Chapter 2) was 

established near the University of Auckland Leigh Marine Laboratory. Since then, an 

additional 43 no-take and 19 type-2 marine protected areas (created under other 

legislation, Table 1.1) have been established from the Kermadec Islands in the north to 

the southern Campbell Islands (Figure 1.1) (Geange et al., 2017).  
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Figure 1.1. New Zealand’s 44 type-1 marine reserves (green circles) designated as of 

June 2020, adapted from Rovellini and Schaffer (2020) (EPSG:4326 - WGS 84). 
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Table 1.1. Marine protection tools available in New Zealand, adapted from Rovellini and Schaffer, (2020) 

Type Legislation 
Applicable spatial 

area 
Managing authority Number 

Total area 

(km2) 

Marine reserve Marine Reserves Act 1971 
Territorial sea (12 

nm limit) 
Department of Conservation 44 17,700 

Customary fisheries closure 

(taiāpure and mātaitai) 

Treaty of Waitangi 

(Fisheries Claims) 

Settlement Act 

Freshwater, 

territorial sea, and 

EEZ (200 nm limit) 

Ministry for Primary Industries 47 920 

Other fisheries closures Fisheries Act 

Freshwater, 

territorial sea and 

EEZ 

Ministry for Primary Industries 7 2,625 

Submarine cable closure 
Submarine Cables and 

Pipelines Act 1996 

Internal waters, 

territorial sea and 

EEZ 

Ministry of Transport 8 1,577 

Fiordland Marine Area 

(Te Moana o Atawhenua) 

Marine Management Act 

2005 

EEX Ministry for Primary Industries 1 380 

Marine Park Fisheries Act EEZ Multiple 2 22 

Benthic protection area 

Fisheries (Benthic 

Protection Areas) 

Regulations 2007 

EEZ Ministry for Primary Industries 17 1,151,204 

Seamount closure Fisheries Regulations 2001 EEZ Ministry for Primary Industries 17 108,128 

Marine mammal sanctuary 
Marine Mammals 

Protection Act 1978 
EEZ Department of Conservation 8 28,128 



 7 

1.2. Benefits of marine protection 

No-take marine protected areas are a globally recognized management tool for reducing physical 

disturbance and overexploitation of marine species (Lubchenco et al., 2003; Lubchenco and 

Grorud-Colvert, 2015; Sala et al., 2018; Zupan et al., 2018). Removal of human disturbance and 

pollution encourages recovery (i.e. a return to a normal state of health) of exploited species and 

habitats (Lotze et al., 2011) and is useful in meeting global biodiversity targets for habitat 

restoration (Secretariat of the Convention on Biological Diversity, 2005). Reserves can help to 

restore over-utilized fisheries (Guidetti et al., 2014), host significantly more biomass than 

partially-protected or unprotected areas (Sala et al., 2018), manage the effects of climate change 

(Roberts et al., 2017), and provide “undisturbed” points of reference for researchers quantifying 

change in the marine environment (Díaz et al., 2016). Marine reserves not only help achieve 

economic and ecological fisheries objectives (Sala et al., 2013), but also support social 

management targets by protecting culturally-important species and sites (e.g. New Zealand 

taonga, Wilson et al., 2007), providing recreational activities (Pomeroy et al., 2004), and 

improving human well-being (Burt et al., 2014; Ban et al., 2019).  

Reserve successes are well-documented both internationally (Halpern and Warner, 2002; 

McClanahan et al., 2007; Gallacher et al., 2016; Sala et al., 2018) and within New Zealand 

(Shears and Babcock, 2003; Wing and Jack, 2013; Wing and Jack, 2014; Ministry for the 

Environment, 2016), both as standalone management units (Denny et al., 2004) and as part of 

larger marine reserve networks (Wing and Jack, 2013; Wing and Jack, 2014). The positive 

effects of protection can often be seen within the first few years of protection (Edgar and Barrett, 

1997; Halpern and Warner, 2002).  Marine reserves are better able to meet management targets 

when they are large, isolated, well-enforced, long-established, and support the social and 
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economic needs of stakeholders (McClanahan et al., 2006; McClanahan et al., 2007; Lester et al., 

2009; Claudet et al., 2008; Edgar et al., 2014). Studies regarding the effects of no-take marine 

reserves often focus on the re-establishment of commercially-valuable finfish (Guidetti and Sala, 

2007) or large mobile invertebrates such as lobsters (Goñi et al., 2006; Edgar et al., 2017). There 

is less evidence, however, that the positive effects of marine protection (e.g. increased abundance  

and greater size of target species (Babcock et al., 1999; Edgar et al., 2017)) extend to other 

functional levels (e.g. sessile invertebrates). There is also little consideration of what the 

measures of success for these lesser-studied groups might look like (Willis, 2013; Collier et al., 

2016).  

Historically, marine protected areas have been used to manage overexploitation of 

resources within the protected area (Hoagland et al., 2019), and are useful tools for managing for 

managing acute stressors such as overfishing and habitat loss. However, many major threats to 

marine biodiversity, including sedimentation and climate change, are not managed within marine 

protected areas. This shortcoming is driven by the fundamental difficulty in separating protected 

areas from the rest of the environment and can have disastrous consequences (McClanahan et al., 

2002; Mora and Sale, 2011). For example, land-derived sediments that are transported into the 

coastal environment via rivers are not managed by marine protected areas and must be addressed 

via ecosystem-based management of the surrounding catchment (Hauraki Gulf Forum, 2011). 

Without complementary management actions that regulate diffuse threats, these stressors 

predispose biogenic habitats to degradation, thus restricting recovery within the marine protected 

area itself (Agardy et al., 2011; Udy et al 2019). 
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1.3. Marine invertebrates 

Some invertebrates generate important fisheries (e.g. scallops, Bisack and Sutinen, 2006; 

Michael et al., 2015), and many perform important ecosystem functions, such as filtering 

seawater (Prather et al., 2013), bioturbating sediment (Lohrer et al., 2004), cycling nutrients 

(Dornhoffer et al., 2015), altering both large- and small-scale flow regimes (Ferrario et al., 

2014), and forming biogenic habitat (Wood et al., 2012). In New Zealand, invertebrates are often 

found as conspicuous features of the benthos (e.g., Cranfield et al., 1999; Smith and Witman, 

1999; Tuck et al., 2011; Morrison et al., 2014); not only do invertebrate communities play 

important economic (Vooren, 1975) and ecological (Wood, 2014) roles within coastal 

ecosystems, but are also culturally valuable throughout the country (Paul-Burke et al., 2020). 

While marine invertebrates are susceptible to pollution (Courtene-Jones et al., 2017), 

climate change (Przeslawski et al., 2008), and overharvesting (Purcell et al., 2016) just as larger 

mobile animals can be, conservation management of these invertebrates can be difficult due to 

scarce information on life histories, local distributions, taxonomic diversity, habitat preferences, 

and conservation status (Collier et al., 2016). Sessile benthic invertebrates (i.e. sedentary 

invertebrates living on or near the seafloor) are often overlooked in marine reserves because 

many of them provide no obvious economic resource or function (Collier et al., 2016), and the 

response of invertebrates to protection can be difficult to discern using common metrics of 

reserve success (e.g. fish abundance) (Gillespie and Vincent, 2019b). Invertebrate groups are, 

however, included in marine management strategies focused on overall biodiversity 

conservation, meaning monitoring programs that consider species diversity may be more 

representative of the effect of marine protection than those monitoring programs focused only on 

the abundance of fisheries species (Roberts et al., 2003; Eken et al., 2004; Edgar et al., 2008; 
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Almany et al., 2009). Studies that do specifically focus on changes in invertebrate communities 

have shown differences in functional composition within reserves when compared to 

communities outside reserves (Jimenez et al., 2016; Gillespie and Vincent, 2019a). Reserves can 

have a positive effect on the density and size of exploited macroinvertebrates, although the 

intensity of the effect of protection depends on life-history characteristics of target invertebrates 

(Dumas et al., 2010; Dumas et al., 2013). 

 

1.4. Bryozoans 

The Southern Ocean is a global diversity hotspot (Myers et al., 2000; Tittensor et al., 2010) 

where shallow marine fauna, particularly suspension feeders, are both abundant and diverse 

(Clarke and Crame, 1992). Bryozoans are no exception to this trend, with the majority of global 

bryozoan hotspots being located in the Southern Ocean (Wood et al., 2012; Pagès-Escolà, 2019). 

Bryozoans are globally-distributed suspension feeding invertebrates (Cuffey et al., 1979; Barnes 

and Griffiths, 2007; Cuffey, 2019) that live from the intertidal (Ryland, 1975) to the deep sea 

(Rowden et al., 2004). They are colonial, with individuals within the colonies called zooids 

(Figure 1.2). Colony structure can take many forms, from encrusting to erect branching or 

laminar growth habits (Hageman et al., 1998). Habitat-forming species (i.e. heavily-calcified 

species whose colonies grow >50 mm in three-dimensions (Wood et al., 2012)) occasionally 

grow in such abundance that they form bryozoan-dominated biogenic habitats (i.e. reefs, beds, 

meadows, etc.) (Wood et al., 2012). In New Zealand, habitat-forming bryozoans are particularly 

diverse and well-described, with bryozoan-dominated biogenic habitat covering thousands of 

square kilometres of seafloor around the country (Table 1.2) (Probert et al., 1979; Bradstock and 
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Gordon, 1983; Cranfield et al. 1999; Batson and Probert, 2000; Grange et al., 2003; Wood et al., 

2012; Morrison et al., 2014). 

 

 

Figure 1.2. A: Bryozoan zooids (*); B: bryozoan colony; C: bryozoan-dominated biogenic 

habitat. 
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Table 1.2. Ten New Zealand hotspots for habitat-forming bryozoans, collated by Wood et al. 

(2012) 

Map 

number 

Location Species Reference 

1 Spirits and Tom 

Bowling Bays  

Multiple Cryer et al., 2000; Taylor and Gordon, 

2003 

2 Golden Bay  Biflustra grandicella Gordon and Grange, 2003 

3 Separation Point Multiple Saxton, 1980; Bradstock and Gordon, 

1983; Grange et al., 2003; Chapter 3  
4 Torrent Bay Hippomenella 

vellicata 

Saxton, 1980; Bradstock and Gordon, 

1983; Cranfield et al., 1999; Grange et 

al., 2003  
5 D’Urville Island Multiple Saxton, 1980; Bradstock and Gordon, 

1983  
6 Otago shelf Multiple Probert et al., 1979; Batson and 

Probert, 2000; Wood and Probert, 

2013; Chapter 5  
7 46.1°S, 166.4°E, 

South Tasman Sea  

- Belyaev, 1960  

8 Foveaux Strait Multiple Willan, 1981; Foster and Smith, 1995; 

Cranfield et al., 2004  
9 Paterson Inlet Multiple Willan, 1981; Foster and Smith, 1995; 

Chapter 4  
10 48.0°S, 167.8°E, 

South Pacific 

- Belyaev, 1960 
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As is the case with many habitat-forming suspension feeders, bryozoans provide  ecosystem 

services. Suspension feeders (e.g., mussels, sponges, and bryozoans) funnel energy from the 

water column to the seafloor, linking pelagic and benthic systems (Gili and Coma, 1998). Their 

abundance and filtering capacity can potentially regulate primary and secondary production in 

marine systems (Kimmerer et al., 1994; Gili and Coma, 1998). Suspension feeders like 

bryozoans can play a role in mitigating eutrophication (Petersen et al., 2015; Vaughn and 

Hoellein, 2018) and bryozoans may contribute to particle filtration and nutrient deposition on the 

benthos. Due to their calcium carbonate exoskeleton, bryozoans have been used as indicators of 

ocean warming and acidification (Smith and Key Jr., 2004; Lombardi et al., 2014; Smith, 2014). 

Bryozoan-dominated biogenic habitats and sediments are important blue carbon sinks (i.e. 

carbon captured by biological processes and stored in the marine environment) which can help 

mitigate the effects of climate change (Barnes, 2018; Barnes et al., 2018; Porter et al., 2020); 

keeping these systems intact ensures this carbon remains sequestered. Large, erect bryozoans 

provide hard substrate for other benthic organisms to colonize (Cocito, 2004; Wood et al., 2012; 

Lombardi et al., 2014) and offer refugia from predation, competition, and wave scour (Buss and 

Jackson, 1979; Bradstock and Gordon, 1983; Lombardi et al., 2014), meaning habitat-forming 

bryozoans can become hotspots of biodiversity (Bradstock and Gordon, 1983; Junge, 1998; 

Cranfield et al., 2004; Jones, 2006; Wood, 2014). Economically-important species (e.g. tarakihi 

(Nemadactylus macropterus (J. R. Forster, 1801)) (Vooren, 1975), oysters (Ostrea chilensis 

Küster, 1844) (Cranfield et al., 2003), and blue cod (Parapercis colias (Forster, 1801)) (Jiang 

and Carbines, 2002)) use New Zealand bryozoan thickets for substrate, nursery habitat, and 

feeding grounds (Batson and Probert, 2000).  
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The association between economically-important species and habitat-forming bryozoans has 

resulted in heavy fishing of bryozoan-dominated biogenic reefs across New Zealand (Vooren, 

1975; Bradstock and Gordon, 1983; Batson and Probert, 2000; Cranfield et al. 2003; Morrison et 

al., 2014). In the early days of New Zealand’s commercial fisheries, bryozoan thickets were 

avoided by fishers because the calcified colonies damaged and fouled nets (Batson and Probert, 

2000). As fishing technology improved, particularly during the 1960s, the frequency and severity 

of trawling of bryozoan thickets increased (Saxton, 1980; Batson and Probert, 2000; Wood et al., 

2012). Bryozoans subsequently became the majority of trawl bycatch for some New Zealand 

fisheries and, in some areas, being intentionally cleared to ease subsequent fishing efforts 

(Cranfield et al., 1999; Michael and Cranfield, 2001; Cranfield et al., 2001; Cranfield et al., 

2003; Hill et al., 2010). The long-lived, slow-growing nature of New Zealand’s habitat-forming 

bryozoans species, paired with their sensitivity to physical disturbance from fishing gear, means 

that bottom fishing is one of the biggest threats to bryozoan-dominated biogenic habitat (Batson, 

2000; Wood et al., 2012). Secondary, contributing stressors are more diffuse and include 

pollution (Harmelin and Capo, 2002; Morgado and Tanaka, 2001), sedimentation (Cuffey et al., 

1979), and climate change (Lombardi et al., 2011a, 2011b, 2014).  

 

1.5. Marine monitoring in New Zealand 

As was intended by the Marine Reserves Act, New Zealand marine reserves have been the focus 

of numerous scientific studies (e.g. Babcock et al., 1999; Kelly et al., 2000; Shears and Babcock, 

2002; Willis et al., 2003). There are, however, no regulations in New Zealand that mandate 

monitoring of any marine environment (Hewitt et al., 2014) and, equally, there is little 

consideration of how to measure management effects within reserves (Davies et al., 2018), 
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despite the Marine Protected Area Policy and Implementation Plan stating that monitoring 

programs will be undertaken to assess the efficacy of the New Zealand marine protected area 

network to “measure progress toward achieving the MPA Policy objective and will establish new 

priorities for future implementation of MPAs” (Department of Conservation, 2005, Network 

Design Principle 6, Stage Four Overview). From 1975 (when New Zealand’s first marine reserve 

was created) to 2013 (the last time New Zealand marine reserve publications were collated), 167 

peer-reviewed publications; 136 theses, and 170 unpublished reports were written about or 

included marine reserves (Willis, 2013). Despite this knowledge and interest in understanding 

biological, geological, and hydrological functions within protected areas, standardized biological 

monitoring programs have been implemented at only 16 marine reserves (Department of 

Conservation 2001). Ad hoc monitoring efforts in New Zealand have used inconsistent sampling 

methods and, as elsewhere, monitoring has often focused on large mobile commercial species 

such as the Australasian snapper (Pagrus auratus Forster, 1801), blue cod (Parapercis colias 

Forster, 1801), and rock lobster (Jasus edwardsii Hutton, 1875) instead of ecosystem-wide 

changes (Willis, 2013). This knowledge gap inhibits our ability to design effective restoration 

programs, as we lack sufficient ecological understanding of the entire system that is required to 

support management practices (Egoh et al., 2014; Crouzeilles et al., 2016).   

While it is generally agreed that reef-forming species are globally in decline, a lack of 

long-term data makes it difficult for the scientific community to agree on the degree and 

magnitude of individual drivers of change (Szmant, 2002; Aronson and Precht, 2006; Brown et 

al., 2013). When data are collected over long periods of time (i.e. more than 50 years), it 

becomes possible to both recognize subtle shifts in ecosystem dynamics (Rosenzweig et al., 

2007) and attribute that change to either natural variability or human impact (Edwards et al., 
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2010), as some trends are very gradual over long time scales. Therefore, the ecological value of 

long-term data series increases as they span more temporal scales (Orr et al., 2005). Despite the 

value of sustained historical data, multi-decadal marine monitoring programs are rare in marine 

systems (Rosenzweig et al., 2007; Edwards et al., 2010). Historical and temporal ecology utilize 

multidisciplinary (e.g. social, palaeoecological, geological) methods and time series data to 

understand anthropogenic change through time (Wolkovich et al., 2014; Beller et al., 2017). 

Historical data and data reuse can help understand changing ocean conditions in the face of 

shifting baselines (Jackson et al., 2001; Lotze and Worm, 2009; McClenachan et al., 2012) and 

inform forecasts of the future state of marine systems (Hawkins, 2012). These long-term data 

sets can also reveal more drastic declines in the abundance of taxa compared to studies that use 

shorter-term data, as long term data allows for visualization of inter- and intra-year ecosystem 

variation (Pauly, 1995; McClenachan et al., 2012).  

 

1.6. Benthic imaging 

Benthic sampling methods are diverse and evolving, ranging from sonar mapping to grabs and 

dredges to underwater imagery. Sampling via underwater imagery is a useful tool in non-

extractive areas such as marine reserves (Flannery and Przeslawski, 2015) as it is less invasive 

than other benthic sampling methods such as trawls or grabs. Gear for underwater image 

acquisition can include towed cameras (Jones et al., 2009), remotely operated vehicles (ROV) 

(Grange et al., 2003), autonomous underwater vehicles (Smale et al., 2012), handheld cameras 

(Kollman and Stachowitsch, 2001), and drop cameras (Jones, 2006). Apart from initial costs of 

camera equipment, digital imagery is a low-cost sampling method that produces samples that can 

be stored and repurposed indefinitely (Noble-James et al., 2017). Digital imagery a useful tool 
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for marine reserve sampling where understanding reserve efficacy is reliant on time series data 

and when ecological interactions of importance may not be apparent when the data are collected. 

Historical imagery data can be digitized and paired with modern surveys to provide baseline data 

on abundance, size, and biodiversity within habitats of interest (Zeller et al., 2005; Gatti et al., 

2015). Modern digital images are also easily stored, reused, and repurposed, which can reduce 

the cost of subsequent monitoring (Zeller et al., 2005; Hawkins et al., 2013). 

 

1.7. Thesis Scope 

While protecting previously damaged ecosystems is vital in initiating reestablishment of 

dynamic marine habitats, little is known as to the effect of marine protection on bryozoans, let 

alone whether the current state of marine protection is sufficient for the recovery and 

reestablishment of these biogenic habitats. Given the ecological importance of bryozoans, their 

potential use as proxies for understanding other suspension feeding invertebrate groups, their 

history of decline in coastal waters, and the potential for future marine protected areas to target 

bryozoans, it is time to examine the effect of existing marine protection practices on bryozoans. 

The present thesis explored whether bryozoans benefit from New Zealand’s marine protection 

practices in the same way other taxa do, either as the intended targets of marine protection, or as 

“ecological bystanders” inhabiting the same space as a reserve’s target taxa, through the 

comparison of historical and new diversity and abundance data. To that end, four protected areas 

were investigated (identified in Figure 1.3): Cape Rodney – Ōkakari Point Marine Reserve, 

north-eastern North Island (174.80˚E, 36.26˚S, 5.47 km2) (Chapter 2), Separation Point 

Exclusion Zone, northern South Island (173.04˚E, 40.74˚S, 146 km2) (Chapter 3), Ulva Island/Te 

Wharawhara Marine Reserve at Stewart Island (168.12˚E, 46.93˚S, 10.75 km2) (Chapter 4), and 
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the Otago shelf voluntary exclusion zone, south-eastern South Island (170.89˚E, 45.89˚S, 110 

km2) (Chapter 5). These four locations span 10.7 degrees of latitude across New Zealand’s three 

largest islands, from the northern North Island to Rakiura Stewart Island, representing 

subtropical to cold temperate climates. They have been protected for different periods of time 

and each faces different local stressors that challenge the recovery of the bryozoan community 

therein.  

Cape Rodney – Ōkakari Point Marine Reserve (Chapter 2) is the oldest, most frequented 

by visitors, and northernmost reserve considered here. Unlike the other marine protected areas 

investigated in the present thesis, the bryozoans considered in Chapter 2 exhibit an encrusting 

growth form and live within the intertidal zone. Separation Point Exclusion Zone (Chapter 3) is 

the only statutory protected area in the country that was designated specifically to protect 

bryozoan-dominated biogenic habitat. Ulva Island/Te Wharawhara Marine Reserve (Chapter 4) 

is the southernmost marine reserve included in the present thesis and has been long recognized 

for its unique biogenic habitats (e.g., red algae meadows), although it is unclear whether the 

reserve includes the habitat-forming bryozoans recorded in the wider Paterson Inlet/Whaka ā Te 

Wera. The Otago shelf voluntary exclusion zone (Chapter 5) is the only non-statutory protected 

area investigated and represents the most abundant and diverse bryozoan-dominated biogenic 

habitat considered here. It also represents an opportunity to create a robust monitoring strategy 

for a pair of proposed marine protected areas and to collect baseline monitoring data prior to 

formal protection. Chapter 6 reviews some shortcomings of the present marine protection 

practices in New Zealand, summarizes the findings from across New Zealand, and discusses 

essential monitoring considerations for any marine protected area using a risk-based framework. 
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The framework is then applied to bryozoan monitoring in marine protected areas and is presented 

in Appendix 1. 

Each case study in the following four chapters is written as a standalone manuscript. 

Chapter 2 (Cape Rodney – Ōkakari Point) was submitted for publication in the New Zealand 

Journal of Marine and Freshwater Research in March 2021 and is undergoing minor revisions 

suggested by the reviewers. Chapter 3 is a draft manuscript, to be submitted in late 2021. Chapter 

4 (Ulva Island/Te Wharawhara Marine Reserve) and Chapter 5 (Otago shelf) have been accepted 

for publication in Aquatic Conservation: Marine and Freshwater Ecosystems and ICES Journal 

of Marine Science, respectively. Chapter 6 is a synthesis drawing together conclusions from the 

four marine protected areas. 
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Figure 1.3. Conceptual scope of present thesis, showing the timeline of protection for four 

existing New Zealand marine protected areas with detailed maps 
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Chapter 2. Cape Rodney – Ōkakari Point Marine Reserve 

 

 

Status: Accepted to New Zealand Journal of Freshwater and Marine Research 

Citation: Mello, H.L., Gordon, D.P., Ryland, J.S., and Smith, A.M. (accepted). Protecting the 

small: preliminary investigation of bryozoan community change in New Zealand’s oldest 

marine reserve. New Zealand Journal of Freshwater and Marine Research submitted March 

2021. 

Contributions: Hannah Mello designed the study, collected and analysed all data, and wrote the 

manuscript. John Ryland collected the original material in 1974 and was helpful in providing 

information about the area at that time. Abigail Smith and Dennis Gordon provided critical 

feedback and helped shape the final version of the manuscript.  A few paragraphs have been 

added to the chapter in order to help it fit into the present thesis’ structure. 
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2.1. Introduction 

The speciose and accessible marine environment near the township of Leigh, North Island/Te 

Ika-a-Māui has been long-recognized by local users for its marine life. The area attracted the 

interest of the University of Auckland Marine Department (now the Institute of Marine Science) 

due to its prospects for facilitating scientific research; the University subsequently established a 

marine laboratory near Leigh township in 1962 (Walls, 1998; Babcock, 2013). Three years later, 

as concerns grew over how marine resource exploitation would affect local scientific research, 

laboratory staff began discussing the creation of a marine reserve adjacent to the lab (Ballantine 

and Gordon, 1979; Walls 1998; Babcock 2013). At the time, no formal legislation existed “to 

allow the sea to be reserved” (Ballantine and Gordon 1979, page 275), so the Marine Department 

began independently lobbying for formal marine protection (Ballantine and Gordon, 1979; Walls 

1998). Subsequent statutes on marine preservation that were drafted by the Department became 

the basis for the New Zealand Marine Reserves Act 1971, which provided the legal framework 

for formal protection of New Zealand’s unique marine environment and the life that inhabits it 

for the purpose of scientific study (Walls 1998). Four years after the Act was passed, Cape 

Rodney – Ōkakari Point (CROP) Marine Reserve was gazetted, prohibiting both fishing and 

other take of marine life, as well as  the disturbance of any marine life or sea floor (Figure 2.1) 

(Department of Conservation, 2015). The reserve encompasses 5.47 km2 of rocky coastline and 

soft sediment from the intertidal to about 800 m offshore (Department of Conservation, 2015) 

and contains a diverse assemblage of habitats, including kelp forest, sponge flats, and rocky 

escarpments (Ayling, 1978; Parsons et al., 2004; Leleu et al., 2012). While public interest in the 

reserve was low at the time of designation, CROP Marine Reserve has since become the most 

popular marine reserve in the country, with over 300,000 visitors per year (Hunt, 2008; Race, 
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2011). 

 

Figure 2.1. Estimated annual visitors to Cape Rodney – Ōkakari Point Marine Reserve between 

1974/1975 and 2007/2008 based on figures by Department of Lands and Survey (1984), Hunt 

(2008), McCrone (2001), and Taylor and Buckenham (2003). 
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Figure 2.2. A: Position of Cape Rodney–Ōkakari Point (CROP) Marine Reserve in New 

Zealand; B: Location of Echinoderm Reef within CROP Marine Reserve (black box), Ōkakari 

Point (1), Goat Island (2), University of Auckland Leigh Marine Laboratory (3), Cape Rodney 

(4), and Leigh township; C: Map of Echinoderm Reef (asterisk marks the entrance to 

Whakatuwhenua Stream). EPSG:4326 - WGS 84. 
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Research on both the reserve and wider Leigh region has been conducted since the 1960s 

(Gordon and Ballantine, 1976); scientists have addressed effects of protection on targeted 

species, particularly the spiny lobster (Jasus edwardsii (Hutton, 1875)) and snapper (Pagrus 

auratus (Forster, 1801)) (e.g. Cole et al., 1990) as well as the indirect effects of protection on 

non-target taxa, trophic interactions, and habitat change (e.g. Creese, 1988; Babcock et al., 1999; 

Shears and Babcock, 2003; Parsons et al., 2004; Babcock et al., 2010). One group previously 

recorded as being abundant and diverse, both in the reserve and the surrounding marine 

environment, are the sessile colonial Bryozoa (Gordon, 1972, 1981; Ryland, 1975). 

During the 1960s and 1970s, bryozoans, alongside ascidians, spirorbids, and coralline 

algae, were the most abundant sessile fauna under cobbles in the reserve’s rocky intertidal (about 

7% of CROP Marine Reserve) (Gordon, 1972; Ryland 1975; Morton, 2004). There has not, 

however, been a survey of the reserve’s bryozoans in over forty years and it is unknown if or 

how bryozoans have responded to protection, or if the community has changed with broader 

environmental change. In 2016, about 80 cobbles collected in 1971 from the intertidal of what 

later became CROP Marine Reserve, were relocated from Swansea University’s Zoological 

Museum to the Natural History Museum, London, which renewed interest in the reserve’s 

bryozoan community and prompted a modern survey of intertidal bryozoans in 2019 (Smith et 

al., in press). The large volume of material taken from the Echinoderm Reef taken shortly before 

designation of the marine reserve provides a good point of comparison for modern collection. 

The age and popularity of CROP Marine Reserve contrast some of the newer, less accessible 

marine reserves considered elsewhere in the present thesis. Additionally, the encrusting growth 

form and intertidal habitat explored here may provide different insight into how bryozoans 

respond to protection compared to offshore, heavily-calcified bryozoans investigated in the 
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subsequent chapters.  Here, we present preliminary information on the relative abundance of 

encrusting bryozoans from a rocky intertidal habitat within CROP Marine Reserve in 1971 

(Ryland 1975) and 2019 and discuss changes in the community since the designation of the 

reserve. 

 

2.2. Methods 

2.2.1. Study site 

Echinoderm Reef (36.270°S, 174.795°E) is an intertidal, sheltered mudstone rock terrace, 

centrally located in CROP Marine Reserve (Figure 2.1) (Ryland, 1975; Ballantine and Gordon, 

1979). The mudstone forms flat platforms, exposed only at spring tides, and is occasionally 

interrupted by pools and runnels where dislodged mudstone slabs collect (Ryland, 1975). The 

slabs are flat and are rarely disturbed by wave action. Historically, small waves and tidal surge 

swept sand and fine sediment from the reef, creating stable, well-flushed microhabitats on the 

underside of the loose cobbles (Morton and Chapman, 1968; Ryland, 1975).  

 

2.2.2. General methodology 

In December 1971, cobbles (mean area l7l cm2 ± 93 cm2) from Echinoderm Reef were collected 

to better understand aspects of diversity and abundance, spatial competition, and the relationship 

between lophophore and zooid size of the encrusting bryozoans of Echinoderm Reef. Ignoring 

cobbles with few or no bryozoans, about 80 cobbles were collected from across the entirety of 

intertidal section of Echinoderm Reef, primarily from the runnels where the majority of cobbles 

accumulate. Twenty-five of those cobbles were subsequently selected for further analysis (Figure 

2.2), although it is unclear now what criteria were used to select this particular 25. To understand 
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diversity and relative abundance of the Echinoderm Reef bryozoans, the underside of the cobbles 

(i.e. the side of the cobble where bryozoans primarily live) were photographed and prints were 

made at twice the original size. Colonies in the photographs were outlined and identified to the 

lowest taxonomic level, usually species, by Dr. John Ryland before the tracings were placed over 

a grid of sampling points 1 cm apart (5 mm apart on original cobbles). Bryozoan colonies under 

the points were recorded, with over 17,000 sampling points assessed across 4,300 cm2 of rock 

surface (Ryland, 1975). 
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Figure 2.3. Example of the underside of cobbles collected from Echinoderm Reef in 1971 (top, 

photograph of sample in London Natural History Museum collection) and 2019 (bottom, 

photograph of sample at collection table during on-site analysis) (credit: H. Lee Mello).  
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 In December 2019, a second collection was made at Echinoderm Reef; cobbles of a mean 

area l42 cm2 ± 119 cm2 with bryozoans growing on them were removed from the rocky 

intertidal, brought to a viewing table, and photographed. These photographs were later used in 

the laboratory to determine relative abundance of bryozoans (e.g., Figure 2.2). Cobble selection 

was done in a similar fashion to the methods presented by Ryland (1975), where cobbles with 

particularly abundant bryozoans were targeted. Since there were so few bryozoans present 

throughout Echinoderm Reef, however, all cobbles with bryozoans on them were collected, as 

ignoring cobbles with few bryozoans would have depleted the availability of samples. A 

subsample of each colony was scraped from the cobble and preserved in 90% ethanol before the 

cobble was returned to the same location on the reef. Photographing the cobbles and collecting a 

subsample of each colony (instead of removing the entire cobble for colony identification) was 

done to reduce disturbance to the benthic habitat. Upon return to the laboratory, colony samples 

were identified by Dr. Dennis Gordon to the lowest taxonomic level, usually to species, using a 

light microscope. Images of the whole cobble were imported into the image analysis software 

Fiji (Schindelin et al., 2012) and corrected for light and colour as needed. A digital grid of 

sampling points 5 mm apart was superimposed on the cobble image. Bryozoan colonies under 

each point were recorded, with over 18,000 sampling points assessed across 4,500 cm2 of cobble 

surface.  

For both the 1971 and 2019 collection, the relative abundance of total bryozoans was 

calculated as the number of grid points where bryozoans were present divided by the total 

number of grid points across all cobbles; data from the 25 individual cobbles in the 1971 

collection are no longer available, so data from the pooled samples have been used as an 

alternative. Relative abundance of individual bryozoan taxa was calculated as the grid points 
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occupied by species divided by the total grid points occupied by all bryozoans. Overall richness 

was calculated as the sum of all species present, including those taxa identified to genus but 

thought to be a single, undescribed species (e.g., “Tubulipora sp. C”).  

 

2.3. Results 

Thirty-eight bryozoan species were identified in the 1971 collection, with bryozoans present at 

43.7% of all sampling points (Table 2.1). In contrast, 15 species were identified in the 2019 

collection, with bryozoans present at 10.0% of all sampling points (Table 2.2). The relative 

abundance and richness of encrusting bryozoans decreased by 33% and 60% between the 1971 

and 2019 collections, respectively. The relative abundance of seven of the nine species found in 

both collections, Crassimarginatella papulifera (MacGillivray, 1882), Fenestrulina littoralis 

Gordon, 2009, Micropora mortenseni Livingstone, 1929, Crepidacantha crinispina Levinsen, 

1909, Exochella tricuspis (Hincks, 1881), Calloporina angustipora (Hincks, 1885), and 

Escharoides angela (Hutton, 1873), decreased between 1971 and 2019 (by 67, 75, 82, 80, 74, 98, 

and 99%, respectively) (Figure 2.4). Beania plurispinosa Uttley & Bullivant, 1972 and Beania 

discodermiae (Ortmann, 1890) were the only species whose abundance increased between years 

(59 and 78%, respectively) (Figure 2.4). Of the remaining three bryozoans identified to species 

in the 2019 collection that were not present in the 1971 collection, two species, Galeopsis 

polyporus (Brown, 1952) (encrusting phase), and Amathia gracilis (Leidy, 1855), had been 

recorded previously from the broader CROP Marine Reserve (Gordon, 1981). The third species, 

Watersipora subatra (Ortmann, 1890), a common non-native fouling species (Vieira et al., 2014; 

Reverter-Gil and Souto, 2019), had been found previously at the township of Leigh (Natural 

History Museum, 2020), but the 2019 collection is the first record of its presence in the reserve.
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Table 2.1. Relative abundance of 38 encrusting bryozoans (with both updated name and name in original publication) on Echinoderm Reef in 

1971, in order of decreasing relative abundance (Ryland 1975) 

Species Sampling points Relative abundance 

Crassimarginatella papulifera (MacGillivray, 1882) 2329 31.12 

Micropora mortenseni Livingstone, 1929 1259 16.82 

Crepidacantha crinispina Levinsen, 1909 734 9.81 

Escharoides angela (Hutton, 1873) 646 8.63 

Bitectipora cincta (previously identified as Hippoporina cincta) (Hincks, 1885)  397 5.3 

Steginoporella magnifica Harmer, 1900 (previously identified as S. neozelanica (Busk, 1861)) 390 5.21 

Exochella tricuspis (Hincks, 1881) 240 3.21 

Diaperoecia sp. '250'  230 3.07 

Fenestrulina littoralis Gordon, 2009 (previously identified as F. thyreophora (Busk, 1857)) 178 2.38 

Escharoides excavata (MacGillivray, 1860) 135 1.8 

Smittina torques Powell, 1967 134 1.79 

Rhynchozoon zealandicum Gordon, 2009 (previously identified as R. rostratum (Busk, 1855)) 109 1.46 

Calloporina angustipora (Hincks, 1885) 101 1.35 

Beania plurispinosa Uttley & Bullivant, 1972 (previously identified as B. hirtissima (Heller, 1867)) 96 1.28 

Retevirgula acuta (Hincks, 1885) 86 1.15 

Calyptotheca immersa (Powell, 1967) (previously identified as Schizomavella immersa Powell, 

1967) 
73 <1 

Odontionella cyclops (Busk, 1854) 57  

Chaperia sp. (previously identified as C. acanthina (Lamouroux, 1825)) 50  

Diaperoecia sp. '100'  45  

Chaperiopsis aff. cervicornis (Busk, 1854) 30  

Osthimosia cyclops Uttley & Bullivant, 1972 (previously identified as O. bicornis (Busk, 1881)) 29  

Odontoporella bishopi Carter & Gordon, 2007 (previously identified as Hippopodinella adpressa 

(Busk, 1854)) 
27  

Beania discodermiae (Ortmann, 1890) (previously identified as B. decumbens MacGillivray, 1882) 26  

Eurystomella foraminigera (Hincks, 1883) 20  
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Table 2.1. (continued)   

Hippothoa sp. B  12  

Beania serrata Souto, Nascimento, Reverter-Gil & Vieira, 2018 (previously identified as B. 

magellanica (Busk, 1852)) 
9  

Microporella speculum Brown, 1952 9  

Tubulipora sp. C  7  

Hippothoa sp. C  5  

Plagioecia sp.   5  

Hippothoa sp. B  12  

Microporella intermedia Livingstone, 1929 (previously identified as M. hyadesi (Jullien, 1888)) 4  

Tubulipora sp. A (? anderssoni)  4  

Disporella novaehollandiae (d’Orbigny, 1853) 3  

Chaperiopsis rubida (Hinks, 1881) 1  

Disporella pristis (MacGillivray, 1884) (previously identified as D. fimbriata (Busk, 1875)) 1  

Macropora grandis (Hutton, 1873) 1  

Microporella agonists Gordon, 1984 (previously identified as M. ciliata (Pallas, 1766)) 1  

Tubulipora sp. B  1  

   

Total points at which bryozoans were present 7,484  

Total points sampled 17,144  
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Table 2.2. Relative abundance of 15 encrusting bryozoans on Echinoderm Reef in 2019, in order of decreasing relative abundance 

Species Sampling points Relative abundance 

Crassimarginatella papulifera (MacGillivray, 1882) 836 45.09 

Beania plurispinosa Uttley & Bullivant, 1972 252 13.59 

Micropora mortenseni Livingstone, 1929 240 12.94 

Crepidacantha crinispina Levinsen, 1909 154 8.31 

Beania discodermiae (Ortmann, 1890) 128 6.90 

Exochella tricuspis (Hincks, 1881) 68 3.67 

Fenestrulina littoralis Gordon, 2009 48 2.59 

Chaperia sp. A 42 2.27 

Beania sp. A 34 1.83 

Chaperiopsis sp. A 14 <1 

Galeopsis polyporus (Brown, 1952) 10  
Amathia gracilis auctt (Leidy, 1855) 4  
Calloporina angustipora (Hincks, 1885) 2  
Escharoides angela (Hutton, 1873) 2  
Watersipora subatra (Ortmann, 1890) 2  
   

Total points at which bryozoans were present 1,836  

Total points sampled 18,414  
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Figure 2.4. Relative abundance of the nine bryozoan species present in both the 1971 and 2019 collections.
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2.4. Discussion 

The 2019 collection described here represents the first survey of encrusting bryozoans on 

Echinoderm Reef in nearly fifty years. Although different researchers identified the two 

collections (Dr. John Ryland in 1971 and Dr. Dennis Gordon in 2019), Ryland was using 

publications by Gordon to identify colonies in the earlier collection (J.S. Ryland, pers. comm. 12 

October 2019); their overlap at the University of Auckland laboratory and familiarity with the 

fauna makes us confident that the identifications were consistent between collections. While 

three species found in the 2019 collection (Galeopsis polyporus, Amathia gracilis, and 

Watersipora subatra) were not found on Echinoderm Reef in the earlier collection, their 

presence in the modern collection is unsurprising; G. polyporus and A. gracilis had been 

recorded previously within the greater CROP Marine Reserve, and nearshore currents and tidal 

action have the potential to transport larvae around the reserve, depositing them on the reef. The 

same could be said for W. subatra, as it had been found previously >6 km away at Leigh 

township (Natural History Museum, 2020). The increase in abundance of Beania plurispinosa 

and Beania discodermiae may be an artefact of the low abundance in the 2019 collection; 

alternatively, the environment on Echinoderm Reef may have become more suitable for the two 

Beania species in 2019, but not enough is known about the biology and ecology of these species 

to do more than speculate. The most apparent finding of this study has been the reduction in both 

the abundance and richness of encrusting bryozoans on the Echinoderm Reef between 1971 and 

2019. Without consistent temporal sampling of the reserve’s bryozoans over the past nearly 50 

years, it is impossible to correlate changes in the bryozoan community to biotic or abiotic 

changes within the reserve. We can, however, consider possible drivers of change, with a view to 

planning further studies of this busy, yet protected, beach.  
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CROP Marine Reserve has become one of the most popular beach destinations in New 

Zealand, with visitor numbers having increased more than 3,000% since 1975 (Figure 2.1) 

(Race, 2011). Human activity (e.g. trampling and overturning cobbles) can crush and dislodge 

benthic invertebrates, reduce invertebrate densities, and shift communities towards groups of 

species that are more resistant to physical disturbance (Brosnan and Crumrine, 1994; Brown and 

Taylor, 1999). Exploring rock pools is one of the most popular activities for visitors to the 

reserve (Race, 2011) which could lead to visitors actively searching for interesting intertidal 

fauna. Despite signage prohibiting certain destructive activities within the reserve, studies have 

observed visitors feeding fish, chasing eels in Whakatuwhenua Stream, leaving rubbish on the 

rocks, and throwing stones at the cliffs (Race, 2011); we assume that destructive visitor 

behaviour extends to flipping over cobbles occupied by bryozoans and other invertebrates on the 

seashore. Overturning cobbles in the intertidal can expose bryozoans to competition with 

invertebrates occupying the upper side of the cobbles and siltation pressure that colonies avoid 

while living on the underside of the cobbles (Maturo Jr., 1959; Breitburg, 1984). As suspension 

feeders, bryozoans are considered vulnerable to sedimentation (Thorpe, 1979; Lidgard, 1985), 

and, like other lophophorates, are believed to rely on the underside of the cobbles remaining 

sheltered and free of sediment to survive (Maturo Jr., 1959). To alleviate pressure from visitor 

use, education of visitors as to their potential for impact on the reserve, additional zonation of 

permitted activities within the reserve boundaries (e.g., limiting access to parts of the reserve for 

research and monitoring only), and limitations on visitor numbers could  discourage unnecessary 

disturbance of the intertidal.  
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 Since early habitat maps of the CROP Marine Reserve were drawn, bare rock habitat and 

urchin barrens within the reserve have transitioned to algal turf and kelp (Parsons et al., 2004; 

Leleu et al., 2012), with total primary productivity increasing 58% between 1975 and 1997 

(Ayling, 1978; Babcock et al., 1999). Increased algal turf cover and accompanying trapped 

sediment, while potentially unfavourable for bryozoans, could be representative of the seashore 

condition before the removal of snapper and spiny lobster (i.e., recovery to a previous 

environmental state), or evidence of an alternative stable state. The former argument that the 

historical presence of bare rock habitat was a consequence of an overabundance of grazing 

urchins, driven by the removal of predatory species (i.e., snapper and spiny lobster), is well-

established (e.g., Babcock et al., 1999; Shears and Babcock, 2002; Shears and Babcock, 2003; 

Babcock et al., 2010). The latter argument, that a stable intertidal community of CROP Marine 

Reserve could be dominated by coralline algae and ascidians instead of bryozoans, is a 

reasonable alternative. Similar instances have been recorded elsewhere; in California, for 

example, Barry (1988) observed a patchwork of alternating chiton- and algal turf-dominated 

communities on a gently sloping rocky intertidal habitat. The author concluded that in this rocky 

intertidal habitat, both communities, one dominated by chitons and one dominated by turf, were 

stable states in that environment, with the presented stable state having been dictated by small-

scale differences in sediment accumulation on the turf that inhibited grazing of algal turf by 

chitons (Barry, 1988). A similar situation could be the case on Echinoderm Reef; deposition of 

sediment in the intertidal could inhibit settlement of bryozoan larvae, allowing for the 

establishment of algal turf that, in turn, facilitates the accumulation of more sediment on the reef. 

While an increase in algal cover is not fundamentally negative, algal turfs trap sediment 

(Hicks, 1986; Tebbett et al., 2018) and increased sediment in the intertidal and subtidal could fill 
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the previously-clean interstitial habitat under the cobbles where bryozoans used to thrive. 

Additionally, acute sedimentation events driven by large storms moving material from the 

surrounding land, potentially through Whakatuwhenua Stream, into the coastal environment, is a 

shortcoming of wider local land management, not the reserve itself. Variability in turbidity at 

Goat Island is correlated to wave energy (Seers and Shears, 2015) and extreme weather can 

transport sediment from the terrestrial to marine environment, both directly from the coast and 

via Whakatuwhenua Stream, as well as resuspend sediment already in the marine environment 

(e.g. Manighetti and Carter, 1999; Warrick et al., 2007; Seers and Shears, 2015) which could 

drive acute sedimentation events in the intertidal. As the frequency of extreme weather events 

increases worldwide (Coumou and Rahmstorf, 2012) and urban development of the catchment 

surrounding the reserve continues (Department of Conservation, 2016), acute sedimentation 

events on the Echinoderm Reef are likely to increase as well. As more tourism businesses and 

visitor facilities are needed to accommodate increasing visitor numbers, the popularization of 

CROP Marine Reserve as a tourist destination has driven urban development, both within the 

Leigh township and adjacent to the reserve (Race, 2011; Department of Conservation, 2016), 

which could damage coastal habitat and reduce ecosystem services (e.g. aesthetic value, 

biodiversity preservation) as it has in similar habitats overseas (Mendoza-González et al., 2012).  

Regardless of the findings of this study, CROP Marine Reserve should be considered a 

success, both in the benefits it provides for the coastal environment and for creating an impetus 

for other marine protection efforts in New Zealand. For example, the abundance of spiny lobster 

in the reserve increased five-fold within the first few years of protection when compared to 

numbers pre-protection and persisted at those levels for more than a decade (Babcock et al., 

2010). As predatory species like spiny lobster and snapper returned, predation rates on grazing 
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urchins (Evechinus chloroticus (Valenciennes, 1846)) increased, lowering their abundance and 

allowing for the reestablishment of kelp forests within the reserve (Babcock et al., 1999; Shears 

and Babcock, 2002). Since CROP Marine Reserve was created, another 43 no-take marine 

protected areas have been designated across New Zealand’s territorial sea, benefitting fish (e.g. 

Edgar et al., 2017), invertebrates (e.g. Ministry for the Environment, 2016), and biogenic habitat 

(e.g. Shears and Babcock, 2002). As stated earlier, there are ways to mitigate the presumably 

unintended negative effects of visitor trampling.  

Reusing historical collections is a valuable tool for tracking biotic and abiotic change 

(Hawkins et al., 2013), but only if change can be tracked through time and correlated with 

variables in the environment. Without directed, statistically robust monitoring, we can only 

consider what the drivers of change may be, the temporal and spatial scale of change, and 

whether the changes will persist. We speculate that the apparent change in the Echinoderm Reef 

encrusting bryozoan community is due to an exponential increase in visitor-driven disturbance, 

exacerbated by sedimentation pressure driven by habitat change and storm events. Future, 

consistent monitoring of CROP Marine Reserve’s intertidal habitats is necessary if we are to 

understand whether the benefits of protection extend to all communities within the reserve. If 

not, we may need to rethink our use of marine reserves near cities as sources of entertainment, so 

we do not love the intertidal to death.  
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3.1. Introduction 

Ki uta ki tai, from the mountains to the sea, is a Māori concept recognizing the connectivity 

between the land and the sea, with riverine systems serving as the conduit between the two 

(Schiel and Howard-Williams, 2016). This conservation philosophy leads its advocates to 

holistic management of the environment across multiple spatial scales (i.e., managing the land 

and ocean together) (Crow et al., 2020) to create a more effective approach to marine 

management. Coastal marine habitats are tightly linked to the terrestrial environment; coastal 

marine processes can be significantly affected by elements such as land-use practices (Hassan, 

2006), coastal development (Mendoza-González et al., 2012), agricultural run-off (Manninen et 

al., 2018), and deforestation (Valiela et al., 2018). One major stressor to coastal marine systems 

is increased sedimentation to the benthos (Thrush et al., 2004; Jordan et al., 2009; Golbuu et al., 

2011; Morrison et al., 2014; Qui-Minet et al., 2018). Sedimentation can degrade habitats 

(Morrison et al., 2009) and drive shifts in benthic communities (Tu Do et al., 2012). 

Sedimentation also changes the physical characteristics of the seafloor (e.g., makes substrate less 

stable), which can decrease the suitable settlement surfaces for larval invertebrates (Rogers, 

1990; Airoldi, 2003). Sessile, suspension feeding invertebrates (e.g., bryozoans) are especially 

vulnerable to increased sediment, as sediment can clog and abrade sensitive feeding apparatus, 

reducing feeding efficiency, and decreasing energy for essential biological processes (e.g., 

calcification) (Rogers, 1990; Nava and Carballo, 2013; Bell et al., 2015). 

High rainfall, rapid weathering, short sediment residence times, and regular disturbance 

events (e.g. storms and earthquakes) all contribute to the transport of sediment from the land to 

the coastal environment (Griffiths and Glasby, 1985; Hicks et al., 1996; Fryirs et al., 2007). As a 

country of high relief landscapes characterized by uplift, volcanism, weak rock and young soils 
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(Fryirs et al., 2007), sediment supply to New Zealand’s rivers can be high (Griffiths and Glasby, 

1985; Hicks et al., 1996). The primary source of sediment entering waterways, however, is from 

agricultural land, from which forty-three percent of New Zealand’s mapped inland waters drain 

(Collier et al., 2019). An estimated 209 million tons of sediment is transported by these rivers, 

with fine sediment being the most widespread water contaminant in the country (Geange et al., 

2017; Collier et al., 2019). 

Tasman Bay/Te Tai-o-Aorere and Golden Bay/Mohua, South Island/Te Waipounamu, 

New Zealand/Aotearoa is one such area threatened by both terrestrial and marine sedimentation 

(Figure 3.1). Māori occupation of the bays began approximately 500 ago when the region 

became a significant farming locality (Barber, 2013). At this time, the effects of land clearance 

increased sediment accumulation rates in the bays to four times what they were pre-occupation 

(Smith, 1997). European settlement followed in the mid-1800s when more native bush was 

removed to make way for pastureland (Smith, 1997) and sedimentation rates increased to over 10 

times pre-settlement rates within the bays (Handley et al., 2020b). The region experiences high 

levels of precipitation, with more than 37 erosive storm events per year (Klik et al., 2015), with 

peak annual precipitation in Golden Bay being twice that of other parts of northern South Island. 

A series of rivers connect the land and coastal waters, with sediment delivered to Separation 

Point during high wind and rainfall events (Tuckey et al., 2006; Hicks et al. 2011). Compounded 

by currents circulating within the bays (Proctor and Carter, 1989) and riverine inputs (Griffiths 

and Glasby, 1985), modern sedimentation rates within Tasman and Golden Bays are higher than 

other parts of inshore New Zealand (van der Linden, 1969).  
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Figure 3.1. A: Separation Point Exclusion Zone with habitat delineations from Grange et al. 

(2003); B: Separation Point Exclusion Zone positioned between Tasman and Golden Bay; C: 

location of Separation Point Exclusion Zone in New Zealand (EPSG:4326 - WGS 84). 

 

Trawling in Tasman and Golden Bay dates from 1900 (Ayson, 1900), with small-scale 

commercial fishing from at least 1845 (Drummond, 1994). Moderate bottom fishing for flatfish 

and scallops continues in the area to this day (Tuck et al., 2011; Williams and Michael, 2011). 

Prior to the 1980s, the Tasman and Golden Bays hosted a large fishery for scallops (Pecten 

novaezelandiae Reeve, 1852), dredge oysters (Ostrea chilensis Küster, 1844.) and green-lipped 

mussels (Perna canaliculus (Gmelin, 1791)) valued at up to $90 million NZD annually (Michael 
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et al., 2015; Handley et al., 2016). Since the early 2000s, however, there has been a marked 

decline in abundance of fisheries species within the region (Michael et al., 2015). Reasons for the 

decline are unknown but possibly linked to sedimentation (Basher et al., 2011), destructive 

bottom fishing practices (Michael et al., 2015) and decreased survival of juvenile scallops 

(Handley et al., 2016). 

Biogenic habitats within Tasman and Golden Bay are not limited to shellfish beds; 

heavily-calcified bryozoans, primarily Celleporaria agglutinans (Hutton, 1873) and 

Hippomenella vellicata (Hutton, 1873), have long been recorded in the region (Ayson, 1900; 

Bradstock and Gordon, 1983; Grange et al., 2003; Morrison et al., 2014). Separation Point 

(between the two bays) bryozoan beds once covered up to 50% of the seafloor across 55 km2 of 

seafloor at 10-35 m water depth, with colonies reaching 50 cm high (Saxton, 1980; Bradstock 

and Gordon, 1983). These beds have been damaged subsequently by overfishing (Vooren, 1975; 

Saxton, 1980). Some measures have been taken to restore the terrestrial and marine 

environments around Tasman and Golden Bay. In 1942, 2,450 km2 of land adjacent to the bays 

were designated as Abel Tasman National Park, with the land surrounding the park dominated by 

logged pine plantation, regenerated scrubland and urban communities (Goff and Chagué-Goff, 

1999; Davidson, 2018). In 1980, after concerns were raised over the decline in fish abundance 

linked to the destruction of bryozoan-dominated biogenic habitat, 146 km2 of coastal seabed, 

known as Separation Point Exclusion Zone, was protected from commercial trawling, seining, 

and shellfish dredging (Mace, 1981), although recreational fishing is still permitted. The 

protected area stretches from the coastline to approximately 50 m water depth offshore (Mace, 

1981) (Figure 3.1).  
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While Tasman and Golden Bays have been recognized for their important fisheries for 

decades, and Separation Point Exclusion Zone was designated specifically for the protection of 

habitat-forming benthic invertebrates, through documentation of benthic change within the 

protected area is patchy or non-existent. Inconsistencies in sampling technique among previous 

surveys and a lack of pre-protection data make it impossible to effectively determine how 

relieving fishing pressures has changed the bryozoan-dominated biogenic habitat within 

Separation Point Exclusion Zone compared to unprotected bryozoan beds within Tasman and 

Golden Bays. Therefore, this study provides a qualitative comparison between the modern and 

past surveys of the Separation Point Exclusion Zone.  

 

3.2. Methods 

3.2.1. Study site 

Pre-protection trawl surveys and fisher accounts provided qualitative data supporting the claim 

that juvenile fish were using bryozoan beds as nursery grounds (Vooren, 1975; Saxton, 1980). 

The original surveys used to determine the importance of the bryozoan beds as nursery habitat 

would not, however, meet modern data collection standards (Morrison et al., 2014). Soon after 

protection, Bradstock and Gordon (1983) recorded colonies of Hippomenella vellicata and 

Celleporaria agglutinans covering approximately 50% of the seafloor, with colonies hosting a 

diverse assemblage of epifauna. Their study did not, however, map zone-wide bryozoan 

abundance and distribution. The first and only published zone-wide investigation of the 

distribution of the Separation Point bryozoan beds was conducted in summer 2002 and used 

sidescan sonar to map Separation Point Exclusion Zone and benthic video to ground-truth sonar 

data (Grange et al. 2003). At this time bryozoans were estimated to cover 38% of Separation 
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Point Exclusion Zone. Large bryozoan colonies were found via ROV in 18.9–42.9 m water depth 

and were reported to be common in 25–35 m water depth (Figure 3.1). This survey also noted 

that bryozoan colonies were silted over, with growth occurring only at the colony branch tips 

(Grange et al. 2003). Later observations of colony necrosis have since raised the question of 

colony condition within the bays (Handley, 2006). A subsequent sidescan survey in autumn 2008 

estimated biogenic material (not necessarily alive) comprised approximately 80% of the seafloor 

within Separation Point Exclusion Zone, which was four times greater than coverage measured 

outside, but directly adjacent to, the protected area (Handley et al., 2014). Further investigations 

of Separation Point Exclusion Zone have focused on how historical and modern anthropogenic 

stressors have changed the sedimentology, biogenic habitat, macrofaunal communities, and death 

assemblages (excluding bryozoans) (Handley, 2006, 2008; Handley et al., 2020a; Handley et al., 

2020b), primarily driven by a significant increase in sedimentation rate and sediment silt content 

(Handley et al., 2020a; Handley et al., 2020b). 

 

3.2.2. General methodology 

I performed a depth stratified drop camera survey of bryozoan abundance and diversity along 

four transects within Tasman and Golden Bay to correlate bryozoan abundance with depth, 

protection status, and position within the bays. This survey focused on the coastal environment 

within and surrounding Separation Point Exclusion Zone that was previously sampled by 

Bradstock and Gordon (1983), Grange et al. (2003), and Handley et al. (2014), where previous 

estimates of coverage of biogenic habitat were available. Four transects ran seaward from the 

land, running parallel to the northwestern and southeastern boundaries of the exclusion zone, as 

well as directly off Separation Point (Figure 3.2). A fifth transect, within the protected area and 
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parallel to the exclusion zone’s southeastern boundary, was originally planned but not completed 

due to time and sampling constraints. Sampling sites were taken along each transect at 

approximately 20, 22, 25, 28, 32, and 36 m water depth to account for differences in abundance 

as a function of water depth. Distance between the transects was more than 1 km with fished and 

unfished sites separated by 1.8 to 5.1 km; maximum distance between transects was 13.4 km. 

Due to time and weather constraints, the survey was performed in two parts. In spring 2019, we 

sampled eight sites (2A, 2B, 2C, 2D, 3A, 3B, 3C, 3D) within and nine sites (1A, 1B, 1C, 1D, 4A, 

4B, 4C, 4D, 4E) outside the Exclusion Zone. In summer 2021, we returned to Separation Point to 

survey the remaining sites within (2E, 2F, 3E, 3F) and outside (1E, 1F, 4F) as part of a larger 

zone-wide survey by NIWA. Despite differences in seasonality (austral spring versus austral 

summer) and year (2019 versus 2021) these data are combined for the purposes of this 

qualitative survey as the two habitat-forming species that dominate the Separation Point beds are 

slow-growing (Jamet, 1999) and, barring a catastrophically destructive event (e.g. a large storm 

disturbing the seafloor), would not differ greatly in abundance between collections. 
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Figure 3.2. Location of drop camera sites (grey dots) within Tasman and Golden Bay. Bottom 

type adapted from Grange et al. (2003). 

 

Photos were taken using a GoPro Hero 7 mounted on a 0.5 m2 PVC frame equipped with 

a reference bar for scale. A small dive lamp (approximately 20 lumens) with a diffuser was used 

to illuminate the frame. The camera was set to acquire an image every 0.5 seconds; still images 

were used because they were of higher resolution than video. Frequent image acquisition ensured 

that an image was captured either when the frame initially landed the benthos (i.e., before any 

bottom sediment was suspended) or once any sediment plume had cleared. The frame was 

repositioned every 20 seconds by raising it approximately 1 m from the bottom, allowing the 
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boat to drift, and lowering the frame back to the seafloor. By using drift to reposition the frame, 

we removed site selection bias because this method removed the possibility of a researcher 

placing the quadrat over visually interesting locations. This process was repeated thirty times at 

each site before the frame was lifted back to the boat. Raw images were exposure- and colour-

corrected using PhotoQuad (version 1.4) (Trygonis and Sini, 2012). Surface sediment type was 

visually classified in each image as sand, silt, shell gravel, or a combination of the three, and 

biogenic habitat. Biogenic structures (species and percent cover) were noted bryozoans, sponges, 

or erect bivalves, were noted in this qualitative habitat description, but percent cover was 

inconsequential, with no apparent trends in those data. 

 

3.3 Results 

Twelve sites within and twelve sites outside Separation Point Exclusion Zone were sampled in 

the combined 2019 and 2021 collections (Figure 3.3; Table 3.1). Eight sites were completely 

covered in featureless, light brown silt and mud. The remaining sites were a combination of sand 

and silt with some shell hash (Figure 3.3). Occasionally, erect bivalves, sponges, ascidians, and 

colonies of the bryozoan Celleporaria agglutinans were seen creating small, low-relief structures 

on the seabed, but these structures were no larger than 50 cm. Bryozoan colonies were small, 

with individual colonies no larger than 30 cm in length. All photographed colonies were covered 

in silt and appeared to be dead (i.e., did not exhibit the orange coloration indicative of a living 

colony). 
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Table 3.1. Location, depth, and description of bottom type within and outside Separation Point Exclusion Zone in 

the 2019 and 2021 surveys 

Site Latitude (°S) Longitude (°E) Depth (m) Description 

1A 40° 49.28' 173° 01.90' 22.0 Silt/mud 

1B 40° 49.30'  173° 01.6' 22.8 Silt/mud, shell gravel 

1C 40° 49.13' 173° 02.57' 25.4 Silt/mud 

1D 40° 49.09' 173° 03.40' 28.7 Sand, silt, shell gravel 

1E 40° 48.43' 173° 04.72' 34.0 Silt/mud 

1F 40° 4.10' 173° 07.20' 38.0 Silt/mud 

2A 40° 46.73' 173° 00.25' 20.0 Silt, shell hash, small sponge-bryozoan aggregates 

2B 40° 46.63’ 173° 00.36' 22.1 Silt, shell hash, small sponge-bryozoan aggregates 

2C 40° 46.51' 173° 00.39' 25.0 Silt, shell hash, small sponge 

2D 40° 46.37' 173° 00.32' 28.1 Sand, silt, shell hash, sponge 

2E 40° 43.31 173° 04.45' 31.0 Silt/mud 

2F 40° 44.90’ 173° 01.40’ 37.0 Silt, small bryozoans 

3A 40° 46.62' 172° 58.11' 20.0 Sand, silt, shell gravel, few bivalves 



 51 

Table 3.1 (continued)   

3B 40° 46.52' 172° 58.13' 22.7 Silt, shell hash, small sponge-bryozoan aggregates 

3C 40° 46.17' 172° 58.20 25.1 Silt, shell hash, small sponge-bryozoan aggregates 

3D 40° 45.05' 172°58.27' 28.0 Sand, silt, shell hash, sponge 

3E 40° 43.39’ 172° 58.99’ 32.0 Silt/mud 

3F 40° 42.58’ 172° 00.76’ 35.6 Silt, small bryozoans 

4A 40° 46.48' 172° 56.80' 20.2 Sand, silt, shell gravel, sponge 

4B 40° 46.16' 172° 56.73' 22.2 Sand, shell gravel, few bivalves 

4C 40° 45.79'  172° 56.91' 25.1 Sand, shell gravel, few bivalves 

4D 40° 45.16' 172° 57.31' 28.1 Silt/mud 

4E 40° 43.56' 172° 57.25' 32.0 Silt/mud 

4F 40° 41.36’ 172° 59.09’ 35.7 Silt, small bryozoans 
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Figure 3.3. Three representative bottom photos from within the Separation Point Exclusion Zone 

(frame size: 70 cm x 70 cm).  
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The predominance of mud and silt, regardless of depth and transect, is a distinct character 

of the 2019/2021 survey that was not seen in earlier surveys of Separation Point Exclusion Zone. 

Bradstock and Gordon (1983), who dove off Separation Point (D. Gordon, pers. comm. 23 

August, 2020), recorded colonies growing “in massive, heavy clumps attaining up to 50% cover 

and 0.5 m in height” (Bradstock and Gordon, 1983, page 159). This site approximately 

corresponds to transect 2 in the 2019/2021 collection, where the only bryozoans found were 

small, dead colonies at the two sites closest to the shore (Table 3.1). Grange et al. (2003) 

observed bryozoans at 16 of the 20 sites sampled via ROV (Table 3.2; Figure 3.4) which were 

estimated to cover 38% of Separation Point Exclusion Zone. Conversely, bryozoans were found 

at only seven of the 24 sites sampled in 2019/2021, despite both collections having sampling 

sites across all habitat strata identified by Grange et al. (2003). This difference in benthic cover is 

apparent again when comparing the modern survey to the sidescan sonar survey performed by 

Handley et al. (2014) (Figure 3.4). Their survey estimated that approximately 70 and 80% of the 

seafloor was covered with biogenic material in the south and west regions of the exclusion zone, 

respectively. It is unclear, however, whether “biogenic material” refers to bryozoan colonies, 

shell hash, or all biologically-generated material that is harder than the surrounding mud or 

generates some vertical relief on the seafloor. Even if shell hash were included in estimates of 

biogenic cover, the percent cover of biogenic material in the 2019/2021 survey would not cover 

three-quarters of the exclusion zone. 
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Figure 3.4. Survey sites from sampling conducted at Separation Point. 
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Table 3.2. Location, depth, and description of bottom type within and outside Separation Point Exclusion Zone by Grange et al., 2003 

Site Latitude (°S) Longitude (°E) Depth (m) Description 

1 

40° 44.750' 173° 01.450' 38.8 

Mud, shell fragments, medium density bryozoans (some large), hydroids, 

Maoricolpus 

2 40° 45.059' 173° 01.586' 39.6 Mud, shell fragments, small, isolated bryozoans 

3 40° 45.116' 173° 02.811' 42.9 Mud, shell fragments, small, medium density bryozoans 

4 40° 45.703' 172° 59.638' 37.2 Sand/mud, small, isolated bryozoans, hydroids, small mud mounds 

5 40° 43.763' 173° 02.370' 43.9 Mud 

6 40° 41.968' 173° 01.657' 43.3 Mud 

7 40° 42.476' 172° 59.876' 41.3 Mud 

8 40° 43.439' 173° 00.494' 40.4 Mud 

9 40° 44.928' 172° 59.942' 37.7 Mud 

10 40° 46.310' 172° 58.870' 35.1 Sand/mud, small amount shell fragments, hydroids 

11 40° 46.760' 172° 58.852' 18.9 Sand/mud, large, isolated bryozoans, sponge 

12 

40° 45.637' 173° 00.757' 39.5 

Mud, medium-high density bryozoans (some large), brachiopods, hydroids, 

sediment-covered shells 
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Table 3.2. (continued)   

13 40° 46.059' 173° 02.015' 39.1 Mud, shell fragments, small medium-density bryozoans 

14 40° 47.337' 173° 04.789' 42.8 Mud, sediment-covered shells, small, isolated bryozoans 

15 

40° 46.996' 173° 01.142' 36.2 

Mud, medium to high density bryozoans (some large), small shell fragments, 

horse mussel 

16 

40° 47.596' 173° 00.537' 26.2 

Mud, small, isolated bryozoans, large shell fragments, Maoricolpus, 

brachiopods, hydroids 

17 

40° 48.465' 173° 02.207' 32.1 

Large rock outcrop, dense shell fragments, many brachiopods, horse mussels, 

large bryozoans covering whole rock 

18 40° 46.600 172° 59.167' 21.4 Sand, silt, dead shell, isolated small bryozoans 

19 40° 46.263' 172° 59.539' 33.4 Fine sand, dead shell, Maoricolpus, Glycymeris, isolated bryozoan colonies 

20 40° 46.668' 172° 59.672' 20.8 Shell gravel. Dosina, Glycymeris, Maoricolpus, hydroids 
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3.4. Discussion 

Our survey of Separation Point Exclusion Zone initially intended to show how forty years of 

marine protection had changed the abundance and distribution of habitat-forming bryozoans 

within Tasman and Golden Bays. As such, this study reinforces that regular and consistent 

monitoring of managed coastal systems is necessary if we are to understand how (and when) 

terrestrial and marine stressors change coastal communities. Historically, Tasman and Golden 

Bay hosted bryozoan-dominated biogenic habitat across large swaths of seafloor (Saxton, 1980; 

Bradstock and Gordon, 1983; Grange et al., 2003). Over time, anthropogenic stressors have 

significantly changed the benthos within the bays, primarily through fishing pressures (Saxton, 

1980; Bradstock and Gordon, 1983; Grange et al., 2003) and sedimentation (Handley et al., 

2020a; Handley et al., 2020b). Without temporal monitoring of bryozoan abundance and 

diversity and complementary physicochemical sampling (e.g., sediment accumulation rate, 

turbidity), it becomes impossible to correlate environmental change with changes in the 

bryozoan community, although our modern snapshot of the Separation Point bryozoans suggest 

modern conditions within the bays are no longer suitable for habitat-forming bryozoans.  

Our results suggest that conditions within the bays have changed so much that large, 

habitat-forming bryozoans can no longer survive, although the diversity and abundance of 

bryozoans was too low to draw more robust statistical conclusions and would require further 

sampling across larger scales (e.g., with towed camera and multibeam echosounder surveys) to 

provide more powerful results. The colonies photographed during our survey were covered with 

sediment, often broken, and not coloured as they would be in-life. Bryozoans have been recorded 

in turbid water previously, both in Tasman and Golden Bay (Grange et al., 2003) and abroad 

(Cuffey et al., 1979; Cuffey, 2019; Flynn et al., 2019), although it is uncommon to find New 
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Zealand habitat-forming bryozoans on mud-rich sediment (Batson and Probert, 2000; Morrison 

et al., 2014). Bryozoans are usually found in habitats with little sediment deposition or high-

relief (e.g., rocky outcrops, Lombardi et al., 2008) to avoid coverage by sediment. Sediment can 

clog and abrade lophophores, which can lower feeding efficiency and result in colony failure 

(Taylor, 2000). Further, fine sediments on the seafloor make unstable substrate for new colonies 

to settle and grow on (Taylor, 2000). As fine sediment continues to blanket both existing 

bryozoan colonies and other hard substrata (e.g., shell hash), it removes the likelihood that 

bryozoans will be a feature of the Separation Point seafloor in the future.  

While natural sedimentation processes result in a coarse, sandy bottom within the bays 

(Davidson, 2018), mud has become a more prevalent feature of the seafloor. Sedimentation is a 

natural coastal process but modern sediment accumulation rates have increased compared to 

rates prior to human occupation (Handley, 2006; Gibbs, 2008; Handley et al., 2020a; Handley et 

al., 2020b). Anthropogenically-driven increases in sedimentation rate can be attributed to 

farming, forestry, and the creation of infrastructure (Green, 2011; Swales et al., 2012; Gibbs et 

al., 2014; Gibbs and Woodward, 2018). Prior to human habitation (about 800 years ago), the 

landscape of north-western South Island/Te Waipounamu was dominated by forest (McGlone, 

1983). Since then, 37% of the native forest in the Tasman District has been cleared (Ewers et al., 

2006), introducing sediment and nutrient runoff into coastal waters (McLaughlin et al., 2003; 

Thrush et al., 2004; Syvitski et al., 2005; Davidson, 1991, 2018).  

Marine environments are often impacted by multiple, compounded anthropogenic threats 

(Halpern et al., 2007; Halpern et al., 2008), with some stressors acting synergistically to further 

stress ocean systems (Crain et al., 2008). Increasing frequency of extreme weather events 

(Coumou and Rahmstorf, 2012) has globally changed benthic communities in both coastal 
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(Smale and Vance, 2016) and offshore (Sanchez-Vidal et al., 2012; Teixido et al., 2013) 

environments. Extreme weather events, particularly in areas prone to weathering and erosion, 

can introduce large volumes of sediment into marine environments (Warrick et al., 2007; 

Warrick and Farnsworth, 2009a, 2009b) and redistribute sediments already present in the marine 

environment (Manighetti and Carter, 1999). In February 2018, Cyclone Gita deposited over 130 

mm of rain to the area south of Separation Point (Davidson, 2018); surveys completed after 

Cyclone Gita of estuaries south of Separation Point recorded land slips and the deposition of 

“light brown mud” that covered the coastal marine environment with silt (Davidson, 2018). 

Since the cyclone, local water quality has not markedly improved (S. Robertson, pers. comm. 05 

May 2020). Large flushes of sediment and sustained increased turbidity, either through terrestrial 

runoff or seafloor disturbance, could be responsible for burying bryozoans identified in the 

previous surveys and causing colony necrosis in the few colonies present in the images from the 

modern survey. It is currently unknown what tolerance limits of sedimentation, marine 

contaminants, and anthropogenic climate change are for any New Zealand bryozoans, including 

Celleporaria agglutinans and Hippomenella vellicata that occur at Separation Point. Defining 

thresholds for human-derived stressors would help better understand tipping points for colony 

health and function and better understand how resilient bryozoan-dominated biogenic habitats 

are to sediment runoff. 

Removal of human disturbance through the designation of marine protected areas (i.e., 

removing stress from bottom fishing) has been shown to encourage recovery of exploited species 

and habitats (Lotze et al., 2011) and be useful in meeting global biodiversity targets for habitat 

restoration (Secretariat of the Convention on Biological Diversity, 2005). These benefits do not, 

however, consistently protect biogenic habitat from diffuse stressors like sedimentation (Halpern 
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et al., 2013) and extreme weather (Olds et al., 2014). Without managing diffuse impacts on 

marine protected areas, systems that may have benefitted from the relief from fishing pressures 

may not recover (Agardy et al., 2011; Udy et al 2019), as is most likely the case here. 

Ecosystem-based management that addresses both localized disturbance (e.g., bottom fishing) 

and large-scale environmental change (e.g., terrestrial pollutants, climate change) with 

consideration of whole catchment dynamics can temper the effects of stressors that are not 

mitigated by marine reserve boundaries. The benefits of ecosystem-based management can be 

improved by protecting refugia where species of interest are potentially more resilient to diffuse 

stressors (West and Salm, 2003). Refugia can either be large areas where favourable 

environmental conditions will persist for decades according to long-term climate models, or 

localised pockets of suitable habitat that may provide refugia in the short-term, but may not 

persist with changing climate scenarios (Woesik et al., 2012). Refugia can be identified using 

biogeographic patterns (i.e., modern distributions or paleo-proxies, Mosblech et al., 2011) or 

analyses of gene flow within and between habitats (Avise, 2000). Key data that may be useful in 

identifying refugia may include substrate preferences, temperature requirements, or gene flow 

corridors. 

There are examples within New Zealand’s waters where more comprehensive marine 

management actions have been undertaken; the Hauraki Gulf Forum, established under the 

Hauraki Gulf Marine Park Act 2000, which brought together government agencies and Māori 

representatives to manage both the Hauraki Gulf Marine Park (northern North Island) as well as 

the nearby islands and catchments. Taking its inspiration from international marine spatial 

planning endeavours (Salmon et al., 2008), the forum aimed to incorporate cultural, economic, 

and environmental goals within the management strategy for the Gulf, working with stakeholders 
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from agricultural, fisheries, community, and environmental groups to represent the diverse 

threats and needs within northern New Zealand (Hauraki Gulf Forum, 2011). From this 

collaboration, nearly 200 management recommendations were suggested for the Hauraki Gulf, 

including 11 new marine reserves, establishing catchment sediment limits, and creating 

monitoring frameworks for the managed area (Hauraki Gulf Forum, 2011; Peart, 2019). A 

similar approach could be useful for managing the diverse interests in the Tasman district and for 

better supporting marine management actions within Tasman and Golden Bay. 

Separation Point Exclusion Zone serves as an important example that environmental 

stewardship cannot end at the designation of a marine protected area, in the same way that 

management of the marine environment cannot end at the shore. Considering these basic tenets 

of conservation management, and the concepts of holistic guardianship encapsulated in the idea 

of ki uta ki tai, we encourage further investigation of bryozoan tolerance limits for acute and 

chronic siltation, whether modern sedimentation rates exceed those limits, and how we can better 

manage the land to support a healthy ocean. Then, we suggest performing a survey of habitat-

forming bryozoans throughout the area, to better understand the current state of colony health 

and function. From there, we can establish clear objectives and targets for managing the 

bryozoan beds of Tasman and Golden Bay in the face of anthropogenic stress and we can 

develop a consistent monitoring regime that provides statistically robust data to help understand 

habitat change in the future.  
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4.1. Introduction 

The marine reserve at Rakiura Stewart Island is an excellent environment in which to quantify 

the effect of marine protection on sessile benthic invertebrates. The island is the smallest, least-

populated, and least-altered island of Aotearoa New Zealand’s three main islands (Meurk and 

Wilson, 1989; Chadderton, 1990) (Figure 4.1). Currently, 85% of the island landmass is 

protected as Rakiura National Park, established in 2002. The National Park provides a stable 

landscape with little terrestrial sediment or agricultural pollution deposited into the marine 

environment (Department of Conservation, 2012). In 2004, three sections covering 10.75 km2 

(12% by area of Paterson Inlet/Whaka ā Te Wera) were gazetted as “Ulva Island/Te Wharawhara 

Marine Reserve” under the Marine Reserves Act of 1971 to preserve local fish habitat and to 

protect the inlet’s benthos, primarily the brachiopod beds and red algae meadows (Figure 4.1C), 

prohibiting both commercial and recreational fishing within the reserve (Department of 

Conservation, 2004). The remainder of the inlet was left open to limited recreational fishing to 

accommodate longstanding local use (Department of Conservation, 2004). Restrictions on 

recreational fishing within the wider Paterson Inlet, which still supports a small local fishery, 

include a prohibition on the use of drag nets, fishing for scallops (Pecten novaezelandiae Reeve, 

1853), mako shark (Isurus oxyrinchus Rafinesque, 1810) and white pointer (Carcharodon 

carcharias (Linnaeus, 1758)), as well as catch limits for finfish and shellfish (Ministry of 

Fisheries, 2006). 

In this study, habitat and benthic macrofauna were compared using images from 2007 

and 2018 to determine what effect, if any, marine protection has had on habitat distribution and 

benthic invertebrate abundance in outer Paterson Inlet/Whaka ā Te Wera. It is of particular 

interest whether the marine reserve is representative of all habitat types within Paterson Inlet/ 
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Whaka ā Te Wera, as the potential exclusion of bryozoan- or tubeworm-dominated biogenic 

habitat would be a major oversight in marine reserve design. When measuring changes in benthic 

communities over time, differences between historical and modern sampling procedures should 

be minimized, as seasonality, sampling method, and post-processing analyses can all reduce the 

comparability of the data (Noble-James et al., 2017). Although there are descriptions and maps 

of the bottom environment in Paterson Inlet based on dredges, grabs, and trawls (Richardson, 

1981; Willan, 1981), dive surveys (Hare, 1992), video transects (Wing, 2007), and cores and 

images (Macklé, 2009), the comparability of historical and modern samples was ensured here by 

using only digital benthic images of the same resolution. These images were reanalysed using the 

same method for both years.  

 

4.2. Methods 

4.2.1. Study site 

Paterson Inlet/Whaka ā Te Wera is a sheltered 89 km2 tidal inlet on the east coast of Rakiura 

Stewart Island (Figure 4.1) (Department of Conservation, 1994). Paterson Inlet is largely 

unmodified compared to mainland New Zealand; historical anthropogenic disturbance was 

mostly limited to anchoring (Costello and Hare, 1991) with commercial fishing banned within 

the inlet in 1994 (Macklé, 2009). Fishing within the inlet focused on blue cod, pāua, and 

scallops, primarily around Ulva Island (Carbines, 1998). Fishing was performed by line or pot, 

unlike the large-scale trawling conducted in nearby Foveaux Strait (Cranfield et al., 2003). 

Commercial farms producing mussels, oysters, and salmon have been established in Big Glory 

Bay since the 1980s (James et al., 2018). While these farms have the potential to alter the marine 

environment through deposition of organic waste on the benthos, the operations currently 
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undergo annual monitoring to assess sediment and nutrient inputs and have not been shown to 

affect water quality beyond a few meters from their operations, meaning significant effects do 

not occur outside Big Glory Bay (Findlay et al., 1995; James et al., 2018). 
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Figure 4.1. A: New Zealand with Rakiura Stewart Island identified; B: Rakiura Stewart Island; 

C: Paterson Inlet/Whaka ā Te Wera showing Ulva Island/Te Wharawhara Marine Reserve 

boundaries. 

 

Scientific surveys of the area now covered by the Ulva Island/Te Wharawhara Marine 

Reserve have been performed for over 50 years, beginning with work by Batham (1969), who 

focused on benthic habitat and invertebrate communities. Subsequent surveys in Paterson 

Inlet/Whaka ā Te Wera focused on brachiopods (Richardson, 1981), benthic invertebrate 

assemblages (Willan, 1981), fish, algae, and invertebrate biodiversity (Wing, 2007), sediment 

macrobenthos (Macklé, 2009), and reef-forming invertebrates (Foster and Smith, 1995; Smith et 

al., 2005), although it is unclear whether these tubeworm mounds and bryozoan reefs are present 

within the modern reserve boundary. The combination of a short history of small-scale human 

impact, the presence of a no-take marine reserve for ten years, and a detailed record of habitats 

and benthos prior to protection makes Paterson Inlet/Whaka ā Te Wera an excellent place to 

examine the effects of marine protection on sessile benthic invertebrates. 

 

5.2.2. General sampling methodology 

Bottom images taken by Macklé in 2007 were of appropriate scale (i.e., focused on a small area 

that allowed for identification of epibenthic invertebrates >5cm in length) and quality (e.g., in 

focus, unobstructed by suspended sediment) to allow for invertebrate identification and included 

information concerning habitat classification within and outside the marine reserve boundaries. 

Macklé took benthic images while diving at 30 sites within Paterson Inlet/Whaka ā Te Wera in 

February (austral summer) 2007 using an Olympus 5060 camera with a flash so true colours 
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within the image were apparent (Figure 4.2). Images were taken randomly at each site and were 

not intended to target specific locations where epibenthic invertebrates were most abundant. 

Images were taken 0.5m above the substrate and a reference bar was included with each image, 

resulting in a 0.35 m2 image standardized for comparability among sites (Macklé, 2009). To 

supplement the image information, inlet-wide habitat classification data were included from Hare 

(1992). These habitat maps were based on eleven surveys of Paterson Inlet/Whaka ā Te Wera 

conducted by the Department of Conservation prior to protection between 1967 and 1990. 

Collection methods included trawls, diver observations, and dredges and was focused on broad-

scale delineation of habitat type within the inlet instead of site-specific observations like those 

made by Macklé (Hare, 1992).  
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Figure 4.2. Sediment and habitat characteristics of twenty locations within Paterson Inlet/Whaka 

ā Te Wera sampled in February 2007 and April 2018 overlain on a habitat distribution map from 

Hare (1992). Large reef sites are dominated by bryozoan colonies (<0.5 m2) and serpulid worm 

mounds (1–5m2) (EPSG:4326 - WGS 84).  

 

Modern images of the same resolution as those taken in 2007 were taken in April (austral 

autumn) 2018 at 13 locations within Ulva Island/Te Wharawhara Marine Reserve and at seven 

locations outside the reserve (Figure 4.2). Although historical and modern collections were taken 

in different seasons, this has little influence on the comparability of our collections because 

distribution and abundance of the invertebrates of interest are not season-dependent (Richardson, 
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1981; Willan, 1981). Site coordinates given by Macklé (2007) were used to identify sampling 

locations in 2018. Depth and location data were recorded at the beginning of each set of site 

measurements. Images were taken using a GoPro Hero 3 and light that were mounted on a metal 

frame equipped with a reference bar for scale. The camera was set to take an image every ten 

seconds and lowered from the boat to the bottom for 3–4 minutes. The frame was repositioned 

every twenty seconds by raising it 1m from the bottom, allowing the boat to drift, and lowering 

the frame back to the seafloor, resulting in approximately 20 clear images taken at each site. 

Repositioning the camera using the drift of the vessel removed the possibility of bias caused by 

placing the frame in locations that are more interesting. While only three images were taken per 

site in the 2007 collection, additional images were taken in 2018 to provide a more robust dataset 

for across-site analyses of modern samples.  

A total of 318 modern (2018) and 60 historical (2007) usable images were obtained from 

thirteen locations within Ulva Island/Te Wharawhara Marine Reserve. Forty-two modern and 

nine historical images were obtained at seven locations outside the reserve. Between six and 24 

clear images of the bottom were taken at each site in modern collections (Figure 4.2). Modern 

and historical images were imported into PhotoQuad (version 1.4) (Trygonis and Sini, 2012), 

corrected for colour and exposure as needed, then visually examined. Images were archived at 

the New Zealand Marine Studies Centre, University of Otago for future use as .JPG files. Habitat 

type was qualitatively categorized at each sampling location using corresponding site images: 

large reef, brachiopod beds, shell gravel, mud, Lenormandia sp. beds, Rhodymenia sp. beds, 

and/or sand so qualitative habitat type could be included in model selection, and to ensure that 

the same habitat types were being analysed within and outside the reserve. Benthic invertebrates 

were identified to the lowest possible taxon. While many organisms could be identified to 
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species, invertebrates were grouped as either phyla or class in the analysis (Ascidiacea, 

Asteroidea, Bivalvia, Cephalopoda, Echinoidea, Gastropoda, Holothuroidea, Ophiuroidea, 

Polychaeta, Porifera, Brachiopoda, and Bryozoa), as counts for individual species were often 

very low. Abundance was measured as individuals/m2 as opposed to percent cover because 

substrate type affected invertebrate percent coverage (e.g., red algae beds obscured 

invertebrates). Since data were measured in individuals/m2 as opposed to percent cover, colonial 

animals were treated as one individual per colony in the analysis. Density (individuals/m2) of 

each taxon was calculated at each site for each image by counting individuals within each image 

and multiplying that value by 2.86, as the original images were 0.35 m2. 

Modern and historical invertebrate density measurements (as individuals/m2), as well as 

total richness using the same taxonomic coarseness (Ascidiacea, Asteroidea, Bivalvia, 

Cephalopoda, Echinoidea, Gastropoda, Holothuroidea, Ophiuroidea, Polychaeta, Porifera, 

Brachiopoda, and Bryozoa), both within and outside the marine reserve were compared using a 

series of generalized linear models, one for each taxon, considering the following variables: 

habitat type (large reef, brachiopod beds, shell gravel, mud, Lenormandia sp. beds, Rhodymenia 

sp. beds, and/or sand), year (2007 versus 2018), protection status (within versus outside the 

marine reserve), and site (07 and A–S), as well as all possible interactions. Models were chosen 

using a stepwise regression to determine the model with the lowest Akaike information criterion 

(AIC) value. Habitat type was not a strong predictor of invertebrate abundance both within and 

across years and was removed as a variable in final models. Year, protection status, site, and the 

two-way interaction between year and site were good model predictors when comparing 

collections between 2007 and 2018. A p-value of <0.05 was chosen as the significance threshold. 

For single-year analyses, protection status and site were the variables used within the model. 



 71 

When comparing collections from 2007 and 2018, three images from 2018 were randomly 

selected so the same number of replicates were used in historical and modern collections. This 

was done to equalize sampling effort across years. In those collections where only the larger 

2018 data set was used, all images were included, as unequal sampling effort was not a concern. 

A permutational multivariate analysis of variance (PERMANOVA+ in Primer 7 version 7.0.13), 

a non-parametric, distance-based linear model based on Bray-Curtis similarity of sites, was used 

to compare total benthic invertebrate abundance using the same parameters used in the analysis 

of individual taxa (Clarke and Gorley, 2006; Anderson et al., 2008). P-values were obtained 

using 5000 permutations of raw data. For each set of comparisons (modern and historical 

invertebrate abundance within and outside reserves), effect size, as Cohen’s d, was calculated 

using the “effsize” function in R to determine the magnitude of differences between groups 

(Cohen, 1988). 

 

4.3. Results 

4.3.1. Characterization of habitat 

Habitat within the reserve in 2018 was predominantly mud, sand, shell/gravel, with a few sites 

dominated by red algal meadows. Distribution of bottom type in 2018 was similar to the bottom 

type described by Hare (1992) and Macklé (2009) (Figure 4.2, 4.3). Bottom type south of Ulva 

Island was primarily silty sand/shell transitioning to sand and rhodophyte meadows toward 

southwestern Paterson Inlet/Whaka ā Te Wera. Sites south of Native Island were mostly sand 

with Lenormandia sp. and Rhodymenia sp. Habitats were largely sand and scour near the 

entrance to the inlet, where currents are strongest. The seafloor transitioned to mud-dominated 

habitats further into the inlet. This shift from coarse to fine sediment was also apparent in 2007 
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collections by Macklé (2009) and in pre-protection descriptions (Hare, 1992). Brachiopod beds, 

shell gravel, mud, Lenormandia sp. beds, Rhodymenia sp. beds, and/or sand were found both 

inside and outside the reserve (Figure 4.2) Large reef habitats, dominated by heavily calcified 

bryozoans were present east of Paterson Inlet/Whaka ā Te Wera, but were not represented at any 

locations sampled within the reserve (Figure 4.2, 4.4). 

10 cm 
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Figure 4.3. Representative images from Paterson Inlet/Whaka ā Te Wera. Left: 2007; right: 

2018. 
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Figure 4.4. Close-up of bryozoan-dominated biogenic reef from site SI-07 (2018). 

 

4.3.2. Macrofauna 

Benthic macrofauna were present at all sites except sites SI-Q and SI-R in both 2007 and 2018 

(Table 4.1, 4.2; Figure 4.2). Seven phyla were identified in the 2018 collections: Bryozoa, 

Chordata (subphylum Tunicata, class Ascidiacea), Echinodermata (classes Asteroidea, 

Echinoidea, Holothuroidea, and Ophiuroidea), Mollusca (classes Bivalvia and Cephalopoda), 

Gastropoda, Polychaeta, Porifera, and Brachiopoda (Table 4.2). Among recorded taxa, 

echinoderms were the taxon that occurred at the most sites (Table 4.1). Asteroidea and 
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Ophiuroidea, primarily Patiriella regularis (Verrill 1867) and Ophiopsammus maculata (Verrill 

1869), occurred at the most sites, with both recorded at 16 sites in 2018. Bivalvia, primarily 

Chlamys spp., were found locally in high numbers, with an average abundance of 81 

individuals/m2 at site SI-I. Brachiopoda were also locally abundant, recorded at an average of 19, 

24, and 28 individuals/m2 at sites SI-F, SI-B, and SI-E in 2018, respectively (Table 4.3). In 2007, 

mean richness was 0.606 ± 1.088 taxa/m2 for protected sites and 0.250 ± 0.452 taxa/m2 for 

unprotected sites. In 2018, mean richness was 1.647 ± 2.25 taxa/m2 for protected sites and 1.250 

± 2.105 taxa/m2 for unprotected sites (Figure 4.5). While mean values of species richness were 

higher within the reserve compared to outside the reserve and higher in 2018 compared to 2007, 

these differences were not significant (df=19, t=1.095, p=0.277 and df=19, t=1.549, p=0.126, 

respectively).  
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Table 4.1. Presence of benthic macrofauna at 20 sites within modern Paterson Inlet/Whaka ā Te Wera. : April 2018 collections; : Macklé 2007 

collections. Total observed taxa summed for each site. Number of observed taxa from 2018 collections: outside parentheses; Number of observed 

taxa from 2007 collections: inside parentheses. 

Group SI-

07 

SI-

A 

SI-

B 

SI-

C 

SI-

D 

SI-

E 

SI-

F 

SI-

G 

SI-

H 

SI-I SI-J SI-

K 

SI-

L 

SI-

M 

SI-

N 

SI-

O 

SI-

P 

SI-

Q 

SI-

R 

SI-

S 

Ascidiacea                          

Asteroidea                        

Bivalvia                      

Cephalopoda                     

Echinoidea                      

Gastropoda                     

Holothuroidea                       

Ophiuroidea                       

Polychaeta                      

Porifera                     

Brachiopoda                       

Bryozoa                     

Total 5(-) 7(1) 8(3) 8(-) 8(-) 7(-) 9(-) 8(2) 7(1) 6(-) 5(1) 6(-) 7(-) 2(2) 4(1) 1(-) 4(1) -(-) -(1) 1(-) 
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Table 4.2. Benthic macrofauna identified from photographic samples taken at 20 sites within Paterson Inlet/Whaka ā Te Wera. 

Ascidiacea 

     Cnemidocarpa bicornuta (Sluiter, 1900) 

Asteroidea 

     Patiriella regularis (Verrill, 1867) 

     Pentagonaster pulchellus Gray 1840 

 

Gastropoda 

     Unidentified gastropods 

Porifera 

     Unidentified yellow-orange sponge 

     Unidentified white sponge 

Echinoidea 

     Evechinus chloroticus Valenciennes, 1846 

Cephalopoda 

     Macroctopus maorum Hutton, 

1880 

Brachiopoda 

     Unidentified brachiopod 

Ophiuroidea 

     Ophiopsammus maculata (Verrill, 1869) 

 

Bryozoa 

     Hippomenella vellicata (Hutton, 1873) 

     Celleporaria agglutinans (Hutton, 

1873) 

     Cinctipora elegans Hutton, 1873 

     Hornera foliacea (MacGillivray, 1869) 

     Hornera robusta MacGillivray, 1883 

     Celleporina grandis Gordon, 1989 

Bivalvia 

     Atrina zelandica (Gray, 1835) 

     Pecten novaezelandiae Reeve, 1853 

     Chlamys sp. 

     Diplodonta globus (Finlay, 1926) 

     Clams (other than Diplodonta sp.) 
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Table 4.3. Mean abundance (individuals/m2) within and outside Ulva Island/Te Wharawhara Marine Reserve in 2007 and 2018 

  Ascidiacea Asteroidea Bivalvia Brachiopoda Bryozoa Cephalopoda Echinoidea Gastropoda Holothuroidea Ophiuroidea Polychaeta Porifera 

2007 Within 

reserve 

0.88±2.04 2.09±6.27 0.21±0.70 1.55±5.04 0.00±0.00 0.00±0.00 0.09±0.52 0.00±0.00 0.09±0.52 0.00±0.00 0.00±0.00 0.09±0.52 

Outside 

reserve  

0.00±0.00 0.00±0.00 0.00±0.00 0.42±1.00 0.00±0.00 0.00±0.00 0.00±0.00 0.00±0.00 0.00±0.00 0.25±0.87 0.00±0.00 0.00±0.00 

              

2018 Within 

reserve 

1.07±2.56 0.60±1.25 6.75±23.91 6.08±13.65 0.00±0.00 0.00±0.00 0.05±0.29 0.27±0.93 0.62±1.12 0.43±0.88 0.29±1.44 0.32±0.90 

Outside 

reserve  

0.16±0.65 0.55±1.25 0.00±0.00 3.05±10.20 0.43±2.27 0.00±0.00 0.00±0.00 0.16±0.65 0.24±0.65 1.21±1.99 0.62±3.04 0.64±2.25 
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The effect size for individual species abundance models ranged from 0.023–0.654 for 

between year comparisons and 0.037–0.601 for within year comparisons (Table 4.4). Effect size 

for overall invertebrate abundance were 0.816 and 0.673 for 2007 and 2018, respectively. Effect 

size for overall invertebrate richness were 0.632 and 0.984 for 2007 and 2018, respectively. In 

2007, comparison of sites inside and outside the reserve showed no detectable differences in 

overall abundance of any single observed benthic invertebrate taxon between sites (Table 4.4), 

although no taxa were particularly abundant. In contrast, Ascidiacea (df=19, t=3.810, p<0.001), 

Bivalvia (df=19, t=3.040, p=0.002), Brachiopoda (df=19, t=2.125, p=0.034), Holothuroidea 

(df=19, t=3.400, p<0.001), and Ophiuroidea (df=19, t=5.166, p<0.001) were all found in greater 

numbers within the reserve compared to sites outside of the reserve in 2018 (Table 4.4). The only 

taxon found in higher abundance outside the marine reserve were Bryozoa, which generated 

large reef habitat at site SI-08 (19=358, t=-2.976 p=0.003) (Figure 3) but were not found within 

the reserve.
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Table 4.4. P-values, t-values (in parentheses), and effect size (Cohen’s d, italicized) of generalized linear models for single-taxa abundance (individuals/m2). Significant values in bold based on p<0.05 

   Ascidiacea Asteroidea Bivalvia Brachiopoda Cephalopoda Echinoidea Gastropoda Holothuroidea Ophiuroidea Polychaeta Porifera Bryozoa 

Within years               

 2007              

  Protection 0.146 

(1.479) 

0.258 

(1.146) 

0.301 

(1.048) 

0.449 

(0.764) 

--- 0.553 

(0.599) 

--- 0.553 

(0.599) 

0.097 

(-1.693) 

--- 0.553 

(0.599) 

--- 

   0.608 0.471 0.431 0.310  0.246  0.246 0.246  0.246  

 2018              

  Protection 0.034 

(3.810) 

0.741 

(0.330) 

0.002 

(3.040) 

0.034 

(2.125) 

--- 0.096 

(1.670) 

0.230 

(1.201) 

<0.001 

(3.400) 

<0.001 

(5.166) 

0.157 

(-1.142) 

0.056  

(-1.917) 

0.003 

(-2.976) 

   0.493 0.037 0.399 0.251  0.295 0.219 0.143 0.416 -0.508 -0.140 -0.186 

Between years               

 Factor              

  Year 0.655 

(0.448) 

0.182 

(-1.344) 

0.337 

(-1.039) 

0.049 

(2.010) 

--- 0.250 

(-1.159) 

0.073 

(1.813) 

0.0096 

(2.650) 

0.027 

(2.250) 

0.099 

(1.666) 

0.795 

(0.260) 

--- 

   0.080 -0.197 0.364 0.488  -0.211 0.463 0.654 0.531 0.302 0.140  

               

  Protection: Year 0.822 

(-0.226) 

0.296 

(1.049) 

0.300 

(-1.042) 

0.238 

(-1.188) 

--- 0.551 

(0.599) 

0.926 

(0.094) 

0.969 

(-0.040) 

0.487 

(2.000) 

0.392 

(-0.860) 

0.111 

(1.611) 

--- 

   0.629 0.337 0.311 0.512  0.174 -0.023 0.127 -0.473 0.248 -0.180  
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When comparing within-site changes in invertebrates between 2007 and 2018, the 

abundance of Ascidiacea decreased at SI-R (df=19, t=2.259, p=0.0275), Bivalvia increased at SI-

J (df=19, t=34.895, p<0.001), Brachiopoda increased at SI-C (df=19, t=4.560, p<0.001), SI-D 

(df=19, t=2.317, p=0.0239), SI-E (df=19, t=7.850, p<0.001), and SI-F (df=19, t=4.859, p<0.001), 

Gastropoda increased at SI-J (df=19, t=7.906, p<0.001), Holothuroidea increased at SI-J (df=19, 

t=3.814, p<0.001), Polychaeta increased at SI-J (df=19, t=2.259, p=0.0275), Asteroidea 

decreased at SI-J (df=19, t=-15.133, p<0.001), and Porifera decreased at SI-H (df=19, t=2.259, 

p=0.0275). Ophiuroidea (df=19, t=2.250, p=0.027), Holothuroidea (df=19, t=2.650, p=0.0096), 

and Brachiopoda (df=19, t=2.010, p=0.0491) were the only taxa whose abundance increased 

significantly over time, irrespective of protection status and site (Table 4). When considering the 

entire benthic invertebrate community, there was an overall increase in abundance between 2007 

and 2018 (df=104, t=2.15, p=0.034) (Figure 5), specifically in sites SI-C (df=19, t=3.944, 

p<0.001), SI-D (df=19, t=3.163, p=0.002), and SI-J (df=19, t=16.048, p<0.001). 



 82 

 

Figure 4.5. (A) Richness and (B) abundance of benthic invertebrates in reserve (n=318 modern 

and 60 historical) and non-reserve (42 modern and seven historical) sites within Paterson 

Inlet/Whaka ā Te Wera from 2007 and 2018. Error bars are standard deviation. 
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4.4. Discussion 

These two benthic imagery surveys provide a rudimentary timeline showing changes in the 

benthic invertebrate community of Paterson Inlet/Whaka ā Te Wera, illustrated by the greater 

abundance of Brachiopoda, Holothuroidea, and Ophiuroidea, as well as overall increase in 

invertebrate abundance, between 2007 and 2018 (Table 4.4; Figure 4.5). Since this marine 

reserve has facilitated an increase in target taxa (e.g., Brachiopoda) designated at the creation of 

the reserve (Department of Conservation, 2004), it could be considered a success from a 

management perspective. As a no-take marine reserve for over 10 years, Ulva Island/Te 

Wharawhara Marine Reserve has the potential to facilitate long-term development of benthic 

invertebrate communities and protection of some of the marine habitats of Rakiura Stewart 

Island. There are, however, ways that future data collections can be improved, both for this 

reserve and others. 

Invertebrate survey data do not exist at or immediately before the designation of the 

reserve. This makes it difficult to determine the extent to which protection has affected the 

invertebrate community of Paterson Inlet/Whaka ā Te Wera, as the effects of marine protection 

is sometimes seen within the first few years post-designation protection (Edgar and Barrett, 

1997; Halpern and Warner, 2002). As a result of limitations in the historical data, the present 

study design is unbalanced, with more sampling locations within the reserve compared to outside 

the reserve. Comparisons between years are limited by the small number of replicates in the 2007 

collection, and effect size for some individual taxa abundance models is small (Table 4.4) 

(Cohen, 1988). Future collections should include more within-site replicates to account for low 

abundance of some taxa and more sampling locations outside the reserve, equally distributed 

across all habitat types within the inlet. Additional sites radiating out at equal distances from the 
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reserve boundaries could be useful in determining whether there are any spillover effects present 

within Paterson Inlet/Whaka ā Te Wera. A more thorough investigation of habitat (e.g., by 

incorporating multibeam echosounder data, quantifying sediment properties) could provide more 

environmental variables to help explain trends in invertebrate abundance. 

A sheer increase in abundance of invertebrates is not necessarily a sign of ecosystem 

health, although we believe, in this instance, increased abundance of invertebrates within Ulva 

Island/Te Wharawhara Marine Reserve is a positive effect resulting from marine protection. In 

some cases, an increase in some invertebrate groups (e.g., urchins) is a sign of overfishing of 

predator species that would otherwise suppress invertebrates (Babcock et al., 1999). Size and age 

structure can be used independently or in tandem with diversity and abundance metrics to 

quantify recruitment of target species within marine reserves (Babcock et al., 1999; Shears and 

Babcock, 2003; Linares et al., 2010). Small values for abundance, few temporal sampling points, 

and multidimensional growth forms of some taxa included in this study (e.g., sponges and 

bryozoans) makes population structure (e.g., functional feeding groups) analyses unreasonable at 

this point, but could be incorporated once additional sampling is performed in the future. 

Infaunal sampling would also create a more complete understanding of the benthic invertebrate 

community within Paterson Inlet/Whaka ā Te Wera, as 195 infaunal taxa have been recorded 

previously within the inlet (Macklé, 2009). These data would be useful in developing biological 

trait analyses for inlet invertebrate communities, which could be more representative of change 

within the inlet compared to analysis of individual taxa (Bremner et al., 2006; Jimenez et al., 

2016). 

The trends seen in Ulva Island/Te Wharawhara Marine Reserve are similar to those seen 

in other New Zealand marine reserves. Other reserves have recorded increases in abundance of 
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epibenthic invertebrates; since the designation of Cape Rodney-Ōkakari Point Marine Reserve, 

both size and abundance of rock lobster (Jasus edwardsii (Hutton, 1875)) increased within the 

reserve compared to outside the reserve (Babcock et al., 1999; Babcock et al., 2010). Similarly, 

in Horoirangi Marine Reserve, crayfish abundance increased 3.5-fold between 2006 and 2016 

(Ministry for the Environment, 2016). Similar benefits of marine protection have been seen in 

northern hemisphere marine environments. Off the Isle of Man, the abundance of great scallops 

(Pecten maximus Linnaeus, 1758) was more than seven times higher in areas closed to bottom 

fishing when compared to nearby fished areas 14 years post-protection (Beukers-Stewart et al., 

2005; Howarth et al., 2011). A similar study off the Isle Arran (United Kingdom) found an 

increase in age and size of adult scallops (P. maximus and Aequipecten opercularis Linnaeus, 

1758) and greater abundance of juvenile scallops within the marine reserve when compared to 

unprotected areas (Howarth et al., 2011). The increased abundance of juvenile scallops was 

attributed to the availability of complex habitat within the marine reserve which facilitated 

recruitment in these areas (Howarth et al., 2011).  

Three factors may contribute to the success of Ulva Island/Te Wharawhara Marine 

Reserve: habitat stability, habitat heterogeneity, and habitat complexity of the benthic 

environment. The consistency in habitat distribution between historical and modern collections 

within the inlet demonstrates a stable benthic landscape. Since stable benthic environments (i.e. 

habitats whose extent does not change markedly with time) are more susceptible to 

anthropogenic disturbance (e.g. from bottom fishing) (Sciberras et al., 2013), a non-extractive 

marine reserve where pressure from bottom fishing practices is removed, is likely to be the most 

powerful tool for protecting the complex benthic habitat and the invertebrates that utilize this 

landscape. 
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The presence of complex biogenic habitat may also contribute to overall biodiversity in 

the inlet (Cranfield et al., 2004; Kovalenko et al., 2012). Algae create a series of biogenic 

microhabitats with the blade/lamina, stipe and holdfast, with each structure producing varying 

degrees of habitat complexity (Teagle et al., 2017). Both Lenormandia sp. and Rhodymenia sp. 

provide some benthic habitat complexity both within and outside the reserve. Previous research 

has shown an increase in invertebrate diversity as biogenic habitats shift from less to more 

complex algal growth forms (Dijkstra et al., 2017). Biogenic reefs have also been shown to 

provide habitat complexity within Paterson Inlet/Whaka ā Te Wera, hosting highly diverse 

infauna, including annelids, brachiopods, and molluscs (Willan, 1981; Foster and Smith, 1995; 

Smith et al., 2005). Biogenic reefs are often linked to the availability of commercially-valuable 

species in other parts of New Zealand, particularly as nurseries for juvenile fish (Vooren, 1975; 

Jiang and Carbines, 2002; Cranfield et al., 2003). 

This study has found that the current boundary of Ulva Island/Te Wharawhara Marine 

Reserve excludes heavily-calcified biogenic reefs, like those seen at site SI-07 in this study and 

those recorded east of Ulva Island in prior surveys (e.g., Smith et al., 2005), from the current 

marine reserve coverage area. Currently, Ulva Island/Te Wharawhara Marine Reserve, 

established under the Act, seems to allow for greater benthic invertebrate abundance across 

multiple functional groups within the reserve boundaries when compared to outside the reserve 

and encompasses several habitat types. However, it fails to fulfil the purpose of the Act because 

it does not protect the unusual biogenic reefs in Paterson Inlet/Whaka ā Te Wera. Reefs are 

represented in the wider Paterson Inlet/Whaka ā Te Wera mātaitai reserve. The presence of 

bryozoan and tubeworm reefs are most likely present because of their location within a high-

flow, low-sediment environment (which is conducive to the health of suspension feeding 



 87 

invertebrates), not because of the marine protected areas present. This representation should not 

be considered a conscious attempt to provide tiered, fit-for-purpose marine protection within the 

inlet, as the processes for creating the marine reserve and the mātaitai reserve have been done 

independently of one another (Department of Conservation, 2004; Ministry of Fisheries, 2006). 

Although protecting these reefs was not the original intent of the reserve, New Zealand 

marine reserves, in accordance with the Marine Reserves Act (1971), “shall have effect for the 

purpose of preserving […] areas of New Zealand that contain underwater scenery, natural 

features, or marine life, of such distinctive quality, or so typical, or beautiful, or unique, that their 

continued preservation is in the national interest”. To be an effective management tool, marine 

reserves need to protect habitat of good quality that is representative of all habitat types in the 

area of interest and be connected to allow for free movement of taxa between these habitats 

(HELCOM, 2010). Remedying oversights in the initial boundary designation by redrawing 

reserve boundaries to include all habitat types within Paterson Inlet/Whaka ā Te Wera would 

give the opportunity for more effective management of the marine system of Rakiura Stewart 

Island.  

Marine reserve performance (e.g., increased biomass and diversity within reserves 

compared to outside reserves) is not only related to reserve design (e.g. size, Edgar et al., 2014) 

but also socioeconomic characteristics (e.g. human population density and compliance, Pollnac 

et al., 2010). Collaborative management (i.e. sharing governance of local resources between 

central government, local government, commercial ventures, and local communities) allows 

government managers to benefit from longstanding traditional ecological knowledge, while local 

communities benefit from increased income from tourism, preservation of cultural practices, and 

increased visibility in governance (Berkes, 2003; Carlsson and Berkes, 2005; Kaplan-Hallam and 
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Bennett, 2018). Marine reserves that consider positive social outcomes (such as protecting fish 

nurseries, as was the intent of this reserve) can experience increased compliance with reserve 

regulations (Arias et al., 2015), as this type of inclusive marine management is seen as more 

desirable and acceptable by local communities (Chaigneau and Brown, 2016; Diedrich et al., 

2017). Increased compliance is often cited as a major component of marine reserve success 

(Edgar et al., 2014; Pollnac et al., 2010; Bergseth et al., 2015). Both encouraging compliance 

through collaborative management with local communities, as well as quantifying compliance 

using on-board observations, direct questioning surveys, law enforcement records, modelling, or 

a combination of multiple measurements could be useful in determining the role of compliance 

on invertebrate success within the proposed marine reserve boundaries (Bergseth et al., 2015). 

To date, monitoring of reserve compliance and socioeconomic effects of Ulva Island/Te 

Wharawhara Marine Reserve on local communities does not exist. Monitoring of reserve fauna is 

irregular in both frequency and focus. Better management of the marine environment within 

Paterson Inlet/Whaka ā Te Wera may be achieved by incorporating social impact management 

into future monitoring of Ulva Island/Te Wharawhara Marine Reserve. Reassessing marine 

reserve boundaries to focus on the protection of ecologically important features can greatly 

increase the effectiveness of reserves as conservation and management tools (Virtanen et al., 

2018). To increase the ecological value of this reserve, and to better fit the purpose of the Marine 

Reserves Act (1971), redrawing the boundaries of Ulva Island/Te Wharawhara Marine Reserve 

to include all representative habitats within Paterson Inlet/Whaka ā Te Wera, especially biogenic 

reefs (e.g., reefs recorded east of Ulva Island), should be considered in the further management 

of the distinctive marine environment. These cumulative actions could not only increase the 
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efficacy of Ulva Island/Te Wharawhara Marine Reserve, but also encourage better design of 

proposed marine reserves and redesign of existing marine reserves in the future. 
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5.1. Introduction 

In 2002, concern over lasting damage to Otago shelf bryozoans (south-eastern New Zealand) 

prompted the designation of a voluntary exclusion zone to limit bottom-fishing (e.g., trawling 

and dredging) of the bryozoan-dominated biogenic habitat (Figure 5.1). It was positioned where 

bryozoans were estimated to be most abundant and covers 110 km2 of seafloor (Wood, 2014). 

This closed area, however, was not advertised, enforced, or monitored by the then-Ministry of 

Fisheries (now part of the Ministry for Primary Industries), meaning its effectiveness in limiting 

bottom-fishing is unclear (Wood and Probert, 2013). To better manage the Otago shelf, a marine 

protected area consisting of two management areas has been proposed in the same area: a smaller 

167 km2 no-take (type-1) reserve that would prohibit all fishing, mining, and disturbance of 

marine life, nested within a larger 632 km2 type-2 marine protected area (450 km2 excluding the 

type-1 reserve) where bottom trawling, dredging, Danish seining, set netting, mid-water trawling 

and purse seining would be prohibited, but other recreational and commercial fishing (e.g. 

potting) would be allowed (Department of Conservation, 2020b). Designating a no-take (type-1) 

marine reserve is intended to prevent additional damage to the Otago shelf bryozoan-dominated 

biogenic habitat and to allow damaged colonies to recover (Department of Conservation, 2020b). 

Biogenic communities created by habitat-forming bryozoans in New Zealand are thought to be 

characterized by long-living and slow-growing species (Jamet, 1999; Wood et al., 2013; Flynn et 

al., 2019) and estimated regeneration times may be on the decadal scale (Cranfield et al., 1999; 

Wood and Probert, 2013; Flynn et al., 2019). At present, it is unknown how long such regrowth 

will take or if bryozoans will recover at all. 
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Figure 5.1. The Otago shelf, south-eastern New Zealand. Depth contour intervals are 50 m, 

overlaid on the distribution of habitat-forming bryozoans on the Otago shelf, New Zealand, 

adapted from Wood and Probert (2013) (EPSG:4326 - WGS 84). Proposed marine protected area 

boundaries are from the Department of Conservation (2020). Sampling locations are from both 

the 2003 (Jones, 2006) and 2019 image collections.  

 

The Otago shelf is a prime location to explore the effect of non-statutory marine 

protection on habitat-forming bryozoans. The shelf is the only location where bryozoan thickets 

are known to occur to this extent (Department of Conservation 2020). Otago shelf bryozoans are 

one of the most-studied examples of bryozoan-dominated biogenic habitat in New Zealand, 
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providing a wealth of data to compare to our modern collection, and allowing for the 

investigation of temporal change within the bryozoan community. The voluntary exclusion zone 

is the only voluntary fishing restriction in New Zealand that intends to protect habitat-forming 

bryozoans, offering an important opportunity to explore whether non-statutory protection is 

adequate for restoring bryozoan-dominated biogenic habitat or if statutory protection is 

necessary for regrowth. The present study uses benthic imaging to estimate percent cover of 

bryozoan-dominated biogenic habitat within the existing voluntary exclusion zone, including 

parts of the proposed type-1 and type-2 marine protected areas that are not protected presently. 

Using these data, we quantify changes in Otago shelf bryozoan-dominated biogenic habitat 

coverage between 2003 and 2019 and evaluate the effectiveness of the voluntary exclusion zone 

(designated shortly before the 2003 survey). This will become vital baseline information about 

the distribution, abundance, and diversity of habitat-forming bryozoans in 2019 is now also 

provided for future management, enabling monitoring of the success of proposed protection 

regimes. Further, we identify what additional information about habitat-forming bryozoans (e.g., 

growth rates, tolerance for sedimentation) is needed to effectively manage bryozoan-dominated 

biogenic habitat on the Otago shelf. 

 

5.2. Methods 

5.2.1. Study site 

The Otago shelf (45°50’°S, 170°50’°E) is located east of Dunedin, South Island, New 

Zealand/Ōtepoti, Te Waipounamu, Aotearoa, between the Otago Peninsula and a series of 

offshore submarine canyons which incise the shelf (Figure 1). At its narrowest point, the shelf is 
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about 10 km wide, increasing to 30 km wide south of the Peninsula. The shelf itself is gently 

sloping, reaching a depth of less than 120 m near the canyon heads and the shelf break 

(Andrews, 1973). Inshore (<70 m water depth), sediments are primarily modern sands and muds, 

transitioning to relict terrigenous/biogenic sand and gravel further offshore (Andrews, 1973; 

Probert et al., 1979). The Southland Current overlies the outer Otago shelf (Sutton, 2003); the 

meeting of subtropical and subantarctic water masses, and mixing caused by secondary flow 

around the Otago Peninsula, supports a productive plankton community that, in turn, provides 

food for diverse suspension feeders, including bryozoans (Wood and Probert, 2013; Ramadyan, 

2017; Russell and Vennell, 2017). 

 Trawling of the Otago shelf dates to the early 20th century, with a focus on barracouta 

(Thyrsites atun (Euphrasén, 1791)) and red cod (Pseudophycis bachus (Forster, 1801)) (Brett, 

1999). While fishing of the shelf’s bryozoan beds was probably not intensive prior to the 

introduction of synthetic nets in the 1960s, bryozoans have been landed as bycatch in trawl nets, 

sometimes in such volumes that it became difficult to haul in the trawl net (Batson and Probert, 

2000). Subsequent to the 1960s, larger foreign fishing vessels using synthetic nets and steel 

bobbins have targeted the bryozoan beds for a number of species, including queen scallop 

(Zygochlamys delicatula (Hutton, 1873)), red cod, silver warehou (Seriolella punctata (J. R. 

Forster, 1801)), and tarakihi (Batson and Probert, 2000), although the severity of this pressure is 

unclear. Beyond fisheries-driven benthic disturbance is the pressure of dredging for the purpose 

of scientific research, both from the University of Otago and New Zealand Oceanographic 

Institute/NIWA, with the University alone having dredged approximately 35,000 m2 during 1998 

and 1999 alone (Batson, 2000). 
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The first scientific surveys of the Otago shelf date from the 1960s (Probert et al., 1979; 

Edgar and Barrett, 1997; Jones, 2006) and include surveys from immediately after the 

designation of the voluntary exclusion zone (Jones 2006). Shelf fauna here can be broadly 

divided into assemblages defined by depth, species presence, and bottom type (Probert et al., 

1979; Probert and Wilson, 1984). A mid-shelf epifaunal community dominated by bryozoans has 

been consistently recorded as a stable feature of the benthos (Probert et al., 1979; Probert and 

Wilson, 1984; Wood and Probert, 2013), with habitat-forming bryozoans occurring from 65–120 

m water depth and forming patchy biogenic structures from 75–110 m (Probert et al., 1979; 

Probert and Wilson, 1984; Junge, 1998; Batson and Probert, 2000; Batson, 2000; Jones, 2006; 

Wood and Probert, 2013). Although the extent of the Otago shelf bryozoans is not fully mapped, 

bryozoan-dominated biogenic habitat is estimated to cover >450 km2 of the shelf (Wood, 2014). 

Over 100 bryozoan species occur on the shelf (Junge, 1998), of which eight habitat-forming 

species, primarily Cinctipora elegans Hutton, 1873, form the majority of the three-dimensional 

habitat (Table 5.1; Figure 5.2) (Probert et al., 1979; Batson, 2000; Jones, 2006; Wood and 

Probert, 2013). 

 

Table 5.1. The eight most abundant habitat-forming bryozoans on the Otago shelf, from most 

to least abundant (from Batson, 2000 and Jones, 2006) 

Cinctipora elegans Hutton, 1873 

Adeonellopsis sp. (most likely A. macewindui n. sp. or A. gemina) 

Hippomenella vellicata (Hutton, 1873) 

Hornera robusta MacGillivray, 1883 

Celleporaria agglutinans (Hutton, 1873) 

Hornera foliacea (MacGillivray, 1869), 

Celleporina grandis Gordon, 1989 

Cellaria immersa (Tenison-Woods, 1880) 
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Figure 5.2. The major habitat-forming bryozoan on the Otago shelf, Cinctipora elegans. Image: 

H. Lee Mello. 

 

The photographic survey performed by Jones (2006) provide important insight into the 

condition of bryozoan-dominated biogenic habitat prior to protection, as the effects of non-

extractive marine management practices can be seen within the first few years of protection (see 

Halpern and Warner, 2002; Noble-James et al., 2017). While many surveys of the Otago shelf 

have been conducted over the past decades (e.g., Probert et al., 1979; Batson, 2000; Jones, 2006) 

the use of different sampling methods (i.e., trawls, dredges, and benthic imaging) makes 

comparisons inappropriate, as differences in collection method influence the data acquired 

(Noble-James et al., 2017). Large-scale sampling gear such as dredges and trawls are not suitable 

to quantify patchiness and small-scale variability in benthic samples, as they do not allow for 

quantitative, in-situ viewing of the benthos and result in damage to the fragile biogenic habitat. 
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Underwater imagery is a less problematic alternative; it is low-cost, less invasive (Jones, 2006) 

and allows reproducible quantification of bryozoan spatial distribution at the meter and 

centimetre scale. 

 

5.2.2. General sampling methodology 

Two benthic imaging surveys, one in 2003 and one in 2019, were conducted on the Otago shelf 

to determine diversity, abundance, and distribution of eight habitat-forming bryozoans and the 

biogenic habitat they create. The sampling regime for both surveys was based on the 2003 

collection by Jones (2006). Bottom images were taken along five transects (A–E), 3.5–8.3 km 

long and oriented perpendicular to the Otago Peninsula, with samples collected at 70, 80, 90, and 

100 m on each transect (Figure 5.1; Table 5.2; Smith and Rumohr, 2013). Two additional sites 

were sampled on transect C, one at 60 m and one at 110 m, to ensure that the full extent of the 

bryozoan-dominated biogenic habitat was included in the sampling regime. Images from transect 

E collected from 80 m water depth, however, were lost due to equipment failure in the 2019 

survey and thus not included; the images taken at this site in 2003 were also excluded for the 

sake of consistency across years. One roll of 36-exposure film was used at each station in the 

historical survey, so the sample size was dependent on the number of clear images that were 

acquired from that roll of film. The 2019 survey sampling sizes were dictated by the While the 

camera system was upgraded between collections (e.g., transition to digital camera and LED 

lights), methodologies were kept as consistent as possible. The collections were taken at the 

same resolution with the camera positioned at the same angle to the seafloor. In both collections, 

the camera frame was set directly on the seafloor and repositioned using drift after each image 
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was taken. The differences between collections are minimal, should not influence the results of 

the surveys, and are listed below: 
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Table 5.2. Sampling locations on the Otago shelf for both 2003 and 2019 

(EPSG:4326 - WGS 84). Protected status relates to Voluntary Exclusion Zone, not 

legal designation. Depth based on charted contours. 

Transect Depth Latitude Longitude  Protected? Number of images 

A      

 70 -45.808˚S 170.878˚E No 17 

 80 -45.809˚S 170.878˚E Yes 20 

 90 -45.823˚S 170.886˚E Yes 20 

 100 -45.817˚S 170.903˚E Yes 28 

B      

 70 -45.864˚S 170.797˚E No 30 

 80 -45.869˚S 170.826˚E Yes 29 

 90 -45.871˚S 170.841˚E Yes 28 

 100 -45.879˚S 170.858˚E Yes 23 

C      

 60 -45.882˚S 170.760˚E No 13 

 70 -45.888˚S 170.780˚E No 25 

 80 -45.889˚S 170.784˚E Yes 28 

 90 -45.899˚S 170.817˚E Yes 23 

 100 -45.902˚S 170.835˚E Yes 22 

 110 -45.907˚S 170.861˚E No 18 

D      

 70 -45.935˚S 170.763˚E Yes 20 

 80 -45.932˚S 170.777˚E Yes 25 

 90 -45.943˚S 170.789˚E Yes 20 
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Table 5.2. (continued)    

 100 -45.944˚S 170.804˚E No 21 

E      

 70 -45.978˚S 170.745˚E No 25 

 90 -45.979˚S 170.761˚E No 14 

 100 -45.988˚S 170.787˚E No 13 

 

5.2.3. Images from 2003 

In May–September 2003 (austral winter), images were taken using a Camel C136 camera with a 

Nikonos 28mm 1:3.5 lens. The camera, along with a strobe light, were mounted on a metal frame 

that allowed for an average area of 0.31 m2 to be imaged. The area imaged was dictated by the 

depth of field and focal distance needed to obtain images where the bryozoans within the images 

were easy to identify (Jones, 2006), although sampling areas of similar sizes have been 

recommended for benthic surveys in other temperate environments (Jones, 2006). Scale was 

determined by the presence of a hanging weight of known diameter, visible in each image. The 

frame was raised, allowed to drift to a new position, and lowered to the seafloor 36 times per site 

(the number of exposures on a roll of film), before the camera was returned to the surface. After 

the film had been processed, images were assessed for quality. Poor quality images (i.e., over- or 

under-exposed, blurred, clouded) were removed from further analysis (Jones, 2006). 

 

5.2.4. Images from 2019 

Images of equal resolution to the 2003 collection were taken in February 2019 (austral summer). 

Unlike their habitat-forming counterparts in other regions (e.g. Pagès-Escolà et al., 2020), 
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differences in seasonality are unlikely to the affect abundance of bryozoan-dominated biogenic 

habitat here, since Otago shelf habitat-forming bryozoans are slow growing (0.5–5.0 mm/year), 

with biogenic habitat to the degree seen in the two collections forming over decades (Jamet, 

1999; Batson and Probert, 2000; Cranfield et al., 2004; Wood et al., 2012). Any minute 

differences in cover between seasons would be so small (i.e., fractions of centimetres) as to be 

insignificant (i.e., too small to be viewed with the drop camera) at the scales of the images taken. 

Depth and location data were taken both at the beginning and end of the camera drop. Live video 

of the seafloor was taken using a Tritech SeaSpy and still images were taken using a GoPro 

Hero5 mounted on a metal frame equipped with a reference bar for scale. The camera frame was 

lowered to the seafloor and allowed to sit on the bottom until any suspended sediment dissipated 

and a clear image of the benthos was visible. The frame was then raised and repositioned as the 

boat drifted before being lowered back to the seafloor. This was repeated until thirty clear still 

images of the benthos per site were obtained, each with an area of 0.26 m2. Images and videos 

were archived at the University of Otago Portobello Marine Laboratory for future use as .JPG 

files. 

 

5.2.5. Image processing and statistical analysis 

The same number of images at each site (N=13 to 30) were analysed for both 2003 and 2019 to 

maintain a constant species-area relationship between time periods. The number of images 

analysed at each site were dependent on which collection (either 2003 or 2019) had fewer clear 

images (i.e., if site A100 had 28 clear images taken in 2003 and 30 clear images taken in 2019, 

only 28 images taken in 2019 were used in the analysis). When it was necessary to select a sub-

sample of the images, these were randomly selected using a random number generator from 
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available frames from either the 2003 or 2019 collections, depending on which year had more 

samples at each site. Raw modern (2019) and historical (2003) images were imported into 

PhotoQuad (version 1.4) (Trygonis and Sini, 2012), and corrected for colour and exposure as 

necessary. The 2003 images were cropped at random so that the area of seafloor in both modern 

and historical images was 0.26m2, again to maintain a consistent species-area relationship across 

years. Species richness and percent cover of each of the eight habitat-forming bryozoan species 

were determined using the “Freehand ROI” function in PhotoQuad (Trygonis and Sini, 2012) 

(Figure 3); the percent cover of all habitat-forming bryozoans was then summed, as total percent 

cover is more statistically powerful than comparing percent cover of the individual species 

(Drummond and Connell, 2005; Wynsberge et al., 2017). Percent cover was used as the 

abundance metric, as percent cover is more representative of the abundance of colonial 

invertebrates when compared to point counts of individuals (Drummond and Connell, 2005). 

The effects of depth, transect, protection status, and year on species richness and total 

percent cover of bryozoan-dominated biogenic habitat were compared using a beta zero-inflated 

model (‘gamlss’ function from the ‘gamlss’ package in the R statistical language) (Appendix 2) 

(R Core Team, 2015; Rigby and Stasinopoulos, 2005). This model is useful in the analysis of 

zero-rich, continuous, proportional data when it is beneficial to quantify the zero data as well as 

non-zero data (Ospina and Ferrari, 2012; Junior et al., 2017). This model is a way to deal with 

zero-heavy data without transformations to obtain more robust statistical outcomes than other 

non-parametric methods. The model is a three-part process, modelling the zero data, modelling 

the non-zero data, and then combining what is known about the zero and non-zero data to 

describe the data as a whole (Junior et al., 2017; Douma et al., 2019). Prior to analysis, species 

richness in each image was transformed into a number between zero and one to accommodate 
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the needs of the model. This was done by dividing the number of habitat-forming bryozoan 

species by eight, the number of habitat-forming bryozoan species commonly found on the shelf 

and measured in this study (i.e., a proportion of maximum possible richness). A stepwise 

selection was used on a full model containing all variables (depth, transect, protection, and year) 

and all possible two-way interactions, as well as the random effect of site (Rigby and 

Stasinopoulos, 2005), to determine the model of best fit. 

Unlike some models (e.g., generalized linear models), beta zero-inflated models do not 

have traditional power analyses to check the statistical strength of the test. Instead, the ‘rBEZI’ 

function from the ‘gamlss.dist’ package and the ‘gamlss’ function from the ‘gamlss’ package 

was used to estimate power by simulating 200 sample replicates based on the calculated means 

of the non-zero data, standard deviation of all data, and probability of a datapoint being zero for 

protected and unprotected sites in 2003 and 2019. From there, the data were simulated 2000 

times, and then bootstrapped 1000 times to construct confidence intervals which could be used to 

calculate a value of power using the ‘power_calc’ function in R (R Core Team, 2015; Rigby and 

Stasinopoulos, 2005). 

 

5.3. Results 

A total of 912 images (456 each from both 2003 and 2019) at 21 sites were analysed for species 

richness and total percent cover of bryozoan-dominated biogenic habitat (Figure 3). Habitat-

forming bryozoans were found at all sites except C60 in 2003 and E100 in 2019. Total percent 

cover ranged from 0 to 56% cover in 2003 and from 0 to 48% cover in 2019. In the 2003 survey, 

bryozoans were most abundant in 70–90 m water depth, coinciding with the regions of greatest 

percent cover recorded by previous surveys (Probert et al., 1979; Probert and Wilson, 1984; 
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Batson, 2000; Batson and Probert, 2000) (Figure 1, 4). In 2019, however, some sites with higher 

percent cover were found in deeper water on the upper transect (A) and inshore in the mid 

transect (C) (Figure 4). All eight species previously identified as major components of the 

bryozoan-dominated biogenic habitat were present in samples from both 2003 and 2019 (Figure 

5.4). Of those eight species, Cinctipora elegans was the most abundant habitat-forming bryozoan 

in both years, accounting for 4% of total cover of the seafloor in 2003 and 3.2% in 2019 (for 

replicates both with and without bryozoans), with colony patches covering continuous areas of 

seafloor <0.04 m2 in 2003 and 0.16 m2 in 2019. Cinctipora elegans comprised 11.4 ± 11.0% 

(standard deviation) of mean cover within those samples where habitat-forming bryozoans were 

present in 2003 and 12.1 ± 9.4% in 2019, with a maximum coverage of over 56% in 2003 and 

48% in 2019. 
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Figure 5.3. Examples of Otago shelf habitat-forming bryozoans and freehand areas determined 

for large colonies using PhotoQuad v1.4. CE = Cinctipora elegans, HR = Hornera robusta, AD 

= Adeonellopsis sp., HF = Hornera foliacea, CI = Cellaria immersa, HV = Hippomenella 

vellicata, CG = Celleporina grandis, CA = Celleporaria agglutinans. Scale bar for all images = 

5 cm. 
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Figure 5.4. Mean percent cover of habitat-forming bryozoans at 21 locations in 2003 (A) and 

2019 (B). 
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Figure 5.5. Mean percent cover with standard deviation of habitat-forming bryozoans of the 

Otago shelf from 2003 (dark grey bar) and 2019 (light grey bar) (n=21 sites). 
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5.3.1. Comparisons within and outside the voluntary exclusion zone 

The model of best fit to describe bryozoan total percent cover and species richness included 

factors of depth, transect, protection, year, the two-way interaction of transect and year, the two-

way interaction between protection and year, and random effects of site (total percent cover: 

global deviance, -2277.107; species richness: global deviance, -795.426). The power of the 

comparisons across protection status (i.e., within or outside the voluntary exclusion zone) and 

year, the two main comparisons of interest in this study, were 92% and 98%, respectively (i.e., 

we are 92% and 98% certain that we are not falsely accepting the null hypothesis that there is an 

effect of protection status and year on abundance and diversity of habitat-forming bryozoans, 

respectively). While habitat-forming bryozoans were more abundant and diverse within the 

voluntary exclusion zone in both years (n=21, df=20, p<0.05 and n=21, df=20, p<0.05, 

respectively), there was no detectable difference in bryozoan total percent cover or species 

richness inside the voluntary exclusion zone between 2003 and 2019 (n=21, df=20, p=0.253 and 

n=21, df=20, p=0.642, respectively) (Table 5.3). 
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Table 5.3. P-value outputs for beta-zero inflated model for the effect of protection and year on 

abundance and diversity of habitat-forming bryozoans (significant values bolded) 

Factor Metric p-value 

Protection   

 Percent cover <0.05 

 Species richness <0.05 

Year   

 Percent cover 0.256 

 Species richness 0.294 

Protection: Year   

 Percent cover 0.253 

 Species richness 0.642 

 

5.3.2. Comparisons between years 

When comparing the two collections temporally, there was no detectable difference in mean total 

percent cover or species richness of Otago shelf bryozoans between 2003 and 2019 (n=21, 

df=20, p=0.256 and n=21, df=21, p=0.294, respectively) (Figure 5.6; Table 5.3). There were, 

however, significantly more zeroes in the 2019 collection (n=21, df=20, p<0.05), with the 

likelihood bryozoans are absent from an image being 11% in 2003 and 49% in 2019. 
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Figure 5.6. Change in total bryozoan cover (%) between 2003 and 2019. Negative values (orange 

to red) indicate decreasing percent cover over 17 years; positive values (light to dark green) 

indicate increasing percent cover. 

 

5.4. Discussion 

The images from 2003 and 2019 form the first two comparable data points in long-term 

monitoring of Otago shelf bryozoans using benthic imaging, the first exploration of the efficacy 

of a 2002 voluntary trawl ban on the shelf, and baseline information on benthic condition prior to 

the proposed statutory protection. We identified mid-shelf bryozoan-dominated biogenic habitat 

that has been a stable feature of the Otago shelf benthos since scientific investigations of the 
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shelf’s fauna began (e.g., McKnight, 1969; Probert et al., 1979; Probert and Wilson, 1984; 

Batson, 2000; Batson and Probert, 2000). Although more bryozoans were found within the 

voluntary exclusion zone compared to outside the protected area, we found no effect of time on 

diversity or abundance of bryozoan-dominated biogenic habitat between 2003 and 2019. While 

total percent cover remained similar across years, patchiness and patch size and number of 

images with zero bryozoans did, however, increase between the two collections. More images 

without bryozoans in them could be an indication that smaller colonies are not surviving. 

Alternatively, larger patch sizes could mean that smaller colonies are simply growing together, 

with the spaces in between colonies being colonized by larvae released nearby. Until more 

information is gathered on within- and between-patch genetic diversity and larval dispersal 

distance, the reason for this change in patch size and patchiness will remain unknown. 

While these data provide important insight into how bryozoan-dominated biogenic 

habitat is affected by partial, voluntary protection, this study has certain limitations that should 

be considered. While benthic imagery is often a good alternative to traditional sampling methods 

(e.g. dredges and grabs), imaging methods are susceptible to environmental conditions (e.g. 

turbidity) and do not allow for genetic analysis of samples (Flannery and Przeslawski, 2015). 

Seabed images can also underestimate overall benthic community composition, as these methods 

do not capture all present infauna since infauna are hidden in the sediment (Pineda-Metz and 

Gerdes, 2017). While the present survey design is powerful enough to detect changes in total 

percent cover and richness of Otago shelf habitat-forming bryozoans, more replication, both 

within sites and across the shelf, is required to confidently identify change at the species level, 

particularly for species with lower abundance (e.g., Celleporina grandis). Increasing sample 

sizes by a factor of two should allow for better resolution of data at the species level. Further, 
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there are no fine-resolution fishing data to indicate whether the voluntary exclusion zone is 

adhered to, or if bottom-fishing has proceeded regardless, so it is impossible to determine how 

“protected” shelf bryozoans truly are. 

While more than half of sites saw less than 5% increase or decrease in bryozoan 

abundance, bryozoan abundance differed by over 10% between years at sites B70, C60, C70, and 

C80. Here, we provide possible explanations for the observed change in cover. Benthic 

communities on the Otago shelf have drawn the attention of marine researchers for decades 

(McKnight, 1969; Probert et al., 1979; Probert and Wilson, 1984; Batson, 2000; Batson and 

Probert, 2000), many of whom used, and still use, destructive benthic sampling gear. Sites B70, 

C70, and C80 are all near locations trawled or dredged by researchers between 2003 and 2019 

(University of Otago, unpublished). It is possible that the images taken in 2019 were of swaths of 

seafloor that had been dredged, resulting in the >10% decrease in bryozoan abundance. Site C60 

was the only location where an increase in cover of over 10% was observed between 2003 and 

2019 (see Figure 5). It is possible that localized water flow around the Otago Peninsula flushes 

fine sediment from the coarser, nearshore gravel (Carter et al., 1985), which could either release 

siltation pressures on habitat-forming bryozoans or create additional suitable substrate for 

bryozoans to settle and grow. Alternately, increase in cover could be an artefact of benthic 

patchiness or differences in positioning technology and methods between 2003 and 2019 

collections. It is nearly impossible to return to the exact spot sampled previously, and small-scale 

variation in habitat suitability (e.g. flushed, coarse sediment and increased water flow on seafloor 

high points (Stebbing, 1971; Lombardi et al., 2008) means large differences in bryozoan 

coverage can exist over short distances (Cranfield et al., 2003; Grange et al., 2003). Interestingly, 

there were significantly more images without habitat-forming bryozoans in the 2019 collection 
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compared to the 2003 collection, although there was no significant difference in total percent 

cover of bryozoan-dominated biogenic habitat between years. Patchy local recruitment and 

extinction is not uncommon in benthic invertebrates (Underwood and Chapman, 2013) and the 

formation of larger, localized patches supports the idea of localized colony success within 

microenvironments that are more suited to bryozoans. 

While the voluntary exclusion zone on the Otago shelf may have allowed for 

maintenance of bryozoan-dominated biogenic habitat, it has not supported an increase in richness 

or total percent cover across years. Since a decrease in cover was observed in seven of the eight 

major habitat-forming bryozoan species between 2003 and 2019, it may be that the percent cover 

that was measured in 2003 for those species on the Otago shelf is the maximum possible 

abundance for these species at this site. Habitat-forming bryozoans can reach abundances greater 

than those seen in this study when environmental conditions are suitable; in Foveaux Strait, 

southern New Zealand, for example, C. elegans patch reefs can reach 1 m in relief and extend 

continuously for multiple kilometres (Cranfield et al., 2003). It may be that the locations on the 

Otago shelf where bryozoan habitat requirements are met are already occupied by bryozoans, 

and, without altering local hydrology and sediments, all suitable habitat is being utilized. We 

hypothesize the increased bryozoan cover within compared to outside of the exclusion zone is 

caused by differences in environmental suitability for habitat-forming bryozoans rather than 

being a benefit of protection itself. The voluntary exclusion zone was designed to encompass 

part of the area where bryozoans were already most abundant (Probert et al., 1979; Batson, 2000; 

Jones, 2006; Wood and Probert, 2013), an area where the substrate is coarse and the water flow 

increases as the Southland Current passes the promontory of Otago Peninsula (Probert et al., 

1979; Russell and Vennell, 2017). These two environmental factors have long been considered 
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key to the location of bryozoan-dominated biogenic habitat and could account for the higher 

bryozoan coverage within the exclusion zone compared to outside (Probert et al., 1979; Wood 

and Probert, 2013). 

Alternatively, it may be that not enough time has passed since the designation of the 

voluntary protected area to see regrowth of the previously damaged bryozoans, or that, despite 

the voluntary restrictions on bottom-fishing, continued small-scale and patchy fishing has been 

sufficient to prevent further regeneration of bryozoan-dominated biogenic habitat at the shelf 

scale. Degree of recovery is related to life history and recovery metric and can take tens to 

hundreds of years in other biogenic habitats (e.g. seagrass meadows and oyster and coral reefs) 

(Hall-Spencer, 2000; Cranfield et al., 2004). For example, in some coral communities, species 

richness plateaued after ten years of protection, while density metrics did took 7-37 years to 

stabilize, depending on life history (McClanahan et al., 2006). For very slow growing species 

(e.g. some seagrasses), recovery could take 100 years post-disturbance (González-Correa et al., 

2005). Otago shelf habitat-forming bryozoans grow only a few millimetres each year (Jamet, 

1999) and the bryozoan-dominated biogenic habitat seen in this study could have taken decades 

or centuries to form (Wood et al. 2012). Sediment homogenization and removal of sediment-

consolidating infauna, which are common in areas that have been trawled (Buhl-Mortensen et al., 

2016; O'Neill and Ivanović, 2016) could further delay recolonization of previously fished areas 

(Batson and Probert, 2000). Fishing impacts could potentially prevent recolonization entirely, 

either by altering the seafloor’s suitability for bryozoan colonization and growth (Batson and 

Probert, 2000), or by introducing increased competition from faster growing fauna. For example, 

in Foveaux Strait, seafloor that was once dominated by C. elegans was replaced by sponge-

dominated biogenic habitat after the area had been heavily fished (Cranfield et al., 2004) and it is 
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unknown whether the bryozoan-dominated biogenic habitat once seen in the strait will ever 

return. 

Although the negative effects of bottom-fishing on habitat-forming bryozoans are well-

known (Vooren, 1975; Bradstock and Gordon, 1983; Cranfield et al., 2003), other stressors (e.g. 

climate change, sedimentation) may be limiting bryozoan recovery on the Otago shelf, and 

restricting bottom-fishing alone may not be enough to encourage regrowth of bryozoan-

dominated biogenic habitat. Bryozoans are likely to be vulnerable to anthropogenic changes in 

ocean CO2 and pH (Lombardi et al., 2014), of which environmental change is well-recorded on 

the Otago shelf (Law et al., 2017b). Increasingly common marine heatwaves (Salinger et al., 

2019; Salinger et al., 2020) may also change bryozoan growth rates and food availability, as 

changes in temperature can alter primary production (Chiswell and Sutton, 2020). The Clutha 

River delivers large volumes of water and sediment to the Otago coastline during flooding 

(Jowett and Hicks, 1981), which could introduce seasonal siltation stress to shelf bryozoans that 

would be unmitigated by traditional marine protection (i.e. limiting bottom-fishing) 

(McClanahan et al., 2012). 

Marine environments are rarely impacted by only one anthropogenically-driven stressor 

(Halpern et al., 2007; Halpern et al., 2008), with some stressors acting synergistically to further 

stress ocean systems (Crain et al., 2008). Marine protected areas can help mitigate threats (e.g. 

bottom-fishing) and encourage recovery of exploited species (Lester et al., 2009; Gaines et al., 

2010; Lubchenco and Grorud-Colvert, 2015). Designating statutory marine reserves can be a 

slow process (Cooke et al., 2013); voluntary protection measures bypass some legal and financial 

restrictions that slow formal protection processes and encourage community-based involvement 

and management (Cooke et al., 2013; Whitney et al., 2016). Voluntary marine protected areas 
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can be a good initial step toward protection of the marine environment as they can help build 

momentum in recognizing sensitive, valuable habitat (Prior, 2011) and are particularly effective 

in remote, single-use areas where local communities self-regulate their use of marine resources 

(e.g., Prior, 2011; Cooke et al., 2013). Efficacy is likely to diminish, however, as the number of 

stakeholders and uses increases, as in nearshore systems like the Otago shelf. Stakeholder 

engagement is essential to the success of all marine protection, but particularly so when 

protection is voluntary (HELCOM, 2010; Prior, 2011). When enforcement of management 

practices is not possible (i.e. in voluntary protected areas), there can be little difference between 

protected and unprotected marine habitat (Prior, 2011), which could explain why we see no 

difference in bryozoan coverage within the voluntary exclusion zone from 2003 to 2019.  

Formal legislation, through the implementation of statutory marine reserves, can be more 

effective in restoring the marine environment compared to their voluntary counterparts 

(HELCOM, 2010; Jones and Lockhart, 2011). Managing acute stressors, like bottom fishing, 

becomes easier when statutory protection measures are utilized because they create legal 

leverage for managing non-compliance (Whitney et al., 2016). Further, a permit for many 

research activities (e.g. dredging for specimens) is required for sampling New Zealand’s type-1 

no-take marine reserves which requires researchers to justify their collections and describe any 

potential impacts of their work (Department of Conservation, 2021). The need to justify research 

collections could potentially minimize unnecessary disturbance of the benthos. While the role of 

marine reserves in curbing acute stressors (e.g., fishing) is well-supported, their ability to 

mitigate diffuse stressors, including disease, sedimentation, and extreme weather, is less so 

(Crain et al., 2009; Udy et al., 2019). To address this shortcoming, an ecosystem-based 
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management approach to protection that considers nonpoint, terrestrial pollution (e.g., sediment) 

could help mitigate those stressors that persist beyond the boundaries of marine protected areas. 

Understanding how marine protection (e.g. the removal of bottom-fishing pressure) 

affects benthic environments is dependent on informed management goals, robust monitoring 

strategies, and a thorough understanding of the biology and ecology of what is being managed 

(Lotze et al., 2011; Hill et al., 2014). Investigating life history characteristics (e.g., growth rate 

and reproductive strategies) and habitat requirements of key habitat-forming species as well as 

how anthropogenic stressors (e.g., sedimentation, extreme weather, ocean acidification) 

unrelated to fishing may be affecting regrowth of bryozoan-dominated biogenic habitat would 

complement future marine protected area monitoring. Continued monitoring of Otago shelf 

bryozoans is necessary to determine whether statutory closure alone is effective. The method 

used here is suitable for continued monitoring but could be improved by the addition of 

underwater positioning of sampling equipment to reduce measurement errors in deep water, 

remote sensing (e.g., multibeam echo sounder) and the addition of more sampling locations 

outside the proposed protected areas, as well as refining bryozoan recovery objectives for more 

cohesive and effective management of the habitat-forming bryozoans in the future. 
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Chapter 6. General Discussion 

 

 

 

  



 119 

6.1. Introduction 

The present thesis has examined how different approaches to marine protection (i.e., voluntary, 

partial statutory, and full statutory protection) have affected New Zealand bryozoans at four 

locations from the northern North Island to Stewart Island, with examples from intertidal to mid-

shelf habitats, spanning nearly fifty years of marine protection. These case studies have added to 

our understanding of how sessile, long-lived, habitat-forming invertebrates respond to marine 

protection, of which there is very little (Willis, 2013; Collier et al., 2016). New Zealand has been 

a great venue for such exploration. Bryozoan-dominated biogenic habitats have begun to be 

identified, mapped, and protected throughout the country (Figure 1.1, Table 1.2) (Cranfield et al., 

1999; Grange et al., 2003; Wood et al., 2013), but the process has been slow and substantial 

work is required to understand their full distribution. In places, there is important baseline data 

that can be used to track change in communities in response to both novel threats and protection, 

but this is not the case across the EEZ. The country has marine reserves from two to 46 years old 

and 0.17 to 7480 km2 in area (Figure 6.1) across the North Island, South Island, and offshore 

islands (Figure 1.1) (Davies et al., 2018). Such a wide spatial and temporal range allows for 

investigations into how marine protection affects bryozoan communities across temporal and 

latitudinal scales. While human activities, including bottom fishing (Cranfield et al., 2003), 

human-driven sedimentation (Handley et al., 2020a), and anthropogenic climate change (Law et 

al., 2017a) have unequivocally modified New Zealand’s coastal environment, these effects are 

not as severe as in other parts of the world with a longer history of human occupation and more 

intense fishing (Amoroso et al., 2018) and there is great opportunity to understand these 

relatively intact habitats if scientists and managers can act fast enough. New Zealand’s biogenic 

habitats may be more representative of pre-disturbance conditions than those that have 
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experienced more prolonged anthropogenic stress, but should not be considered “pristine” or 

untouched by anthropogenic change (Mossop, 2020). New Zealand could also legislate two 

proposed protected areas for bryozoan thickets in Otago in the near future (see Chapter 5) 

(Department of Conservation, 2020b). The upcoming designation of new marine protected areas 

provides a unique chance to create a modern adaptive management and monitoring program that 

provides statistically-robust insight into how bryozoan-dominated biogenic habitats respond to 

statutory marine protection. 

 

 

Figure 6.1. Number of marine reserves and area protected (km2), 1975–2020 (Department of 

Conservation). 
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New Zealand marine reserves have a long record of successes. For example, in Tonga 

Island Marine Reserve (Tasman), the population of blue cod has increased forty-fold since its 

establishment in 1993 (Ministry for the Environment, 2016). In the nearby Horoirangi Marine 

Reserve (Nelson), crayfish are 3.5 time more abundant after ten years than they were in 2006 

(Ministry for the Environment, 2016). In Cape Rodney–Ōkakari Point Marine Reserve, increased 

predation by protected crayfish on urchins (Evechinus chloroticus Valenciennes, 1846) has 

driven a trophic cascade within the reserve resulting in an increase in kelp abundance inside the 

protected area (Babcock et al., 1999; Shears and Babcock, 2002; Shears and Babcock, 2003). On 

a larger scale, protection has driven an increase in fish abundance and biomass compared to 

fished areas across northern New Zealand and the Kermadec Islands (Edgar et al., 2017). 

Despite clear successes in restoring some fisheries species, New Zealand’s marine 

reserve design and implementation of marine management programs needs improvement (Scott, 

2016). Although 17,700 km2 of the New Zealand territorial sea is protected by no-take marine 

protected areas, and another 1,292,984 km2 of the wider EEZ by other marine protection tools 

(e.g., benthic protected areas, seamount closures), reserves are unevenly distributed around New 

Zealand, mostly designated around offshore islands, and do not yet represent all marine habitats 

present in New Zealand’s territorial waters (Department of Conservation and Ministry of 

Fisheries, 2011, Geange et al., 2017). New Zealand also does not have a comprehensive ocean 

management policy, resulting in ad-hoc monitoring and reserve management (Mossop, 2020). 

Many of New Zealand’s existing reserves are small; larger reserves (e.g. Kermadec Islands) 

often protect areas that were not heavily fished to begin with, raising the question of their 

usefulness in terms of protecting unique habitats and marine biodiversity (Mossop, 2020). 

Further, the focus of many existing marine reserves and their accompanying monitoring 
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programs is on exploited fisheries species and not on other fauna that are ecologically, but not 

economically, important (McCrone, 2001). The Marine Reserves Act, which remains the 

flagship piece of legislation for protecting the marine environment, does not consider how 

individual reserves may fit into a nationwide protection network, or how individual reserves 

support New Zealand’s international conservation obligations (Mossop, 2020). Although modern 

marine conservation targets are focused on protecting marine biodiversity (Secretariat of the 

Convention on Biological Diversity, 2005), biodiversity is not mentioned in the Marine Reserves 

Act, as the Act was meant to preserve marine environments for scientific study. This means that 

priorities of the existing marine reserves, and those proposed under the guidelines of the Marine 

Reserves Act may not complement modern national and international conservation priorities 

(Davies et al., 2018; Rovellini and Schaffer, 2020). There is also no consistent national marine 

monitoring plan (Hewitt et al., 2014), making it difficult to correlate biological change within 

reserves with environmental parameters across large spatial scales. Additionally, while the MPA 

Policy and Implementation Plan does suggest best practices for marine protected areas, there are 

no requirements that these best practices must be followed (Mossop, 2020). 

Moving forward, new marine protected areas need to address the needs of long-lived, 

slow-growing invertebrates like bryozoans that serve important ecological functions as biogenic 

habitat within the framework of national and international conservation interests (see Chapter 1 

for ecosystem services provided by bryozoans that complement these interests). Without a more 

holistic approach to protecting marine systems, the same challenges to effective management and 

restoration highlighted within the present thesis will persist. Here, each case study is 

summarized, highlighting the shortcomings that may be limiting bryozoan recovery: 
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6.2. Case studies 

6.2.1. Cape Rodney – Ōkakari Point Marine Reserve, north-eastern North Island 

Cape Rodney – Ōkakari Point (CROP) Marine Reserve was established in 1975 to protect 5.47 

km2 of coastal habitat and ensure the integrity of scientific studies by the University of Auckland 

by limiting all fishing and benthic disturbance within the reserve (Walls, 1998). Prior to 

protection, Echinoderm Reef, a rocky intertidal mudstone flat, hosted nearly 40 species of 

bryozoans, with bryozoans being the most abundant sessile fauna on the underside of rock slabs 

on the reef (Ryland, 1975). Forty-eight years later, only 15 species were found, and the relative 

abundance of bryozoans decreased by 33% between 1971 and 2019. Without consistent 

monitoring of the Echinoderm Reef sessile fauna, it becomes impossible to correlate changes in 

abundance and richness with environmental change. It is surmised, however that disturbance 

from an exponential increase in visitors to the marine reserve (both as trampling and sediment 

transport), paired with stress from acute sedimentation events from weather events, may be 

driving the reduction in both abundance and diversity of intertidal bryozoans. It is unclear which 

of these two stressors are a bigger driver of change, and it is possible that differences in 

abundance are driven by some other influence. The multifaceted nature of stress caused by 

increased visitor use is, however, probably the most damaging of the two stressors listed above. 

While the positive effect of this reserve are apparent for some groups (see Shears and Babcock, 

2002; Shears and Babcock, 2003, 2004; Babcock et al., 1999; Kelly et al., 2000; Babcock et al., 

2010), marine reserves are not a one-size-fits-all design for all the taxa that live within them. 

Marine reserve age can often be an indicator of success (Claudet et al., 2008), but in this case, 

time has not been kind to the bryozoans in New Zealand’s oldest marine reserve. In this instance, 

the reserve has introduced a novel, unforeseen anthropogenic threats that has its own potential to 
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cause harm; without shifting management and monitoring focuses to values of biodiversity, 

changes like those seen here in non-fisheries species (i.e., intertidal invertebrates versus snapper) 

can go unchecked.  

 

6.2.2. Separation Point Exclusion Zone, north-western South Island 

Habitat-forming bryozoans were once a major component of the benthos off Separation Point 

(Tasman and Golden Bay). The bryozoans were thought to be a nursery ground for juvenile 

tarakihi (Nemadactylus macropterus (J. R. Forster, 1801)) and the association between fish and 

bryozoan-dominated biogenic habitat resulted in the beds being heavily fished. After concern 

was raised that the destruction of bryozoan beds was driving decreases in commercial fish 

abundance, local fishers called for the closure of the Separation Point bryozoan beds to 

commercial fishing to keep the beds, and associate fish, from being destroyed. Without pre-

protection surveys, we cannot tell how the beds have changed since protection. While other 

publications suggest that habitat-forming bryozoans were persisting despite increasing 

sedimentation within the bays (e.g., Grange et al., 2003), our recent surveys suggest that many 

colonies are dead within the exclusion zone. Presently, Separation Point Exclusion Zone is the 

first, and only, marine protected area in New Zealand to specifically target habitat-forming 

bryozoans; it has demonstrably failed to do this. A “set and forget” mentality around protection 

that solely restrict activities within the marine environment does not work for systems that are 

impacted by multiple threats, particularly those threats that originate outside the protected area 

itself (e.g., sediment input from the land). A seaward-looking management focus for the 

catchments near Separation Point is necessary to mitigate siltation stress on the bryozoan beds. 

These land-based management options may include riparian buffer zones, creating sediment 
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catches at river mouths, or capping the amount of land that can be used for pine plantations 

within the surrounding river catchments. Alternately, active management efforts, such as 

providing hard, artificial substrate (i.e. “reef balls”) could enhance recruitment of new colonies 

(Pagès‐Escolà et al., 2020) although these active restoration practices would most likely be 

fruitless in the long term without addressing the problem of increasing sedimentation in the bays. 

Without a more holistic management approach that considers ki uta ki tai, there is little chance 

for habitat-forming bryozoans to be a feature of Tasman and Golden Bay and it may be prudent 

to refocus bryozoan conservation efforts elsewhere. 

 

6.2.3. Ulva Island/Te Wharawhara Marine Reserve, Stewart Island 

Ulva Island/Te Wharawhara Marine Reserve was established in 2004 primarily to preserve red 

algae meadows and brachiopod beds within Paterson Inlet/Whaka a Te Wera. We compared 

benthic images between 2007 and 2018 across the inlet and found a significant positive effect of 

protection on benthic invertebrate abundance between 2007 and 2018 across Paterson 

Inlet/Whaka a Te Wera. There were more benthic invertebrates within reserve sites compared 

with sites outside the reserve in 2018. Curiously, heavily calcified biogenic reefs were present in 

Paterson Inlet/Whaka ā Te Wera, but not within the reserve itself. While the historical locations 

of the bryozoan and tubeworm reefs in the wider Paterson Inlet/Whaka ā Te Wera are within the 

Paterson Inlet/Whaka a Te Wera Mātaitai Reserve, this exclusion from the marine reserve is a 

major oversight in reserve design. Excluding the bryozoan mounds means the reserve not only 

fails to fulfil the basic tenets of the Marine Reserves Act by not including all representative 

habitat within Paterson Inlet/Whaka ā Te Wera, but also excludes a globally rare biogenic habitat 

from the benefits of protection. The re-evaluation of marine reserve boundaries could result in 
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more comprehensive and representative management of the rich marine environment around 

Stewart Island/Rakiura and preserve the unique bryozoan beds and their associated biodiversity. 

 

6.2.4. Otago Shelf Voluntary Exclusion Zone, south-eastern South Island 

The Otago shelf bryozoan thickets have been recognized as a stable feature of the mid-shelf for 

decades. To protect this unique biogenic habitat, a voluntary trawl ban encompassing 110 km2 of 

the estimated >450 km2 bryozoan thickets was designated in 2002. The ban, however, is not 

enforced or advertised, and the area is still trawled (e.g., by university researchers). While the 

shelf has maintained similar abundance and species richness between 2003 and 2019, voluntary 

protection has not allowed for an increase in either metric. Interestingly, the number of images 

with no bryozoans present increased between the two collections while the total percent cover 

remained the same. The lack of change in cover between the two collections could be caused by 

bottom trawling pressure that persists on the shelf, or by other anthropogenic stressors (e.g., 

climate change, pollution, sedimentation). Alternately, it could be that, in the 2003 collection, we 

saw bryozoan abundance at its maximum, with all habitat appropriate for bryozoans being 

occupied. Differences in environmental suitability could also explain the fewer, larger colonies 

in the 2019 collection compared to the 2003 collection; fewer, larger patches could be an 

indication of centimetre-to-meter scale environmental variability (e.g., sediment grain size, 

localized increased water flow and scouring), be a consequence of bryozoan larvae settling and 

growing on or near the parent colony or could suggest that smaller colonies are not surviving. 

Regardless, not enough is known about the biology (e.g., age, growth, reproduction) and ecology 

(e.g., habitat requirements, tolerance to stress) of habitat-forming bryozoan to effectively manage 

a statutory marine protected area dedicated to protecting bryozoan-dominated biogenic habitat. 
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Additionally, a consistent and statistically robust monitoring strategy is needed to reliably 

measure how bryozoans respond to full protection. While a proposed photographic monitoring 

method has proven to be low-cost and to produce statistically robust data, it would benefit from 

more sampling locations (i.e., more transects with more sites within and outside each protected 

area) with more accurate underwater positioning, paired with complementary broadscale 

mapping and physicochemical sampling and further investigation into the bryozoan species 

themselves. 

 

6.3 Designing an effective monitoring program 

The above case studies paint a discouraging picture of our ability to protect New Zealand’s 

bryozoan-dominated biogenic habitat. Whether driven by continued overuse, poor land 

management, weak marine reserve design, or a combination of shortcomings, bryozoans, and 

presumably other sessile, long-lived suspension feeders, are not reaping the same benefits of 

marine protection enjoyed by other taxa. While the reasons for unsuccessful protection and 

restoration of bryozoan communities may differ across sites, the same basic solutions exist in 

multiple locations: gathering of relevant information on the biology and ecology of the 

bryozoans present, attention to the wider environment (e.g., land management practices), clear 

and measurable recovery targets, and ongoing and robust monitoring. Here, the basic 

components of an effective management framework are broadly addressed and applied to 

protecting bryozoan-dominated biogenic habitat in Appendix 1. 
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6.4 Management framework 

Designing and implementing a successful management program can be loosely broken into the 

following steps (Borja et al., 2012; Reynolds et al., 2016; Loh et al., 2019): 

1. Define the problem, threat, or issue that has led to the need for a management 

solution, e.g., a change in the environment or the loss of a particular taxon. 

2. Thoroughly describe the ecosystem by cataloguing its biological and physicochemical 

attributes, identifying threats and stakeholders, and determining how these descriptors 

relate back to the threat. 

3. Choose relevant management targets and appropriate study indicators for those 

targets 

4. Design an affordable and statistically robust monitoring program that can track 

progress toward the targets. 

5. Collect data to see if management strategies work and adjust future management 

practices accordingly. 

 

6.4.1 Define the problem 

Defining the problem that drives the need for a management solution provides context for any 

management or monitoring decisions that follow (Reynolds et al., 2016; Robinson et al., 2018). 

Well-defined management problems help identify the information about the system of interest 

(i.e., stakeholder interest, local stressors). The problem should make clear what the spatial and 

temporal extent of the issue are, why the problem matters (i.e., the “so what” factor), and whose 

authority it is to remedy the problem (Reynolds et al., 2016). 
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6.4.2 Describe the system 

Once the bounds of the problem have been set, a conceptual model of the system of interest (e.g., 

the area within and surrounding a proposed marine reserve) can be created. The system model 

should include a description of the environment (i.e., biological, ecological, and physicochemical 

attributes) as well as human factors relevant to the system (e.g., local stakeholders) (Reynolds et 

al., 2016).  These factors should be relevant within the context of the previously stated problem 

and may include threats (e.g., bottom fishing), stresses (e.g., reduced abundance), and indirect 

inhibitors to future marine protection practices (e.g., social, economic, or cultural investment in 

continued system use) (Salafsky et al., 2008; Reynolds et al., 2016).   

 

6.4.3. Decide on management targets and study indicators 

Measuring recovery relies on robust monitoring programs that can assess current habitat or 

species status, compare the current state to a reference condition, quantify the difference between 

the modern and reference state, and establish what the drivers of change between the two are 

(Clewell and Rieger, 1997; Borja et al., 2012). The type of location used as a reference site may 

vary based on existing degree of disturbance, availability of historical data, and stability of the 

habitat being monitored (Borja et al., 2012). “Pristine” locations (i.e. those unaltered by human 

activities) are the most desirable reference sites for monitoring programs (Underwood and 

Chapman, 2013), although unaltered coastal habitats are virtually non-existent. What is “normal” 

or “pristine” for a particular benthic habitat is often unknown due to a paucity of data prior to 

human disturbance and shifting baseline conditions A baseline may shift when ecosystem 

changes are measured against a previous reference point that already represents an altered 
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ecosystem, which can then lead to an underestimation of change within the system (Pauly 1995, 

Jackson et al. 2001, Pandolfi et al. 2003, Lotze et al. 2006, Airoldi and Beck 2007, Lotze and 

Worm 2009), including the possibility of making marine ecosystems seem more resilient to 

human pressures than they are (Bolster, 2006). Hindcasting (i.e., using historical data to make 

predictions on what the environment may have been in an unmodified state) can be used when 

pristine reference conditions do not exist. Hindcasting cannot, however, account for temporal 

change of indicators from, for example, natural oscillations in climate (Tunberg and Nelson, 

1998; Hagberg and Tunberg, 2000; Dippner and Ikauniece, 2001; Labrune et al., 2007). 

Reference conditions can also be characterized using models, although models can be 

problematic in highly variable environments due to limitations of our ability to measure relevant 

biological attributes at useful spatial scales (Borja et al., 2012). 

 Although specific management targets will differ based on the needs of individual 

systems, the overall goal of monitoring is to assess habitat status over space and time (Loh et al., 

2019). Based on the relationship between modern and reference conditions defined above, we 

can set management targets that indicate a desired “recovery’ state that managers can work 

toward. Targets can aim to preserve (i.e. maintain existing conditions) or rehabilitate (i.e. 

reinstating a former condition changed by humans) the previously disturbed environments 

(Figure 6.2) (Cole, 2003; Borja et al., 2012). Rehabilitation targets can be categorized as 

recovery toward a pristine state (e.g. the reference location), toward a baseline condition 

recorded in prior surveys, or continuously trending in a desirable way without a concrete 

endpoint (Lotze et al., 2011; Borja et al., 2012). Historical data do not necessarily encompass 

time lags between disturbance and changes in ecological communities (Jackson, 2001), long-

term trends in ocean condition (Francis and Hare, 1994; Sugihara et al., 2012) or the lifespan of 
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ecologically-important or long-lived species (Jackson, 1991). Directional targets (e.g. moving 

toward increased abundance) can be more desirable as they require only a relative assessment of 

habitat quality (Borja et al., 2012). 

 

 

 

Figure 6.2. Generalized representation of the maximum abundance of a “pristine” population (1), 

and potential outcomes post-protection (indicated by the asterisk): further decline ( ), 

maintenance of the existing state at time of protection ( ), partial recovery ( ), and full 

recovery ( ). Adapted from Lotze et al. (2011). 

 

Regardless of management targets, monitoring programs rely on the selection and 

measurement of appropriate indicators; these are quantifiable biotic and abiotic characteristics 
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that are related to ecosystem health and that support management priorities (Noble-James et al., 

2017). Indicators should be highly responsive to ecosystem disturbance, be easily measured, and 

have little natural variation, as small-scale temporal variation can obscure long-term trends (e.g. 

in abundance, distribution) (Underwood, 2003; Noble-James et al., 2017). Single taxa indicators 

can be very responsive to shifts in environmental condition and can be useful for quantifying the 

effects of anthropogenic climate change (Beaugrand et al., 2003; Edwards and Richardson, 2004; 

Ohman et al., 2009). Single taxa may not, however, be good indicators of broad-scale habitat 

conditions, as they may be highly spatially and temporally variable (Roberts et al., 2008). 

Individual species may also be rare or difficult to sample, making it cost- or time-prohibitive to 

sample appropriately (Wynsberge et al., 2017). Focusing on statistically-powerful indicators, 

such as overall richness or biomass, can reduce the time and effort involved in large-scale 

monitoring programs and overcome some of the shortcomings of single-species metrics 

(Wynsberge et al., 2017). Four common indicators of biogenic habitat health are characteristics 

of habitat-forming species (e.g. identity or abundance (Facon et al., 2016; Fatoyinbo and Simard, 

2012; Gorman et al., 2012)), spatial distribution of habitat-forming species (e.g. Boström et al., 

2011), ecological function of habitat-forming species (e.g. primary productivity, Bouillon et al., 

2008), or the presence of other co-occurring species as proxies for habitat status (Loh et al., 

2019).  

 

6.5. Monitoring programs 

Good monitoring practices are necessary for identifying population decline and intervening in 

potential extinction events (Martin et al., 2007; Martin et al., 2012; Lindenmayer et al., 2013; 

Robinson et al., 2018); monitoring of marine reserves is necessary for determining if the reserve 
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is successful. Understanding how marine protection (i.e. the removal of bottom fishing pressure) 

affects benthic environments relies on informed management goals, robust monitoring strategies, 

and a thorough understanding of the biology and ecology of what is being managed (Bowden 

and Hewitt, 2012; Lotze et al., 2011; Hill et al., 2014). Marine managers rely on monitoring 

programs that supply high-quality data that retains value even while management focuses shift 

(Edwards et al., 2010). Monitoring data is ideally collected using simple and statistically-sound 

methodologies, and enables reasonable management decisions and the relay of this information 

to the public (Borja and Dauer, 2008; Borja et al., 2012). Large-scale marine monitoring 

programs focused on habitat restoration are often costly and time-consuming (Lotze et al., 2011; 

Kritzer et al., 2016; Noble-James et al., 2017); minimizing cost implications and program 

inefficiencies is vital to the success of management plans, both in terrestrial and marine habitats 

(Aradóttir et al., 2013; Crouzeilles et al., 2016). Here, we discuss some basic tenets of any 

benthic monitoring program. 

 

6.5.1. Temporal scale 

Monitoring recovery should start as soon as an area begins to be managed (Lotze et al., 2011), as 

the effects of marine protection are sometimes seen within the first few years (Edgar and Barrett, 

1997; Halpern and Warner, 2002; Babcock et al., 2010). Managed environments should be 

monitored indefinitely to track movement toward management targets, particularly when 

“pristine” conditions for that environment are unknown (Baker and Clapham, 2004; Airoldi and 

Beck, 2007; Lotze and Worm, 2009). Populations rarely return to pre-disturbance conditions, 

especially in the case of long-lived species (Pandolfi et al., 2003; Lotze et al., 2011; Waycott et 

al., 2009), and continued monitoring is necessary to determine new post-disturbance equilibria. 
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There is no “golden rule” for how long recovery should be monitored, or how often 

managed areas should be surveyed. Generally, sampling design should consider the life history 

of the species of interest and sample on relevant time scales. For example, in some coral 

communities, species richness plateaued after ten years of protection, while density metrics took 

7–37 years to stabilize depending on life history (McClanahan et al., 2006; Beck et al., 2011). 

For very slow growing species (e.g. some seagrasses), little recovery has been seen 100 years 

post-disturbance (González-Correa et al., 2005), so frequent (i.e. annually or biannually) may be 

wasteful, although frequent sampling could reveal responses to other acute disturbances (Cole, 

2003). Monitoring should continue for at least twice the life span of target species (Connell, 

1983) and cease only if management of a habitat or resource will cease as well (Cole, 2003).  

 

6.5.2. Spatial scale 

Understanding spatial distribution of marine taxa and the environmental conditions affecting 

species abundance at different scales is important for determining areas of interest for 

conservation and for providing baseline data for protected areas (Bowden and Hewitt, 2012; 

Leleu et al., 2012; Lee et al., 2015). The difficulty therein is the often-sporadic nature of their 

distribution, influenced by natural disturbance (Sousa, 1979; Underwood, 1998), stochastic 

recruitment (Underwood and Denley, 2000), and habitat patchiness (Brown and Gibson, 1983). 

To account for this variation, samples should be taken at nested scales (e.g. both at the 

centimetre- and decimeter-scale) relevant to the community or habitat of interest (Underwood 

and Chapman, 2005), with sufficient spacing between sampling locations to avoid 

pseudoreplication and autocorrelation between sampling locations (Gill et al., 2011; Underwood 

and Chapman, 2013). Nested spatial sampling is useful in determining whether trends in 
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abundance are caused by local variation in recruitment and death or large-scale changes in 

habitat suitability (Underwood and Chapman, 2013). Incorporating multiple sampling scales into 

monitoring designs is also valuable because scales at which impacts may occur are not always 

predictable in advance of disturbance (Underwood, 2003). 

 

6.5.3. Replication and power 

While measuring robust indicators of change across spatial and temporal scales is important; 

nested, independent, replicated sampling across all levels of interest (e.g. depth, latitude) is vital 

to a good sampling design (Underwood and Chapman, 2013). Nested sampling designs with 

replication at all levels of interest allows for the analysis of variability across different scales and 

helps to determine whether the statistical analysis will correctly indicate a trend in the data based 

on sample variance and effect size (Noble-James et al., 2017). Power (i.e. likelihood an effect 

will be detected accurately) is related to the likelihood of two types of error occurring: type I (i.e. 

falsely concluding that an impact has occurred) and type II (failing to detect an impact that has 

occurred) (Underwood and Chapman, 2013). When samples are larger and estimated precisely, it 

is easier to detect difference between an actual response and noise (Underwood, 2003). Power 

increases when the values of variance are small or when the effect and sample size is large 

(Underwood and Chapman, 2013). Optimal sample size can be determined by power analysis, 

with more control sites and replicates at each level of sampling increasing the statistical power 

(Underwood, 2003). Estimates of statistical power should not be assumed to be the same across 

biological indicators; while the number of replicate samples for richness and abundance of 

epifaunal invertebrates may be relatively low (fewer than 100), sampling effort may need to 
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increase by an order of magnitude to provide statistically powerful data for diversity and 

evenness metrics (Rogers et al. 2008).  

 

6.5.4. Monitoring compliance matters 

Increased compliance is often cited as a major component of marine reserve success (Edgar et 

al., 2014; Pollnac et al., 2010; Bergseth et al., 2015). Marine reserve success (i.e. increased 

biomass within reserves compared to outside reserves) is both related to reserve design (e.g. size, 

Edgar et al., 2014) as well as socioeconomic sustainability (e.g. human population density and 

compliance (Pollnac et al., 2010; Bergseth et al., 2015)). Encouraging compliance both through 

collaborative management with local communities, as well as quantifying compliance using on-

board observations, direct questioning surveys, law enforcement records, or modelling(Bergseth 

et al., 2015). Using one or a combination of multiple measurements could be useful in 

determining the role of compliance on invertebrate success within the proposed marine reserve 

boundaries (Bergseth et al., 2015). Incorporating multibeam mapping could identify trawl scars 

from fishing efforts and scientific collections within the protected area to quantify the degree of 

compliance with existing and future marine protection efforts, as well as track the time needed 

for these scars disappear from surface sediments. 

 

6.6. Uncertainty, precaution, and different approaches to marine management 

Despite the uncertainty surrounding bryozoan protection and recovery timelines, bottom fishing 

is still one of the biggest threats to New Zealand’s bryozoans and marine protected areas are an 

important tool for managing that threat. That being said, marine protected areas are no panacea, 
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and relying on them without consideration of threats that originate beyond the boundaries of 

marine protected areas is a recipe for failure (see Chapter 3) (McClanahan et al., 2002; Mora and 

Sale, 2011). Risk-based approaches to management, like the one included in the present thesis, 

can help identify threats and inform management decisions that are inclusive of these diffuse 

stressors. While there is value to a risk-based approach (Cormier et al., 2018; Stelzenmuller et 

al., 2018), other marine management approaches may be more proactive or adaptable as we learn 

more about bryozoan biology and ecology.  

Uncertainty and change are a root feature of marine management; uncertainty represents 

our limited capacity to understand and predict processes in the natural world. Data limitations 

(e.g., limited understanding of bryozoan species-habitat relationships) often call for conservative, 

precautionary protection, particularly for delicate, long-lived species that are particularly 

vulnerable to anthropogenic disturbance and environmental change (Gerrodette et al., 2002; 

Gerrodette and Eguchi, 2011). Precautionary protection transitions management goals from 

controlling the production of natural resources (e.g., fisheries stocks) to protecting them in a way 

that ensures resource viability in the face of uncertainty (Lauck et al., 1998; Johannes, 1998). 

This transition means that conservative protection becomes the default priority, requiring that 

anthropogenic impacts should be proven to be safe before they are allowed to continue 

(Gerrodette et al., 2002). Precautionary protection can also be beneficial in large or remote areas 

where data acquisition can be cost prohibitive (Johannes, 1998). As the level of understanding of 

dynamics within protected areas increases, and as it becomes apparent whether management 

actions are effective, management actions can be adjusted to reflect new information on efficacy 

as it arises (i.e., through adaptive management practices). 
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 While it is yet to be seen whether a fully protected, no-take marine reserve, like the 

reserve proposed on the Otago shelf, will help restore habitat-forming bryozoans, the case 

studies described in previous chapters suggest that passive protection through fishing restrictions 

may not be enough to encourage growth of bryozoan-dominated biogenic habitat; direct human 

interventions may be needed in addition to protected areas to enhance biodiversity and restore 

ecosystem services (Holl and Aide, 2011; Possingham et al., 2015). Active restoration methods 

are applied directly to the environment and can include transplanting adult organisms or 

deploying artificial substrates or reefs to encourage recruitment (Abelson, 2006; Bayraktarov et 

al., 2016; Pagès‐Escolà et al., 2020). Most active restoration actions for benthic species are 

limited to shallow tropical corals (Linares et al., 2008; Montero-Serra et al., 2018), although 

these actions have recently proven helpful in bryozoan restoration (Pagès‐Escolà et al., 2020). 

Transplant experiments can be highly successful initially if the species of interest survives well 

and has high reproductive potential, but it can take decades before these transplanted populations 

recover a desired structural complexity and provide the desired ecosystem services (Montero-

Serra et al., 2018). 

 Further, ecosystem-based management, ki uta ki tai, could encourage recovery in places 

where, like at Separation Point, limiting fishing practices is insufficient to support regrowth of 

damaged systems. While the Hauraki Gulf Marine Park establishes precedent for an ecosystem-

based approach to marine management, the present fisheries and marine protection framework in 

New Zealand does not support such holistic practices (see Pitcher et al., 2017 for principles of 

successful ecosystem-based management systems). As conversations continue regarding the need 

to restructure ocean governance (e.g., marine protection legislation), balancing economic and 

environmental priorities within the context of fisheries science and mātauranga Māori is critical 
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(Lundquist et al., 2016; Le Heron et al., 2020). As biodiversity hotspots (Junge, 1998), nurseries 

for fisheries species (Vooren, 1975), and foraging grounds for taonga (Department of 

Conservation, 2020b), bryozoan conservation should be prioritized within this new framework.  

 

6.8. Conclusions 

 Studying and understanding bryozoans is inherently difficult due to the phylum’s taxonomic 

diversity, complexity of reproductive strategies, variety of growth forms, wide spatial 

distribution, and lack of direct economic value. Presently, limited understanding of bryozoan 

biology and ecology make it impossible to effectively manage bryozoan-dominated biogenic 

habitat. In the future, we should prioritize answering some fundamental questions around 

bryozoan age, growth, diet, reproduction, dispersal, and recruitment, as well as the relationship 

between bryozoans and their environment. We need informed metrics to describe healthy 

colonies and to find tipping points for colony health in the face of different stressors (e.g., 

environmental change, disease, and sedimentation). We also need a clearer idea of the existing 

extent of the thickets we are trying to manage so we can measure temporal and spatial 

fluctuations in the distribution of bryozoan-dominated biogenic habitat. Future management and 

conservation measures should include quantifying existing diversity, understanding the 

underlying drivers of diversity patterns and identifying hotspot areas. We should also monitor 

natural populations to estimate life history traits and to detect tipping points and long-term shifts 

driven by anthropogenic stressors. Understanding thermal tolerances will help predict future 

community composition and functionality in the face of changing climate (Gomez-Gras et al., 

2019; Gomez-Gras et al., 2021). More research is also needed to address questions of larval 

dispersal and connectivity, particularly within the context of marine reserves. All this 



 140 

information should be incorporated into a formal monitoring program that builds upon the 

present thesis to elucidate how current marine protection affected bryozoans so that we can 

become better environmental stewards in the future. 
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Appendices 

Appendix 1. Managing and monitoring bryozoan thickets 

As New Zealand prepares to designate its first mid-shelf no-take marine protected area focused 

on protecting habitat-forming bryozoans (Department of Conservation, 2020b), and as other 

countries begin developing their own methods for protecting heavily-calcified bryozoans (e.g. 

Flynn et al., 2019; Pagès‐Escolà et al., 2020), a framework that will inform management and 

monitoring strategies for future marine reserves is proposed here. The framework includes 

physicochemical parameters to sample and suggests complementary biological and ecological 

investigations of New Zealand habitat-forming bryozoans so management entities can create 

robust datasets that elucidate how habitat-forming bryozoans respond to various types of stress. 

These well-designed datasets will maintain their value through time regardless of changes in 

available sampling technology and changing social, political, and environmental conditions, both 

nationally and overseas. 

 

A1.1. Define the problem 

Although there are other locations in New Zealand where bryozoans are under threat (e.g., from 

sedimentation, see Chapter 3), this framework considers bryozoan conservation and restoration 

on the Otago shelf. The primary problem driving the need for protection and monitoring of 

bryozoan-dominated biogenic habitat is that bryozoans have been disappearing from the shelf for 

decades, presumably due primarily to fishing pressures (e.g., Saxton, 1980; Cranfield et al., 

1999; Batson and Probert, 2000; Wood et al., 2012). Legislating restrictions on fishing and other 

stressors to bryozoans (e.g., regulating land use within the Clutha River catchment to reduce 

sediment inputs into the river) is difficult because of the sheer number of stakeholders invested 
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in the management of coastal Otago (Department of Conservation, 2020b, a). Other drivers of 

bryozoan decline could also be changing ocean chemistry (Lombardi et al., 2014) and pollution 

(Harmelin and Capo, 2002), although the tolerance of shelf species for different stressors is 

unknown. While regional councils (under the Resource Management Act 1991), the Department 

of Conservation and Ministry for Primary Industries are responsible for management and 

monitoring of bryozoan-dominated biogenic habitat, these institutions have a limited 

understanding of bryozoan life histories, diet, and distribution, making it impossible to set 

reasonable conservation and restoration targets. This scarcity of data on shelf species is a 

secondary problem that must be considered in any good monitoring plan. Changes in species 

richness, abundance, or ecosystem function of Otago shelf bryozoan thickets would mean losing 

a globally unique bryozoan hotspot and the ecosystem services they provide (see Chapter 1, 

section 4 for bryozoan ecosystem services).  

 

A1.2. Describe the system 

Biologically, we have a broad idea of benthic communities on the Otago shelf that are associated 

with sediment type (Probert et al., 1979). We know that the bryozoan-dominated biogenic habitat 

is mainly comprised of eight heavily-calcified species (Cinctipora elegans, Hornera robusta, H. 

foliacea, Celleporaria agglutinans, Celleporina grandis, Cellaria immersa, Hippomenella 

vellicata, and Adeonellopsis sp.) (Batson and Probert, 2000; Jones, 2006; Wood and Probert 

2013). Our understanding of the system at the species level, however, is poor. Very little is 

known about the diet, age, growth rate (including intra- and inter-year variability), or 

reproductive strategies of these habitat-forming bryozoan species. This knowledge gap is one of 

the biggest inhibitors of effective management of habitat-forming bryozoans in New Zealand. In 
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the case of C. elegans, the dominant habitat-forming species on the Otago shelf, for example, 

experts predict that colonies produce a small, short-lived larvae that settle close to the parent 

colony, although the larvae have never been seen. 

Limited data on the physicochemical conditions where bryozoans are abundant (e.g. 

sediment type, sea surface temperature, surface water primary productivity, see Wood et al. 

(2013a)) are available. While the physiochemistry of the Otago shelf environment has been 

explored for decades (e.g., Jones et al., 2013; Bates et al., 2014; Law et al., 2017a; Law et al., 

2017b), the resolution on those environmental data are often coarse and may not provide the 

accuracy needed to tease out differences in bryozoan distribution and at the centimetre-to-meter-

scale. Environmental parameters are often taken from the sea surface or upper water column 

(Jones et al., 2013; Bates et al., 2014; Law et al., 2017a) and are unlikely to be representative of 

the conditions on the seafloor where bryozoans live. 

Bryozoans can be sensitive to both natural and anthropogenic disturbances (e.g., Pagès‐

Escolà et al., 2020). Economically-important species (e.g., oysters and fish) are sometimes 

associated with bryozoan-dominated biogenic habitat, making bryozoans a target for fishing 

efforts (Saxton, 1980; Cranfield et al., 2003; Wood et al., 2012). Other anthropogenic stressors, 

including ocean warming, severe storms, ocean acidification, pollution and siltation, could all 

contribute to loss of diversity and abundance of bryozoans (Sala et al., 1996; Garrabou et al., 

1998; Harmelin and Capo, 2002; Lombardi et al., 2011a; Lombardi et al., 2011b; Teixido et al., 

2013; Pagès-Escolà et al., 2020), although the tolerance limits for these stressors are unknown. 

Often, the timeline and severity of stress is also unknown, making it impossible to correlate 

changes in bryozoan abundance with environmental change.  
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Many stakeholders are invested in coastal management and the value of the fishery, 

including local users, conservation groups, and iwi (e.g., Ngāi Tahu for the land adjacent the 

Otago shelf). In the case of the proposed Otago shelf marine reserve network, which includes the 

two proposed marine protected areas on the Otago shelf, 4,056 submissions were made on the 

network proposal, including 3,991 submissions made by individuals, with the remainder made on 

behalf of groups (e.g., scientific trusts, commercial and recreational fisheries groups, iwi) 

(Department of Conservation, 2020a). Currently, 27 commercial fishers work within the 

proposed type-2 marine reserve on the Otago shelf, seven of whom use gear types (e.g. trawls 

and set nets) that could damage sensitive biogenic habitat (Department of Conservation, 2020b). 

Additionally, the University of Otago, one of the biggest research institutions in New Zealand, 

regularly conducts research on the shelf that focuses on bryozoans (e.g., Probert et al., 1979; 

Batson, 2000; Batson and Probert, 2000). Even by placing value on the most rudimentary 

research, our knowledge of the system is inefficient to effectively manage bryozoan-dominated 

biogenic habitats. Throughout the present thesis, as reasons for decline or no increase in 

bryozoan abundance and diversity have been discussed, the question is raised whether some 

environmental stress threshold (e.g., tolerance to sedimentation) has been exceeded, whether we 

are witnessing natural variation within a population, or if not enough time has passed to see 

recovery. 

 

A1.3. Decide on management targets and study indicators 

Management targets for current and proposed bryozoan-focused marine protected areas on the 

Otago shelf should be to a) prevent further loss of habitat-forming bryozoans; b) to protect 

existing bryozoan habitat so that it can recover; c) to promote bryozoan-dominated biogenic 
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habitat as being rare and valuable; d) to monitor habitat-forming bryozoans for signs of recovery. 

To do so requires the establishment of a baseline for abundance, diversity, and ecosystem health 

and a monitoring regime to enable the detection of temporal trends in these attributes post-

protection. It is unknown what “pristine” bryozoan thickets may have looked like prior to local 

and regional anthropogenic change, as commercial bottom fishing pre-dates biogenic habitat 

surveys in many of the locations where habitat-forming bryozoans are abundant (Probert et al., 

1979; Cranfield et al., 1999; Grange et al., 2003). Because of this uncertainty, management 

targets for Otago shelf marine protected areas should focus on increasing the abundance (as 

percent cover) of bryozoan-dominated biogenic habitat rather than fixing a target value for 

percent cover. 

Diversity, abundance (as percent cover), and distribution (i.e., patchiness and extent), as 

well as colony health and function, would be good indicators for a bryozoan monitoring 

program. Preserving bryozoan richness, abundance, and distribution supports national 

conservation priorities as these metrics can indicate whether biodiversity hotspots, carbon sinks, 

and biogenic habitats are being maintained effectively. These indicators are responsive to benthic 

disturbance, like dredging and trawling. There is also little natural variation in these indicators, 

as colonies are sessile and probably grow over decades (Jamet, 1999). Richness, abundance, and 

distribution can be measured cheaply and easily using benthic photography (see Chapters 3, 4, 

and 5). Abundance and distribution can also be measured across larger areas with multibeam 

combined with groundtruthing, although unless mounted on sub-surface vessels such as ROV 

which can travel close to the seafloor, vessel mounted multibeam does not provide the same 

centimetre-scale resolution or information on species richness as benthic photography. 

Abundance and distribution should be prioritized as study indicators since they provide the most 
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data on the system for the least amount of time and money. This approach does not, however, 

account for changes in abundance of less common species which may be more susceptible to 

environmental change. Including analysis of species composition would support national and 

international management goals of preserving biodiversity. Further, some less common species 

may be more sensitive to environmental change (e.g., ocean acidification, pollution), and could 

provide early indications of tipping points before change can be seen in the larger bryozoan 

community. 

Like the previous indicator, colony health and function also support management targets, 

as healthy biogenic habitat cannot exist without healthy colonies. Colony health and function has 

been used to quantify recovery in other habitat-forming species such as glass sponges (Loh et al., 

2019), creating precedent for the use of colony health and function as an indicator for suspension 

feeding invertebrates. Bryozoans are susceptible to changing ocean conditions (Smith, 2009; 

Lombardi et al., 2014), sedimentation (Cuffey et al., 1979), and pollution (Harmelin and Capo, 

2002; Morgado and Tanaka, 2001) which can all influence colony health. Colony health and 

function could describe biogenic habitat structure (e.g., colony height, branch density), 

calcification rates, or degree of colony necrosis, although these indicators are not without natural 

variation. Colonies can be plastic, occasionally shedding branches, resorbing tissue, or slowing 

or stopping calcification altogether (e.g., Batson et al., 2020). Necrosis can also be a sign of 

colony stress (Lombardi et al., 2011a; Pagès-Escolà et al., 2018), so finding the tipping point 

between natural- and stress-driven changes in colony form and function will be important in 

setting thresholds of concern in any monitoring program. Colony function could also be 

influenced by sedimentation and epibiont overgrowth; as colony interstices fill with sediment or 
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fouling species (e.g., sponges, ascidians), space that was once used as habitat and refugia by fish 

and other invertebrates then becomes unavailable.  

 

A1.4. Monitoring programs 

The most efficient way to collect data on the indicators mentioned in the previous section is the 

use of benthic imaging (i.e., photographic and multibeam echosounder surveys) (See Chapter 1, 

section 6 for an overview of the benefits of benthic imaging). Here, we present some basic 

aspects of benthic imaging and suggest best practices for future surveys. 

 

A1.4.1. Benthic imaging 

Benthic sampling methods range from sonar mapping to grabs and dredging to underwater 

imagery. Underwater photography is a diverse, non-invasive sampling method that can be 

performed independently, or in tandem with other methods, and is a useful tool in non-extractive 

areas such as marine reserves (Bohnsack, 1979; Noble-James et al., 2017). Benthic imagery 

allows for resampling of the same location on the benthos, where destructive sampling (e.g. 

grabs and trawls) do not, which captures small-scale patchiness and relationships between 

benthic invertebrates in situ (Schwinghamer et al., 1998; Tuck et al., 1998). Benthic imaging has 

been used to measure many types of benthic change, including damage from trawling (Fosså et 

al., 2002), disease (Angermeier et al., 2012), and stress responses to environmental change (e.g. 

coral bleaching, Oliver et al., 2018). Imaging surveys are appropriate for gathering data on slow-

growing or protected species (e.g., Jokiel et al., 2015) as they are less damaging than surveys 

conducted by trawling or dredging of the benthos. Digital imaging data are also easily stored 
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(i.e., only reliant on the availability of digital storage) and can be repurposed as necessary. 

Sample reuse is particularly valuable for ecological studies, as it can be unclear which 

interactions (e.g., between sediment type and species of interest) will be important at the time of 

collection. 

The basic elements of a drop camera frame may be a combination of live video and still 

camera, an umbilical to send live images to a viewing platform, a lighting system, reference 

object (e.g., scale bar, lasers), quadrat, and a method of orienting the frame on the seafloor (e.g., 

a weighted base). What constitutes an effective benthic imaging rig is dependent on the 

environment in which it is used, and the indicator to be measured. Lighting systems can be useful 

in deep-water or low-light conditions but may be unnecessary in shallow or low-turbidity 

environments. In particularly turbid conditions, lighting systems can obscure images by causing 

backscatter from suspended particles. A reference object is necessary for measuring the size of 

objects in the image, keeping in mind that position within the quadrat (i.e., at the periphery vs. 

image centre) will change the scale (Underwood and Chapman, 2013).  

The appropriate size of the quadrat will depend on the environment being sampled as 

well. For example, a 1 m2 quadrat may be appropriate in coral reefs where turbidity is low and 

species are larger in size; a 0.25 m2 may be more appropriate in temperate reef environments 

where species are smaller and water is more turbid (Underwood and Chapman, 2013). 

Regardless of application, quadrat size, as well as angle of camera perspective, should be kept 

constant to preserve the species-area relationship (i.e. species diversity is dependent on the 

surface area of a sample (Arrhenius, 1921)) across samples (Underwood and Chapman, 2013; 

Noble-James et al., 2017)). As sampling area increases, there becomes more space for organisms 

to live, either because there is more space to occupy or there becomes more room for different 



 222 

available habitats thus allowing for increased available niches (Connor and McCoy, 1979; 

Connor and McCoy, 2001; Coleman, 1979). Failing to keep this relationship constant across 

samples introduces the possibility of inflation of abundance or diversity metrics, with greater 

values inaccurately given to larger samples. 

While benthic imagery is often a good alternative to traditional sampling methods, these 

methods, like all types of sampling, have certain limitations. Benthic imaging is susceptible to 

environmental conditions (e.g. turbidity) and do not allow for genetic analysis of samples 

(Flannery and Przeslawski, 2015). Drop camera use is also limited by sea state; large swell can 

damage sensitive camera equipment and can make viewing live camera feeds uncomfortable. 

Also, differences in process between historic and new sampling should be minimal, as 

differences in sampling methods can change the comparability of the data (Noble-James et al., 

2017); controlling differences can be difficult when using historical images, as advances in 

imaging technology affects the resolution of benthic photographs and video. Seabed images can 

also underestimate overall benthic community composition, as these methods do not capture all 

present infauna since infauna are hidden in the sediment (Pineda-Metz and Gerdes, 2017). 

Benthic photography is also better suited to smaller survey areas, as time and monetary 

investments increase exponentially when a large area is being surveyed. 

When quantifying diversity and abundance of continental shelf bryozoan thickets, the 

most effective imaging configuration is to pair live video with a still camera on a steel frame 

(Figure A1.1), although a plastic frame could be used in shallower water. The frame should be 

equipped with a reference bar within the image view so size of invertebrates within the camera 

frame can be measured. A frame size of 0.25 m2 was large enough to capture entire large 

colonies, but still captured the small-scale patchiness of colony distribution within each site. To 
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encourage proper orientation of the frame, weights were attached to the bottom corners of the 

frame, with 2 kg per corner of the frame being suitable for the bottom currents on the Otago shelf 

(estimated at 2–6 cm/s (Carter et al., 1985)). Although using a camera frame that rests on the 

seafloor (as opposed to a ROV or towed camera) can damage the colonies that it sits on, images 

are much clearer (i.e., have fewer motion blurs) when taken while the frame is stationary. Clearer 

images allow for easier viewing of small colonies, giving a more accurate measurement of the 

bryozoans present within the image. 

The live video feed from the drop camera to the boat allows researchers to see the 

orientation of the camera frame (i.e., if the frame has tipped onto its side), as well as whether any 

sediment disturbed by the frame had cleared from the image. The still camera acquired higher 

quality images, resulting in better viewing of smaller colonies compared with lower resolution 

video. Taking a still image every 0.5–2 s ensures at least one still is taken after any sediment 

plume disturbed by the frame hitting the bottom clears, a time that can be again confirmed using 

the live video. Preferably, the camera takes images with a linear field of view to eliminate any 

image warping. If this is not possible, warping in images taken with a wide field of view should 

be corrected to reduce errors in estimating the size of bottom features. Equipping the frame with 

a low power (0.5–10 lumens) ring light provides even lighting across the frame without washing 

out images and does not produce substantial shadowing or backscatter from suspended 

particulates, as is an issue when using brighter lights (Smith and Rumohr, 2013). 
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Figure A1.1. Suggested drop camera arrangement (based on setup in Chapter 5) A. Camera 

frame; B. Live video umbilical; C. Video camera; D. Camera ring light; E. Camera for still 

image acquisition; F. Reference bar; G. Weighted frame base. 

 

Once benthic images have been acquired, they must be processed and analysed. Still 

images can be extracted from video by saving individual video frames as .JPG files and 

subsequently treated like other acquired stills. Stills taken from the video will be of a lower 

quality than those taken by the still camera (Smith and Rumohr, 2013), and image resolution can 

affect what is visible within an image (e.g. small or cryptic organisms) (Noble-James et al., 

2017). If a wide-angle lens was used to acquire an image, any peripheral distortion should be 

digitally altered or cropped to avoid influencing size measurements of objects within the image. 

Colours and contrast of the image may need to be adjusted to make photographed taxa truer to 
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life or easy to view. For the sake of transparency for future users, all image modifications should 

be recorded and mentioned. 

When analysing benthic images, either all organisms within an image can be identified 

(as percent cover or individuals per area, Chapter 5), or images can be point-scored, which 

entails superimposing a series of regular or random points over the image and identifying what 

lies underneath the point (Smith and Rumohr, 2013; Noble-James et al., 2017). Computer 

software (e.g. PhotoQuad and ImageJ) can be used to calculate size and percent coverage of 

species of interest, to annotate images, and distribute point sampling locations, both manually 

and automatically (Trygonis and Sini, 2012; Rueden et al., 2017). Size, abundance, and 

distribution of target organisms all influence the number of points needed per image. Point-

scoring images can overlook rare and patchily-distributed species. Increasing both the number of 

images and points per image increases the precision of the data, but precision increases more 

quickly when image number is increased (Perkins et al., 2016). If uncommon organisms are the 

target, other sampling methods may be more appropriate, such as identifying all organisms 

within an image (Perkins et al., 2016; Noble-James et al., 2017). As an alternative to manual 

species identifications and calculations of cover, calculations and object delineations can be done 

automatically using several tools. A simplistic example of automatic image partitioning is the 

multiscale image segmentation function in PhotoQuad, an open-source image analysis program. 

This function partitions a given image into regions of interest based on the image features, like 

colour and intensity (Trygonis and Sini, 2012). Alternatively, advances in machine learning 

techniques (e.g., convolutional neural networks) can be used to semiautomatically identify 

features and bottom types from both video and still images (Mohamed et al., 2018, 2020). While 

the initial time investment involved in training machine learning tools can be high, these tools 
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significantly reduce sample processing time (compared to manual image processing), can be 

highly accurate, and reduces human error in sample processing (Ker et al., 2018; Engelhard et 

al., 2021). 

 

 

A1.4.2. Acoustic mapping 

Habitat mapping is important for designating areas of interest within a marine reserve network 

(Ward et al., 1999; Thrush et al., 2001; Parnell et al., 2006; Dalleau et al., 2010; Bianchi et al., 

2012). Broad habitat delineation through multibeam mapping can help identify localized areas of 

high-value habitat for economically and environmentally valuable species (Flannery and 

Przeslawski, 2015). Acoustic mapping uses sonar to determine depth and derive benthic 

conditions (i.e. substrate type, depth, habitat complexity, etc.) and can be performed 

continuously, or periodically, paired with ground truthing, to describe small-scale benthic 

environments at large scales (Brown et al., 2011; Young and Carr, 2015). Seafloor characteristics 

are mapped by calculating the lag between transmission and receipt of a sonar beam at precise 

angles to the seafloor; backscatter can be used to tell hardness and roughness of the bottom and 

when combined with ground-truthing can be used to initially describe different habitats of 

interest that are low in relief (Ierodiaconou et al., 2011; Hill et al., 2014). Acoustic mapping 

supplemented by drop cameras can be a very effective non-invasive surveying method in depths 

too deep for SCUBA (Emblow et al., 1999). Pairing the two methods captures both centimetre- 

and meter-scale variability and species composition and large-scale bathymetry. Incorporating 

multibeam mapping into monitoring plans for the proposed Otago shelf marine reserve would 

help provide broad-scale maps of bryozoan distribution and abundance and could help delineate 
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the boundaries of the shelf thickets. 

 

A1.4.3. Complementary physicochemical sampling 

Long-term biological and physicochemical data are vital to knowing where ecosystems are 

positioned on the trajectory to recovery (Latimer et al., 2003; Borja et al., 2012). Latitude, depth, 

sediment characteristics, hydrodynamics, nutrients and productivity, and water chemistry can all 

change species abundance and diversity (Levin et al., 2001; Williams et al., 2010). Different 

physicochemical parameters may be relevant at different scales (Williams et al., 2010). For 

example, Williams et al. (2010) measured the effect of 17 physical covariates on biodiversity of 

several major taxa at scales of 10s of m to >1000km. At scales >100s of km, bottom temperature, 

oxygen concentration, and latitude had the greatest effect on invertebrate community 

distribution. At smaller scales (10s of km), biodiversity was influenced most by seabed type. In 

some cases, these environmental factors can be correlated (e.g. depth and latitude; Williams et 

al., 2010), so determining which process is driving species distributions can be difficult. Scale 

can also dictate what environmental parameters affect communities of interest (Williams et al., 

2010). Incorporating nationally-relevant physicochemical variables into regional monitoring can 

help with scalability of monitoring efforts (Hewitt et al., 2014). 

Bryozoan distribution is most likely associated with substrate type (Probert et al., 1979), 

sedimentation rate (Amini et al., 2004), high flow conditions (Cuffey et al., 1979), water 

chemistry (Hageman et al., 1995), and high primary productivity (Rowden et al., 2004). The 

environmental conditions that dictate abundance of habitat-forming bryozoans on the Otago shelf 

is poorly known although distribution is most likely linked to depth, disturbance, vertical water 

mixing, currents, and water temperature (Wood et al., 2013). While measuring physicochemical 
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conditions (e.g. bathymetry, currents, ocean chemistry), habitat distribution, distribution of 

pelagic and other benthic fauna, marine contaminants, and sedimentation rates would 

complement wider research priorities (European Commission, 2008; United Nations, 2021), 

more information is needed on the biology and ecology of habitat-forming bryozoans to 

determine which, if any, of these factors is relevant to sample. 

 

A1.4.4. Temporal scale 

Without more information on age and growth of Otago shelf habitat-forming bryozoans, it 

becomes difficult to make informed decisions regarding sampling frequency. Previous work 

suggests that the species that dominate the Otago shelf are slow-growing (Jamet, 1999) and 

could take decades to respond to protection efforts (Chapter 5). Shelf bryozoans are estimated to 

grow 0.5–5 mm/year (Jamet, 1999), so initial monitoring could be conducted approximately 

every five years, as changes in individual colony size may be visible via drop camera in that 

time. Additional surveys could be performed after major disturbance events (natural or 

anthropogenic) to track recovery afterward.  

 

A1.4.5. Spatial scale 

Having a thorough understanding of the distribution and degree of fragmentation of the Otago 

shelf bryozoan thickets is vital to the development of an appropriate monitoring program. The 

dominant bryozoan species (C. elegans) on the shelf has been found well outside the area where 

bryozoan thickets have been mapped (Figure 6.3). At present, proposed marine protected area 

designs are based on estimates for thicket coverage that do not include the full range of bryozoan 

presence data for the shelf (Figure 6.3) so proportion of bryozoan thickets thought to be 
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protected could be underestimated. Mapping and monitoring should encompass the extent of the 

thicket, as well as areas outside of the thicket, to provide controls where bryozoans do not thrive 

and to fully understand if and how different approaches to protection affect bryozoan recovery. 

Exploratory transects should be performed perpendicular to the coast both north and south of the 

known extent of the bryozoan thickets until the extent of this biogenic habitat is understood 

(Figure A1.2). Then, more targeted sampling can be conducted over the full extent of the 

bryozoan thickets. 

 

Figure A1.2. Sampling locations where C. elegans, the most abundant habitat-forming bryozoan 

on the Otago shelf, was present in dredge samples from the University of Otago and National 

Institute of Water and Atmosphere (NIWA) (1991-2019). “Bryozoan known occurrence” and 
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“bryozoan most abundant” polygons determined from surveys by Probert et al. (1979), Batson 

and Probert (2000a), Jones (2006), and Wood and Probert (2013), collated by Wood (2014a). 

“Bryozoan abundance (estimated from LEK)” polygon was adapted from Jones et al. (2016). 

 

Spatial sampling should also include replicative sampling across shelf depths. The Otago 

shelf slopes gently toward a series of offshore finger canyons at an approximate distance of 140 

m per 10 m water depth change across the narrow shelf directly off the Otago Peninsula (Figure 

6.4); sampling every ten meters of water depth change between 60-110 m water depth change 

would keep the number of sampling locations manageable but still capture benthic habitat 

condition with reasonable consistency. Quantifying spatial variability within sites is also 

important. Location data are often recorded on the surface at the beginning of the camera drop 

and do not account for drift. Additional location error can be introduced by the discrepancy 

between frame position and boat position. Ideally, the camera frame would be equipped with a 

positioning system so video and still images are stamped with the frame position on the benthos, 

providing an accurate location of benthic habitats and communities. Sample position is, however, 

often taken via positioning system on the vessel the camera is being dropped from. Depending on 

the length of the frame umbilical deployed from the boat and the water depth being sampled, an 

area of uncertainty as to where the frame sits on the benthos can be determined. 
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Appendix 2. R code for beta zero-inflated model and corresponding power analysis used to 

analyse Otago shelf abundance data 

The following R code was used to analyse the Otago shelf abundance data (as percent cover). 

This code can be modified and used for analysing data from future surveys of the Otago shelf or 

in other locations where bryozoans, or other habitat-forming invertebrates, are patchily abundant.  

 

Beta zero-inflated model 

#INSTALL NECESSARY PACKAGES 

install.packages("gamlss") 

library(gamlss) 

install.packages("doBy") 

library(doBy) 

install.packages("lattice") 

library(lattice) 

install.packages("emmeans") 

library(emmeans) 

install.packages("boot") 

library(boot) 

install.packages("DescTools") 

library(DescTools) 

install.packages("ggplot2") 

library(ggplot2) 

 

#READ DATA 

data0 <- read.table("DATA-FILE.txt", stringsAsFactors = F, header=T) 

str(data0) 
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View(data0) 

data1 <- data0  

 

#CREATE SiteID VARIABLE 

data1$SiteID <- interaction(data1$Depth, data1$Transect) 

View(data1) 

with(data1, table(Year,SiteID)) 

data1$SiteID <- droplevels(data1$SiteID) 

with(data1, table(Year,SiteID)) 

data2 <- data1 

data2$Depth <- as.factor(data2$Depth) 

data2$Transect <- as.factor(data2$Transect) 

data2$Year <- as.factor(data2$Year) 

data2$ObsID <- seq(1:dim(data2)[1]) 

max(data2$ObsID ) # COUNT OBSERVATIONS 

sum(is.na(data2)) #CHECK THAT THERE IS NO MISSING DATA 

 

#CREATE ANALYSIS DATA FRAMES 

names(data2) 

data2$TotalFrameBuilding_P  <- data2$TotalFrameBuilding/100 #ADJUST PERCENT COVER 

DATA TO A NUMBER BETWEEN ZERO AND ONE IF NECESSARY 

names(data2) 

View(data2) 

 

#DESCRIPTIVES 

#MEANS TABLE BY PROTECTION STATUS AND YEAR PER TRANSECT 

summaryBy(TotalFrameBuilding_P ~ Year, data=data2, FUN = c(mean,sd), na.rm=T) 

#Graph - Protection:Year ALL 

densityplot(~TotalFrameBuilding_P|Year, data = data2) 
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summaryBy(TotalFrameBuilding_P ~ Year, data=data2, FUN = c(mean,sd), na.rm=T) 

summaryBy(TotalFrameBuilding_P ~ Depth + Protection, data=data2, FUN = c(mean,sd),   

na.rm=T) 

 

#FIT MODEL(S) 

#CREATE ANALYSIS DATA FRAMES 

#BEZI: ZERO-INFLATED BETA DISTRIBUTION 

#https://www.rdocumentation.org/packages/gamlss.dist/versions/5.1-3/topics/BEZI 

#BEINF0() (re-parameterized version of above) 

#https://www.rdocumentation.org/packages/gamlss.dist/versions/5.1-3/topics/BEINF 

 

 

con3h <- gamlss.control(n.cyc=100) 

model_3h.1r <- 

gamlss(TotalFrameBuilding_P~Depth+Transect+Protection+Year+Transect:Year+ 

Protection:Year + random(SiteID), sigma.formula = ~Depth+Transect+Protection+Year+ 

Transect:Year+Protection:Year + random(SiteID), nu.formula = ~Depth+Transect+ 

Protection+Year+Transect:Year+Protection:Year + random(SiteID) ,  

#probability of zero 

                      family=BEZI(), 

                      control = con3h , 

                      data=data2) 

summary(model_3h.1r) 

 

 

Simulated power analysis 

Effect <- "AB" 

#OPTIONS:  

#"A" (Main effect of A) 

#"B" (Main effect of B) 
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#"AB" (Interaction effect) 

 

#DESIGN VECTORS FOR MEAN CALCULATED FROM MODEL 

#A1 = Protect, A2 = Non-protect 

#B1 = 2003, #B2 = 2019  

A1.B1 <- c(1,0,0,0); A1.B2 <- c(1,0,1,0) 

A2.B1 <- c(1,1,0,0); A2.B2 <- c(1,1,1,1) 

 

#NUMBER OF BOOTSTRAPPING SAMPLES FOR CONFIDENCE INTERVAL 

NBoot <- 1000 

 

#SIMULATION SIZE 

NumSim <- 25 #NUMBER OF SIMULATED DATA SETS = NUMBER OF CONFIDENCE 

INTERVALS 

#THE PROPORTION OF THE CONFIDENCE INTERVALS EXCLUSING 0 

DIFFERENCE=POWER 

 

#NUMBER OF REPLICATES PER TREATMENT COMBINATION (SAMPLE SIZE PER 

TREATMENT (COMBINATION OF PROTECTION STATUS AND YEAR) 

Reps <- 200 

 

#DESIGN STRUCTURE  

N_LevA <- 2 #PROTECTED VS UNPROTECTED (KNOWN MEANS) 

N_LevB <- 2 #2003 cw 2019  

 

#NAMES OF LEVELS 

LevsA <- c("A1","A2") 

LevsB <- c("B1","B2") 
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#CREATE MATRIX WITH ALL POSSIBLE TREATMENT COMBINATIONS 

Design0 <- expand.grid(LevsA,LevsB) 

names(Design0) <- c("FacA","FacB") 

RepVec <- rep(1:nrow(Design0),each=Reps) #TO ALLOW FOR EXPANSION OF Design0 

 

#EXPAND TO ALLOW FOR REPLICATES 

Design1 <- Design0[RepVec,] 

#dim(Design1) 

#head(Design1) 

 

#SET MEANS OF NON-ZERO Y’s (Mu)  

muA1B1 = # FROM DATA 

muA1B2 = # FROM DATA 

muA2B1 = # FROM DATA  

muA2B2 = # FROM DATA 

 

#SET SD OF Y's 

sdA1B1 = # FROM DATA 

sdA1B2 = # FROM DATA 

sdA2B1 = # FROM DATA 

sdA2B2 = # FROM DATA 

 

#SET PROBABILITY OF ZERO DATA POINT 

pA1B1 = # FROM DATA 

pA1B2 = # FROM DATA 

pA2B1 = # FROM DATA 

pA2B2 = # FROM DATA 
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#CONSTRUCT DESIGN 

#CREATE VECTORS GIVING THE TRUE PARAMETER VALUES FOR EACH 

OBSERVATION TO BE USED TO GENERATE DATA LATER ON 

 

#MEAN OF NONZERO VALUES FOR EACH OBSERVATION 

Mu <- apply(Design1,1,InsertVal, 

            A1B1 = muA1B1, 

            A1B2 = muA1B2, 

            A2B1 = muA2B1, 

            A2B2 = muA2B2) 

 

#PROBABILITY OF ZERO 

nu <- apply(Design1,1,InsertVal, 

             A1B1 = pA1B1, 

             A1B2 = pA1B2, 

             A2B1 = pA2B1, 

             A2B2 = pA2B2) 

SD <- apply(Design1,1,InsertVal, 

               A1B1 = sdA1B1, 

               A1B2 = sdA1B2, 

               A2B1 = sdA2B1, 

               A2B2 = sdA2B2) 

Var <- SD^2 #calc. variance = sd squared 

#Var[1] 

#CALC Sigma FROM Mu, Nu and Var(Y) 

s1 <- (Mu^2)*((nu-1)^2); s2 <- Mu*(nu-1) + Var 

s3 <- (Mu^2)*(nu-1)*nu + Var 

sigma <- -1*(s1+s2)/s3 

#sigma <- SD 
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#SIMULATE MULTIPLE DATA SETS 

SimY <- array(NA,c(nrow(Design1),NumSim)) 

for(i in 1:NumSim){ 

  Y <- rBEZI(n=nrow(Design1),  

        mu=Mu, sigma=sigma, nu=nu) 

        SimY[,i] <- Y} 

 

#CALCULATE POWER FROM MEAN ABUNDANCE CONTRASTS 

#CONSTRUVT MULTIPLE CONFIDENCE INTERVALS 

SimResults_AbunCI <- apply(SimY,2,  

                      get_AbunCI4, 

                      design=Design1, 

                      mu=Mu, 

                      sigma=Sigma, 

                      nu=nu, 

                      NBoot=NBoot, 

                      type=Effect,  

                      A1.B1=A1.B1,A1.B2=A1.B2, 

                      A2.B1=A2.B1,A2.B2=A2.B2) 

end_time <- Sys.time() 

end_time - start_time  

 

#RESULTS----------------------------------------- 

 

#EXTRACT AND PLOT CONFIDENCE INTERVALS 

Sim_CIs <- ListExtract(SimResults_AbunCI, name="CI", name.elements=TRUE) 

Sim_LLs <- as.numeric(unlist(ListExtract(list=Sim_CIs, name="LL"))) 
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Sim_ULs <- as.numeric(unlist(ListExtract(list=Sim_CIs, name="UL"))) 

ERRS <-  as.numeric(unlist(ListExtract(list=SimResults_AbunCI, name="ERRS"))) 

CI <- data.frame(Sim_LLs,Sim_ULs) 

 

#CALCULATE POWER 

power_calc(CI,type="NegDiff")*100  

power_calc(CI,type="PosDiff")*100 

 

#FIND THE PROPORTION OF SIMULATED DATA SETS WITH AT LEAST ONE ERROR 

REQUIRING RE-GENERATION OF A SIMULATED DATA SET 

sum(ERRS>0)/NumSim 

 

#EXTRACT MEANS 

#LOOK AT THE MEANS, SHOULD BE CLOSE TO THE VALUES ABOVE 

Sim_Est <- ListExtract(SimResults_AbunCI,name="Means",  

                       name.elements=TRUE) 

(Mean_A1.B1 <- mean(as.numeric(unlist(ListExtract(list=Sim_Est,name="Abun.A1.B1"))))) 

(Mean_A1.B2 <- mean(as.numeric(unlist(ListExtract(list=Sim_Est,name="Abun.A1.B2"))))) 

(Mean_A2.B1 <- mean(as.numeric(unlist(ListExtract(list=Sim_Est,name="Abun.A2.B1"))))) 

(Mean_A2.B2 <- mean(as.numeric(unlist(ListExtract(list=Sim_Est,name="Abun.A2.B2"))))) 

 

#EXTRACT MEANS DIFFERENCES (EFFECT SIZE) 

Sim_EST.DD <- as.numeric(ListExtract(SimResults_AbunCI, 

                                     name="EST.DD", 

                                     name.elements=TRUE)) 

sd(Sim_EST.DD) 

mean(Sim_EST.DD ) 

hist(Sim_EST.DD) 
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#HISTOGRAMS OF FIRST SIMULATION 

hist(SimY[1:Reps,1],xlim=c(0,1), breaks=20, main="Reserve,2003(A1,B1)") #A1B1(In reserve 

2003) 

hist(SimY[Reps+1:Reps*2,1], xlim=c(0,1),  

 breaks=20, main="Non-Reserve, 2003(A2,B1)") #A2B1(In reserve 2003) 

hist(SimY[(Reps*2+1):(Reps*3),1], xlim=c(0,1),  

breaks=20, main="Reserve, 2019(A1B2)") #A1B2(In reserve 2019) 

hist(SimY[(Reps*3+1):(Reps*4),1],xlim=c(0,1),  

breaks=20, main="Non-Reserve, 2019(A2B2)") #A2B2(In reserve 2019) 

 

 

 

 

 

 

 


