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"The paradox between attempting to analyze "too much" information and still not having enough –
although frustrating – should not be discouraging, for this will lead to eventual acknowledgement by
our administrators that complex problems do not have simple solutions. This is progress.
Biology without pollution is intricate, exacting and dynamic, while biology compounded by a single
source of pollution may at times be overwhelming. Thus, biology with multiple-variable pollutants
demands extraordinary insight as well as foresight into placing the problems into perceptive."
Salo (1977)
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Abstract
Agriculture is a major source of diffuse contamination of surface waters by nutrients,
sediment and pesticides, and streams located in agricultural regions are particularly exposed
to these kinds of stressors. I combined a field survey and an outdoors stream mesocosm
experiment to investigate the impacts of agricultural intensification on stream health. In the
field survey, my study design included five replicates of each farming practice (organic,
integrated management and conventional farming), arranged in blocks, in agricultural land
dedicated to the farming of sheep and beef cattle on pasture in southern New Zealand. This
survey demonstrated that streams associated with conventional, organic and integrated
farming practices contrasted in their physicochemistry (particularly inorganic fine sediment
on the bed and glyphosate in the fine sediment) and in both the taxonomic organization and
trait representation of stream invertebrate communities. Conventional sheep and beef farming
resulted in poorer stream health in general. Consequently, my field survey provided data
supporting the hypothesis of a causal relationship between multiple anthropogenic stressors
from agricultural land use and stream condition.
To establish strong cause-effect relationships between the two agricultural stressors
identified in my field survey and the resulting ecological consequences, I performed a
mesocosm experiment. Here, I investigate whether (i) increased levels of sediment and
glyphosate had individual and/or additive combined effects on benthic invertebrates, algae
and ecosystem functioning, (ii) increased sediment reduced the bioavailability of glyphosate
and thus its toxicity (antagonistic interaction), or (iii) sediment-adsorbed glyphosate
prolonged the effects of exposure (synergistic interaction). To test these hypotheses, I
randomly applied four levels each of fine sediment (0, 25, 75, 100% cover) and glyphosate
(0, 50, 200, 370 μg l-1) to 96 outdoor circular stream mesocosms using a full factorial,
iii

repeated measures design. Sediment was added once at the start of the 28-day manipulative
phase and glyphosate for 7 days one week later, after which the mesocosms were allowed to
recover for two weeks. Biological response variables included densities and community
composition of invertebrates and algae, invertebrate drift, adult insect emergence and, as a
measure of ecosystem functioning, leaf decay rates. Responses to my experimental stressors
were analysed immediately after glyphosate addition had ceased and one week and two weeks
later.
Overall, my results showed that sediment and glyphosate addition affected the benthic
communities both independently and in an interactive manner and that the combined effects
may persist over a relatively long period. Sediment clearly had a much more pervasive
influence on invertebrate and algal response variables at both population and community
levels than the seven-day herbicide pulse. Propensities of larval stream invertebrates to drift
and to emerge as adult insects responded differently to the two stressors compared to the
traditionally used static invertebrate density variables. For the algal response variables,
several significant overall interactions detected at the community level indicated that the two
stressors were acting either synergistically (in their effect on algal community evenness and
on high-profile and motile algal guilds) or antagonistically (effect on the low-profile guild).
Similarly, leaf breakdown responded positively to both increasing sediment and high
glyphosate levels, but the two stressors acted antagonistically in their effect on leaf toughness
loss. These findings add to the growing evidence that resource managers need to be aware of
complex multiple-stressor effects when trying to identify thresholds of harm for stream
ecosystems.
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Chapter 1
General introduction

General introduction
1.1 Agricultural intensification, multiple stressors and subsidy-stress responses in
aquatic ecosystems
Expansion and intensification of agricultural production has allowed mankind to feed the
growing world population but has also resulted in global biodiversity decline (Green et al.
2005; Kleijn et al. 2009). Consequently, concerns have arisen over the long-term
sustainability of agricultural intensification and its consequences for biodiversity conservation
and ecosystem services (Matson et al. 1997; Tilman et al. 2002).
Given the growing demand for more sustainable agriculture, various alternatives to
conventional management practices have been proposed. Conventional farming is based on
the use of inorganic fertilisers and pesticides at high rates to maximise production (Condron et
al. 2000). Conventional tillage is a system in which a deep primary cultivation, such as
mouldboard ploughing, is followed by a secondary cultivation to create a seedbed (Holland
2004). Alternative agricultural practices can be categorised based on fertiliser and pesticide
inputs and/or tillage operations and mechanical weed control used by farmers. Generally,
organic farming differs from conventional systems in that synthetic inputs are largely or
completely avoided, while improving soil quality by maximising the efficient use of local
resources (e.g. recycle plant and animal waste in order to return nutrients to the land, thus
minimizing the use of non-renewable resources) (Condron et al. 2000; Gomiero et al. 2011).
Organic agriculture is regulated by international (International Federation of Organic
Agriculture Movements) and national (e.g. BioGro or Certenz in New Zealand) bodies that
certify organic products from production to handling and processing. Integrated farming
systems, on the other hand, seek to reduce the use of pesticides and inorganic fertilisers by
integrating both organic and conventional production methods (Reganold et al. 2001). Farms
are considered to be under integrated management if their inputs and management practices
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are consistent with Integrated Pest or Crop Management approaches (Campbell et al. 2004)
that reduce or eliminate the use of pesticides, increase beneficial predators of pests, and
encourage environmentally responsible soil, water and energy management. Other land
management practices, such as rotational grazing (Raymond & Vondracek 2011) and
conservation tillage in its various forms (including reduced tillage, zero-tillage and minimumtillage) seek to manage soil loss by decreasing the level of soil disturbance during tillage and
increasing the amount of crop residue that remains on the soil surface, thereby minimising
erosion (McLaughlin & Mineau 1995; Holland 2004; Yates et al. 2006).
Several studies indicate that these alternative agricultural practices have the potential
to safeguard and enhance terrestrial farmland biodiversity and the ecosystem services this
biodiversity provides. An extensive meta-analysis of published literature comparing organic
and conventional agriculture revealed that 53 of 63 studies (84%) showed higher species
richness in organic farming systems (most notably plants, birds and predatory insects) and 96
of 117 studies (82%) reported positive effects on abundance of focal species (Bengtsson et al.
2005. Another review conducted by Hole et al. (2005) also demonstrated that biodiversity
tends to be higher on organic farms, with 66 cases where organic agriculture had a positive
effect on biodiversity, against eight with a negative and 25 with a mixed or no effect. More
recent reviews (Mondelaers et al. 2009; Gomiero et al. 2011; Rahmann 2011) have reached
the same conclusion that organic farming systems generally harbour greater floral and faunal
biodiversity than conventional systems. Moreover, Gomiero et al. (2011) and Rahmann
(2011) provided further support to the conclusion of Hole et al. (2005) and Pimentel et al.
(2005) that substantial biodiversity benefits may be achieved also by conventional agriculture
if properly managed and with the adoption of some organic farming technologies. There is
also considerable evidence that conservation tillage can provide a wide range of benefits
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(reduce soil erosion and runoff by changing soil management practices) to the environment
and wildlife (see reviews by Holland 2004 and Moreno et al. 2011).
Whilst the foregoing reviews have assessed the effects on terrestrial biodiversity of
“biodiversity-friendly” agricultural practices, the consequences for aquatic life have received
less attention (but see Yates et al. 2006 and Raymond & Vondracek 2011), despite reports
that declines in freshwater biodiversity are far greater than those in the terrestrial realm (Sala
et al. 2000; Dudgeon 2010). It is not known whether the benefits of alternative farming
systems reported in terrestrial ecosystems extend to streams flowing through the landscape.
This is a principle research question of my thesis (see Thesis aims and outline section below).
Increasing global interest in the relationship between agricultural land use and stream
condition reflects concerns that human activities strongly affect stream ecosystems. Increased
inputs of nutrients, sediment and pesticides have been a particular focus. Thus, for example, a
study evaluating the effects of different land uses (forest, agriculture and urban) in three North
Carolina piedmont streams showed marked differences in nutrient and sediment levels, with
the agricultural stream having the highest nutrient concentrations and suspended sediment
loads, even during low to normal flows (Lenat & Crawford 1994). Neumann and Dudgeon
(2002), in their study of the benthic communities of three Hong Kong streams, demonstrated a
significant decline in the number of sensitive taxa downstream of agricultural fields,
concluding that pesticides caused the changes in community composition following heavy
rain. Similarly, Cuffney et al. (2000) identified nutrients and pesticides as the primary factors
associated with the impairment of agricultural streams in the Columbia Basin ecoregion.
Indices of biological condition (fish, invertebrates, algae) declined as agricultural intensity
increased, with invertebrates and algae exhibiting a steep decline in several bioassessment
indices at relatively low levels of agricultural intensity (Cuffney et al. 2000).
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Over the last 40 years, New Zealand agriculture has been characterised by
intensification in the form of increasing stocking rates and inputs of fertiliser, pesticides and
stock food (MacLeod & Moller 2006). This intensification trend was predicted to continue for
the next 5 years, raising concerns about the sustainability of New Zealand farming (PCE
2004; MacLeod & Moller 2006). Whilst nonpoint source pollution from farming poses a
significant risk to New Zealand‟s environment, with more intensive farming likely to result in
poorer stream health (PCE 2004), there is limited knowledge of whether water quality is
improving or deteriorating and whether negative trends are occurring in catchments
dominated by particular land uses.
Several of the multiple consequences of land-use change in New Zealand stream
ecosystems have been studied. Townsend and Riley (1999) observed that nutrient
concentrations tend to increase with agricultural land use in response to runoff of fertilizers
and excretion by grazing animals adjacent to or directly in the stream. Increasing agricultural
intensity down the Pomahaka River catchment correlated with a significant shift in
invertebrate community composition from the sensitive Ephemeroptera, Plecoptera and
Trichoptera taxa dominating the headwater sites to snails, oligochaetes and chironomids
downstream (Harding et al. 1999). Similarly, Niyogi et al. (2007a) examined four streams
with varying levels of pastoral development along each catchment and found that
macroinvertebrate community measures and poor health index scores generally reflected
nutrient concentrations, deposited fine sediment, the absence of intact riparian vegetation, and
access of stock to streams. Whilst these studies in New Zealand and elsewhere have shown
that multiple anthropogenic stressors (e.g. nutrients, sediment, pesticides) from agricultural
land use strongly influenced macroinvertebrate communities, they cannot unambiguously
establish causal relationships because of the difficulty of disentangling effects of the various
5
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multiple stressors associated with intensified land use (Culp & Baird 2006; Matthaei et al.
2006).
Here, a stressor is defined as an abiotic or biotic factor that, as a result of human
activity, exceeds its range of normal variation and adversely affects individual taxa,
community composition or ecosystem functioning (Townsend et al. 2008). Stressors may
operate independently of one another or in combination (Folt et al. 1999) to affect stream
ecosystems, resulting in increases or decreases in biological response variables relative to
reference conditions (Johnson et al. 2007; Wagenhoff et al. 2011). Situations involving
multiple stressors are particularly complex and difficult to resolve both because the stressors
may vary spatially and temporally (e.g. Molinos & Donohue 2010; 2011) and because
interactions among simultaneously operating stressors may result in „ecological surprises‟
(Paine et al.1998; Ormerod et al. 2010). The effects of multiple stressors cannot simply be
predicted by studying stressors one at a time or revealed by single-species experiments due to
potential indirect food web-mediated effects (Sundbäck et al. 2010). Attempts to understand
how aquatic ecosystems respond to multiple stressors, and how the stressors interact (for
example synergistically, reinforcing each other, or antagonistically, opposing each other) are
now the focus on many studies around the world. A recent meta-analysis of 171 manipulative
studies in marine ecosystems (Crain et al. 2008) revealed a preponderance of synergistic
interactions between paired stressors but concluded that outcomes varied in different
scenarios: response level (community: antagonistic, population: synergistic), trophic level
(autotrophs: antagonistic, heterotrophs: synergistic), and specific pairs of stressors (7 additive,
3 synergistic, 3 antagonistic). Other researchers (Sala et al. 2000; Vinebrooke et al. 2004;
Brook et al. 2008) also suggested that multiple stressors will interact synergistically to
accelerate biodiversity loss. Against this background, Darling and Côté (2008) tested the
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prevalence and magnitude of such interactions by performing a meta-analysis of 112
published factorial experiments in terrestrial, freshwater and marine systems. These authors
found that synergies were not as common as expected and that other forms of stressor
interactions were equally likely. Taken together, the two reviews (Crain et al. 2008 and
Darling & Côté 2008) show that synergies may not be the rule in the interactions between
pairs of stressors. Nonetheless, both reviews demonstrate that synergistic interactions occur,
and also that they often increase in frequency if there are three or more stressors acting in the
same system.
Recent studies on the combined action of various pairs of agricultural stressors have
provided further understanding of multiple stressors in aquatic ecosystems. Stressors
investigated include increased bed sediment cover and nutrient concentration (e.g., Townsend
et al. 2008; Riddle et al. 2009; Wagenhoff et al. 2011), nutrient and pesticide inputs (Guasch
et al. 2007; Pesce et al. 2008; Dantin et al. 2010), mixtures of pesticides (atrazine and
lindane, Van den Brink et al. 2009; mixture of five insecticides and five herbicides, Relyea
2009; diuron and tebuconazole, Tlili et al. 2011), and sediment and fungicide exposure
(propiconazole, Wu et al. 2005; triphenyltin acetate, de Haas et al. 2005). These studies have
also highlighted how responses to stressors are not always consistently negative or positive
but may show a subsidy-stress relationship. In particular, responses to nutrient enrichment
frequently followed a subsidy-stress pattern where increasing concentrations of nutrients
produced a subsidy response (positive effect) but a further increase resulted in a stress
response (negative effect) (Odum et al. 1979; Quinn 2000). Nonetheless, the initial positive
nutrient effect was outweighed by sediment (Townsend et al. 2008; Wagenhoff et al. 2011) or
herbicide inputs (Pesce et al. 2008; Dantin et al. 2010). In contrast, the toxicity of the
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herbicide atrazine to periphyton communities did not change with phosphate addition (Guasch
et al. 2007).
The perturbation theory of Odum et al. (1979) predicts a strictly negative effect for
sediment and pesticide inputs. However, this prediction on the individual outcomes may be
precluded when multiple stressors, such as sediment and a pesticide or mixtures of pesticides,
are acting simultaneously. For example, in a study conducted in an experimental pond,
sediment and pesticide inputs individually caused stress to aquatic bryophytes, but in
combination, an increase in sediment decreased bioavailability of the fungicide propiconazole
whilst at the same time increasing turbidity and thus inhibiting plant photosynthesis (Wu et al.
2005). Although microcosm experiments with sediment and fungicide triphenyltin acetate, in
combination, showed a negative effect on the survival and growth of the sensitive mayfly
Ephoron virgo, a moderate inhibitory effect on survival and growth larvae of the tolerant
midge Chironomus riparius has been detected (de Haas et al. 2005). These studies suggest
that a strictly negative effect may not be the rule because of the complex nature of stressors in
combination. Moreover, responses to mixtures of pesticides varied widely depending on the
combinations of pesticides, concentrations used, duration of exposure and the organisms or
taxonomic groups being tested (Relyea 2009; Van den Brink et al. 2009; Tlili et al. 2011).
Departure from the above prediction when pesticide mixtures are involved is likely a
consequence of the different modes of action of the pesticides in the mix and their influence
on each other (Altenburger et al. 2003).
Glyphosate (N-(phosphonomethyl)glycine) is the most commonly used herbicide
worldwide for the control of terrestrial weeds (Baylis 2000; Woodburn 2000; see also
Glyphosate in aquatic environments section below). As yet, no studies have examined the
interaction between this herbicide and fine sediment load. Individually, sediment (Waters
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1995; Wood & Armitage 1997; Collins et al. 2011) and glyphosate-based herbicides (Pérez et
al. 2011; Villeneuve et al. 2011; for details see Glyphosate section below) has been shown to
cause negative effects on aquatic ecosystems. Consequently, the potential interactive effects
of these two particular stressors deserve investigation because their individual effects (see
preceding references) can influence community structure and ecosystem functioning in
streams worldwide. The outcomes of this interaction are likely to be complex because the
presence of sediment may reduce or augment the effects of the herbicide (see next section). In
addition, several studies suggest that glyphosate could potentially act as a phosphorus source
for periphyton (Goldsborough & Brown 1988 and Austin et al. 1991; but see Pérez et al.
2007) and at low doses can stimulate photosynthesis and growth in plants and algae
(Cedergreen 2007; Velini et al. 2008; Sáenz & Di Marzio 2009; Cedergreen & Olesen 2010).

1.2 Glyphosate in aquatic environments
Pesticides have been associated with changes to relative abundance and numbers of sensitive
species in aquatic ecosystems (Castillo et al. 2006; Schäfer et al. 2007; Schäfer et al. 2011).
Globally, herbicides are the most commonly used pesticides (52% of the total mass of active
ingredient), followed by insecticides (35%) and fungicides (13%), but herbicides have not
received the research attention they deserve (Relyea & Hoverman 2006). A similar pattern of
use has been recorded in New Zealand with herbicides (59%) being predominantly applied to
pasture, followed by fungicides (24%) and insecticides (17%), both of which are applied
mainly to horticultural crops (Wilcock 1993; Quinn 2000). It is worth noting that herbiciderelated toxicity may often be underestimated because of lack of information on the effects of
herbicides as complete formulations (the herbicide itself plus any associated surfactants)
(Braconi et al. 2011; but see Puglis & Boone 2011). However, in the case of the widely used
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herbicide glyphosate, toxicity studies have been carried out using commercial formulations
that include associated surfactants (e.g. Folmar et al. 1979; Mann & Bidwell 1999; Morjan et
al. 2002; Lajmanovich et al. 2011).
Developed primarily for non-crop agriculture, glyphosate has also been used in
connection with glyphosate-tolerant crop varieties, in no-till farming regimes, and in forestry
management practices such as site preparation and herbaceous weed control (Fuentes et al.
2011). In New Zealand, glyphosate use has increased steadily over the last two decades
(Holland & Rahman 1999; Manktelow et al. 2005), coincident with accelerated intensification
in the agricultural sector (MacLeod & Moller 2006). However, little information is available
about the level of contamination or exposure that may occur in streams and the potential
effects on New Zealand stream biodiversity.
Glyphosate is a non-selective herbicide that inhibits 5-enolpyruvylshikimate-3phosphate synthase, an enzyme needed in the aromatic amino acid biosynthetic pathway that
is present in plants and many microorganisms but is absent in animals (Stenersen 2004).
Microbial degradation of glyphosate produces a major metabolite, aminomethyl phosphonic
acid (AMPA) and ultimately leads to the production of water, carbon dioxide, and phosphate
(Bonnet et al. 2007). However, microbial degradation of AMPA has been reported to proceed
at a slower rate than glyphosate breakdown; hence much more frequently detected in surface
waters (Rueppel et al. 1977; Kolpin et al. 2006). AMPA is found to be less toxic than
glyphosate (Bonnet et al. 2007). The application of such a herbicide adjacent to freshwater
ecosystems can result in exposure of nontarget aquatic and semi-aquatic organisms through
spray drift, accidental overspray or runoff (Edwards et al. 1980). This raises the question of
potential effects on nontarget species. Giesy et al. (2000) pointed out that glyphosate is
strongly adsorbed to soil, which tends to prevent it from being taken up by non-target plants
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and reduces or slows leaching into groundwater or runoff from fields into surface waters.
There is some evidence that this strong binding property, coupled with microbial
decomposition that removes glyphosate from water, has the effect of reducing exposure of
aquatic organisms to the pesticide (Solomon & Thompson 2003). However, studies rigorously
testing this assumption in natural aquatic environments are rare (Simenstad et al. 1996; Vera
et al. 2010). Further, most glyphosate-based products contain the surfactant polyoxyethylene
tallowamine (POEA) to enhance efficiency because glyphosate on its own does not penetrate
the plant cuticle. This surfactant has been reported to be more toxic to aquatic organisms than
the glyphosate itself (Folmar et al. 1979; Tsui & Chu 2003; Brausch et al. 2007; Brausch &
Smith 2007). Glyphosate has an aquatic half-life ranging from 2 to 14 days, whereas that of
the associated POEA surfactant in the environment has been conservatively estimated at 21–
41 days (Giesy et al. 2000).
Laboratory studies have shown that in the presence of fine sediment in the
experimental system, the toxicity to test organisms of selected glyphosate formulations (Tsui
& Chu 2004) and the POEA surfactant (Wang et al. 2005) can be substantially reduced. Field
investigations in forest ponds have also demonstrated that fine sediment can rapidly adsorb
glyphosate from the aquatic environment (Goldsborough & Beck 1989; Goldsborough &
Brown 1993). On the other hand, Relyea (2005) concluded that adding soil to experimental
ponds made no difference to the effects of a commercial formulation of glyphosate (Roundup)
on North American tadpoles, arguing that adsorption to soil did not occur fast enough to
prevent high death rates. These previous studies have investigated attenuation of glyphosate
and its surfactant by soil/sediment presence, sediment type and sediment organic carbon
content, but none have examined the effects of varying levels of fine sediment on this
attenuation, and none have been conducted in running waters.
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Recent evidence has shown that glyphosate is more mobile than previously thought,
with glyphosate and AMPA residues detected in surface runoff (e.g. Shipitalo et al. 2008;
Laitinen et al. 2009) and in streams adjacent to agricultural fields (e.g. Battaglin et al. 2005;
Peruzzo et al. 2008) (see Table 1.1 for a review of such studies). Indeed, high concentrations
of glyphosate have frequently been found in streambed sediments (e.g. Newton et al. 1984;
Wan et al. 2006). Consequently, this herbicide may potentially influence benthic stream
organisms, in spite of its supposedly strong adsorption to soil.

Table 1.1 Selected references on concentrations of glyphosate and AMPA found in surface water
(µg L-1) and sediment (mg Kg-1)
Reference
Canada
Sullivan et al. 1981

Wan 1986

Goldsborough &
Beck 1989

Max. glyphosate
conc.

Additional notes

2 streams & 1 pond
in the University of
British Columbia
Research Forest,
Maple Ridge

No measurements
made

No clear negative effect associated with treatment
over a 47-day observation period;

Streams protected
and unprotected by
a buffer zone in the
University of
British Columbia
Research Forest and
Chilliwack/ Sechelt
forest districts

100 (water)
0.40 (sediment)

Four small boreal
forest ponds in
southeastern
Manitoba

141 (water)

Habitat/Location

Several variations in different species of algae were
noted in streams and pond: changes occurring in
the streams were attributed to seasonal changes
rather than treatment; changes seen in algal species
in the pond could not be clearly associated with
treatment
Peak conc. in unprotected stream following 1st major
rainstorm (8 days post-treatment)
AMPA concentration in water < 5 µg L-1; AMPA in
sediment peaked at 0.40 mg Kg-1
In protected streams, highest levels detected in water
and sediment were 25 µg L-1 (AMPA < 5 µg L-1)
and 0.20 mg Kg-1 (AMPA = 0.10 mg Kg-1),
respectively, following several rainstorms
Max conc. 6 hr after herbicide application; 11 days
post-application, residue decreases to < 3 µg L-1;
reported first order half-lives ranges from 1.5 to 3.5
days;
Levels of AMPA did not exceed 2.2 µg L-1 and no
longer detected on day 11 onwards;
Authors suggest that the high affinity of glyphosate to
suspended particles, sediment and soil and the
decrease in conc. in surface water is a reflection of
adsorptive losses
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Table 1.1 Continued.
Reference

Habitat/Location

Kreutzweiser et al.
1989; Feng et al.
1990

Tributaries of the
Carnation Creek,
Vancouver Is,
British Columbia

Max. glyphosate
conc.

Additional notes

162 (water)

Peak conc. in water 2 h post spray; 109 µg L-1
following 1st rainfall after treatment (27 h later)
A transient increase was seen for Gammarus (2-fold),
and Paraleptophlebia (11-fold) during the rain
event; but effect could not be unequivocally linked
to treatment;
Concentration of AMPA were approximately 2% of
concurrent glyphosate concentration

Trotter et al. 1990

Aquatic systems
(review paper)

65 (water)

Max. acceptable conc. in aquatic ecosystems
protective of aquatic life;
Value is based upon application of 0.05 factor
(Canadian Council of Resource and Environment
Ministers [CCREM] application factor for
nonpersistent substances) to the 96h LC50 value
[conc. in water that kills 50% of the test animals in
a given time] of 1300 µg L-1 for rainbow trout
determined by Folmar et al. (1979)

Goldsborough &
Brown 1993

Three small boreal
forest ponds in
southeastern
Manitoba

119.6 (water)
0.94 (sediment)

Max conc. at 2.5 h post treatment; rapidly dissipates
from water with half-lives of 3.5 – 11.2 days;
Glyphosate and AMPA conc. increase in sediment to
day 36, suggesting sediment adsorption a major
sink;
Max AMPA conc. in sediment (0.27 mg Kg-1)
observed 36 d post-treatment

Wan et al. 2006

Farm ditches
(contiguous to
tributary streams) of
the Lower Fraser
River, British
Columbia

9 (water)
3.5 (sediment)

Peak conc. in unfiltered ditch water; Mean glyphosate
conc. in unfiltered ditch water = 6 µg L-1 (n=6);
mean conc. in sediment = 1.23 mg Kg-1 (n=6);
AMPA: max conc. 2 µg L-1 (unfiltered ditch water);
mean conc. in water =2 µg L-1 (n=4); max conc. in
sediment = 4.10 mg Kg-1; mean conc. 2.3 mg Kg-1
(n=5);
Sediment in farm ditches a sink for farm pesticide
residue loadings

Byer et al. 2008

Surface waters in
urban and rural
watersheds
throughout Ontario

12 (water)

Max value recorded (urban) during precipitation
event with corresponding max AMPA conc. of
0.97 µg L-1;
Max value recorded from rural sample (5.38 μg L-1);
85% (204 of 240) of the samples with detectable
conc. < 0.5 μg L-1
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Table 1.1 Continued.
Reference

Habitat/Location

Struger et al. 2008

Rivers, small
streams, and lowflow wetlands
across southern
Ontario

Max. glyphosate
conc.

Additional notes

41 (water)

Peak glyphosate residue detected;
All observations (n=421) below the Canadian Water
Quality Guidelines of 65 µg L-1;
Mean = 15.2 µg L-1 (with an upper 99% CL bound of
21 µg L-1) using a subset of 45 samples with
concentrations >5 µg L-1 (detection limit);
AMPA max observed conc. = 66 µg L-1

USA
Comes et al. 1976

Four irrigation
canals in the
Yakima Valley,
Washington (2 dry
canals then filled
with water after
treatment; 2 with
flowing water)

0.37 (sediment)

Max conc. detected one day before canals were filled
with water; AMPA in sediment 0.78 mg Kg-1;
None was detected after first flow of water;

161 (water)

Max conc. detected 0.3 km downstream of treatment
site (91% of the applied glyphosate); detected
further downstream at 1.6 km (110 µg L-1), 8 km
(108 µg L-1) and 14.4 km (90 µg L-1)
corresponding to 70, 68 and 58% of the applied
amount;
Authors attributed observed loss to reaction with
suspended or dissolved substances in water rather
than to uptake by bottom sediment

Edwards et al. 1980

Field runoff from
catchments used for
corn production
(North Appalachian
Experimental
Watershed in Ohio)

5,153 (runoff)

Peak conc. one day after treatment at the highest
application rate; 2 µg L-1 glyphosate was detected
in runoff up to 4 months after treatment;
At lower application rates, max conc. in runoff
< 100 µg L-1, 9-10 days after application and
decreased to < 2 µg L-1 within 2 months;
Max amount of transport by runoff was 1.85% of the
amount applied

Newton et al. 1984

Small perennial
stream in Oregon
Coast Range forest

270 (water)
0.56 (sediment)

Conc. higher in sediment than in water and persisted
longer; AMPA conc. in sediment 0.12 mg Kg-1;
Absence of glyphosate in stream water when
streamwater was carrying runoff from the treated
site suggested strong adsorptive capacity of
glyphosate on soil and organic detritus;
Two of 41 streamwater show traces of AMPA (10
and 50 µg L-1)
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Table 1.1 Continued.
Reference

Habitat/Location

Newton et al. 1994

Streams and ponds
in three forest
ecosystems
(Oregon, Michigan
and Georgia)

Max. glyphosate
conc.

Additional notes

1,237 (stream
water)
1,678 (pond
water)

Peak conc. detected in Michigan stream and pond
water;

0.69 (stream
sediment)

Peak conc. 3 days post-treatment (Michigan);
residues in stream sediment very low but more
persistent than in water;

AMPA max. conc. observed also in Michigan stream
and pond water (10 and 35 µg L-1, respectively);

Glyphosate conc. in pond sediment: Oregon (2.36 mg
Kg-1), Michigan (1.92 mg Kg-1) and Georgia (0.26
mg Kg-1)
Peck conc. AMPA in sediment = 1.3 mg Kg-1
(Oregon and Michigan)
Battaglin et al. 2005

51 Midwestern
streams

8.70 (water)

Max observed conc.; recorded during harvest season;
Detectable levels found in 35% of the samples for
glyphosate (n=154); 69% for AMPA (n=107); no
mean values given;
AMPA max observed conc. = 3.6 µg L-1; also
measured during harvest season
Glyphosate was not adsorbed to sediment as the
herbicide was detected in surface water samples
from many streams;
Glyphosate can persist for a long time in soil or
sediment, where it may remain susceptible to
mobilisation after rainfall

Kolpin et al. 2006

10 urban streams
across the country
receiving effluents
from wastewater
treatment plants

2.20 (water)

Peak conc. detected; detectable glyphosate levels
found in 17.5% of 40 samples; median=0.1 µg L-1
AMPA: max=3.90 µg L-1 (median=0.34 µg L-1);
detectable levels found in 67.5% in 40 samples
Urban use contributes to glyphosate and AMPA conc.
in streams;
Glyphosate detection decreased about 45% as water
moved from the 1st to the 2nd downstream sites;
AMPA detection decreased only by 3%;
Glyphosate and AMPA are more mobile and
persistent in aquatic environments than earlier
research has indicated
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Table 1.1 Continued.
Reference

Habitat/Location

Shipitalo et al. 2008

Field runoff from
glyphosate-tolerant
soybean farms in
North Appalachian
Expt. Watershed in
Ohio

Max. glyphosate
conc.
9.2 (water)

Additional notes
Max annual flow-weighted conc.; mean conc.=1.74
µg L-1
Exceeds the European drinking water standard of
0.1 µg L-1;
Highest conc. observed for AMPA = 31 µg L-1
Mean conc.=0.20 µg L-1

Battaglin et al. 2009

France
Pesce et al. 2008

Vernal pools and
adjacent streams in
Washington, DC,
Maryland, Iowa and
Wyoming

328 (water)

River Jauron
(Central France)

0.74 (water)

Highest conc. measured; highest AMPA = 41 µg L-1
Study provides baseline information on the
occurrence of glyphosate, among other pesticides,
in selected National Parks and Wildlife Refuges

Peak conc. at downstream site
Upstream site: glyphosate = 0.23 µg L-1 (n=1);
AMPA mean = 0.59 µg L-1 (n=2)
Downstream site: glyphosate mean = 0.438 µg L-1
(n=4); AMPA mean = 2.707 µg L-1 (n=6)
AMPA max observed conc. = 1.01 µg L-1
(upstream); 4.17 µg L-1 (downstream)
Lowest chl a and cell density values recorded
following pesticide peaks suggest adverse effects
by herbicides which are higher than stimulation by
high nutrient concentrations

Botta et al. 2009

The Orge River
catchment
(Northern France)

90 (water)

Max conc. detected in storm sewer immediately after
rain event; high conc. detected reflects urban
runoff impact;
Highest AMPA conc. measured in a waste water
sample = 3.6 µg L-1

Finland
Laitinen et al. 2009

Surface water
runoff from
experimental field
in Toholampi

5.7 (water)

Highest conc. of glyphosate (AMPA = 0.51 μg L−1)
obtained right at the end of snow melt;
Major part of the load (99%) obtained within two
weeks during snow melting and soil thawing in the
first winter following autumn application,
indicating long persistence of glyphosate in boreal
soils
Flow-weighted mean (± standard deviation) conc. of
glyphosate (2.88 ± 1.23) and AMPA (0.30 ± 0.17),
(n = 22 samples)
Exceeds the EU threshold value for drinking water
(0.1 μg L−1);
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Reference
Germany
Skark et al. 1998

Habitat/Location

Two small
tributaries of the
River Ruhr in
Schwerte, NorthRhine-Westphalia

Max. glyphosate
conc.

Additional notes

0.59 (water)

Peak concentration after weed control application
Geometric mean of glyphosate conc. = 0.065 µg L-1
(in Gerrenbach; n=19) and 0.16 µg L-1 (in
Lettebach; n=17);
Geometric mean of AMPA = 0.07 µg L-1 (in both
sites)

Austria
Popp et al. 2008

The River
Dornbirner Ache
and three waste
water treatment
plants in Lauterach

2.0 (water)

Highest conc. detected in plant effluent; highest
conc. for AMPA = 14 µg L-1;
Mean values of 1.07 and 6.24 µg L-1 for glyphosate
(n=7 samples with detectable conc.) and AMPA
(n=8), respectively
River water samples has conc. of 0.67 μg L−1
glyphosate and 2.8 μg L−1 AMPA

Australia
Bowmer 1982

Bowmer et al. 1986

Argentina
Peruzzo et al. 2008

Six irrigation
channels with
flowing water in
New South Wales

410 (water)

Max conc. detected at treatment site; still detected
further downstream at 2 km (282 µg L-1), 4 km
(197 µg L-1) and 16 km (98 µg L-1)

Irrigation channels
in River Murray
(Niemur Drain),
New South Wales,
Australia

5,200 (water)

Max conc. immediately after application;

A 1st order stream
and 5 tributaries in
the PergaminoeArrecifes system,
Buenos Aires,
Argentina

700 (water)
5.0 (sediment)

Adsorption of glyphosate (conc. > 500 µg L-1) by
suspended particles remove only < 30% of the
total; phytotoxicity not reduced by reaction with
particles in water or adsorption by bottom sediment
Max conc. detected; authors noted significant
increase in the conc. observed corresponds with the
studied rain events
Levels of glyphosate conc. detected in sediment
samples collected near cultivation areas increase
proportionally to the dosage of the applications

The effects of glyphosate and its formulation (including surfactant) on different
aquatic organisms have been investigated in a number of ecotoxicological studies and variable
toxicity has been reported, with the formulated products generally being more toxic to aquatic
organisms than the active ingredient. Table 1.2 briefly reviews reported effects on aquatic
plants, algae, bacteria and invertebrates. Impacts of glyphosate formulation on amphibians
(Mann et al. 2009; Jones et al. 2011; Relyea & Jones 2009) and fish (Cattaneo et al. 2011; de
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Menezes et al. 2011; Glusczak et al. 2011) have also attracted increasing attention in recent
years, but these are not included in Table 1.2 because I did not study these organisms in my
PhD research.

Table 1.2 Comparisons of the effects of glyphosate alone (i.e. technical grade acid or salts of
glyphosate; e.g. Rodeo, Avans), glyphosate formulations (glyphosate + surfactant; e.g. Ron-do,
Roundup, etc.), AMPA and surfactant only (e.g. Polyethoxylated tallowamine or POEA) on aquatic
organisms in single species and community assays, indicating concentrations used and exposure
duration. EC50 = median effective concentration, LC50 = median lethal concentration, IC50 = median
growth inhibition concentration. n.c. = not clarified
Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Effects

Single-species culture assay
Algae
Sáenz et al. 1997

Glyphosate
(IPA salt)
3,100 – 100,000

4d

Scenedesmus acutus
and
S. quadricauda

EC50 S. acutus = 10,200 µg L-1
EC50 S. quadricauda = 7,200 µg L-1
Significant decrease in chl a in
S. quadricauda at 50,000 µg L-1

Ron-do®
2,500 – 40,000

EC50 = 9,100 µg L-1 (both species)

4d

Significant growth inhibition at ≥6,400
µg L-1 (both species)
Wong 2000

Glyphosate (acid)
20-200,000

8d

S. quadricauda

Stimulated algal growth at 20 µg L-1,
photosynthesis at 200 µg L-1 and chl
a synthesis 20 µg L-1;
Significantly inhibited the three above
parameters at 2000 µg L-1;
Completely inhibited all three test
parameters at >20,000 µg L-1

Tsui & Chu 2003
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Glyphosate (acid)
100 – 1,000,000

4d

Selenastrum
capricornutum
(green alga) and
Skeletonema
costatum (diatom)

Diatom 7–10 times more sensitive
compared to green alga
IC50 S. capricornutum = 24,700 µg L-1
IC50 S. costatum = 2,270 µg L-1

Glyphosate
(IPA salt)
1,000 – 1,000,000

IC50 S. capricornutum = 41,000 µg L-1
IC50 S. costatum = 5,890 µg L-1

Roundup®
1,000 – 100,000

IC50 S. capricornutum = 5,810 µg L-1
IC50 S. costatum = 1,850 µg L-1

POEA
1,000 – 100,000

IC50 S. capricornutum = 3,920 µg L-1
IC50 S. costatum = 3,350 µg L-1
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Cedergreen &
Streibig 2005

Glyphosate (n.c.)
(conc. not specified)

2d

Organism(s)/system

Effects

Pseudokirchneriella
subcapitata

EC50 = 270,000 µg L-1

Roundup®
(conc. not specified)
Pereira et al.
2009

Glyphosate (n.c.)
61,5000 – 200,000

EC50 = 64,700 µg L-1

4d

P. subcapitata

Glyphosate and Spasor has no effect on
algal growth;
EC50 = 108,000 – 158,000 µg L-1

Spasor®
49,000 – 237,000
Sáenz &
Di Marzio 2009

Glyphosate (n.c.)
1,000 – 100,000

EC50 = 63,000 – 79,000 µg L-1

4d

S. acutus,
S. quadricauda,
Chlorella vulgaris
and Raphidocelis
subcapitata

Roundup®
300 – 41,400

EC50 S. acutus = 10,200 µg L-1
EC50 S. quadricauda = 7,200 µg L-1
EC50 C. vulgaris = 13,100 µg L-1
EC50 R. subcapitata = 11,660 µg L-1
EC50 S. quadricauda = 120,000 µg L-1
EC50 R. subcapitata = 154,000 µg L-1
Stimulates photosynthesis rate at
15,000 µg L-1 for S. quadricauda and
between 1,350 and 50,000 µg L-1 for
R. subcapitata;
Effects on population growth for all
four species appeared at conc.
between 300 – 3,700 µg L-1

Vendrell et al.
2009

Glyphosate (acid)
100 – 100,000

3d

S. acutus,
S. subspicatus,
Chlorella vulgaris
and
C. saccharophila

Chorella species less sensitive than
Scenedesmus species;
50% growth reduction over 3 d:
EC50 C. vulgaris = 40,600 µg L-1
EC50 C. saccharophila = 41,700 µg L-1
EC50 S. acutus= 24,500 µg L-1
EC50 S. subspicatus = 26,000 µg L-1
10% growth inhibition in conc. ranging
from 1,600 to 3,000 µg L-1

Aquatic plants
Cedergreen &
Streibig 2005

Glyphosate (n.c.)
(conc. not specified)

7d

Lemna minor

Roundup®
(conc. not specified)
Sobrero et al.
2007

Glyphosate (acid)
500 – 80,000

EC50 = 46,900 µg L-1
EC50 = 11,200 µg L-1

10 d

L. gibba

IC50 = 20,500 µg L-1
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Effects

Vibrio fischeri
(bacterium),
Tetrahymena
pyriformis and
Euplotes vannus
(ciliates)

15 min IC50 V. fischeri = 17,500 µg L-1
40h IC50 T. pyriformis = 648,000 µg L-1
48 h IC50 E. vannus = 10,100 µg L-1

Bacteria and Protozoa
Tsui & Chu 2003

Glyphosate (acid)
100 – 1,000,000

15 min
40 h
2d

Glyphosate
(IPA salt)
1,000 – 1,000,000
Roundup®
1,000 – 100,000

IC50 V. fischeri = 162,000 µg L-1
IC50 T. pyriformis = 386,000 µg L-1
IC50 E. vannus = 64,090 µg L-1
Bacterium and protozoa had similar
sensitivities towards Roundup toxicity
IC50 V. fischeri = 24,900 µg L-1
IC50 T. pyriformis = 29,500 µg L-1
IC50 E. vannus = 23,500 µg L-1
IC50 V. fischeri = 10,200 µg L-1
IC50 T. pyriformis = 4,960 µg L-1
IC50 E. vannus = 5,000 µg L-1

POEA
1,000 – 100,000

Pettersson &
Ekelund 2006

Avans®
Roundup®
0.1 – 200

7d

Euglena gracilis
(green flagellate)

Upward swimming, motility and
compactness affected at 200 µg L-1,
(except for upward swimming where
Roundup has no effect)
Velocity affected at 100 and 200 µg L-1;
Avans more toxic than Roundup

Amorós et al.
2007

Roundup®
50,000 and 100,000

22 d

Aeromonas caviae
(bacterium)

Viability markers unaffected;
Significant increase in Aeromonas spp.
counts in samples containing
glyphosate compared to control
EC50 = 36,400 µg L-1 (Roundup)
EC50 = 64,000 µg L-1 (Roundup+lake
water)

Bonnet et al.
2007

Glyphosate (acid)
500 – 5,000,000

15 – 45
min

V. fischeri and
T. pyriformis

Inhibited growth rate at conc.
500,000 – 2,000,000 µg L-1
15 min EC50 = 18,230 µg L-1
45 min EC50 = 87, 900 µg L-1

AMPA
500 – 5,000,000

15 min EC50 = 53,430 µg L-1
45 min EC50 = 166,500 µg L-1
Growth rate unaffected
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Glyphosate
(IPA salt)
20, 200, 2000
(drift studies)

2–4d
(acute toxicity)

100, 1,000, 10,000
(avoidance studies)

1h (avoidance)

Organism(s)/system

Effects

Daphnia magna
(cladoceran),
Gammarus
pseudolimnaeus
(scuds),
Chironomus
plumosus
(midge larvae) and
Ephemerella
walkeri (mayfly
nymphs)

Glyphosate less toxic than
Roundup; glyphosate did not
stimulate drift

Invertebrates
Folmar et al.
1979

12 h (drift)

Roundup®
20, 200, 2000
(drift studies)

48 h EC50 midge larvae =
55,000 µg L-1

96 h LC50 mature scuds =
43,000 µg L-1
48 h EC50 daphnids =
3,000 µg L-1

100, 1,000, 10,000
(avoidance studies)

48 h EC50 midge larvae =
18,000 µg L-1
Mayfly nymphs avoided
10,000 µg L-1
In a simulated field application,
midge larvae avoided 2,000 µg L-1

POEA
20, 200, 2000
(drift studies)

48 h EC50 midge larvae =
13,000 µg L-1
Toxicities similar to Roundup

100, 1,000, 10,000
(avoidance studies)
Tsui & Chu 2003

Glyphosate (acid)
100 – 1,000,000

2d

Glyphosate (IPA
salt)
1,000 – 1,000,000

Tsui & Chu 2004

Ceriodaphnia dubia
(cladoceran)
and Acartia tonsa
(copepod)

LC50 C. dubia = 147,000 µg L-1
LC50 A. tonsa = 35,300 µg L-1
LC50 C. dubia = 415,000 µg L-1
LC50 A. tonsa = 49,300 µg L-1

Roundup®
1,000 – 100,000

LC50 C. dubia = 5,390 µg L-1
LC50 A. tonsa = 1,770 µg L-1

POEA
1,000 – 100,000

LC50 C. dubia = 1,150 µg L-1
LC50 A. tonsa = 570 µg L-1

Rodeo®
1,000 – 1,000,000

2d

C. dubia and
Hyalella azteca
(amphipod)

Water-only toxicity tests, the order
of toxicity: Roundup > Roundup
Biactive > Rodeo; difference in
toxicity due to different
surfactants present
LC50 C. dubia = 415,000 µg L-1
LC50 H. azteca = 225,000 µg L-1
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Roundup Biactive®
1,000 – 1,000,000

Effects
Both organisms equally sensitive to
Roundup Bioactive
LC50 C. dubia = 81,500 µg L-1
LC50 H. azteca = 120,000 µg L-1

Roundup®
1,000 – 100,000

H. azteca more sensitive to Roundup
and Rodeo than C. dubia;
LC50 C. dubia = 5,700 µg L-1
LC50 H. azteca = 1,500 µg L-1
Porewater toxicity tests: Roundup
(LC50 = 244 mg Kg-1) and
Roundup Biactive (LC50 = 340 mg
Kg-1) similarly toxic in the
sediment tests at 0% organic
carbon;
Increase in organic carbon
significantly decreased toxicity of
Roundup in sediment but not for
Roundup Biactive

Wang et al. 2005

POEA
8,000

4d

D. magna

Higher mortality (43 – 83 %
compared to control) in water from
water-only treatment throughout
the study;
Elevated mortality (23 – 97 %
compared to control) in overlying
water from water–sediment
microcosms during the first 24 h
(after which morality decreased to
levels similar to control);
Mean conc. in the water-only
treatment remained relatively
constant (3,700 to 5,700 µg L-1)
during the 4-d study;
Mean conc. in the overlying water in
sediment treatments decreased from
4,500 µg L-1 (start of the experiment)
to 71 (1.5% total organic carbon
sediment microcosm) and 5 µg L-1
(3.0% TOC sediment microcosm) on
day 4
Toxicity in water rapidly declines in
the presence of sediment

Brausch & Smith
2007
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POEA
0.01 – 10,000

2d

Thamnocephalus
platyurus (fairy
shrimp)

All POEA surfactant formulations
extremely toxic; 48 h LC50s = 2.01,
2.70 and 5.17 µg L-1 for surfactants
with oxide:tallowamine ratio 15:1,
10:1 and 5:1, respectively
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Effects

Brausch et al.
2007

POEA
0.1 – 10,000

2d

D. magna

Formulation 10:1 (oxide:tallowamine
ratio) most acutely toxic; 48 h LC50
= 97.0 µg L-1;
All formulations inhibited growth at
conc. between 100 and 500 µg L-1

Bringolf et al.
2007

Glyphosate (acid)
12,500 – 200,000

Glyphosate
(IPA salt)
800 – 12,500

2d
(glochidia)

Lampsilis
siliquoidea
(fatmucket clam)

4 d and 28 d
(juveniles)

48 h EC50 > 200,000 µg L-1
96 h EC50 > 200,000 µg L-1
21d EC50 > 200,000 µg L-1
48 h EC50 = 5,000 µg L-1
96 h EC50 = 7,200 µg L-1
28d EC50 = 4,800 µg L-1

Isopropylamine
(IPA)
800 – 12,500

48 h EC50 = 4,600 µg L-1
96 h EC50 = 6,300 µg L-1

Roundup Ultramax®
600 – 10,000

48 h EC50 = 2,900 µg L-1
98 h EC50 = 5,900 µg L-1
28 d EC50 = 3,700 µg L-1
Roundup acutely toxic to early life
stages of freshwater mussels

Aqua Star®
125,000 – 200,000

48 h EC50 > 148,000 µg L-1
98 h EC50 > 148,000 µg L-1
28 d EC50 = 43,800 µg L-1
Does not contain POEA; hence, was
not acutely toxic to L. siliquoidea
glochidia and juveniles
48 h EC50 = 500 µg L-1
98 h EC50 = 3,800 µg L-1
28 d EC50 = 1,700 µg L-1

POEA
300 – 5,000

POEA most toxic constituent and
likely responsible for the toxicity
of Roundup
Achiorno et al.
2008

Glyphosate (acid)
100 – 8,000

2 d (larvae)
4 d (embryos
and adults)

Chordodes nobilii
(horsehair worm)

No differences in toxicity detected
between the active ingredient and
formulated product
No effect on embryonic
development;
Significant decline in the infective
capacity of larvae derived from
eggs exposed to ≥ 100 µg L-1 and
for larvae under direct exposure

Roundup®
70 – 6,000

EC50 adult = 1,760 µg L-1
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Effects

Contardo-Jara et
al. 2009

Glyphosate (acid)
50 – 5,000

4d

Lumbriculus
variegatus
(oligochaete)

Glyphosate accumulates in
L. variegatus;
Significant uptake (at 500 and 1000
µg L-1) and bioaccumulation (at 50
and 100 µg L-1);
Accumulated amounts of glyphosate
and Roundup cause an elevation of
the biotransformation enzyme
sGST at nontoxic concentrations

Roundup Ultra®
50 – 5,000

Roundup is of more ecotoxicological
relevance than glyphosate;
Significant uptake (from 500 – 1,000
µg L-1) and bioaccumulation (from
50 – 500 µg L-1)

Pereira et al.
2009

Glyphosate (n.c.)
Up to 2,000,000

2d

D. magna

Daphnids fairly insensitive to
glyphosate and Spasor;
Not immobilised; no EC50 could be
determined

Spasor®
265,000 – 355,000

Not immobilised;
EC50 = 299,000 – 315,000 µg L-1
Community Assays

Phytoplankton and/or periphyton communities
Goldsborough &
Brown 1988

Roundup®
89,000 – 1,800,000

4h

lab microcosms

Photosynthetic activities decreased
with increasing conc.;
EC50 = 35,400 – 69,700 µg L-1

Austin et al. 1991

Vision®
1 – 300

88 d

artificial streams

Periphyton species composition and
biomass accrual unaffected;
Vision may actually serve as a source
of phosphorus (subsidy) to benthic
algae

Schaffer &
Sebetich 2004

Rodeo®
125 – 12,500

6h

lab microcosms

Stimulated primary productivity
across all treatment conc. (161 and
168% increase compared to
control)
Authors describe that observed
stimulated could be due to the use
of nitrogen and phosphorus
released through glyphosate
degradation
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Table 1.2 Continued.
Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Effects

Kish 2006

Roundup®
7,800 – 39,000

7d

field microcosms

No effect on periphyton biomass;
Chlorophyll ratios suggest
community composition not
affected, although Roundup
appears to favour eukaryotic
periphyton

Pérez et al. 2007

Roundup®
6,000 and 12,000

11 d

mesocosms

Changes in community structure
elicited at 6,000 µg L-;
Decrease in the total micro- and
nanophytoplankton; increase in
picocyanobacteria;
Observed changes in microbial
assemblages due to direct toxic
effect of glyphosate rather than to
indirect effect via phosphorus
enrichment

Vera et al. 2010

Roundup®
8,000

42 d

mesocosms

Periphyton communities negatively
affected; diatoms more susceptible
than cyanobacteria;
Single glyphosate addition results in
a long-term (1 year) shift in the
typology of contaminated
mesocosms suggesting sedimentadsorbed glyphosate is being
released to the water slowly
causing long-term effect on
periphyton composition

Microbial communities
StachowskiHaberkorn et al.
2008

Roundup®
1 and 10

7d

field microcosms

Effect on natural coastal microbial
communities at 1 µg L-1 for
prokaryotes and at 10 µg L-1 for
some pico-eukaryotes;
Authors conclude that glyphosate
pollution during run-off events can
modify microbial communities in
some coastal areas

Widenfalk et al.
2008

Glyphosate (n.c.)
0.15 mg Kg-1 and
150 mg Kg-1
(sediment dry
weight)

31 d

lab microcosms

Effects not detectable using
community-level endpoints
(heterotrophic bacterial production
or microbial biomass)
Only genetic diversity assessment
using terminal restriction fragment
length polymorphism (t-RFLP)
analysis shows bacterial
community shifts in response to
glyphosate treatments
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Reference

Concentration
(µg L-1)

Exposure
duration

Organism(s)/system

Effects

Pesce et al. 2009

Glyphosate (n.c.)
10

14 d

lab microcosms

No effect on algal biomass, bacterial
activity, or bacterial community
diversity
Effects on algal community
composition and eukaryotic
community diversity detected only
from samples collected during
summer;
Study suggests that exposure vary
between experiments and season

Field studies on the toxicological effects of glyphosate on stream organisms failed to
differentiate phytotoxicity from natural seasonal succession of algae (Sullivan et al. 1981) or
to distinguish invertebrate drift caused by glyphosate contamination from that occurring
naturally in response to changes in stream discharge (Kreutzweiser et al. 1989). Laboratory
studies have provided clear-cut toxicological effects of glyphosate (Wong 2000, Tsui & Chu
2003; Sáenz & Di Marzio 2009; see Table 1.2) but uncertainties remain about the relationship
of laboratory data to actual contaminant exposure in nature (in terms of concentrations and
durations). Independent effects of stressors estimated by conventional single-species,
laboratory dose-response tests ignore any sublethal effects of the pesticide formulation as well
as mediating effects of other abiotic stressors (such as fine sediment) or species interactions,
all of which can regulate community structure and ecosystem processes (Relyea & Hoverman
2006; Rohr et al. 2006). Consequently, the use of experimental systems (microcosms and
mesocosms) has gained momentum in ecological risk assessment. When designed well, these
systems allow the individual impacts of co-occurring stressors to be tested in a reasonably
realistic setting while controlling other relevant environmental variables (Culp et al. 2000a).
Moreover, experimental approach that aims to assess ecological risk of glyphosate in aquatic
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environments should consider the suggestion of Tsui and Chu (2004; p. 322) that “further
research should employ multiple benthic test organisms, endpoints (especially sublethal
effects), and sediment types in sediment spiking studies in order to elucidate the other key
controlling factors on the bioavailability and toxicity of formulations based on glyphsoate and
surfactants commonly used in commercial products”. By integrating multiple trophic levels as
well as various endpoints, my research was designed to provide a full picture of multiplestressor impacts on ecological stream condition and to identify indicator taxa (invertebrates or
algae) or other useful bioassessment indicators.

1.3 Taxonomic and trait-based approaches in biomonitoring and ecological risk
assessment
Biological response variables widely used to measure impacts of anthropogenic stressors in
streams and rivers are often based on benthic macroinvertebrates (Boothroyd & Stark 2000;
Bonada et al. 2006) and include densities (e.g. total invertebrate density, density of the
sensitive insect orders Ephemeroptera, Plecoptera and Trichoptera or EPT), biomass as ash
free dry mass (AFDM), various measures of taxon richness (total taxon richness, EPT
richness), abundance ratios (% EPT, % dominant taxon), and diversity (Shannon, Simpson)
and more complex biotic indices such as Britain‟s BWMP and New Zealand‟s MCI that
weight species according to their sensitivity to pollution. Whilst benthic macroinvertebrates
have usually been the preferred group for use in biomonitoring (Resh 2008; Dolédec &
Statzner 2010), other focal assemblages include algae (Francoeur & Biggs 2006; Roubeix et
al. 2011; Tlili et al. 2011), macrophytes (Mohr et al. 2007; Mackay et al. 2010; Coutris et al.
2011) and fish (Kemp et al. 2011; Schmitter-Soto et al. 2011; Yoon et al. 2011). Assessments
have also been based on more than one of these assemblages to provide a broader evaluation
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of stream condition and greater sensitivity to detect environmental degradation (e.g. Hering et
al. 2006; Wagenhoff et al. 2011) or combinations of biotic indices to increase bio-diagnostic
capability (Chessman & McEvoy 1998; Clews & Ormerod 2009). Generally, monitoring and
assessment of stream ecosystems have been directed towards the use of these structural
indicators (Friberg et al. 2009; Sandin & Solimini 2009). However, more recently functional
indicators have also been increasingly used to detect ecosystem stress (e.g. Fellows et al.
2006; Bergfur et al. 2007; Young et al. 2008; Gücker et al. 2009), with a particular focus on
leaf litter breakdown as a proxy indicator to evaluate functional stream integrity (Gessner and
Chauvet 2002). This increase in the use of functional indicators has been fuelled by the
realisation that structural and functional components should be evaluated simultaneously to
draw a reliable picture of stream ecosystem integrity, including an understanding of
ecosystem responses to stress (Lecerf et al. 2006; Sandin & Solimini 2009).
A similar philosophy underlies the increasing use of macroinvertebrate functional
groups (Cummins et al. 2005) and, more recently, multiple trait combinations (Dolédec et al.
2006) to assess both stream ecosystem functioning and evaluate multiple stressors effects.
The former is based on the morphological-behavioural adaptations of macroinvertebrates for
food acquisition (Cummins & Klug 1979) whilst the latter is based on the habitat templet
concept of Townsend & Hildrew (1994) (also see Southwood 1977) and the landscape
filtering hypothesis of Poff (1997). A trait is defined as a characteristic (phenotypic or
ecological) that reflects adaptation of a species to its environment: each trait is generally
measured at the individual level, but often applied as the mean state of a species (Menezes et
al. 2010; Rubach et al. 2011). The species trait approach in a multiple stressor scenario may
allow us to identify the most sensitive life-history characteristics and indicate potential
causative mechanisms, and thus facilitate the development of targeted management actions
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(Dolédec et al. 2006; Townsend et al. 2008). In contrast, traditional taxonomically-based
assessments do not allow for the establishment of causal relationships with stressors (Charvet
et al. 1998) because of the web of indirect effects and interactions among multiple stressors
(Allan 2004). Another important advantage, and perhaps the most attractive aspect of using
species traits, is that trait compositions of communities are more readily transferrable across
geographical regions and seasons than those based on taxonomic measures alone (Statzner &
Bêche 2010; Van den Brink et al. 2010; Culp et al. 2011). Not surprisingly, this biological
traits approach is now being introduced into the field of ecological risk assessment (i.e. TraitBased Ecological Risk Assessment, Baird et al. 2008; Van den Brink et al. 2011) because of
its significant potential as a tool for understanding natural variation among species in terms of
their sensitivity to toxic substances (Baird & Van den Brink 2007; Rubach et al. 2010;
Rubach et al. 2011).
Whilst the use of traits of aquatic organisms has the potential to improve
bioassessment tools, identification of stressor-specific traits (trait suites) based on the
understanding of the causal relationship between trait occurrence and stressor level is
imperative to achieve reliable interpretations of trait responses (Statzner & Bêche 2010; Culp
et al. 2011). In the case of pesticides, for example, Liess and Von der Ohe (2005) developed a
trait-based indicator system to identify pesticide-sensitive species (termed “species at risk” or
SPEAR) to distinguish effects of pesticides from other stressors associated with agriculture or
from natural stressors. Focusing on four ecological or physiological traits, this indicator
system combines long generation time, low dispersal capacity, presence in water bodies
during time of pesticide application and vulnerability to pesticides, to produce a metric of the
proportion of sensitive species at a test site. The SPEAR approach has successfully
discriminated reference and pesticide-contaminated sites across three biogeographical regions
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in Europe and demonstrated that agricultural pesticides altered both the community structure
and function of the studied stream ecosystems (Schäfer et al. 2007). As for the effects of
deposited fine sediment on macroinvertebrates, several studies have shown that a trait-based
metric, clinger taxon richness, is more strongly and consistently associated with changes in
benthic sediment in streams than taxonomic-based metrics such as EPT taxon richness
(Rabení et al. 2005; Longing et al. 2010; Pollard & Yuan 2010).
All of these studies have emphasised that trait-based approaches will not replace
taxonomy-based approaches. Rather, complementing the traditional structural measures
(taxonomic and condition metrics) with traits in biomonitoring and ecological risk assessment
should provide the best prospects for understanding the consequences of multiple stressors on
stream communities and for identifying the mechanisms responsible, and thus providing a
focus for management efforts (Townsend & Thompson 2007).

1.4 Thesis aims and outline
My thesis uses two approaches to provide multiple lines of evidence concerning the impacts
of agricultural intensification on stream health. The first is a field survey (Chapter 2) that
focuses on understanding the effects of different farming practices (organic, integrated,
conventional) on stream condition; this is recognised to be one of the highest priority research
questions for policymakers in the United Kingdom (Sutherland et al. 2006). The second is a
stream mesocosm experiment (Chapters 3–5) that addresses the individual and combined
effects of the two key stressors identified in my field survey. Generally, field surveys based
on multiple response variables can provide adequate assessment of environmental impacts on
biological communities. Thus, field studies can be useful to provide data supporting the
hypothesis of a causal relationship between environmental stressors and biological
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impairments (Adams 2003). However, it is not possible to establish direct causal links using
field studies alone due confounding factors and because of problems such as spatial
heterogeneity, non-independence of treatments, and uncertainties in estimating exposure
duration to anthropogenic stressors (Culp et al. 2000b). Mesocosm experiments, on the other
hand, have been a useful approach for establishing a mechanistic understanding of responses
to stressors and thus, when used together with field biomonitoring studies, provide an
integrated approach for helping establish causality (Culp et al. 2000b).
Knowledge of the influence of particular farming practices is critical to the
development of practical measures to safeguard stream biodiversity and ecosystem services
whilst maintaining or increasing agricultural productivity. Therefore, in Chapter 2 I
investigate the impacts of land-use intensity on the taxonomic and trait composition of
invertebrate communities and ecosystem functioning (rates of algal accrual and leaf
breakdown) in streams running through landscapes where farming intensity differed because
of the use of organic, integrated management or conventional farming practices. Specifically,
I ask (i) do stream invertebrate community composition, standard stream condition metrics,
trait representation and/or ecosystem function change in response to the differential intensities
of the farming practices? (ii) does trait composition respond more strongly than taxonomic
composition to differences in farming system? (iii) do stream condition metrics decline from
upstream to downstream within the boundaries of conventional farms, because of greater use
of agricultural chemicals, but improve (or decline less) in organic or integrated farms? My
field survey demonstrated that streams associated with conventional, organic and integrated
farming practices contrasted in their physicochemistry (particularly inorganic fine sediment
on the bed and glyphosate in the fine sediment) and in both the taxonomic organization and
trait representation of stream invertebrate communities. Moreover, my outdoor mesocosm
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experiment complemented the observational study and allowed me to investigate whether (i)
increased levels of sediment and glyphosate had individual and/or additive combined effects
on stream biota and ecosystem functioning, (ii) increased sediment reduced the bioavailability
of glyphosate and thus its toxicity (antagonistic interaction), or (iii) sediment-adsorbed
glyphosate prolonged the effects of exposure (synergistic interaction) (Chapters 3-5).
Specifically, I experimentally assess these hypotheses in terms of both taxonomic and trait
compositions of benthic macroinvertebrate communities, and include the rate of leaf
breakdown as a measure of stream ecosystem functioning (Chapter 3). In the same
experiment, I assess invertebrate drift and adult emergence, expecting that such dynamic
invertebrate measures may help uncover underlying causal mechanisms that may be missed
using static taxonomic or trait variables (Chapter 4). Finally, I report periphyton response
variables to identify indicator taxa or candidate metrics that will facilitate understanding of
mechanisms by which my two focal stressors induce changes in natural algal communities
(Chapter 5).
A general discussion (Chapter 6) synthesises the results of all four research chapters
and examines the value of applying stressors sequentially, in contrast to the simultaneous
application commonly found in the literature (Darling & Côté 2008). Also considered is the
importance of pulse exposure and delayed effects involving fine sediment and glyphosatebased herbicide, since the latter may persist for a long time in the sediment where it may
remain susceptible to mobilisation after rainfall (Battaglin et al. 2005). Finally, my thesis
provides recommendations for resource managers as well as for researchers conducting
bioassessment.
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Chapter 2
Responses of stream macroinvertebrates and
ecosystem function to conventional, integrated and
organic farming

______________________________

Magbanua, F.S., Townsend, C.R., Blackwell, G.L., Phillips, N. and Matthaei, C.D.
2010. Journal of Applied Ecology 47: 1014-1025. With slight modifications.

Stream responses to contrasting farming practices
Summary
1. Organic farming practices can benefit a wide range of terrestrial biota in comparison to
conventional farming but we do not know whether this benefit extends to streams flowing
through farmed landscapes.
2. I measured the impacts of organic, integrated management and conventional farming on the
taxonomic and trait composition of macroinvertebrate communities and on stream ecosystem
functioning (algal accrual on tiles and leaf breakdown). My study design included five
replicates of each farming practice, arranged in blocks, in agricultural land dedicated to the
farming of sheep and beef cattle on pasture in southern New Zealand. In each farm stream, I
studied both upstream and downstream reaches within the farm’s boundaries.
3. The different farming practices were reflected in contrasting stream physicochemistry (total
dissolved nitrogen, fine sediment on the bed and glyphosate concentrations in the bed
sediment) and in differences in both the taxonomic organization and trait representation of
stream invertebrate communities. Conventional farm streams showed the strongest negative
responses, whilst the condition of organic and integrated farm streams was similar.
4. Invertebrate trait measures proved as effective as taxonomic measures in their response to
agricultural intensity, whereas ecosystem function measures were least sensitive.
5. There were no overall physicochemical differences between upstream and downstream
sites within the farms and few notable longitudinal patterns in ecological response variables.
6. Conventional farming had the strongest adverse consequences for stream condition in my
study. In contrast, an integrated management system (aimed at reducing pesticide use,
increasing beneficial pest predators and encouraging environmentally responsible soil, water
and energy management) proved at least as effective as organic farming and, together with
organic farming, can be considered better practice.
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2.1 Introduction
Agriculture is a principal driver of global biodiversity decline (Green et al. 2005) and
understanding the effects of different farming practices is among the highest priority research
questions for policymakers (Sutherland et al. 2006). In streams world-wide, expansion and
intensification of agriculture has resulted in reduced water quality, loss of species and their
habitats, and changes to ecosystem functioning (Gücker et al. 2009; Piscart et al. 2009).
Knowledge of the influence of particular farming practices is critical to the development of
practical measures to safeguard stream biodiversity and ecosystem services whilst
maintaining or increasing agricultural productivity.
Most studies of agricultural impacts have compared streams in agricultural landscapes
with those in natural or low-intensity agricultural catchments (Genito et al. 2002; Brisbois et
al. 2008) or contrasted relatively pristine upstream reaches with heavily impacted downstream
sites (Harding et al. 1999; Niyogi et al. 2007a). These studies generally reported considerable
changes in benthic assemblages. In contrast, few studies have compared particular categories
of agriculture performed at different levels of intensity, such as no-till vs. conservation vs.
conventional tillage (Yates et al. 2006), or different levels of cattle grazing (Braccia &
Voshell 2007). In particular, stream responses to high-input conventional, low-input
integrated and organic farming practices (defined in Materials and methods) are poorly
known. This contrasts with terrestrial systems, where organic practices are reported to benefit
a wide range of biota (Bengtsson et al. 2005).
Farmland streams are generally subject to multiple anthropogenic stressors (Townsend
et al. 2008), including raised nutrient concentrations and inputs of fine sediment and
pesticides. These may influence populations of key taxa (Neumann & Dudgeon 2002), modify
community structure and biodiversity (Townsend et al. 2008), change the representation of
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invertebrate biological traits (Dolédec et al. 2006), and alter ecosystem functioning such as
rates of algal accrual (Rasmussen et al. 2008) or leaf breakdown (Young et al. 2008).
The present research investigated the impacts of land-use intensity on the taxonomic
and trait composition of invertebrate communities and ecosystem functioning (algal accrual
and leaf breakdown) in streams running through landscapes where farming intensity differed
because of the use of organic, integrated management or conventional farming practices.
Specifically, I asked: (i) Do stream invertebrate community composition, standard stream
condition metrics, trait representation and/or ecosystem function change in response to the
differential intensities of the farming practices? (ii) Does trait composition respond more
strongly than taxonomic composition to differences in farming system? (iii) Do stream
condition metrics decline from upstream to downstream within the boundaries of
conventional farms, because of greater use of industrial chemicals, but improve (or decline
less) in organic or integrated farms?

2.2 Materials and methods
2.2.1 STUDY SITES AND SAMPLING SCHEDULE
I chose a total of 15 streams (five each subject to conventional, integrated and organic
practices) arranged in five blocks of three neighbouring farms (near the towns of Amberley,
Akaroa, Outram, Gore and Owaka in the South Island of New Zealand) in agricultural land
dedicated to the relatively non-intensive farming of sheep and beef cattle on pasture. This
block design minimized the influence of factors other than management practice because all
streams in a block were located in the same ecoregion, with similar geology, soils, topography
and climate (Harding & Winterbourn 1997).
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The 15 farms are part of a broader research programme of the Agriculture Research
Group on Sustainability (http://www.argos.org.nz) (Table 2.1). Conventional farms used
traditional, and high, rates of fertilizer and pesticide application. Farms were considered
organic, if certified and complying with New Zealand’s organic certification standards (e.g.
BioGro or Certenz) that closely align with standards set by the International Federation of
Organic Agriculture Movements (Benge et al. 2007). Finally, farms were considered to be
under integrated management if their inputs and management practices were consistent with
the Integrated Pest or Crop Management approach to reduce or eliminate the use of pesticides,
increase beneficial pest predators, and encourage environmentally responsible soil, water and
energy management (Campbell et al. 2004).
Study streams were chosen to be the longest entering and leaving the farm, not
intersected by a tributary originating outside the property, and most likely to be perennial.
Two 10-m study reaches were established within the upper [averaging 244 ± 62 (SE) m
downstream of the farm boundary] and lower farm boundaries (situated 3809 ± 497 m
downstream of the upper sites and 363 ± 124 m above the lower farm boundary) and sampled
during two Austral summers (2006/2007 and 2007/2008). Both reaches can be expected to be
influenced by the prevailing farming practice, but I wished to investigate whether stream
condition improved from upstream to downstream within organic and/or integrated farms
compared with the more intensive conventional farming practice. The catchment areas for at
least 500 m upstream of all the upper sites were in conventional sheep/beef production. In the
first summer, both upstream and downstream sites were sampled for macroinvertebrates,
stream physicochemical variables, riparian management and bank vegetation, whilst in the
second summer both sites were sampled again for physicochemical variables and, in addition,
deposited fine sediment loads. In the second summer, a 50-m reach in the middle section of
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each stream was established and sampled for glyphosate herbicide in stream sediment and for
algal accrual and leaf breakdown rates.

2.2.2 PHYSICOCHEMISTRY, RIPARIAN MANAGEMENT AND BANK VEGETATION
In each study reach, stream width was calculated as the average of three equidistant transects
and depth as the average of three evenly spaced points along each transect. Dissolved oxygen,
water temperature, specific conductance (YSI meter Model 85, Yellow Springs, OH, USA)
and current velocity (Marsh-McBirney Flo-Mate Model 2000, Frederick, MD, USA) were
recorded in each reach from a single location in 2006/2007 and from four random locations in
2007/2008.
The amount of suspendable inorganic sediment (SIS) on the bed was determined at
two random points in each reach using the Quorer method (Quinn et al. 1997). A 24-cm
diameter PVC pipe with a bevelled end was placed tightly on the streambed and the upper 5
cm of surficial sediment was disturbed for 1 min (using a metal rod) before collecting a 120ml subsample of the water–sediment mixture, transporting on ice to the laboratory and
combusting for 3 h at 550 oC. SIS was recorded after correcting for background levels of
suspended solids in the water column.
Water samples for dissolved nutrient analysis (nitrate-N, ammonium-N, dissolved
reactive phosphate) were collected using a 100-ml plastic syringe with microfilter (GF/F;
Whatman Inc., Clifton; NJ, USA; pore size 0·7 µm). In 2006/2007, unfiltered water samples
were likewise collected for analysis of total nitrogen and total phosphorus. Samples were
transported on ice and stored at -20 oC until analysis. All nutrient variables were determined
using standard, colorimetric protocols (APHA 1999) with a SANPlus segmented flow
autoanalyzer (Skalar Analytical B.V., Breda, the Netherlands). At each middle-section reach,
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three random samples of the upper 10 cm of stream substratum (about 50 g each) were
collected using a stainless steel corer (3·5 cm diameter), stored in glass jars with a Teflonlined lid, transported on dry ice and frozen at -20 oC until analysis in accordance with the
operating manual accompanying the Glyphosate ELISA test kits (Abraxis LLC, Warminster,
PA, USA). This technique worked only for samples containing a high proportion of very fine
particles, leaving me with a single replicate from 11 of the 15 streams (organic = 4, integrated
= 3, conventional = 4).
Information on riparian management (fencing, stock access, stock presence, presence
of regenerating woody vegetation) and bank vegetation (%bare ground, pasture, tussock,
scrub and tree) was obtained at each upstream and downstream site and at eight sites
equidistant between these. Each site comprised a 10-m length of stream and a 10-m wide
riparian strip along each bank. To evaluate riparian management, the sites were scored from 0
(e.g. no fencing; no woody vegetation) to 10 (e.g. both banks fenced for the entire length of
stream), whilst bank vegetation was assessed using averaged percentage vegetation covers
(Blackwell et al. 2006).

2.2.3 MACROINVERTEBRATES
Three invertebrate samples were collected from random locations in each upstream and
downstream site using a Surber sampler (area 25 × 25 cm; 250 µm mesh) whilst disturbing
the substrate with a metal rod for 2 min, placed in a plastic container and preserved in
90%ethanol. Samples were elutriated in the laboratory, stained with Rose Bengal and
invertebrates were identified using keys of Chapman & Lewis (1976) and Winterbourn et al.
(2006) and counted under a stereo microscope (Olympus SZ51, magnification 8–40×,
Olympus Corp., Tokyo, Japan). Fifty-two samples were processed in their entirety, whereas
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38 large samples were divided using an automated subsampler (Waters 1969). Fourteen were
subsampled to 25%, seven to 50%, and the remaining 17 only for certain abundant taxa (e.g.
Potamopyrgus antipodarum, Chironomidae, oligochaetes, nematodes). These different
subsampling treatments were random with respect to farming practice. I then recorded total
invertebrate density, invertebrate taxon richness, Shannon diversity (H) and equitability
indexes (J) (Begon et al. 2006), EPT (Ephemeroptera, Plecoptera and Trichoptera) taxon
richness, density of EPT and New Zealand’s macroinvertebrate community index (MCI),
which weights species presence/absence according to their tolerance to organic pollution
(Boothroyd & Stark 2000). Previous analyses have shown that subsampling to 25% does not
affect taxon richness (Townsend et al. 2008), hence rarefaction was not performed.
I also assessed 23 categories of 11 biological traits that represent size, body form and
flexibility, life history, food and feeding habitats and reproduction. Following Dolédec et al.
(2006), I standardised the affinity scores of each of the 85 invertebrate taxa for each trait so
that the sum for each taxon and a given trait was 1. I then multiplied the standardized score
per trait by the densities of the invertebrates showing this trait per sample. The ensuing traitby-sample array contained the density of individuals for each trait category for each sample.
Furthermore, I measured invertebrate body size to the nearest 1 mm (maximum dimension)
and obtained the average invertebrate size per sample after multiplying the number of
individuals in each size category by the category midpoint (e.g. 0·5 mm for category 0–1
mm). Oligochaetes and nematodes, which tend to fragment, were excluded from this analysis.

2.2.4 LEAF BREAKDOWN AND ALGAL ACCRUAL
At each middle-section reach, seven leaf packs (10 g fresh wt of mahoe leaves – Melicytus
ramiflorus Forster, a common native riparian shrub) were anchored on the streambed. Seven
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terracotta tiles (10 × 10 × 1·4 cm) were also introduced as standardized substrates for algal
colonization (Lowe & Pan 1996). Both leaf packs and tiles were placed at regular intervals
along the 50-m reach and left for 33–38 days before placing in individual Ziploc® bags
(Otago Packaging Supplies Ltd, Dunedin, New Zealand), kept on ice after collection and
frozen at -20 oC until analysis.
Using the initial and final mass of leaf materials (oven-dried 24 h at 60 oC, ashed 3 h
at 550 oC) and the deployment period, I report leaf breakdown rates as an exponential decay
coefficient (k, day)1) (Petersen & Cummins 1974). Periphyton was brushed from each entire
tile surface using a toothbrush (4 mm bristles) for 2 min, rinsed into a beaker and standardised
to 125 mL with distilled water before filtering a subsample onto glass fibre filter
(Advantec GF-50, 47 mm; Toyo Roshi Kaisha Ltd., Tokyo, Japan.), extracting chlorophyll
pigment using 90% ethanol (Biggs & Kilroy 2000), and determining chlorophyll a
concentration spectrophotometrically on a FLUOstar Omega multidetection microplate reader
(BMG Labtech GmbH, Offenburg, Germany).

2.2.5 DATA ANALYSIS
Data were analysed using the software SPSS 15·0 (SPSS Inc., Chicago, IL, USA). All data
were log-transformed where necessary to improve normality and homoscedasticity, except for
percentage bank vegetation cover, which was arcsine √x transformed. As data for the
physicochemical variables (apart from dissolved nutrients) had been pooled in 2006/2007
resulting in a single value per stream, all replicate samples per stream in 2007/2008 were
averaged prior to analysis for comparison with the 2006/2007 data.
To evaluate effects of the different farm management systems on stream
physicochemistry, riparian management and bank vegetation, I conducted two-way ANOVAs
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without interaction term (fixed main factor ‘farm management system’, random block factor
‘farm cluster’; model: intercept [degrees of freedom 1] + management system [2] + block [4]
+ error [8; n = 15]). Leaf breakdown rates and chlorophyll a accrual were analysed using
nested ANOVAs with block factor (intercept [1] + management system [2] + block [4] +
sample(management system) [18] + error [80; n = 105]).
Nutrients, SIS, invertebrate stream condition measures and average invertebrate body
size were analysed using twice-nested ANOVAs with block factor (intercept [1] +
management

system

[2]

+

block

[4]

+

location(management

system)

[3]

+

sample(location(management system)) [12] + error [68; n = 90]). If farm management system
had a significant effect, I conducted pairwise comparisons with Tukey’s HSD post hoc tests.
Because these ANOVAs included no interaction term between management system and
sampling location, I performed additional nested ANOVAs within each management system
(intercept [1] + block [4] + location [1] + sample(location) [4] + error [20; n = 30]) to
determine if location effects occurred only in certain management systems.
MANOVAs (with the multivariate equivalents of the nested models above) were
performed on invertebrate community structure (based on the densities of the 16 most
common taxa) and on biological trait composition (the 23 trait categories described above). In
each case, I report effect sizes (partial eta-square values, range 0–1; Nakagawa 2004) to
compare the magnitudes of effects detected using taxonomic vs. trait measures. Eta-square
values are analogous to r2- values in regression analysis and are interpreted as the percentage
of variance in the dependent variable uniquely attributable to the given effect variable (Garson
2009).
All presented results were significant (P < 0·05) unless indicated otherwise. Results
for the block factor and the nested factor ‘sample’ are not shown because any significant
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effects of these factors merely represent background variation that is unimportant for my
research objectives.

2.3 Results
2.3.1 ENVIRONMENTAL CONDITIONS
Average stream width, water depth, velocity, temperature, dissolved oxygen levels, four of the
five bank vegetation variables and all riparian management variables were similar across
farming systems (Table 2.2).Whilst tussock cover on the stream banks was higher in
integrated farms than in conventional ones, it was generally low at < 5%. However, specific
conductivity and glyphosate concentrations were both highest in conventional farms.
Although nutrient means were always highest in conventional farms and up to four times
higher than in integrated or organic farms, concentrations of none of the dissolved nutrient
variables differed significantly among farming practices (Table 2.3), with one exception.
Total nitrogen was significantly higher in conventional than integrated streams. In addition,
SIS was higher in conventional than organic streams. Averaged across farming categories
(henceforth called ‘overall’), none of the measured nutrient or sediment variables differed
between upstream and downstream sites (Table 2.3), but two such differences occurred within
farming systems. Levels of total phosphorus in organic farms and SIS in conventional farms
were both higher at upstream than at downstream sites (P ≤ 0·04).
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2.3.2 TAXONOMIC COMPOSITION
Of the 85 invertebrate taxa identified, 16 comprised 96·9% of the total: P. antipodarum
(18·1%), Paracalliope spp. (15·5), ostracods (14·1), oligochaetes (10·3), cladocerans (9·7),
Paraleptamphopus spp. (8·2), chironomids other than tanypods (6·4), copepods (4·2),
nematodes (3·6), Pycnocentrodes spp. (1·1), Sphaerium novaezelandiae (1·1), tanypod
chironomids (1·1), Paraleptamphopus caeruleus (1·1), Helicopsyche spp. (0·9), Pycnocentria
spp. (0·9) and Oxyethira albiceps (0·7). The MANOVA based on these 16 taxa showed
moderate overall effects of farming system (Pillai’s trace P < 0·001, effect size [ES] = 0·447)
and sampling location (P = 0·001, ES = 0·363). Furthermore, the between-subjects effects in
the MANOVA (not shown) revealed that significant farming system effects on eight taxa
were responsible for the overall effect: mean densities of P. antipodarum, ostracods,
nematodes, Pycnocentrodes, Helicopsyche and Pycnocentria were lowest in conventional
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farms whilst densities of cladocerans and copepods were higher in conventional than in
integrated farms (Fig. 2.1). Overall, densities of three taxa differed between sampling
locations. Ostracoda, Paraleptamphopus and S. novaezelandiae were all more abundant at
upstream sites. Within farming systems, the same pattern was evident for four taxa in organic
farms, two in integrated and one in conventional farms, whereas two taxa in organic and one
in conventional farms showed the opposite pattern (P ≤ 0·040 in all these cases).
Total taxon richness, EPT taxon richness, EPT density and MCI (but not total density,
Shannon diversity or equitability; P ≥ 0·420 in these cases) differed across farming systems,
with conventional streams consistently having the lowest values (Fig. 2.2). Overall these
metrics were all uninfluenced by sampling location, except that Shannon diversity was higher
at upstream sites (Fig. 2.2).Within farming systems, the latter pattern occurred for diversity
and equitability in organic farms and for diversity, EPT density and MCI in integrated farms
(P ≤ 0·030 in all cases).
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Fig. 2.1 Mean densities and standard errors for common invertebrate taxa that showed significant
differences among farm management systems and ⁄ or between sampling locations. us, upstream;
ds, downstream; FP, farming practice; C, conventional; O, organic; I, integrated management;
L, location; *P ≤ 0·050, **P ≤ 0·010, ***P ≤ 0·001; NS, not significant.
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Fig. 2.2 Means and standard errors for stream condition metrics that showed significant differences
among farm management systems and ⁄ or between sampling locations. See Fig. 2.1 for key.
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2.3.3 TRAIT COMPOSITION
MANOVA showed strong overall effects on invertebrate trait composition of farming system
(P < 0·001, ES = 0·560) and sampling location (P < 0·001, ES = 0·530). The betweensubjects effects in the MANOVA indicated that 12 of the 23 trait categories differed
significantly across farming systems, and that nine categories differed between sampling
locations. Invertebrates with the following nine traits were less well represented in
conventional farms compared to integrated, organic or both (Fig. 2.3): maximum potential
size > 20–40 mm, water surface egg-laying, medium (< 1 km) dissemination potential, aquatic
stages that are attached to substrate, deposit feeding, strong and moderate dietary preferences,
gill respiring and with adult or larval aquatic stages. Conversely, filter-feeders were more
common in conventional and organic than in integrated farms, whilst adult longevity (> 365
days) and spherical body form were better represented in organic than in integrated farms.
Overall, all nine traits showing differences between locations (filter-feeders, maximum
potential size > 5–10 mm, spherical and flattened body forms, hermaphroditic reproductive
technique, strong dietary preference, medium dissemination potential, terrestrial egg-laying,
aerial respiration) were more prevalent at upstream sites. Within farming categories, the same
pattern was shown by eight traits each in conventional and integrated farms and by seven
traits in organic farms, whereas just one trait (oviposition at the water surface, in conventional
farms) exhibited the opposite pattern (P ≤ 0·040 in all cases).
Average invertebrate body size was greater in integrated than in conventional or
organic farms and also at downstream compared with upstream sites overall (Fig. 2.4),
because of the relatively large size classes 3–4, 6–7 and 7+ mm being most common in
integrated farms and five of the six larger classes being more abundant at downstream sites.
Within farming systems, the latter pattern was also found for six of the nine size measures in
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organic and four in conventional farms, whereas a single measure (0–1 mm, in integrated
farms) showed the opposite pattern (P ≤ 0·04 in all cases).

Fig. 2.3 Means and standard errors for representation of biological traits that showed significant
differences among farm management systems and ⁄ or between sampling locations. See Fig. 2.1 for
key. (See next page →)
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Fig. 2.4 Means and standard errors for average invertebrate body size and size class variables that
showed significant differences among farm management systems and ⁄ or between sampling locations.
See Fig. 2.1 for key.
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2.3.4 ECOSYSTEM FUNCTION MEASURES
None of the ecosystem measures differed among farming systems (chlorophyll a, P = 0·365;
leaf breakdown rate, P = 0·522). Mean concentration of chlorophyll a (mg m-2) was 3·9
(± SE 0·8) for organic, 3·4 (± 0·9) for integrated and 2·2 (± 0·8) for conventional farms. The
corresponding values for leaf breakdown rate (k, day-1) were 0·0120 (± 0·0014), 0·0124
(± 0·0012) and 0·0116 (± 0·0009).

2.4 Discussion
2.4.1 INFLUENCE OF FARM MANAGEMENT SYSTEM
2.4.1.1 Stream physicochemistry
Among the farms studied, farm size and stocking density differed relatively little but the
organic farms had markedly lower fertilizer and pesticide inputs than integrated and
conventional farms. This was reflected in lower conductivity and nitrogen concentrations in
stream water and lower glyphosate concentrations in stream sediment in organic farms
compared to their conventional counterparts. Note, however, that glyphosate was detected in
organic farm stream sediment, reflecting either a historical legacy or drift during spraying
elsewhere. Integrated and conventional farms received similar fertilizer and pesticide inputs
but nutrient and pesticide concentrations in integrated farm streams were generally low and
more similar to organic than conventional farm streams. This may reflect greater care taken
over the timing of inputs by farmers who follow integrated farming prescriptions. Fine
sediment load was lowest in organic, intermediate in integrated, and highest in conventional
farm streams, paralleling increasing farming intensity.
These physicochemical results indicate that conventional was consistently the most
intensive farming system whilst, in terms of nutrients and glyphosate, integrated and organic
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management were associated with similar water quality, and in terms of sediment load,
organic farming was associated with the best outcome. Augmented concentrations of
nutrients, sediment load and contaminants such as pesticides can be expected to have
significant consequences for the abundance and composition of invertebrate communities and
ecosystem functioning (Quinn 2000; Schäfer et al. 2007), helping to account for the
significant differences in ecological responses discussed below.

2.4.1.2 Taxonomic composition
My results show that stream invertebrates can respond to differences in the intensity of
farming practices (organic vs. integrated vs. conventional farming) even within a single broad
category of agricultural activity (sheep/beef farming). To my knowledge, this is the first study
to investigate effects of these three farming practices on streams, so my results cannot be
compared directly to previous research. More generally, however, the patterns were consistent
with findings on the effects of pastoral development (Quinn 2000; Hall et al. 2001). Densities
of the three caddisfly genera Helicopsyche, Pycnocentria and Pycnocentrodes were lower in
conventional farms, whereas cladocerans and copepods were more abundant in conventional
than in integrated, but not organic farms. Most of the pollution-tolerant taxa (Oligochaeta,
Chironomidae and Sphaeridae) were similarly abundant across farming systems, which is
generally consistent with observations in streams draining agricultural catchments (Richards
et al. 1993; Lenat & Crawford 1994). In contrast to expectation, the sediment-tolerant P.
antipodarum was less common in conventional farms where sediment and nitrogen
concentrations were highest; earlier observational studies showed positive relationships with
nutrients (Townsend et al. 2008) and fine sediment (Niyogi et al. 2007b), whilst an
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experimental study revealed no clear stressor effects (Townsend et al. 2008). It is possible
that another stressor, such as glyphosate, is playing a confounding role.

2.4.1.3 Stream condition metrics
Several widely used stream condition metrics were lower in my conventional sheep/beef
farms compared with integrated and/or organic farms, including the average number of
invertebrate taxa and the occurrence and density of sensitive groups (New Zealand’s MCI,
richness and density of EPT taxa). These findings correspond well with previous research
showing EPT are generally the first affected by agricultural intensification (Lenat & Crawford
1994). Other studies have also noted a reduction in taxonomic diversity and replacement of
less tolerant by more tolerant taxa with increased farming intensity (Harding et al. 1999;
Larsen et al. 2009). Nevertheless, the significantly lower MCI in the conventional compared
with integrated streams represents a modest effect, because all recorded scores fall into the
‘fair’ condition category (probable moderate pollution) (Boothroyd & Stark 2000). Total
invertebrate abundance, Shannon diversity and equitability all seemed to be insensitive
indicators.

2.4.1.4 Biological traits
The different farming practices resulted in predictable changes in the representation of
invertebrate traits. Compared with streams in conventional farms, streams in integrated,
organic or both contained higher densities of invertebrates possessing nine specific traits
(maximum size > 20–40 mm, oviposition at the water surface, medium dissemination
potential, clinger, deposit feeder, strong and moderate dietary preferences, gill respiring, and
adult or larval aquatic stages). Except for maximum size, these traits parallel the findings of
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Dolédec et al. (2006), who showed decreasing trends with increasing proportions of the
catchment area in agricultural land use. Previous studies demonstrated that traits related to
body shape and feeding strategies were more weakly related to perturbations (Dolédec et al.
1999; Dolédec et al. 2006). Tomanova et al. (2008) has suggested that inconsistencies in
community functional composition in relation to anthropogenic impacts could be due to the
simultaneous operation of several stressors.
The expectation that average invertebrate body size increases with agricultural
intensity (Townsend & Thompson 2007) because of a relationship between growth and
nutrient-fuelled stream productivity was not supported by my results. Instead, body size
increased at an intermediate level of sheep/beef farming intensity (integrated management)
but decreased again at the highest intensity (conventional management). My study could not
establish whether, as a result of their higher surface-area-to-volume ratio, small invertebrates
were more adversely affected by contaminants (such as glyphosate) than larger ones
(Townsend & Thompson 2007) because, regardless of farming practice, average invertebrate
body size was generally quite small (< 2 mm).

2.4.1.5 Ecosystem measures
Leaf breakdown rates and algal biomass accrual were similar across the three farming
practices despite differences in nutrients, pesticides and sediment loadings (see above), which
have been shown to influence leaf breakdown (Schäfer et al. 2007; Young et al. 2008) and
algal accrual (Riddle et al. 2009; Yu & Lin 2009). Like me, Hagen et al. (2006) found no
difference in leaf breakdown rates along an agricultural land-use gradient and suggested that
agriculture can have both positive and negative effects on leaf breakdown, thus preventing
detection of significant patterns.
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2.4.2 TAXONOMIC VS. TRAIT MEASURES
Both taxonomy and trait representation were highly significantly related to farming practice
and a comparison of effect sizes (which can range from 0 to 1) reveals that trait composition
(MANOVA effect size 0·56) was at least as sensitive as taxonomic composition (0·45) to
farming intensity. Thus, I believe that complementing traditional structural measures
(taxonomic and condition metrics) with traits in future biomonitoring will provide the best
prospects for understanding the consequences of different farming practices on stream
communities and for identifying the mechanisms responsible, providing a focus for
management efforts (Townsend & Thompson 2007).

2.4.3 UPSTREAM–DOWNSTREAM PATTERNS IN RELATION TO FARMING
PRACTICES
My prediction that invertebrate stream condition metrics would decline from upstream to
downstream within the boundaries of conventional farms but improve (or decline less) in
organic or integrated farms received little support. Concurrent differences across farm
management systems and between sampling locations occurred for 11 of the 46 studied
invertebrate community, taxon and trait variables, but neither of the two stream condition
metrics showing such differences (EPT richness and MCI) exhibited the predicted pattern. For
the common taxa, only one of three responses fulfilling the above criterion agreed with my
prediction (the pollution-tolerant Ostracoda increased from upstream to downstream in
conventional farms but decreased in integrated farms). For invertebrate traits, only two of six
relevant responses were as predicted (spherical body shape and deposit-feeding mode, both
more prevalent at upstream than downstream sites in conventional and integrated but not in
organic farms). I also found few differences in stream physicochemistry between upstream
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and downstream sites, and none of these agreed with my expectation that more intensive
farming regimes would have a negative effect on local environmental conditions. This weak
support for my hypothesis may be related to the fact that both sites were located well inside
the farm boundaries (and thus both influenced by the prevailing management system) and just
a few km apart. My results parallel findings of studies within other agriculturally impacted
streams in which the invertebrate community was similar at headwater and downstream sites
(Delong & Brusven 1998; Genito et al. 2002). Given that sheep/beef farming occurred both
upstream and downstream of all my sites, opportunities were limited for recolonisation from
upstream (Schäfer et al. 2007) or downstream reaches (Kyriakeas & Watzin 2006).

2.4.4 MANAGEMENT IMPLICATIONS
Because they integrate the effects of a multitude of stressors arising from agricultural activity
in their catchments, stream ecosystems can play an important role as landscape-scale
indicators of the ecological effects of farming practices. Taken overall, it is clear that the
conventional approach to sheep/beef farming in these streams had the strongest adverse
consequences for stream condition. As might be expected, farming to organic standards,
without inputs of industrial chemicals, was less damaging. However, an integrated
management system, which aims to reduce or eliminate the use of pesticides, increase
beneficial pest predators, and encourage environmentally responsible soil, water and energy
management, proved at least as effective as organic farming in mitigating potential adverse
impacts of agriculture on streams. In this respect, organic farming and integrated management
can be considered better practice. Nevertheless, it should be noted that the MCI index showed
streams in all categories to be ‘moderately polluted’; increased attention to fencing, riparian
management and stream habitat is also needed to achieve a ‘best practice’ regime.
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Complementing the traditional taxonomic measures with species trait information in
future biomonitoring will provide a better understanding of the consequences of different
farm management practices for stream communities and will help to identify underlying
processes and mechanisms that control those consequences. However, in this study measures
of ecosystem functioning appeared insensitive to the different farming intensities.
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Sediment and glyphosate affect
benthic invertebrates and leaf breakdown:
a multiple-stressor experiment

Sediment and glyphosate affect benthic invertebrates and leaf breakdown
Summary
1. Diffuse pollutants from agricultural activities cause biological impairment in aquatic
ecosystems but the way that these multiple stressors interact is still poorly understood.
2. A 42-day experiment in outdoor circular stream channels fed by a nearby river was
conducted to simulate effects of varying levels of deposited fine sediment and a glyphosatebased herbicide on stream ecosystem structure and function. In brief, I added fine sediment (0,
25, 75, 100% surface cover) and applied four levels of glyphosate (0, 50, 200, 370 µg L-1) to
96 stream channels using a full factorial, repeated-measures design with 32 channels (4
glyphosate × 4 sediment levels × 2 replicates of each treatment combination) sampled for
biological response variables on each of three dates. My study investigated whether (i)
increased levels of fine sediment and a glyphosate-based herbicide had individual and/or
additive effects on benthic invertebrates and leaf breakdown, (ii) increased sediment reduced
the bioavailability of glyphosate and thus its toxicity (antagonistic interaction), or (iii)
sediment-adsorbed glyphosate prolonged the effects of exposure (synergistic interaction).
3. Sediment addition affected 8 of the 10 most common invertebrate taxa colonising the
channels and 12 of 15 biological traits shown by the invertebrates, while glyphosate addition
affected only two taxa and two invertebrate traits, indicating that glyphosate entering streams
during terrestrial herbicide operations is likely to be less problematic for aquatic invertebrate
communities than fine sediment from catchment erosion.
4. No significant overall sediment by glyphosate interaction was detected for invertebrate
taxonomic or trait compositions or for any individual taxon, trait or community metric,
indicating that the two stressors were acting additively (i.e. two factors operating without an
interaction), rather than synergistically or antagonistically.
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5. Leaf breakdown rates (mass loss and toughness loss) responded positively to both
increasing sediment and high glyphosate levels but the two stressors acted antagonistically in
affecting leaf toughness loss, because the breakdown rate was less than additive when both
stressors were at their highest levels. Thus, this study has revealed an example of a complex
antagonistic interaction where adsorption by sediment seems to have reduced the
bioavailability of glyphosate and removed its effect of promoting leaf breakdown.
6. Population, community and ecosystem parameters responded differently to multiple
stressors, highlighting the value of testing both structural and functional indicators when
assessing the effects of anthropogenic stressors and identifying the underlying mechanisms of
their effects.

3.1 Introduction
Agricultural runoff contains a variety of diffuse pollutants such as nutrients, sediments and
pesticides that cause stress to aquatic organisms (Allan 2004; Jergentz et al. 2005; Townsend
et al. 2008). Consequently, expansion and intensification of agricultural production has
resulted in reduced water quality, biodiversity loss and changes to ecosystem functioning in
streams worldwide. However, the interplay between the multiple stressors responsible for
biological impairment is still poorly understood.
Fine sediment and pesticides are considered two key stressors related to agricultural
land use (Matthaei et al. 2006; Schäfer et al. 2007). Fine sediment (generally defined as
inorganic particles less than 2 mm in diameter; Zweig & Rabení 2001) is a natural component
of stream ecosystems but at excessive levels can have strong negative effects on stream biota
(Waters 1995; Wood & Armitage 1997). Sediment deposition affects stream invertebrates via
changes to substrate conditions and reductions in habitat space and food availability, resulting
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in altered community composition (Larsen et al. 2009), reduced species richness (Matthaei et
al. 2006), reduced densities of sensitive species (Larsen & Ormerod 2010) and changes to the
representation of invertebrate groups that differ in their feeding or substrate relationships
(Rabení et al. 2005). In addition, fine sediment can adsorb, transport and release contaminants
in receiving streams (Baldwin et al. 2002; Cameron et al. 2002; Harrod & Theurer 2002).
Glyphosate is the most commonly used herbicide worldwide for the control of many
annual and perennial weeds (Baylis 2000; Woodburn 2000) and its use in New Zealand has
increased steadily over the last two decades (Holland & Rahman 1999; Manktelow et al.
2005), coincident with accelerated intensification in the agricultural sector (MacLeod &
Moller 2006). Glyphosate is a non-selective herbicide that inhibits 5-enolpyruvylshikimate-3phosphate synthase, an enzyme needed in the aromatic amino acid biosynthetic pathway
(Stenersen 2004). Glyphosate is strongly adsorbed to soil, which tends to prevent it from
being taken up by non-target plants, and reduces or slows leaching into ground water or
runoff from fields into surface waters (Giesy et al. 2000). There is some evidence that this
strong binding property, coupled with microbial decomposition that removes glyphosate from
water, has the effect of reducing exposure of aquatic organisms to the pesticide (Solomon &
Thompson 2003), but studies to rigorously test this assumption in natural aquatic
environments are rare (Simenstad et al. 1996; Vera et al. 2010; see also Chapter 1). Further,
most glyphosate formulations contain surfactants that enhance its efficiency, and these may in
fact be more toxic to aquatic organisms than the glyphosate itself (Folmar et al. 1979; Tsui &
Chu 2003; Brausch et al. 2007). Laboratory studies have shown that in the presence of fine
sediment in the water, toxicity to test organisms of selected glyphosate formulations (Tsui &
Chu 2004) and the surfactant polyethoxylated tallowamine (POEA, Wang et al. 2005) can be
substantially reduced. Field investigations in lentic systems have also demonstrated that fine
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sediment can rapidly remove glyphosate from the aquatic environment (Goldsborough &
Brown 1993) but Relyea (2005) concluded that adding soil to experimental ponds made no
difference to the effects of a commercial formulation of glyphosate (Roundup) on North
American tadpoles, arguing that adsorption to soil did not occur fast enough to prevent high
death rates. These previous studies have investigated attenuation of glyphosate and its
surfactant (hereafter: glyphosate) by soil/sediment presence, sediment type and sediment
organic carbon content, but none has examined the effects of varying levels of fine sediment.
Recent evidence has shown that glyphosate is more mobile than previously thought,
with glyphosate residues detected in surface runoff (Shipitalo et al. 2008; Laitinen et al. 2009)
and in streams adjacent to agricultural fields (Battaglin et al. 2005; Peruzzo et al. 2008; see
also Chapter 2). Indeed, high concentrations of glyphosate have frequently been found in
streambed sediments (Newton et al. 1984; Wan et al. 2006) and thus may potentially
influence benthic organisms. Nevertheless, studies are lacking on the interaction between
varying levels of fine sediment and different concentrations of glyphosate in stream
ecosystems, specifically concerning impacts on the taxonomic and trait compositions of
benthic macroinvertebrate communities. Whilst certain pesticides have been shown to
influence rates of leaf breakdown (Schäfer et al. 2007; Young et al. 2008), no studies so far
have investigated the effects of glyphosate on the rate of leaf breakdown as a measure of
stream ecosystem function.
To address these knowledge gaps, I conducted an experimental manipulation designed
to simulate different land-use scenarios in the catchments of small streams, from low-intensity
farming without pesticide use or sediment loading to high-intensity farming with considerable
pesticide use and high levels of fine sediment deposition on the bed. Given the adverse
physical effects of fine sediment and its role as a sink for contaminants that may be toxic to
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aquatic organisms, I investigated whether (i) increased levels of fine sediment and a
glyphosate-based herbicide have individual and/or additive effects on benthic invertebrates
and leaf breakdown, or (ii) increased sediment reduces the bioavailability of glyphosate and
thus its toxicity (antagonistic multiple stressor interaction; see Townsend et al. 2008), or (iii)
the adsorption of glyphosate to sediment prolongs its exposure period (synergistic
interaction).

3.2 Materials and methods
3.2.1 EXPERIMENTAL DESIGN
The study was conducted from late austral spring to early summer (29 October to 10
December 2008) in 128 circular, flow-through stream channels situated on farmland adjacent
to the Kauru River in North Otago, New Zealand (170° 44.6′ East, 45° 6.5′ South). This river,
which supplied water to the channels and served as a source of local species for the
experiment, provided a suitable environment to test my hypotheses as it receives low nutrient
and minimal glyphosate inputs from the surrounding farms (nitrate: 44.1 ± 3.6 µg L-1;
ammonium: 24.87 ± 2.0 µg L-1; dissolved reactive phosphorus, DRP: 4.0 ± 0.1 µg L-1;
glyphosate: 0.005 ± 0.002 µg L-1). Presented values are background levels and are averages (±
standard errors, SE) of the control („non-enriched nutrients and glyphosate‟) stream channels
across seven sampling occasions for dissolved nutrients (n=28) and across 15 sampling
occasions for glyphosate concentrations (n=90). I added fine sediment (0, 25, 75, 100%
surface cover) and applied four levels of glyphosate (0, 50, 200, 370 µg L-1) to 96 stream
channels using a full factorial, repeated-measures design with 32 channels sampled for
biological response variables on each of three dates (see below). To investigate glyphosate
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adsorption to deposited fine sediment, I used a further 32 stream channels with 100%
sediment cover (eight per glyphosate level).
The four sediment treatments were chosen to encompass the range of sediment covers
encountered in local grassland streams (Matthaei et al. 2006). Specifically, the amount of
sediment added to each treatment level was 0, 54, 175 and 1020 g. Previous manipulative
study demonstrated that these levels resulted in 0, 0.8, 3.0 and 21.6 mm sediment depth,
respectively (Wagenhoff 2011). Moreover, the % cover (mean ± SE) of fine sediment on the
bed surface of the four sediment treatment levels were estimated visually (on day 7) and
approximately equivalent to: 0% (±0.0), 24.0% (±1.0), 75.0 (±1.7) and 95.5 (±1.2).
Correspondingly, these sediment levels were hereafter referred to as “no sediment”, “low”,
“intermediate” and “high” sediment treatments. The four glyphosate treatments (commercial
formulation Glyphosate 360 with 360 mg L-1 active ingredient plus 10–20% polyethoxylated
tallowamine (POEA) as the surfactant; Ravensdown Fertiliser Co-operative Ltd, Dunedin,
New Zealand) were randomly distributed within two blocks of 4×16 stream channels each
(block 1 is shown in Fig. 3.1A). The four sediment treatments used natural river sediment
with a mean grain size of 0.2 mm (supplied by Otakia Ltd, Mosgiel, New Zealand), similar to
the size of naturally occurring fine sediment in pasture and dairy farming streams in Otago
(Matthaei et al. 2006), and were distributed randomly within each set of 16 stream channels.
The two glyphosate blocks were included as a block factor in the statistical analysis (see
below) to determine whether the spatial distribution of glyphosate treatments affected the
results (Liess et al. 2009). Treatment concentrations for glyphosate herbicide were based on
published field surveys of glyphosate residues in running waters and water quality guidelines
for glyphosate. Concentrations in streams and rivers rarely exceed 700 µg L-1 (Newton et al.
1984; Feng et al. 1990; Peruzzo et al. 2008), except in one instance where the measured
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concentration was 1,237 µg L-1 (Newton et al. 1994). In fact, peak recorded glyphosate values
are typically less than my highest experimental level of 370 µg L-1, which is the
environmental exposure limit for New Zealand freshwaters (ERMA NZ 2005). (More details
about the range of recorded concentrations in streams are given in Table 1.1 of Chapter 1).

Fig. 3.1 Experimental design. (A) Schematic diagram of the experimental set-up (only half of
the setup is shown; 1 block containing 64 channels) and treatment distribution. For each
glyphosate concentration, the no sediment ( ), low ( ), intermediate ( ) and high ( )
sediment treatments including the additional channels for glyphosate adsorption analysis ( )
were distributed randomly among 16 stream channels. (B) Photo of the whole set-up (2
blocks) consisted of 128 circular stream channels, 8 header tanks (2 of each glyphosate
treatment). For more details see text.
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3.2.2 EXPERIMENTAL SET-UP
This experiment used the same channel set-up as described in Liess et al. (2009), but with
increased water supply rates (Fig. 3.1B). Two centrifugal pumps (Onga 415, capacity 300 L
min-1) supplied river water (242 L min-1) to the channels via eight 135-L polythene header
tanks situated on top of a 4.1-m high, 20-m long, two-level scaffold. Each header tank drained
via gravity to 16 stream channels (supported by a 1-m high and 1.2-m wide wooden bench
running alongside the scaffold), and each channel was fed by a 13-mm polythene pipe having
a plastic inflow jet (5-mm diameter) connected to its end, with the jet projecting at right
angles inside the channel. A spigot fitted between channel and header tank allowed flow to be
regulated. Glyphosate stock solutions were stored in 300-L barrels on the ground below the
scaffold. During the seven-day pesticide application pulse (see below), stock solutions were
dripped continuously into the header tanks by means of battery-driven fluid metering pumps
(FMI CERAMPUMP® Lab Pump Model QBG, Fluid Metering Inc., Syosset, NY, USA) to
achieve the target concentrations in the water flowing through the channels. Indeed,
comparison of the nominal to actual glyphosate concentrations in the channels indicated that
the fluid metering system was effective (Table 3.1).
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Data loggers (Hobo Water Temp Pro; Onset Computer Corporation, Bourne, MA,
USA) recorded temperature every 5 min for 42 days in each of the eight header tanks, in each
of four control stream channels (zero glyphosate, zero sediment) and in the Kauru River.
Mean daily water temperatures during the entire experiment were similar across treatments
both in the header tanks (overall mean (±SE) 15.9 ± 0.1 oC; 8 tanks (4 per block) x 42 days, N
= 336 averaged daily temperature readings; P=0.638; two-way repeated-measures ANOVA,
factors “block” and “glyphosate”) and in the circular stream channels (overall mean 15.8 ±
0.2 oC; 4 channels (2 per block) x 42 days, N = 168; P=0.784; one-way repeated-measures
ANOVA, factor “block”). These temperatures were also similar to the overall mean daily
water temperature in the river at the pump intakes (16.0 ± 0.3 oC; N = 42 averaged daily
readings). Current velocities in the channels were measured with a Flo-Mate Model 2000
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(March-McBirney Inc, Frederick, MD, USA) and maintained at a mean of 15.0 ± 0.2 cm s-1
across sediment (P=0.632) and glyphosate (P=0.606) treatments (three-way repeatedmeasures ANOVA, factors “sediment”, “glyphosate” and “block”; measured in 64 channels
on three sampling dates).
Each stream channel (25-cm external and 5-cm inner rim diameter, 9 cm high, nylon
Microwave Ring Moulds; Interworld, Auckland, NZ) contained about 500 mL of 2-20 mm (b
diameter) dry gravel collected from the Kauru River flood plain. Sixteen larger particles (b
diameter 30 mm) were placed on top of this gravel, resulting in a 2-3 cm layer of stream
substratum consisting of very fine to coarse gravels to simulate the natural substratum of
small sheep/beef farmland streams in the Otago region (Matthaei et al. 2006; Townsend et al.
2008).

3.2.3 EXPERIMENTAL PROCEDURE
To allow natural colonisation of channel substrata by drifting algae and invertebrates, stream
water flow through the channels started two weeks before the stressors were introduced (Fig.
3.2). Near the end of this colonisation period (day -8) but before fine sediment (day -7) or
glyphosate addition (day 0), one standard leaf pack was anchored at the substratum surface of
each channel. Each pack contained 5-10 fresh leaves (bolted together; wet weight 5 g) of the
fast-decomposing, native riparian shrub mahoe Melicytus ramiflorus Forster (see Matthaei et
al. 2010). On the same day, invertebrates from the nearby Kauru River were actively seeded
into each channel to assist natural colonisation. These were collected by kick-net sampling
(frame 60×40 cm; mesh size 200 µm) for 3 minutes from 16 bed patches of about 0.36 m2
each (equivalent to 8 times the 0.045 m2 area of the substratum surface in each circular
channel), moving sequentially from downstream to upstream in a uniform area of the river.
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Immediately after collection each kick net sample was split into eight equal portions using an
automated subsampler (Waters 1969), and each channel was randomly allocated one portion.

Fig. 3.2 Overview and timeline of the experiment. Shaded areas indicate dates of introduction of leaf
packs, invertebrates and fine sediment into the stream channels and the timing of glyphosate addition.
Symbols indicate sampling dates for each response parameter.

Sediment was added once at the start of the 28-day manipulative phase (day -7) and
glyphosate continuously for seven days starting one week later (days 0 to 7), after which the
stream channels were allowed to recover for two weeks (Fig. 3.2). The application of the
stressors was sequential, rather than simultaneous, to simulate the situation in real agricultural
streams where different levels of sediment loadings are likely to be present before a pesticide
runoff event (see Matthaei et al. 2006). Thus, invertebrates were under the influence of
sediment before glyphosate was added. A seven-day glyphosate exposure period was selected
followed by a 14-day recovery period to represent realistic environmental conditions
experienced by stream benthic invertebrates. In this scenario, the highest concentrations of
glyphosate in the streams occur shortly after application in the catchment area and following
heavy rain, but dissipate thereafter via microbial degradation and sorption to sediments with
half-life values in water of 7 to 14 days (Giesy et al. 2000). In the Kye Burn, a nearby river
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with a similar discharge regime to that of the Kauru River, flooding due to persistent rain and
surface runoff can last for up to 12 days (Effenberger et al. 2006), so the seven-day
glyphosate pulse can be considered realistic. Previous studies of the effects of glyphosate in
aquatic ecosystems have ranged in exposure period from a few hours (e.g. Folmar et al. 1979)
to many weeks (e.g. Austin et al. 1991), but with most lasting 3-14 days (e.g. Wong 2000;
Pesce et al. 2009; Vendrell et al. 2009) (see also Chapter 1 Introduction).
In each channel, both leaf packs and benthic invertebrates were sampled (details see
below) on three dates (Fig. 3.2): immediately after glyphosate addition had ceased (two weeks
after sediment addition; day 7), one week after stopping glyphosate input (day 14), and two
weeks after glyphosate application ended (four weeks after sediment addition; day 21). A total
of 32 channels that included all treatment combinations were sampled on each collection date
(4 glyphosate × 4 sediment levels × 2 replicates selected randomly from the 6 available
replicates of each treatment combination). Eight extra channels with 100% sediment cover (4
glyphosate × 1 sediment × 2 replicates) were also sampled on four dates (days -1, 7, 14 and
21) for glyphosate residue to determine whether the different glyphosate treatment levels
introduced into the system were in fact adsorbed in the sediment and, if so, whether this
adsorbed glyphosate dissipated rapidly or gradually disappeared, thus prolonging exposure
time for benthic organisms.

3.2.4 DATA COLLECTION AND LABORATORY ANALYSES
Water samples for dissolved nutrient analysis were taken from 16 randomly selected stream
channels (2 replicates per header tank) on day -21 and approximately every seven days
thereafter (Fig. 3.2), using a 100-ml plastic syringe with microfilter (GF⁄ F; Whatman Inc.,
Clifton, NJ, USA; pore size 0.7 µm). After collection, samples were transported on ice to the
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laboratory and stored at -20°C until analysis. All nutrient parameters were determined using
standard, colorimetric protocols (APHA 1999) with a SANPlus segmented flow autoanalyzer
(Skalar Analytical B.V., Breda, Netherlands). In addition to monitoring both the background
and actual concentrations of dissolved glyphosate in water flowing through the stream
channels (see above), sediment samples for glyphosate residue analysis were collected from
each of the 32 channels allocated for this purpose using a stainless steel spoon (about 10.0 g
per sample), placed in oven-baked glass jars, kept on ice after collection and stored at -20°C
until analysis. Field blanks were also collected during water and sediment sampling. Samples
were analysed using Glyphosate ELISA test kits (Abraxis LLC, Warminster, PA, USA).
Before dismantling the 32 channels for invertebrate sampling on each collection date,
leaf packs were retrieved, rinsed, placed in individually-labelled Ziploc® bags (Otago
Packaging Supplies Ltd, Dunedin, New Zealand), kept on ice after collection and frozen at 20°C until analysis. Once the leaf pack had been removed, invertebrates in the entire
substratum of each sampled stream channel were elutriated (using a 250 µm sieve) in the
field, placed in plastic containers and preserved in 90% ethanol for subsequent laboratory
sorting and identification. Samples were stained with Rose Bengal and invertebrates identified
using keys of Chapman & Lewis (1976) and Winterbourn et al. (2006) and counted under a
stereomicroscope (Olympus SZ51, magnification 8-40×, Olympus Corp., Tokyo, Japan).
Using an automated subsampler (Waters 1969), all samples were subsampled to process 25%.
The following were recorded: (i) total invertebrate density; (ii) invertebrate taxon richness;
(iii) Simpson‟s index of diversity (D) and Simpson‟s measure of evenness (E) (Begon et al.
2006); (iv) EPT richness (number of taxa in the Ephemeroptera, Plecoptera and Trichoptera
insect orders); (v) density of EPT; and (vi) New Zealand‟s macroinvertebrate community
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index (MCI), which weights species presence/absence according to their tolerance to organic
pollution (Boothroyd & Stark 2000).
In addition, 15 biological trait categories were used to represent size, body form and
flexibility, life history, food and feeding habitats, and reproduction; these have been shown to
discriminate among agricultural land uses (Dolédec et al. 2006; Townsend et al. 2008) and
farming practices (see Chapter 2). Invertebrate individuals possessing the following traits
were scored according to their abundance in the benthic community: univoltine, more than
two reproductive cycles per individual, short life duration, can reproduce asexually, free eggs,
lay eggs at water surface, with medium dissemination potential, crawler, burrower, with low
body flexibility, spherical, shredder, scraper, filter-feeder, and respire using gills. The scores
were then standardised following Dolédec et al. (2006). Furthermore, the average invertebrate
body size to the nearest 1 mm (maximum dimension) was measured per sample. Similarly, the
mean invertebrate density for each of the eight body size class categories was calculated by
multiplying the number of individuals in each size category by the category midpoint (e.g. 0.5
mm for category 0-1 mm). Oligochaetes and nematodes, which tend to fragment, were
excluded from this analysis.
Both leaf toughness and mass loss as measures of leaf breakdown rates were also
determined in the laboratory. For toughness measurements, five randomly selected leaves in
each leaf pack were placed sequentially on a penetrometer, which measures the weight
required to force a blunt pin through a leaf (Young et al. 1994), to provide an average
toughness loss per leaf pack for each stream channel. After toughness measurements, leaf
packs were oven-dried at 60oC for 24 hours, weighed, ashed at 550oC for 3 hours, and
reweighed (APHA 1999). Using the initial and final mass and toughness values of leaf
materials after 15, 22 and 29 days, the breakdown rates for both leaf mass and toughness are
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reported as an exponential decay coefficient per day (k, day-1; Petersen & Cummins 1974).
There was no need to correct for time expressed as degree-days (computed from values of
mean water temperatures) because water temperatures during the entire experiment across all
treatments were similar (see above).

3.2.5 STATISTICAL ANALYSES
Prior to analysis with the software SPSS 15.0 (SPSS Inc., Chicago, USA), data were log (x)
or log (x+1) transformed where necessary to improve normality and homoscedasticity. Threeway repeated-measures ANOVAs were used to evaluate effects of the block factor, sediment,
glyphosate and sediment by glyphosate interaction (as between-subjects factors) and time
(sampling occasion, as within-subjects factor) on invertebrate community composition (taxa,
traits, average body size) and leaf decay rate. If the main factors sediment and glyphosate had
significant effects, pairwise comparisons were conducted with Tukey‟s HSD (or GamesHowell, in cases of persisting heteroscedasticity) post hoc tests. Similarly, planned contrasts
comparing within-subjects effects among sampling occasions were performed: (i)
„immediately after the glyphosate addition pulse (day 7) versus one week after (day 14)‟, (ii)
„immediately after (day 7) versus two weeks after (day 21)‟, and (iii) „one week after (day 14)
versus two weeks after (day 21)‟. These specific contrasts were used to determine the effects
of the glyphosate pulse on the biota in terms of impact and recovery patterns (see
Introduction). Note that no benthic samples were taken before sediment or glyphosate
additions (because of the destructive invertebrate collection method) but both larval
invertebrate drift densities and adult emergence densities before these additions were very
similar across treatments (see Chapter 4). Consequently, I assume that the benthic densities
were also similar across treatments before manipulation.
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Furthermore, three separate repeated-measures MANOVAs (with the multivariate
equivalent of the model above) were used to evaluate the overall, between-subjects and
within-subjects effects of the experimental manipulations on the densities of the 10 most
common invertebrate taxa, representation of species traits (15 categories), and invertebrate
body size classes (8 categories). Effect sizes (partial eta-squared values, range 0-1; see Garson
2009) are reported to allow comparison of the magnitudes of effects detected using taxonomic
versus trait measures.
For the adsorption of glyphosate onto deposited fine sediment, two-way repeatedmeasures ANOVA was used to assess effects of the block factor, no glyphosate vs glyphosate
treatments (as between-subjects factors) and time (three sampling occasions: days 7, 14 and
21; as within-subjects factor). The low power of this “sub-experiment” (only 8 channels in
total, compared to 32 for the main experiment) prevented me from examining differences
between the three glyphosate levels and from detecting significant temporal changes in
glyphosate effects in this analysis.
All response patterns summarised in the text were significant (P < 0.05) unless
indicated otherwise. Results of the block factor are shown but not discussed further because
any significant effects of this factor merely represent background variation that is irrelevant to
the research objectives.

3.3 Results
3.3.1 ADSORPTION OF GYLPHOSATE TO SEDIMENT
The glyphosate levels in the deposited fine sediment on day -1 (before the glyphosate pulse)
were equally low across all four future glyphosate treatments (P = 0.553, effect size [ES] =
0.459; Table 3.1). Averaged across days 7, 14 and 21, however, the mean glyphosate levels
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across the three addition treatments were significantly higher than in the zero glyphosate
treatment (P = 0.007, ES = 0.791; Fig. 3.3). No difference was detected between experimental
blocks (P = 0.152, ES = 0.363).

Fig. 3.3 Mean glyphosate concentrations adsorbed onto high sediment channels in the four glyphosate
treatments across three sampling dates (days 7, 14 and 21). Standard errors shown.

3.3.2 TAXA
Of the 44 invertebrate taxa identified, ten comprised 95.1% of the total individuals counted:
Oligochaeta (43.0%), Chironomidae other than Tanypodinae (18.5%), Deleatidium spp.
(15.2%), Copepoda (8.1%), Tanypodinae (3.9%), Elmidae (1.5%), Nematoda (1.4%),
Psilochorema spp. (1.2%), Potamopyrgus antipodarum (1.1%) and Cladocera (1.1%). The
MANOVA based on these 10 taxa showed an overall sediment effect (Wilks‟ λ P <0.001, ES
= 0.922) but no glyphosate (P = 0.217, ES = 0.692), sediment by glyphosate (P = 0.501, ES =
0.537) or block effects (P = 0.626, ES = 0.578).
The between-subjects effects in the MANOVA (Table 3.2) showed that sediment
effects on eight of the ten common taxa were responsible for the significant overall effect:
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mean densities of oligochaetes, chironomids other than tanypods, tanypod chironomids,
nematodes and cladocerans were highest in high and/or intermediate sediment treatments
while densities of Deleatidium spp., Psilochorema spp. and P. antipodarum were highest in
treatments with no and/or low sediment addition. Despite the lack of an overall effect of
glyphosate in the MANOVA, densities of chironomids other than tanypods and Psilochorema
spp. were both lower in the 200 µg L-1 glyphosate treatment than in the 50 µg L-1 and/or 0 µg
L-1 glyphosate treatments. Analyses of specific contrasts between sampling occasions showed
temporal changes in the response to increasing sediment (Fig. 3.4A) for P. antipodarum (day
7 versus day 14, more strongly negative on day 14) and oligochaetes (14 versus 21, more
strongly positive on day 21). The effect of increasing glyphosate levels (Fig. 3.4B) on
Psilochorema spp. also changed with time (7 versus 21, more clearly negative on day 7).
Further, the shape of the sediment by glyphosate interactions (Fig. 3.4C; for this and the
succeeding interaction graphs, positive values on the plots mean that there were more
individuals on the latter sampling occasion than the former) changed for P. antipodarum (7
versus 14, more consistent decline with increasing glyphosate levels from day 7 to day 14 in
no, low and high sediment treatments than at intermediate sediment levels), Deleatidium spp.
and tanypod chironomids (7 versus 14, decline with increasing glyphosate only at low and
high sediment levels (Deleatidium spp.) or only at intermediate sediment levels (tanypod
chironomids).
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Fig. 3.4 Density patterns for common invertebrate taxa that showed changes in treatment effects for
(A) sediment, (B) glyphosate and (C) sediment by glyphosate interaction between sampling dates.
Results in both (A) and (B) are averages of eight replicate stream channels with standard error bars
shown, whereas results in (C) are differences between means of two sampling dates (day 14 minus day
7 in this case) that showed significant contrasts. P-values refer to results of planned contrasts
comparing within-subject effects of (A) sediment, (B) glyphosate and (C) sediment by glyphosate
interaction between sampling occasions.
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3.3.3 TRAITS
Multivariate analysis of invertebrate trait composition showed a strong overall sediment effect
(Wilks‟ λ P = 0.027, ES = 0.990) but no glyphosate (P = 0.617, ES = 0.916), sediment by
glyphosate (P = 0.430, ES = 0.822) or block effects (P = 0.516, ES = 0.967).
The between-subjects effects in the MANOVA indicated that 12 of the 15 trait
categories were responsible for the significant overall sediment effect (Table 3.2).
Invertebrates with the following eight traits were less well represented in no or low sediment
addition treatments compared to intermediate and high sediment treatments: univoltine, >2
reproductive cycles per individual, asexual reproductive technique, free eggs, medium
dissemination potential, crawlers, burrowers and shredders. Conversely, invertebrates that laid
eggs at the water surface and with low (>10-45o) body flexibility were more common in no to
low sediment treatments while spherical body form and filter-feeders were most prevalent at
intermediate sediment levels. Two trait categories showed a significant glyphosate effect
(medium dissemination potential and shredders, both better represented at 0 and/or 50 µg L-1
than at 200 µg L-1 glyphosate levels), but none displayed a significant overall sediment by
glyphosate interaction. Analyses of specific contrasts between sampling occasions
demonstrated no temporal changes in the effects of glyphosate (data not shown) but several
such changes for sediment effects (Fig. 3.5A). These changes occurred for univoltine (day 7
versus day 21; 14 versus 21), >2 reproductive cycles per individual (7 versus 21; 14 versus
21), asexual reproductive technique (7 versus 21), free eggs (both 7 versus 14; 7 versus 21),
and crawlers and burrowers (both 7 versus 21). In all these cases, the general pattern was
increasing representation as sediment increased to intermediate levels with a subsequent
decline or asymptote on day 7 but uniformly increasing through the whole sediment range on
days 14 and 21 (and often with the steepest pattern of increase on day 21). Further, the shape
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of the sediment by glyphosate interaction (Fig. 3.5B) changed with time when comparing
days 21 and 7 for univoltine, >2 reproductive cycles per individual, free eggs and crawlers. In
each of these cases, the trait showed a fairly consistent decline with increasing glyphosate
levels from day 7 to day 21 at low or intermediate sediment levels, whereas it showed no such
decline in the no sediment or high sediment treatments.
Overall, average invertebrate body size was greater at the highest sediment level
(Table 3.2), due to size classes 1-2 mm, 2-3 mm and 3-4 mm being most abundant and size
class 0-1 mm being rarest in this treatment. Average body size displayed significant specific
contrasts for sediment (7 versus 21 and 14 versus 21, a pattern of increasing size with rising
sediment levels that was weakest on day 7, intermediate on day 14 and strongest on day 21)
(Fig. 3.6A) but not for glyphosate or the sediment by glyphosate interaction (data not shown).
For body size class categories, analyses of specific contrasts between sampling occasions
showed temporal changes in the effects of sediment (Fig. 3.6A) on the 2-3 mm (7 versus 21;
14 versus 21, strongest pattern of increase with sediment cover on day 21), 3-4 mm (7 versus
21, similar pattern to 2-3 mm) and 4-5 mm classes (7 versus 21, a declining pattern of
representation with increasing sediment cover on day 7 that was reversed on day 21). Further,
glyphosate effects (Fig. 3.6B) changed for the 3-4 mm size class (14 versus 21, stronger
representation at the highest glyphosate level compared to zero glyphosate on day 21).
Finally, the shape of the sediment by glyphosate interaction (Fig. 3.6C) changed for the 3-4
mm size class (7 versus 21, stronger representation at the highest glyphosate level compared
to lower levels on day 21 in channels without sediment or with high sediment, but not in
channels with low or intermediate sediment).
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3.3.4 COMMUNITY MEASURES
Invertebrate total density, Simpson‟s indexes of diversity and evenness, densities of EPT taxa
and MCI (but not total taxon richness or EPT richness) showed significant overall sediment
effects (Table 3.2). All these stream community metrics were consistently highest in the no to
low sediment addition treatments, except that total density was highest in the intermediate and
high sediment treatments. None of the stream community measures showed a significant
overall effect of glyphosate or a sediment by glyphosate interaction (data not shown).
Analyses of specific contrasts between sampling occasions showed temporal changes in the
effect of sediment (Fig. 3.7A) on invertebrate density (day 7 versus day 21, increasing with
added sediment up to intermediate levels on day 7 but up to high levels on day 21) and
Simpson‟s evenness (day 7 versus day 21, declining steadily with increasing sediment levels
on day 7 but increasing from no to low sediment on day 21). Further, the effect of glyphosate
(Fig. 3.7B) changed for density of EPT taxa (day 14 versus day 21, generally declining with
increasing glyphosate on day 14 but not on day 21). Finally, the shape of the sediment by
glyphosate interaction (Fig. 3.7C) changed for total invertebrate density (7 versus 21,
generally increasing more markedly with rising glyphosate levels from day 7 to day 21 in
channels without sediment or with high sediment, but not at low or intermediate sediment
levels).
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Fig. 3.5 Density patterns for trait categories that showed changes in treatment effects (A) for sediment
and (B) for sediment by glyphosate interaction between sampling dates. Results in (A) are averages of
eight replicate stream channels with standard error bars shown, whereas results in (B) are differences
between means of two sampling dates (day 21 minus day 7) that showed significant contrasts.
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Fig. 3.6 Size and density patterns for the most common invertebrate taxa that showed changes in
treatment effects for (A) sediment, (B) glyphosate and (C) sediment by glyphosate interaction between
sampling dates. Results in both (A) and (B) are averages of eight replicate stream channels with
standard error bars shown, whereas the result in (C) is the difference between means of two sampling
dates (day 21 minus day 7) that showed significant contrasts.
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Fig. 3.7 Density and evenness patterns for community measures that showed changes in treatment
effects for (A) sediment, (B) glyphosate and (C) sediment by glyphosate interaction between sampling
dates. Results in both (A) and (B) are averages of eight replicate stream channels with standard error
bars shown, whereas the result in (C) is the difference between means of two sampling dates (day 21
minus day 7) that showed significant contrasts.
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3.3.5 ECOSYSTEM MEASURE
Leaves broke down faster (both in terms of loss of toughness and leaf mass) as sediment
levels increased and in channels with the highest glyphosate addition (leaf toughness) (Table
3.2). Further, sediment and glyphosate interacted in their overall effect on leaf toughness loss
rates, with the toughness loss rate generally accelerating with rising glyphosate concentrations
at the two lower sediment levels but not at the two higher levels (Fig. 3.8A).
For leaf mass loss, specific contrasts between sampling occasions were always nonsignificant (P ≥ 0.100; not shown). For leaf toughness loss rates, temporal changes occurred
in the effect of sediment (day 7 versus 21, a more consistent pattern of increased toughness
loss rate with rising sediment levels on the latter date; Fig. 3.8B) and in the shape of the
sediment by glyphosate interaction (7 versus 21, in high sediment channels steadily
decreasing reduction in toughness loss rate from day 7 to day 21 with rising glyphosate levels,
but the reverse pattern [up to the second-highest or highest glyphosate concentrations] at the
three lower sediment levels; Fig. 3.8C), but not for the glyphosate effect (P ≥ 0.453; not
shown).
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Fig. 3.8 (A) Overall patterns for leaf toughness loss rates (k, day-1) and changes in leaf toughness loss
between paired sampling dates due to (B) sediment and (C) sediment by glyphosate interaction. The
results in (A) and (B) are averages of two and eight replicate stream channels, respectively, with
standard error bars shown, whereas the result in (C) is the difference between means of two sampling
dates (day 21 minus day 7) that showed significant contrasts. The 0.0 and the corresponding arrow in
(A) refer to the leaf toughness loss rate for the no sediment by 200 µg L-1 glyphosate treatment
combination on day 7.
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3.4 Discussion
3.4.1 ADSORPTION OF GLYPHOSATE TO SEDIMENT
The overall difference between no glyphosate versus glyphosate treatments indicates that
glyphosate addition resulted in increased concentrations in deposited fine sediment compared
to channels without glyphosate addition, and that glyphosate concentrations in sediment at the
end of the 7-day pulse increased in parallel with glyphosate levels in the water. Low statistical
power prevented analysis of differences between the three glyphosate levels and the detection
of significant temporal changes, if any, in the adsorption of glyphosate.

3.4.2 INDIVIDUAL EFFECTS OF SEDIMENT
3.4.2.1 Taxa
Invertebrates in my stream channels responded differentially to sedimentation, as also
reported from agricultural streams by Matthaei et al. (2006) and Larsen & Ormerod (2010).
While intermediate to high sediment loads led to reduced densities of Deleatidium spp.,
Psilochorema spp. and P. antipodarum, they seem to have provided a habitat „subsidy‟ to
oligochaetes, chironomids and other sediment-dwelling invertebrates (Quinn 2000). The
reduction in densities of some invertebrate species could be due to the adverse effects of
sediment, which include clogging of delicate structures such as gills (Lemly 1982), increased
drift from unfavourable habitat (Larsen & Ormerod 2010), reductions in food availability and
feeding efficiency (Broekhuizen et al. 2001; Yamada & Nakamura 2002), and burial in the
absence of an ability to excavate through the sediment (Wood et al. 2005; Kefford et al.
2010). Wood et al. (2005) showed in a laboratory experiment that nymphs of the mayfly
Baetis rhodani and larvae of the caddis fly Hydropsyche pellucidula were unable to excavate
through any of the sediment classes used or from any burial depth tested; in contrast, nymphs
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of the stonefly Nemoura cambrica and adult isopods (Asellus aquaticus) were efficient
excavators. Fine sediments have also been shown to influence feeding efficiencies of P.
antipodarum and Deleatidium spp., which declined as the sediment to food ratio increased
(Broekhuizen et al. 2001). These adverse effects may also explain the decline in the densities
of the mayflies and snails in my stream channels.
In a reach-scale field experiment, Matthaei et al. (2006) showed that fine sediment
addition had a prolonged negative effect on the densities of both P. antipodarum and
oligochaetes. In my channel experiment, density of P. antipodarum declined more on day 14
(3 weeks after sediment addition) than on day 7 (2 weeks after addition), while density of
oligochaetes increased more on day 21 than on day 14. It seems that the full strength of these
negative or subsidy effects may take time to develop, probably reflecting a succession of
changes in physicochemistry and food availability after the sediment is first laid down.

3.4.2.2 Traits
As with taxonomic composition, sediment addition affected the majority of invertebrate
species traits considered (80% of all common taxa and 80% of all species traits). Comparison
of overall effect sizes also showed that trait composition (MANOVA effect size 0.92) and
taxonomic composition (0.99) were more or less equally sensitive to sediment treatments.
Scrapers and animals with gills did not respond to sediment addition whereas the
densities of filter-feeders peaked at an intermediate sediment level. Dolédec et al. (2006) also
reported that scrapers and gill-bearing organisms did not decrease with increasing fine
sediment cover. Scrapers and filter-feeders are generally considered to be intolerant of
deposited sediment because scrapers feed on attached algae (which may be inhibited by
surface sediment) whilst filter-feeders rely on unimpeded water flow to transport organic
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matter to them (Rabení et al. 2005). The lack of effect of fine sediment on scrapers in the
circular stream channels suggests that either the added sediment did not inhibit periphyton
growth or that algae colonised the sediment surface (investigated further in Chapter 5). In
addition, the scrapers in this study are not stationary (in contrast to scrapers observed
elsewhere which are less mobile and thus more susceptible to sedimentation) but are
considered crawlers; the co-occurrence in these species of the two traits provides further
support for the proposition that different macroinvertebrates may have different solutions to
environmental stressors (Townsend & Thompson 2007). Shredders, on the other hand,
increased with rising sediment levels, a result which is in accord with the findings of Rabení
et al. (2005).
Univoltine, >2 reproductive cycles per individual, asexual reproduction, free eggs,
crawlers and burrowers all increased in abundance with sediment but only up to intermediate
cover on day 7. By day 14 and/or day 21, however, they increased across the whole sediment
range. While several studies have shown strong mechanistic links of these trait modalities to
sedimentation (Rabení et al. 2005; Townsend et al. 2008), the more nuanced experimental
design in the present study revealed that the full strength of this subsidy effect took time to
develop.
The prediction that smaller invertebrates (maximal size 1–5mm) should be better
represented in streambeds with low porosity, and larger invertebrates in more porous
streambeds (Townsend & Thompson 2007), was not supported because average body size
was greatest in the highest sediment treatment on days 14 and 21. While it was true that body
size classes smaller than 4 mm (except for size class 0-1) were well represented where
sediment cover was high, the average size in all four sediment treatments was relatively small
(<3 mm). It is possible that any larger invertebrates from the Kauru River that were
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introduced to all stream channels through active seeding on day -8 did not stay long but
drifted out regardless of the sediment treatment.

3.4.2.3 Community measures
The responses of invertebrate community metrics to increasing fine sediment, namely an
increase in total density but a decline in the sensitive EPT density, a decline in Simpson‟s
diversity and equitability indexes (indicative of a loss of species and increasingly strong
representation of some taxa) and a decline in MCI (indicating stronger representation of
pollution-tolerant taxa), are broadly consistent with previous research (Matthaei et al. 2006;
Larsen et al. 2009). The increase in invertebrate density with sediment cover was primarily
due to increased densities of sediment-dwelling oligochaetes and chironomids other than
tanypods (see also Kreutzweiser et al. 2005; Matthaei et al. 2006; Nogaro et al. 2008). It has
been noted previously that the response to sedimentation (Wood et al. 2005) and recovery
through recolonisation differs strongly among taxa (Zuellig et al. 2002), with oligochaetes
and chironomids among the fastest. My finding of an increase in density and a decline in
diversity with increasing sedimentation contrasts with previous studies reporting changes in
abundance rather than diversity (see citations in Connolly & Pearson 2007) or reductions in
both invertebrate abundance and diversity (see review in Wood & Armitage 1997; Couceiro et
al. 2010).
Total invertebrate density increased with sediment only up to intermediate cover on
day 7, but consistently across the entire sediment range by day 21. This was reflected in the
patterns observed for certain individual taxa and traits (discussed above). Evenness declined
more strongly with sediment on day 7 (steady decrease with increasing sediment) than on day
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21 (increase from no to low sediment) demonstrating a rapid negative effect (increasing
representation of tolerant groups), but also perhaps a rapid (partial) recovery.

3.4.2.4 Ecosystem measure – leaf breakdown
Leaf breakdown is widely used as a comparative measure of stream condition (Gessner &
Chauvet 2002; Young et al. 2008). In the current study, leaves in mesocosms with
intermediate and high added sediment were buried whereas leaves in channels with low
sediment addition had fine covering. Exposure to increased levels of sediment resulted in
faster breakdown of leaf material (both loss of mass and toughness). These results are at odds
with the findings of Naamane et al. (1999) and Spänhoff et al. (2007), who reported that the
burial of leaves under sediment protected them from abrasion and physical fragmentation.
Moreover, burying can result in anaerobic conditions and compaction, leading to a decreased
surface area for microbial colonisation and lower accessibility to detritivorous
macroinvertebrates (Fritz et al. 2006). On the other hand, studies in a floodplain environment
have shown that burial under fine sediment increased leaf decay rates (Shure et al. 1986;
Andersen & Nelson 2003) by stabilising the microenvironment for microbial processing
(Shure et al. 1986).
Leaf-shredding invertebrates are comparatively rare in New Zealand streams
(Winterbourn 2000) and invertebrate colonisation of the leaf packs was not assessed in the
present study. However, densities of two dominant invertebrates (oligochaetes and
chironomids other than tanypods) and a functional feeding group (shredders) were higher in
sediment-treated channels. The relationship between shredders and leaf breakdown has been
stressed by many authors for leaves exposed at the surface of the sediment (Wallace &
Webster 1996). While Essafi et al. (1994) and Naamane et al. (1999) found no significant
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relationship between shredders and buried leaf breakdown, Mayack et al. (1989) concluded
that an increase in subsurface breakdown during a warmer season was largely due to an
increase in the density of Tipulidae shredders in the sediment, which were rare during winter.
In the same study oligochaetes were also abundant, and these worms may also be an
important component of the leaf-decomposing fauna. For example, Chauvet et al. (1993)
suggested that the regular occurrence of tubificid oligochaetes inside leaf packs enhances leaf
fragmentation and mediates the incorporation of organic matter into river sediments.
Experiments using infiltration sediment columns have also demonstrated that tubificid worms
and chironomid larvae may stimulate biogeochemical and microbial processes in river beds
covered with fine sediment (Nogaro et al. 2006; 2008). These ecosystem engineers may be at
least partly responsible for the increased leaf breakdown rates under sediment in my stream
channels.

3.4.3 INDIVIDUAL EFFECTS OF THE GLYPHOSATE FORMULATION
3.4.3.1 Taxa
Chironomids other than tanypods and Psilochorema spp. were less abundant at 200 µg L-1
glyphosate but appeared unaffected at the highest glyphosate level (370 µg L-1). One potential
explanation for these patterns is that the presence of the formulation was marginally toxic to
these taxa but the removal of less tolerant competitors at the high glyphosate level increased
food availability for the chironomids and their abundance, in turn, benefitted the predatory
Psilochorema spp., counteracting any toxic effect (Linz et al. 1999; de Haas & Kraak 2008).
However, the lack of clear declines in other taxa at high glyphosate levels makes this
explanation unlikely.
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3.4.3.2 Traits
As for the two taxa above, two biological traits (invertebrates with medium dissemination
potential and shredders) also declined as the glyphosate formulation was increased from 50 to
200 µg L-1, again for reasons that are unclear. In my study of New Zealand streams under
contrasting farming practices, the representation of invertebrates characterised by medium
dissemination potential increased in farms with organic and/or integrated management
compared to conventional management where the mean glyphosate concentration in the bed
sediment reached 4.7 ng g-dry wt-1 (Chapter 2). This trait modality has also been reported to
decrease along a gradient of agricultural land use (Dolédec et al. 2006). None of the body size
classes showed an overall glyphosate treatment effect but specific contrasts demonstrated an
increase in the 3-4 mm size class from day 14 to day 21 in the highest glyphosate treatment,
indicating a slowly developing positive effect. Due to their higher surface-area-to-volume
ratio, small invertebrates (maximal size 1–5 mm) have been predicted to be more adversely
affected by contaminants (such as glyphosate) than larger ones (Townsend & Thompson
2007) but the present experiment provided no support for this prediction because average
invertebrate size was generally quite small (< 3 mm).

3.4.3.3 Community measures
None of the invertebrate community metrics showed an overall glyphosate effect, but specific
contrasts between day 14 and day 21 revealed that EPT density recovered slowly after
glyphosate addition. Whilst aerial application of glyphosate was not associated with a general
increase in invertebrate drift in a Canadian stream, a transient increase in drifting nymphs of
the mayfly Paraleptophlebia spp. was observed at two sites at peak glyphosate concentrations
(109.4 and 3.2 µg L-1) in response to first rainfall events (27.5 and 31.5 h post application,
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respectively) (Kreutzweiser et al. 1989). In a contrasting laboratory experiment, a
concentration of 10,000 µg L-1 glyphosate (as opposed to 1,000 µg L-1) was required to induce
avoidance movements by nymphs of another mayfly, Ephemerella spp. (Folmar et al. 1979).
The relatively low concentrations of glyphosate applied in the current experiment, which were
several orders of magnitude below the concentrations used in Folmar et al. (1979) but similar
to the actual field concentrations reported by Kreutzweiser et al. (1989), seem to be
responsible for the decrease in EPT density immediately after glyphosate addition (day 7), a
pattern that persisted one week after glyphosate addition ceased (day 14), suggesting that
chronic exposure at sublethal concentrations may have detrimental effects on this sensitive
group.

3.4.3.4 Ecosystem measure – leaf breakdown
Leaf toughness loss was greatest in the highest glyphosate treatment, indicating somewhat
surprisingly that glyphosate addition stimulated leaf breakdown rates. I did not measure
accumulation and persistence of glyphosate residue in the leaf packs but it is possible that
leaves adsorbed glyphosate from the stream water. Several studies have found high
glyphosate residues in target terrestrial foliage and leaf litter following aerial application, with
50% of glyphosate undergoing dissipation in less than 14 days (Newton et al. 1984; Feng et
al. 1990; Newton et al. 1994). Elevated concentrations in submerged leaf material of a
similarly high-binding herbicide (triclopyr butoxyethyl ester) have been reported at
concentrations that greatly exceed aqueous concentrations, but with no effect on leaf
breakdown (Kreutzweiser et al. 1998). Several other studies have described indirect effects of
pesticides on leaf breakdown that were mediated through a negative effect on sensitive
detritivorous invertebrates (Wallace et al. 1982, 1989; Schäfer et al. 2007). Nevertheless, such
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a mechanism was probably not responsible for the enhanced breakdown rates in the present
experiment as some detritivorous species declined with increasing glyphosate concentration.
It seems more likely that the enhanced phosphate levels associated with the glyphosate
formulation may have stimulated microbial activity (Haney et al. 2000; Pérez et al. 2007).

3.4.4 COMBINED EFFECTS
3.4.4.1 Taxonomic composition, trait composition and community metrics
No significant overall sediment by glyphosate interaction was detected in invertebrate
taxonomic or trait compositions (MANOVAs) or in the results for any individual taxon, trait
or community metric. In four cases (chironomids other than tanypods, Psilochorema spp.,
invertebrates with medium dissemination potential and shredders), significant overall effects
were found for both sediment and glyphosate individually. The absence of interactions in
these cases indicates that the two stressors were acting additively in the present experiment,
rather than synergistically or antagonistically (complex multiple stressor interactions), in
contrast to some of the invertebrate responses in previous multiple stressor experiments in
running waters (Townsend et al. 2008, Matthaei et al. 2010). Nevertheless, this lack of
complex interactions is not surprising given that one of the stressors, glyphosate, produced
few individual effects.
The specific contrasts in the repeated-measures ANOVAs identified temporal changes
in the shape of the sediment by glyphosate interaction between paired sampling dates in nine
cases (for three common taxa, four traits, the 3-4 mm body size class and total invertebrate
density). However, none of these changes in shape could be interpreted in a biologically
meaningful way because the responses to increasing glyphosate levels never changed in a
consistent manner across the range of sediment treatments. Similarly, all these patterns for
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temporal changes in the shape of the sediment by glyphosate interactions were not combined
with a significant overall interaction term (such as the one for leaf toughness loss, see below).
Consequently, these patterns will not be discussed any further here.

3.4.4.2 Ecosystem measure – leaf breakdown
The interactive pattern for leaf toughness loss supported the hypothesis that fine sediment and
glyphosate acted antagonistically to effect leaf breakdown, because the breakdown rate was
less than additive when both stressors were at their highest levels. The shape of this
interaction changed somewhat between day 7 and day 21 of the experiment, but these changes
did not prevent the overall pattern (when data were averaged across all three sampling dates)
from being significant. Thus, this study has revealed an example of a complex antagonistic
interaction where adsorption by sediment seems to have reduced the bioavailability of
glyphosate and removed its effect of promoting leaf breakdown. This is in contrast to a
similar experiment in a terrestrial ecosystem that demonstrated an increase in cellulose
decomposition rates when glyphosate-treated cellulose substrates were buried in sandy-clay
soil, and that mass loss of untreated cellulose substrate when buried in soil treated with 150
mg L-1 glyphosate increased about four-fold compared to direct spraying onto substrate
(Ismail et al. 1995).

3.4.5 MANAGEMENT IMPLICATIONS
In the present experiment, sediment deposition clearly had a much greater influence on the
benthic invertebrate community than the 7-day pulse of glyphosate herbicide. Consequently,
resource managers should focus particular attention on minimising erosion in stream
catchments and sediment load into streams. The differential responses to multiple stressors of
101

Sediment and glyphosate affect benthic invertebrates and leaf breakdown
ecosystem-level, taxonomic and trait variables of macroinvertebrates highlight the value of
incorporating both structural and functional indexes of stream condition to investigate the
effects of anthropogenic stressors and to identify the underlying mechanisms. While the only
unambiguous complex interaction detected in this study was for leaf toughness loss, this is
particularly important because leaf breakdown is widely used as a comparative measure of
stream condition (Gessner & Chauvet 2002; Young et al. 2008). My results indicate that leaf
breakdown patterns may not always be easy to interpret. Indeed, in a study of stream
condition in contrasting pastoral catchments (conventional, integrated and organic) where
both sediment and glyphosate were present, among other stressors, I found that leaf
breakdown failed to distinguish among the different land-use intensities (Chapter 2).
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Sediment and glyphosate affect
invertebrate drift and insect emergence:
a multiple-stressor experiment

Sediment and glyphosate affect invertebrate drift and adult insect emergence

Summary
1. Previous research on the combined action of various paired agricultural stressors has shown
that non-additive outcomes (i.e. synergisms or antagonisms) may be more common than
simple additive effects on communities, but the interplay between deposited fine sediment and
dissolved glyphosate herbicide as stressors in stream ecosystems is still poorly understood.
2. A 42-day experiment in outdoor circular stream channels fed by a nearby river was
conducted to simulate effects of varying levels of fine sediment and a glyphosate-based
herbicide on two important aspects of macroinvertebrate community dynamics, invertebrate
drift and adult insect emergence. Four levels of each stressor were applied in a full factorial,
repeated-measures design (4 glyphosate × 4 sedi ment levels × 2 replicates of each treatment
combination). The study investigated whether (i) increased levels of sediment and glyphosate
had individual and/or additive combined effects on invertebrate drift and adult insect
emergence, (ii) increased sediment reduced the bioavailability of glyphosate and thus its
toxicity (antagonistic interaction), or (iii) sediment-adsorbed glyphosate prolonged the effects
of exposure (synergistic interaction).
3. Sediment addition affected drift propensities of four of the ten most common invertebrate
taxa, community-level measures of drift (total taxon and EPT richness) and adult emergence
(total propensity and taxon richness), whereas glyphosate addition affected only drift
propensity of one taxon. These results indicate that glyphosate entering streams during
terrestrial herbicide operations is likely to be less problematic for aquatic invertebrate
community dynamics than fine sediment from catchment erosion.
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4. No significant overall sediment by glyphosate interaction was detected for any individual
taxon drift propensity or community-level drift or emergence measure, indicating that the two
stressors were acting additively, rather than synergistically or antagonistically.
5. Invertebrate drift and adult insect emergence responded differently from static measures
(benthic invertebrate densities) to multiple stressors, highlighting the potential value of using
dynamic aspects of the macroinvertebrate community as indicators when assessing the effects
of anthropogenic stressors and identifying the underlying mechanisms of their effects.

4.1 Introduction
Multiple anthropogenic stressors from agricultural land use can influence freshwater
ecosystem structure and function (Townsend et al. 2008; Gücker et al. 2009; Davis et al.
2010; Matthaei et al. 2010). Various pairs of stressors have been investigated in these
ecosystems, including increased bed sediment cover and nutrient concentration (e.g.,
Townsend et al. 2008; Riddle et al. 2009; Wagenhoff et al. 2011), nutrient and pesticide
inputs (Guasch et al. 2007; Pesce et al. 2008; Dantin et al. 2010), mixtures of pesticides
(atrazine and lindane, Van den Brink et al. 2009; mixture of five insecticides and five
herbicides, Relyea 2009; diuron and tebuconazole, Tlili et al. 2011), and sediment and
fungicide exposure (propiconazole, Wu et al. 2005; triphenyltin acetate, de Haas et al. 2005).
These articles have emphasized that full assessment of risk from a single stressor may be
complicated through enhancement or suppression of its effect by another co-occurring stressor
in the ecosystem. Whilst a recent review of the combined action of pairs of stressors has also
shown that non-additive outcomes (i.e. synergies or antagonisms) are more common than
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simple additive effects (Darling & Côté 2008), the interplay between fine sediment and
glyphosate herbicide as stressors in stream ecosystems is still poorly understood.
In Chapter 3, I introduced the adverse physical effects of increased sediment on
benthic stream invertebrates (Matthaei et al. 2006; Larsen et al. 2009) and discussed its
potential role as a sink for contaminants (de Haas et al. 2005; Townsend et al. 2009) such as
the herbicide glyphosate, which has been detected in streambed sediments (Newton et al.
1984; Wan et al. 2006). Despite the fact that glyphosate is less mobile when adsorbed to soil
or sediment (Giesy et al. 2000; Solomon & Thompson 2003), it has been detected in surface
runoff (Shipitalo et al. 2008; Laitinen et al. 2009) and in streams adjacent to agricultural
fields (Battaglin et al. 2005; Peruzzo et al. 2008; see also Chapter 2). Consequently, the
occurrence of glyphosate in stream water and bed sediments may potentially influence benthic
organisms (Bowmer et al. 1986; Tsui & Chu 2004; see also Chapter 1), but studies are lacking
on the interaction between the two stressors across a range of concentrations of glyphosate
and levels of sediment cover on stream community structure and ecosystem function.
I focussed in Chapter 3 on the impacts of fine sediment and glyphosate on the benthic
densities (i.e. the standing stocks) of stream macroinvertebrates. Here I turn my attention to
two important dynamic aspects of macroinvertebrate populations: invertebrate drift and adult
insect emergence. Rather than reporting drift and emergence densities per se, my focus is on
the propensity of taxa to drift or emerge during my experiment, expressing each in relation to
benthic density. If drift and emergence occur simply in proportion to benthic density, no
further information is gained by measuring drift and emergence densities as compared to the
benthic densities already reported (Chapter 3). What is important is whether particular taxa
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become more or less likely to drift or emerge (i.e. change their propensities) in relation to the
stressors of interest.
Field and laboratory-based experiments have documented effects of fine sediment
addition (Molinos & Donohie 2009; Gomi et al. 2010; Larsen & Ormerod 2010) and
pesticides (Lauridsen & Friberg 2005 and Nørum et al. 2010: lambda-cyhalothrin; Beketov &
Liess 2008: fenvalerate, thiacloprid, imidacloprid, acetamiprid, indoxacarb, fenoxycarb,
tebufenpyrad, iprodione, cyprodinil, prochloraz, and azoxystrobin) on the drift behaviour of
stream invertebrates. Whilst exposure duration and concentration are traditionally the focuses
when evaluating the effects of toxicants on stream drift (Peterson et al. 2001; Duquesne et al.
2006), recent evidence indicates that exposure time and concentration can also influence the
effects of added fine sediment on drift (Molinos & Donohie 2009; Larsen & Ormerod 2010).
Similarly, Townsend and Thompson (2007) hypothesised that average invertebrate body size
should increase with agricultural intensity as a result of the higher surface-area-to-volume
ratio of smaller individuals and the likely increased susceptibility of smaller organisms to
pesticides. If smaller invertebrates are more adversely affected by contaminants (such as
pesticides) than larger ones, they may be more likely to enter the water column and drift.
Emergence of adult insects is a key stage in the dynamics of individual stream
invertebrate populations (affecting community structure) but also represents a net transfer of
energy from aquatic to terrestrial habitats and therefore can be considered a functional
response (Newman & Clements 2008). Thus, disruption of developmental or emergence
processes as a result of exposure to esfenvalerate (pyrethroid insecticide) can have severe
consequences (Palmquist et al. 2008). A recent study has documented reductions in the size of
mayflies (head length of male Baetis and thorax length of male Epeorus) in response to
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insecticide exposure, with negative consequences for reproduction in these populations
(Alexander et al. 2008). Further, the same authors stressed that by using adult emergence as
response variable, they were able to detect sublethal effects such as differential responses of
male and female mayflies to insecticide treatment, which would have gone unnoticed using
standard ecotoxicological assessment methods. Several studies using Chironomus spp. as test
organisms also showed that using life history traits as response variables (e.g. development
and emergence time, larval behaviour, adult body size) proved sensitive to insecticide
exposure (Burdett et al. 2001; Hirthe et al. 2001; Langer-Jaesrich et al. 2010). Other related
studies have documented sex-specific mortality in aquatic midges due to exposure to
sediment-associated pesticides (Hahn et al. 2001; Townsend et al. 2009), including a malebiased sex ratio in adult emergence (Rakotondravelo et al. 2006).
Against this background, I conducted an experimental manipulation designed to
simulate different land-use scenarios in the catchments of small streams, from low-intensity
farming without pesticide use or sediment loading to high-intensity farming with considerable
pesticide use and high levels of fine sediment deposition on the bed. Because in real streams,
sediment loading is likely to be present before a pesticide runoff event (Matthaei et al. 2006),
my application of the stressors was sequential rather than simultaneous, in contrast to most
previous multiple stressor experiments (see review by Darling & Côté 2008). I investigated
whether (i) increased levels of fine sediment and a glyphosate-based herbicide have individual
and/or additive effects on invertebrate drift and insect emergence, or (ii) increased sediment
reduces the bioavailability of glyphosate and thus its toxicity (antagonistic multiple stressor
interaction; see Townsend et al. 2008), or (iii) the adsorption of glyphosate to sediment
prolongs its exposure period (synergistic interaction).
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4.2 Materials and methods
4.2.1 EXPERIMENTAL DESIGN
The study was conducted from late austral spring to early summer (29 October to 10
December 2008) in 128 circular, flow-through stream channels situated on farmland adjacent
to the Kauru River in North Otago, New Zealand (170° 44.6′ East, 45° 6.5′ South).
Experimental details are largely the same as described in Chapter 3; therefore I present an
abbreviated account here. The Kauru River, which supplied water to the channels and served
as a source of local species for the experiment, provided a suitable environment to test my
hypotheses as it receives low nutrient and minimal glyphosate inputs from the surrounding
farms. Background levels of dissolved nutrients and glyphosate during the entire experiment
in the control stream channels (without sediment or glyphosate addition) were: nitrate: 44.1 ±
3.6 µg L-1; ammonium: 24.87 ± 2.0 µg L-1; dissolved reactive phosphorus, DRP: 4.0 ± 0.1 µg
L-1; glyphosate: 0.005 ± 0.002 µg L-1. Presented values are averages (± standard errors, SE)
across seven sampling occasions for nutrients (n=28) and across 15 sampling occasions for
glyphosate (n=90).
I added fine sediment (0, 25, 75, 100% surface cover) and applied four levels of
glyphosate (0, 50, 200, 370 µg L-1) to 96 stream channels (see Fig 3.1 in Chapter 3) using a
full factorial, repeated-measures design with 32 channels (4 glyphosate × 4 sediment levels ×
2 replicates of each treatment combination) sampled for the principle biological response
variables (drift and emergence propensity) on five dates representing two periods before
experimental manipulation (before sediment and glyphosate treatment, after sediment addition
but before glyphosate pulse), a period during the glyphosate pulse and two periods after the
pulse (see below for more details; see also Fig. 4.1A). The four sediment treatments spanned
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the range of fine sediment covers encountered in local grassland streams (Matthaei et al.
2006). The four glyphosate treatments (commercial formulation Glyphosate 360 with 360 mg
L-1 active ingredient plus 10–20% polyethoxylated tallowamine (POEA) as the surfactant;
Ravensdown Fertiliser Co-operative Ltd, Dunedin, New Zealand) were randomly distributed
within two blocks of 4×16 stream channels each (see Fig. 3.1A in Chapter 3). The four
sediment treatments used natural river sediment with a mean grain size of 0.2 mm (see
Matthaei et al. 2006), and were distributed randomly within each set of 16 stream channels.
The two glyphosate blocks were included as a block factor in the statistical analysis.
Treatment concentrations for glyphosate herbicide were based on published field surveys of
glyphosate residues in running waters and water quality guidelines for glyphosate (see
Chapter 3).

4.2.2 EXPERIMENTAL SET-UP
Mean daily water temperatures during the entire experiment were similar across treatments in
the header tanks and in the circular stream channels (overall mean 15.8 ± 0.2o C), and they
were also similar to the overall mean daily water temperature in the river at the pump intakes
(16.0 ± 0.3o C) (Chapter 3). Current velocities were maintained at a mean of 15.0 ± 0.2 cm s -1
in all channels.
Each stream channel (25-cm external and 5-cm inner rim diameter, 9 cm high, nylon
Microwave Ring Moulds; Interworld, Auckland, NZ) contained about 500 mL of 2-20 mm (b
diameter) dry gravel collected from the Kauru River flood plain. Sixteen larger particles (bdiameter 30 mm) were placed on top of this gravel, resulting in a 2-3 cm layer of stream
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substratum consisting of very fine to coarse gravels to simulate the natural substratum of
small sheep/beef farmland streams in the Otago region (Chapter 3).

4.2.3 EXPERIMENTAL PROCEDURE
To allow natural colonisation of channel substrata by drifting algae and invertebrates, stream
water flow through the channels started two weeks before the stressors were introduced (Fig.
4.1A). Seven days into the colonisation period (on day -13), all channels were covered with
fabric hoods (serving as emergence traps) to allow quantification of insects emerging from
each channel during the rest of the experiment (sampling details below). These hoods reduced
light in the channels by only 5% (Liess et al. 2009). Near the end of the 14-day colonisation
period (day -8) but before fine sediment (day -7) or glyphosate addition (day 0), one standard
mahoe leaf pack was anchored at the substratum surface of each channel (see Chapter 3); this
is not directly relevant to the current chapter but is mentioned as background information. On
the same day, invertebrates from the nearby Kauru River were actively seeded into each
channel to assist natural colonisation. These were collected by kick-net sampling (frame
60×40 cm; mesh size 200 µm) for 3 minutes from 16 bed patches of about 0.36 m2 each
(equivalent to 8 times the 0.045 m2 area of the substratum surface in each circular channel),
moving sequentially from downstream to upstream in a uniform area of the river. Immediately
after collection, each kick net sample was split into eight equal portions using an automated
subsampler (see Waters 1969) and each channel was randomly allocated one portion.
Sediment was added once at the start of the 28-day manipulative phase (day -7);
glyphosate was added continuously for seven days starting one week later (days 0 to 7). The
stream channels were then allowed to recover for two weeks (Fig. 4.1A). Thus, invertebrates
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were under the influence of sediment before glyphosate was added. The seven-day glyphosate
pulse and the 14-day recovery period were selected to represent realistic environmental
conditions experienced by stream benthic invertebrates (see Chapter 3 for full justification).

Fig. 4.1 (A) Overview and timeline of the experiment. Shaded areas indicate dates of introduction of
leaf packs, invertebrates and fine sediment into the stream channels and the timing of the glyphosate
pulse. Symbols indicate sampling dates for each response variable. (B) Photo of one channel showing
the drift net and emergence trap.

A nylon stocking serving as drift net (mesh size 500 µm, Fig. 4.1B) was clipped for
48 h over the outflow of each of 32 circular channels (randomly selected two replicates from
each treatment combination per sampling date). Drift samples were collected on the following
dates representing five sampling periods (Fig. 4.1A): once before sediment addition (starting
at noon on day -10 to day -8), once after sediment addition but before the glyphosate pulse
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(day -2 to day 0), once during the glyphosate pulse (day 5 to day 7) and twice after the
glyphosate pulse had ceased (day 10 to 12 and day 15 to 17).
All channels had emergence trap hoods (Fig. 4.1B) in place throughout the experiment
(starting on day -13; Fig. 4.1A). Adult insects emerging from all 32 stream channels
(randomly selected as above) were collected each time that channel walls were cleaned of
attached algae (channel maintenance procedure, conducted every 2-3 days) and collected
samples were pooled weekly for five weeks, representing the same sampling periods as for
drift (Fig. 4.1A): week 1 (one week after colonisation commenced but before sediment or
glyphosate addition), week 2 (immediately after sediment addition but before glyphosate
pulse), week 3 (during glyphosate pulse and one week after sediment addition), week 4
(immediately after glyphosate pulse stopped and two weeks after sediment addition) and week
5 (one week after glyphosate pulse ceased and three weeks after sediment addition).
Note that drift and emergence sampling were not destructive so the channels sampled
before day 7 were available for subsequent re-sampling (three sampling periods in total).
However, benthic sampling (performed on days 7, 14 and 21, see Chapter 3) was destructive
so that only 64 channels remained for the penultimate sampling of drift and emergence and
only 32 for the final sampling.

4.2.4 DATA COLLECTION AND LABORATORY ANALYSES
Channel samples for analysis of dissolved nutrients, dissolved glyphosate and glyphosate
residue in the fine sediment were processed as described in Chapter 3.
Drift and emergence samples were placed in plastic containers and preserved in 90%
ethanol for subsequent laboratory sorting and identification. Invertebrates from drift samples
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were identified using keys of Chapman & Lewis (1976) and Winterbourn et al. (2006) and
counted under a stereo microscope (Olympus SZ51, magnification 8-40×, Olympus Corp.,
Tokyo, Japan). The following drift-related variables were recorded: (i) drift propensities
(numbers drifting / benthic density) of the ten most common invertebrate taxa, (ii) total drift
propensity, (iii) Ephemeroptera, Plecoptera and Trichoptera (EPT) drift propensity, (iv) total
taxon richness, (v) EPT richness, and (vi) mean body size of drifting individuals. To check
whether invertebrate drift was consistent across the future treatments prior to stressor
application, I analysed total drift density (number of invertebrates drifting per 48 h) on day 10/-8 (= shortly before sediment addition) and on day -2/0 (= shortly before the glyphosate
pulse) (see Results).
Emerging insects were identified using keys of CSIRO (1991) and Towns & Peters
(1996) and the following response variables recorded: (i) total taxon richness, (ii) total
emergence propensity (numbers emerging / benthic density) and, for the two dominant taxa
(Deleatidium spp. and Chironomidae other than Tanypodinae), (iii) emergence propensities,
(iv) head length of adult males (measured to the nearest 0.02 mm using an ocular micrometer)
and (v) proportion of emerged females. As with invertebrate drift, total density of emerging
insects on week 1 (before sediment addition) and on week 2 (before the glyphosate pulse)
were analysed to check whether pre-stressor emergence was consistent across the future
treatments (see Results).
Drift and emergence propensities were calculated for the last three sampling periods
(days 5/7, 10/12 and 15/17 for drift and weeks 3-5 for emergence) because benthic density
(individuals m-2) data were available only during these periods (due to the destructive benthic
invertebrate collection method; see above). Specifically, drift propensity for day 5/7 was
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calculated using the drift density recorded from day 5 to 7 divided by the benthic density
collected on day 7, whereas drift propensity for days 10/12 and 15/17 was calculated using the
benthic density data for days 14 and 21, respectively. Similarly, emergence propensities for
weeks 3, 4 and 5 were calculated using the cumulative emergence density for each week
divided by the benthos data for days 7, 14 and 21, respectively.

4.2.5 STATISTICAL ANALYSES
Prior to analysis with the software SPSS 15.0 (SPSS Inc., Chicago, USA), data were log10 (x)
or log10 (x+1) transformed where necessary to improve normality and homoscedasticity,
except for proportions of emerged females, which were square root transformed.
Three-way ANOVAs were used to evaluate the effects of the fixed between-subjects
factors sediment and glyphosate plus their interaction and the block factor (without interaction
term) on pre-stressor drift densities on days -10/-8 and -2/0 and on pre-stressor emergence
densities in week 2 (hardly any invertebrates emerged in week 1, see Results). For these
invertebrate variables, the sampling periods before sediment addition (days -10/-8) and after
sediment addition but before the glyphosate pulse (days -2/0 and week 2) were analysed
separately. This allowed testing for each stressor whether pre-application densities were
consistent across the future treatments.
Treatment effects on invertebrate drift (total taxon and EPT richness, total and EPT
propensities, average body size) and on insect emergence (taxon and EPT richness, total
emergence propensity, emergence propensity and head length of adult males and proportion
of emerged females of Deleatidium spp. and Chironomidae) were investigated using threeway repeated-measures ANOVAs (the repeated-measures equivalent of the model above, with
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sampling period as the within-subjects factor). If sediment or glyphosate had significant
overall (between-subjects) effects, pair-wise comparisons with Tukey’s HSD (or GamesHowell, in cases of persisting heteroscedasticity) post hoc tests were conducted.
To determine the effects of the glyphosate pulse on the biota in terms of impact and
recovery patterns, I performed planned contrasts comparing within-subjects effects among
specific sampling periods, as follows: (i) ‘immediately after the glyphosate addition pulse
(day 5/7 for invertebrate drift or week 3 for insect emergence) versus one week after (day
10/12 or week 4)’, (ii) ‘immediately after (day 5/7 or week 3) versus two weeks after (day
15/17 or week 5)’, and (iii) ‘one week after (day 10/12 or week 4) versus two weeks after (day
15/17 or week 5)’.
Finally, a repeated-measures MANOVA (the multivariate equivalent of the model
above) was used to evaluate the community-level between-subjects and within-subjects effects
of my experimental manipulations on the drift propensities of the ten most common
invertebrate taxa in the drift samples.
All response patterns summarised in the text were significant (P < 0.05) unless
indicated otherwise. Effect sizes (partial eta-squared values, range 0-1; see Garson 2009) are
reported to allow comparison of the magnitudes of effects detected. Results for the block
factor are shown but not discussed further because any significant effects of this factor merely
represent background variation (differences between two blocks of 4×16 stream channels
each; see experimental design) that is irrelevant to the objectives of this study.
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4.3 Results
4.3.1 PRE-STRESSOR DRIFT AND EMERGENCE
4.3.1.1 Total drift density
On day -10/-8, shortly before sediment addition and more than one week before the
glyphosate pulse, a total of 786 individuals belonging to 23 taxa was collected during the 48-h
sampling period. Drift density patterns (Fig. 4.2A) were similar across both the future
sediment treatments (P = 0.245, effect size [ES] = 0.236) and the future glyphosate treatments
(P = 0.132, ES = 0.305). Further, there was neither a sediment by glyphosate interaction (P =
0.824, ES = 0.245) nor a block effect (P = 0.447, ES = 0.039).
On day -2/0, five to seven days after sediment addition and immediately before the
start of the glyphosate pulse, more invertebrates drifted from the channels (2228 individuals,
33 taxa; Fig. 4.2B) compared to day -10/-8. At this time, drift was lower in the presence of
intermediate and high sediment (P = 0.043, ES = 0.410) but there were no block (P = 0.710,
ES = 0.009) or glyphosate effects (P = 0.532, ES = 0.132) indicating that, overall, drift
densities were still similar across the future glyphosate treatments. There was a significant
sediment by glyphosate interaction (P = 0.043, ES = 0.619), which presumably reflected
variation in the sediment effect across channels that arose for unknown reasons because the
glyphosate treatment had not commenced at that time.
Moreover, comparison of the total drift densities between before (day -10/-8) and after
(day -2/0) sediment addition displayed no significant difference (P = 0.617, ES = 0.109) (not
shown).
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Fig. 4.2 Mean drift (A, B) and emergence (C) densities per stream channel before the experimental
manipulations. Standard errors shown.

4.3.1.2 Total emergence density
During the first week of emergence collection before sediment was added, only two animals
emerged in total from the channels, too few for meaningful statistical analysis. Nevertheless,
these uniformly low numbers provide no evidence that emergence densities differed across
the future sediment treatments (data not shown). During the second week, after sediment
addition but shortly before the glyphosate pulse, a total of 125 insects emerged across
treatments. During this period (Fig. 4.2C), sediment had an effect close to significance (less
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emergence at the highest sediment level; P = 0.051, ES = 0.395, observed power = 0.626) and
a block effect was noted (P = 0.014, ES = 0.343), but there was no glyphosate effect (P =
0.966, ES = 0.017) and no sediment by glyphosate interaction (P = 0.319, ES = 0.436).
Consequently, these findings indicate that emergence densities were similar across the future
glyphosate treatments.

4.3.2 PATTERNS DURING AND AFTER THE GLYPHOSATE PULSE
4.3.2.1 Invertebrate drift
4.3.2.1.1 Taxon drift propensities
Of the 39 invertebrate taxa identified, ten comprised 95.7% of the total number of drifting
individuals recorded: Tanypodinae (32.9%), Chironomidae other than Tanypodinae (25.0),
Pycnocentrodes spp. (10.1), Copepoda (8.1), Oligochaeta (7.8), Austrosimulium spp. (3.9),
Oxyethira spp. (3.1), Cladocera (2.4), Deleatidium spp. (1.2) and Psilochorema spp. (1.2).
Drift propensities of these ten common taxa showed an overall sediment effect (MANOVA
Wilks’ λ P = 0.005, ES = 0.835) but no glyphosate (P = 0.369, ES = 0.650), sediment by
glyphosate (P = 0.251, ES = 0.574) or block effects (P = 0.195, ES = 0.774). The betweensubjects effects in the MANOVA indicated that four of the ten taxa were responsible for the
significant overall sediment effect (Table 4.1, Fig. 4.3A). Averaged across all sampling
occasions, tanypods, chironomids other than tanypods and oligochaetes showed greater
propensities to drift relative to their benthic densities from treatments where no sediment had
been added compared to intermediate and/or high sediment treatments. By contrast, overall
Deleatidium spp. drift propensity was greater in the high sediment treatment. Chironomidae
other than tanypods showed a significant overall glyphosate effect (higher drift propensity in
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channels with 200 µg L-1 glyphosate addition than in the two lowest glyphosate treatments;
Fig. 4.3B), but none of the common taxa displayed a significant overall sediment by
glyphosate interaction (Table 4.1).
Analysis of specific contrasts showed that tanypod drift propensity declined more
strongly from day 10/12 to 15/17 in the no or low glyphosate treatments than at the two
highest glyphosate levels (Fig. 4.4A). Further, the shape of the sediment by glyphosate
interaction changed for Chironomidae from day 5/7 to 15/17 (Fig. 4.4B; for this and all
succeeding interaction graphs, positive values on the plots indicate higher drift or emergence
propensities on the latter sampling occasion than on the former). From day 5/7 to 15/17, drift
propensity generally decreased with rising glyphosate levels in channels without added
sediment or with intermediate addition, whereas the opposite pattern occurred in channels
with low or high sediment addition.
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Fig. 4.3 Overall propensity patterns for drifting invertebrates due to the effects of sediment (A) and
glyphosate (B). Bars in both A and B are averages of eight replicate stream channels with standard
errors shown.
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Fig. 4.4 Changes in drift propensity patterns between sampling dates for tanypods due to glyphosate
treatment (A) and for chironomids due to a sediment by glyphosate interaction (B). Bars in A are
averages of eight replicate stream channels with standard errors shown, whereas bars in B are
differences between means of paired sampling dates (day 15/17 minus day 5/7 in this case) that
showed significant specific contrasts.
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4.3.2.1.2 Drift body size and community-level variables
The mean body size of drifting invertebrates showed overall sediment, glyphosate, sediment
by glyphosate and block effects (Table 4.1). Averaged across sampling dates, invertebrates
were largest in the highest sediment treatment (Fig. 4.5A) and smallest in the highest
glyphosate treatment (Fig. 4.5B). A significant overall sediment by glyphosate interaction
indicated that this sediment effect differed across glyphosate treatments (Table 4.2). Body
size increased more steadily with rising sediment levels at the highest glyphosate
concentration than at the three lower concentrations. Analysis of specific contrasts revealed
no temporal changes in treatment effects on average body size (P ≥ 0.443 and ES ≤ 0.283 in
all cases; not shown).
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Fig. 4.5 Overall patterns for drift body size due to the effects of sediment (A) and glyphosate (B). Bars
in A and B are averages of eight replicate stream channels with standard errors shown.

None of the four invertebrate community measures showed significant overall
glyphosate or sediment by glyphosate effects (Table 4.1). Total and EPT drift propensities
were both affected by sediment addition overall, but the response patterns were in opposite
directions. Total drift propensity was highest in the treatment without sediment addition,
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whereas EPT drift propensity was highest in the intermediate and high sediment treatments
(Fig. 4.6).

Fig. 4.6 Overall patterns for total and EPT drift propensities due to effects of sediment. Bars are
averages of eight replicate stream channels with standard errors shown.

Analysis of specific contrasts between sampling occasions revealed a temporal change
in the effect of sediment on drift taxon richness (Fig. 4.7A), with richness being lowest at the
top sediment level on day 5/7 but changing to the reverse pattern on day 15/17. Further, total
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drift propensity at the intermediate glyphosate level decreased from during the pulse (day 5/7)
to shortly after the pulse (day 10/12) while propensity increased slightly at the low glyphosate
level (Fig. 4.7B). No temporal changes in the shape of the sediment by glyphosate interaction
occurred for the community measures (P ≥ 0.061 and ES ≤ 0.594 in all cases; not shown).

Fig. 4.7 Patterns of drift taxon richness and total propensity showing changes in treatment effects for
sediment (A) and glyphosate (B). Bars in both A and B are averages of eight replicate stream channels
with standard errors shown.
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4.3.2.2 Insect emergence
4.3.2.2.1 Deleatidium spp.
Of the 2423 insects that emerged, one hundred and forty-four were Deleatidium spp. while
2098 were chironomids other than tanypods, the two taxa comprising 93% of the total.
Several emergence response variables showed an overall effect of sediment (see Table 4.3 and
descriptions below). However, emergence propensity of Deleatidium (which was generally
highest at the two top sediment levels; Table 4.4 and Fig. 4.8A) was the only emergence
variable to also display an overall effect of glyphosate (generally higher in channels without
glyphosate addition than in channels with intermediate glyphosate levels; Table 4.3 and Fig.
4.8B) and an overall interactive effect of sediment and glyphosate (Table 4.4). At the two
lowest sediment levels, emergence propensity remained similarly low across all glyphosate
levels, whereas propensity generally increased with glyphosate at intermediate sediment but
was highest in channels without glyphosate addition at the top sediment level.
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Fig. 4.8 Overall emergence propensity patterns for Deleatidium spp. including changes in propensity
patterns with time due to the effects of sediment (A) and glyphosate (B). (C) Changes in emergence
propensity patterns between paired sampling dates due to a sediment by glyphosate interaction. Bars in
A and B are averages of eight replicate stream channels with standard errors shown, whereas bars in C
are the differences between means of two sampling dates that showed significant contrasts. Missing
bar in B indicates that emergence was zero while in C indicates that value was identical on the paired
sampling occasions. Shaded area in B corresponds to the week-long glyphosate pulse.
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Deleatidium emergence propensity also showed marked differences in treatment
effects across sampling occasions. Thus, it decreased from week 3 to week 5 at the highest
sediment level while increasing at the two lowest sediment levels (Fig. 4.8A). During the
same period, this variable also decreased at 0 and 370 µg L-1 glyphosate whereas it increased
at 200 µg L-1 glyphosate (Fig. 4.8B). Finally, the shape of the sediment by glyphosate
interaction (Fig. 4.8C) changed from week 3 (during the glyphosate pulse) to week 5 (two
weeks after the pulse). In week 5 compared to week 3, Deleatidium emergence propensity
generally decreased with increasing glyphosate at the three lower sediment levels but not at
the highest sediment level, where the response to rising glyphosate levels was inconsistent
(Fig. 4.8C).
Whilst head length of male Deleatidium and proportion of females did not show any
overall treatments effects (Table 4.3), analysis of specific contrasts revealed temporal changes
in the responses to glyphosate (head length of adult males; Fig. 4.9) and sediment (proportion
of females; Fig. 4.10) but neither showed changes in the shape of the sediment by glyphosate
interaction (P ≥ 0.106 and ES ≤ 0.551 in both cases; not shown). Adult male Deleatidium with
larger heads emerged with increasing glyphosate levels up to 200 µg L-1 (but not to 370 µg L1

) two weeks after the glyphosate pulse (week 5) compared to during the pulse (week 3; Fig.

4.9). Further, the proportion of females decreased more consistently across the four sediment
treatments in week 5 than in week 3 (Fig. 4.10). This effect strengthened across the three
sampling periods.
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Fig. 4.9 Changes in head length pattern of adult male Deleatidium spp. due to glyphosate treatment.
Bars are averages of eight replicate stream channels with standard error bars shown. Missing bars
indicate that emergence was zero. Shaded area corresponds to the week-long glyphosate pulse.

Fig. 4.10 The sex ratio distribution of Deleatidium spp. given as the proportion of emerged females
from each sediment treatment with time. Bars are averages of eight replicate stream channels with
standard errors shown. Missing bar indicates that female emergence was zero.
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4.3.2.2.2 Chironomidae other than Tanypodinae
Of the three response variables based on the emergence of chironomids, only propensity
showed overall effects of sediment and none displayed effects of glyphosate alone or in
combination with sediment (Table 3). Overall, emergence propensity was highest in channels
without sediment addition. Results of specific contrasts revealed temporal changes in the
effect of sediment on emergence propensity (Fig. 4.11; markedly higher in channels without
sediment relative to the other sediment treatments in week 3 compared to week 5) but not for
glyphosate or the shape of the sediment by glyphosate interaction (P ≥ 0.701 and ES ≤ 0.284
in both cases; not shown). Similarly, no temporal changes in treatment effects were observed
for male chironomid head length (P ≥ 0.084 and ES ≤ 0.570 in all cases; not shown) or the
proportion of females (P ≥ 0.122 and ES ≤ 0.423 in all cases; not shown).

Fig. 4.11 Changes with time in the emergence propensity patterns for chironomids in the four
sediment treatments. Bars are averages of eight replicate stream channels with standard error
bars shown.
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4.3.2.2.3 Community-level emergence variables
The two community emergence measures (taxon richness and propensity) demonstrated
overall effects of sediment but no overall glyphosate or sediment by glyphosate interaction
effects (Table 3). Emergence propensity was generally highest in the two highest sediment
treatments while taxon richness of emerging insects was lowest at the top sediment level (Fig.
4.12). Results of specific contrasts revealed no temporal changes in treatment effects on
emergence propensity or taxon richness (P ≥ 0.104 and ES ≤ 0.456 in all cases; not shown).

Fig. 4.12 Overall emergence propensity and taxon richness patterns due to sediment treatment. Bars
are averages of eight replicate stream channels with standard error bars shown.
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4.4 Discussion
4.4.1 BEFORE THE EXPERIMENTAL MANIPULATIONS
The overall habitat conditions for stream invertebrates in my circular channels prior to
sediment addition were similar across the future sediment treatments, as demonstrated by a
lack of significant differences among densities of total invertebrate drift and total invertebrate
emergence. Equally, both drift and emergence densities were comparable across the future
glyphosate treatments prior to herbicide application. These findings indicate that any
significant differences between treatments after sediment addition and the glyphosate pulse
can be attributed to my experimental manipulations. These results also imply that benthic
invertebrate densities in the channels were most likely similar prior to the experimental
manipulations, a conclusion that is important for Chapter 3 of my thesis because the
destructive nature of benthic sampling did not permit collecting pre-manipulation data for
benthic invertebrates during my experiment (see Chapter 3).

4.4.2 DURING AND AFTER THE MANIPULATIONS
4.4.2.1 Individual effects of sediment
Seven of the 15 drift variables considered responded to sediment addition, supporting my
hypothesis that increased levels of deposited fine sediment would have an overall effect on
invertebrate drift. The added sediment in my stream channels caused an increase in the drift
propensities of the mayfly Deleatidium spp. and the pollution-sensitive EPT insect orders,
results that are generally consistent with the findings of Larsen & Ormerod (2010) where drift
propensity of several mayflies (Baetis rhodani, B. muticus and Ecdyonurus spp.) increased
markedly in ‘sediment-impaired’ reaches. Whilst these authors also documented an increase
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in total invertebrate drift propensity with sediment, with both mayflies and the chironomids in
their study contributing significantly, my chironomid results followed the opposite pattern.
Chironomids (including Tanypodinae) and oligochaetes showed higher propensities to drift in
channels without added sediment and, since these taxa were particularly abundant, they
contributed markedly to the total drift propensity pattern in my experiment. While an increase
in fine sediment load is considered a ‘stressor’ (negative effect) for sensitive EPT taxa
including Deleatidium spp. (Townsend et al. 2008; Matthaei et al. 2010), it can be expected to
provide a habitat ‘subsidy’ (positive effect) for oligochaetes and other sediment-dwelling
invertebrates including chironomid taxa (Quinn 2000).
Invertebrates with relatively larger bodies (2.33 – 2.67 mm head-and-body length)
showed a higher propensity to drift at the highest sediment level. Nonetheless, the average
body size of drifting invertebrates was relatively small (<3 mm) and hence failed to provide a
convincing test of my prediction that smaller invertebrates (maximal size 1–5mm) should be
better represented in streambeds with low porosity (i.e., less likely to enter the water column
and drift from a sediment-dominated substratum), and larger invertebrates in more porous
streambeds (Townsend & Thompson 2007).
Only one community-level invertebrate metric showed a change in the effect of
sediment with time. This change, towards higher drift taxon richness in the highest sediment
treatment on day 15/17 compared to day 5/7, indicates that sediment still had a negative effect
on invertebrate taxa three weeks after its addition (press disturbance, Lake 2000). Further, this
result contrasts with the effects of a 19-day pulse exposure (sediment added every second
day) that resulted in a decrease in family richness of drifting invertebrates (Shaw &
Richardson 2001). My findings also indicate that the full strength of negative or subsidy

136

Chapter 4

effects of fine sediment may take time to develop, probably reflecting a succession of changes
in physicochemistry and food availability after the sediment is first laid down (Chapter 3).
The added sediment also affected invertebrate emergence. Elevated levels of deposited
fine sediment had an overall effect on the propensity of larval insects to complete their life
history and emerge (three out of three emergence propensity variables responded, two
positively and one negatively) and on the taxonomic richness of the emerging insects (lower
at the highest sediment level). These effects must either reflect an ability to develop faster or
to emerge at a smaller size under certain experimental conditions. In contrast to a previous
study where sediment added to an outdoor experimental stream did not alter insect emergence
dynamics or patterns (Fairchild et al. 1987), total emergence propensity in my stream
channels increased at the highest sediment level. This difference was possibly due to the
amounts of sediment used. Fairchild et al. (1987) added an average of 31.3 kg m-2 to their
sediment-treated stream; this is low compared to my highest sediment addition of 22,667 kg
m-2 (which was nonetheless realistic because it was based on sediment cover and depth values
observed in Southern New Zealand streams; Matthaei et al. 2006; Wagenhoff et al. 2011). My
highest sediment addition also affected the total taxon richness of emerging insects in my
stream channels.
The propensity of Deleatidium spp. to emerge was higher in my two highest sediment
treatments, paralleling the findings of Wagner (1989) for mayflies emerging from natural
streambed experimentally smothered by sand. Deleatidium are known to be capable of
hastening emergence under adverse conditions, such as when decreasing water levels increase
their local density (Robinson & Buser 2007). The pattern for the proportion of emerging
females in week 5, which decreased more consistently and more drastically with rising

137

Sediment and glyphosate affect invertebrate drift and adult insect emergence

sediment (100% males at the top sediment level) than in week 3, indicates that sediment
addition changed the sex ratio of emerging Deleatidium with higher sediment strongly
favouring males. Intraspecific competition for space and food to satisfy energy demands for
growth is greatest in later life cycle stages, and such competition might have resulted in
increased drift of female mayfly nymphs (Waters 1972), thus inducing male-biased sex ratios
emerging from the channels near the end of my experiment. Waters (1972) suggested that
final female mayfly instars may disperse more by drifting prior to emergence than males in
preparation for their reproductive activity as adults because adult female mayflies move
around much less than their male counterparts.
Finally, the higher propensity of chironomids to emerge in stream channels without
added sediment than in sediment-treated channels adds further support to my earlier
contention that fine sediment provides a habitat ‘subsidy’ to chironomids. It is known that at
least some chironomid taxa can hasten emergence in sub-optimal habitat (Quinn 2000).

4.4.2.2 Individual effects of the glyphosate pulse
In contradiction with my first hypothesis, glyphosate addition on its own had relatively little
effect in my experiment, at least within the range of glyphosate concentrations tested (which
included the environmental exposure limit in New Zealand streams; ERMA NZ 2005).
Averaged across all three sampling occasions after the one-week glyphosate pulse, only two
invertebrate drift variables responded out of a possible 15, the propensity of chironomids to
drift and the average body size of drifting invertebrates. Whilst drift propensity of
chironomids other than tanypods was highest from stream channels with a 200 µg L-1
glyphosate concentration compared to 0 and 50 µg L-1 glyphosate, pollution-sensitive species
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(e.g. mayflies) were not affected by any of the glyphosate concentrations imposed.
Consequently, it is possible that the transient increase in drift of the mayfly Paraleptophlebia
spp. reported in a Canadian stream was not due to the aerial application of glyphosate (peak
glyphosate concentration 109.4 µg L-1), but rather due to increased stream flow following two
rainfall events shortly (27.5 and 31.5 h) after glyphosate application (Kreutzweiser et al.
1989). On the other hand, body size of drifting invertebrates in my experiment was smallest at
the highest glyphosate level (370 µg L-1), consistent with the prediction that small
invertebrates should be more adversely affected by glyphosate as a result of their higher
surface-area-to-volume ratio (Townsend & Thompson 2007).
Drift propensity of Tanypodinae was similar across the glyphosate treatments on day
5/7 (during the pulse) but then decreased markedly with rising glyphosate on day 10/12 (i.e.
lower propensity to drift from channels with higher glyphosate levels) and finally changed
back to no difference between glyphosate levels on day 15/17. These patterns suggest a
delayed but short-lived, drift-adverse response to glyphosate addition.
None of the invertebrate community metrics showed an overall glyphosate effect,
although specific contrasts between day 5/7 and day 10/12 revealed that total drift propensity
declined from during the glyphosate pulse to shortly after the pulse. However, this pattern was
only apparent in the intermediate glyphosate treatment compared to the low and no glyphosate
treatments but not in the highest treatment. This inconsistent effect prevents interpreting this
pattern in a biologically meaningful way.
Glyphosate also had little effect on adult insect emergence, with only emergence
propensity of Deleatidium spp. responding significantly. The prediction that exposure to
environmental stressors such as glyphosate can cause mayflies to emerge earlier to survive
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(Alexander et al. 2008; Palmquist et al. 2008) was not supported because Deleatidium
showed its highest propensity to emerge from channels without glyphosate addition. If
anything, it seems that the added herbicide slowed mayfly development in my experiment.

4.4.2.3 Combined effects
Neither of my two related hypotheses regarding the combined effects of the sediment and
glyphosate additions (synergistic or antagonistic interaction, see Introduction) received
convincing support, indicating that the two stressors were mainly operating in an additive
way. Only three of the studied invertebrate variables showed interactive responses to sediment
and glyphosate, and the patterns of these interactions were all hard to interpret. The two
stressors interacted in their overall effect on the mean body size of drifting invertebrates, with
body size increasing more steadily with rising sediment levels at the highest glyphosate
concentration (370 µg L-1) than at the three lower concentrations. This pattern could imply
that adding a widely used glyphosate formulation (which contains phosphate; see Laitinen et
al. 2009) at the highest concentration legally allowed in New Zealand may have indirectly
enhanced invertebrate food supply and thus growth via increased algal biomass (Austin et al.
1991; see also Chapters 5 and 6). Greater exposure to the current of these larger organisms
while feeding might have increased their propensity for dislodgment and drifting (Waters
1972). Further, the shape of the sediment by glyphosate interaction changed with time during
the experiment for drift propensity of Chironomidae and emergence propensity of
Deleatidium spp., and the latter invertebrate variable also showed an overall interaction
between the two stressors. However, none of these patterns changed across the range of
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sediment treatments in a manner that could be interpreted as a synergistic or antagonistic
interaction between the two stressors.

4.4.3 CONCLUSIONS AND MANAGEMENT IMPLICATIONS
Overall, fine sediment was the more influential environmental factor (either as a stressor or a
habitat subsidy) compared to the glyphosate herbicide in my experiment. Sediment addition
affected drift propensities of four of the ten most common invertebrate taxa, community-level
measures of drift (total taxon and EPT richness) and emergence (total propensity and taxon
richness).
Glyphosate on its own had relatively few effects on the drift and emergence dynamics
of the invertebrate community, at least within the range of concentrations tested. Moreover,
interactions between sediment and glyphosate were rare and hard to interpret, indicating that
the two stressors were acting additively rather than synergistically or antagonistically. In
combination, these findings indicate that glyphosate entering streams during terrestrial
herbicide operations is likely to be less problematic for aquatic invertebrate community
dynamics than fine sediment from catchment erosion.
Further, the propensities of larval stream invertebrates to drift and to emerge as adult
insects responded differently to the two stressors compared to the traditionally used static
invertebrate variables such as benthic densities (see Chapter 3). Therefore, both drift and
emergence propensity measures may prove valuable potential additional bioindicators in
running waters. Because they rely on behavioural and life-history responses to measure the
ecological effects of stressors, such dynamic invertebrate bioindicators may help uncover
underlying causal mechanisms that may be missed using static taxonomic or trait variables.
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Chapter 5
Sediment and glyphosate affect
algal community structure and ecological guilds:
a multiple-stressor experiment

Sediment and glyphosate affect algal communities
Summary
1. Pesticides and deposited fine sediment have independently been associated with changes in
relative abundance and number of sensitive species in aquatic ecosystems, but the interplay
between these stressors in agricultural streams is still poorly understood.
2. A 42-day experiment in outdoor circular stream channels fed by a nearby river was
conducted to simulate effects of varying levels of fine sediment and a glyphosate-based
herbicide on benthic algal communities. Four levels of each stressor were applied in a full
factorial, repeated-measures design (4 glyphosate × 4 sediment levels × 2 replicates of each
treatment combination). The study investigated whether (i) increased levels of sediment and
glyphosate had individual and/or additive combined effects on periphyton, (ii) increased
sediment reduced the bioavailability of glyphosate and thus its toxicity (antagonistic
interaction), or (iii) sediment-adsorbed glyphosate prolonged the effects of exposure
(synergistic interaction).
3. Sediment addition affected all algal response variables from individual taxa to communitylevel metrics, whereas glyphosate addition only affected densities of two common taxa
Gomphonema minutum and Cocconeis placentula) and algal evenness. These results imply
that glyphosate entering streams during terrestrial herbicide operations is likely to be less
problematic than fine sediment from catchment erosion.
4. Significant overall sediment by glyphosate interactions were detected at the community
level, indicating that the two stressors were acting either synergistically (in their effect on
algal evenness, high-profile and motile guilds) or antagonistically (effect on low-profile
guild).
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5. Population and community parameters responded differently to pesticide exposure in the
presence of fine sediment, emphasising how standard single-species tests may provide only a
limited assessment of possible environmental impacts.
6. As was the case with benthic invertebrates (Chapter 3), the present chapter underscores the
importance of testing both structural and functional indicators related to periphyton when
assessing the effects of anthropogenic stressors and identifying the underlying mechanisms of
their effects.

5.1 Introduction
Worldwide pesticide usage has increased dramatically during the last two decades, coinciding
with changes in farming practices and increasingly intensive agriculture (Konstantinou et al.
2006), and the increased pesticide use has unfortunately resulted in widespread occurrence in
aquatic environments (Kreuger 1998; Morin et al. 2010). Poor agricultural practices have also
led to increased runoff of fine sediment and nutrients into surface waters that can alter the
structure of aquatic communities and aquatic ecosystem functioning (Townsend et al. 2008;
Matthaei et al. 2010, Wagenhoff et al. 2011). However, knowledge of the effects of pesticides
in concert with other stressors such as fine sediment load in stream ecosystems is still fairly
limited.
The most commonly used chemical for controlling agricultural weeds is the herbicide
glyphosate (Baylis 2000; Woodburn 2000). It is generally regarded as an environmentally safe
herbicide because it is strongly adsorbed to soil and sediment which prevents it from being
taken up by non-target plants and reduces leaching into ground water or runoff from fields
into surface water (Giesy et al. 2000). In aquatic environments, this strong sediment-binding
property as well as microbial decomposition has been shown to remove glyphosate from
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water with a minimum half-life of one to two weeks, thus reducing exposure of aquatic
organisms to the herbicide (Giesy et al. 2000, Solomon & Thompson 2003). Recent studies,
however, have detected glyphosate in filtered surface water samples collected in streams
adjacent to agricultural fields, suggesting that glyphosate was not completely adsorbed to
sediment, and hence was more mobile or persistent in the aquatic environment than
previously thought (Battaglin et al. 2005; Peruzzo et al. 2008; see also Chapter 2).
Several observational field studies have attempted to evaluate the impact of glyphosate
contamination (e.g. Sullivan et al. 1981; Pesce et al. 2008) or fine sediment deposition (e.g.
Graham 1990; Yamada & Nakamura 2002) on lotic algal communities. However, these
organisms are subjected simultaneously to other stressors associated with intensified land use,
making it difficult to discern the effects of a particular stressor. Although laboratory studies
allow the identification of direct toxicological effects of glyphosate on algae (Wong 2000;
Tsui & Chu 2003; Sáenz & Di Marzio 2009), uncertainties remain about the relationship of
laboratory data to actual exposure in nature. This is because independent effects of stressors
estimated by conventional, single-species, laboratory dose-response tests ignore sublethal
effects and the mediating effects of other abiotic stressors and species interactions, all of
which can regulate community structure and processes (Relyea & Hoverman 2006; Rohr et al.
2006). Consequently, the use of experimental systems (microcosms and mesocosms) has
increased in ecotoxicology. These systems allow the individual impacts of co-occurring
stressors to be tested through controls on relevant environmental variables (Culp et al. 2000).
Studies that have used outdoor mesocosms to assess the impacts of glyphosate on
algal communities have demonstrated contrasting results, probably due to differences in the
experimental systems employed (see Chapter 1). For example, Austin et al. (1991) found that
glyphosate had no major impact on periphyton communities but rather served as a source of
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phosphorus to benthic algae in oligotrophic experimental streams, which consequently
resulted in enhanced biomass accrual. Conversely, Perez et al. (2007) suggested that observed
changes in microbial assemblages (i.e. decreases in the total micro- and nanophytoplankton
and an increase in picocyanobacteria) in artificial earthen ponds were due to a direct
toxicological effect of glyphosate rather than to an indirect effect via phosphorus enrichment.
In another study using artificial outdoor pond mesocosms, Vera et al. (2010) concluded that
periphyton communities were negatively affected by glyphosate, with diatoms being more
susceptible than cyanobacteria. In addition, their study demonstrated that a single glyphosate
addition can result in a long-term (1 year) shift in the typology of contaminated mesocosms
(“clear” turning to “turbid”), which was consistent with the trend observed in shallow lakes in
the region. The explanation for this result was that the sediment-adsorbed glyphosate was
slowly released to the water, causing a long-term effect on the composition of the periphyton.
None of these previous experiments examined the interactive effects (which can be
additive, synergistic or antagonistic; see Townsend et al. 2008) of glyphosate inputs and
augmented fine sediment load. These potential interactive effects deserve investigation
because fine sediment deposition from adjacent land-use practices is one of the key stressors
influencing periphyton community structure and photosynthetic activity (Allan 2004;
Schofield et al. 2004; Izagirre et al. 2009) and because periphyton communities are at the
base of aquatic food webs. Indeed, Larned (2010), in his recent review of the published
literature on periphyton ecology, recommended more rigorous manipulative experiments to
generate clear relationships between environmental stressors and ecological responses.
As elsewhere, glyphosate is extensively used in New Zealand, but no information is
available about the level of contamination or exposure that may occur in streams (except for
the data provided in Chapter 2 of this thesis) and potential effects on New Zealand periphyton
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biodiversity. Additionally, degradation of the aquatic environment as a result of sedimentation
is a major problem in New Zealand streams (Ryan 1991; Matthaei et al. 2006; Wagenhoff et
al. 2011; see also Chapter 2). Given the adverse physical effects of deposited fine sediment
(see reviews by Waters 1995; Wood & Armitage 1997; Collins et al. 2011; Jones et al. 2011)
and its role as a sink for contaminants that may subsequently be as a source of exposure for
aquatic organisms (e.g. Cold & Forbes 2004; Wu et al. 2005), I investigated whether (i)
increased levels of fine sediment and glyphosate have additive effects, (ii) increased sediment
reduces the bioavailability of glyphosate and thus its toxicity, or (iii) adsorbed glyphosate
prolongs the exposure period for periphyton. I experimentally tested these hypotheses using
outdoor circular stream channels and applied four levels each of glyphosate and fine sediment
(see Fig. 3.1 in Chapter 3).

5.2 Materials and methods
5.2.1 EXPERIMENTAL DESIGN
The study was conducted from late austral spring to early summer (29 October to 10
December 2008) in 128 circular, flow-through stream channels situated on farmland adjacent
to the Kauru River in North Otago, New Zealand (170° 44.6′ East, 45° 6.5′ South).
Experimental details are largely the same as described in Chapter 3. Here I present an
abbreviated account to aid comprehension. I added fine sediment (0, 25, 75, 100% surface
cover) and applied four levels of glyphosate (0, 50, 200, 370 µg L-1) to 96 stream channels
using a full factorial, repeated-measures design with 32 channels sampled for the principle
biological response variables (periphyton communities) on dates representing two periods
before experimental manipulation and three periods after stressor imposition (see below). The
remaining 32 channels were used to investigate glyphosate adsorption to deposited fine
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sediment (see Chapter 3). The four sediment treatments spanned the range of sediment covers
encountered in local grassland streams (Matthaei et al. 2006). The four glyphosate treatments
(commercial formulation Glyphosate 360 with 360 mg L-1 active ingredient plus 10–20%
polyethoxylated tallowamine (POEA) as the surfactant; Ravensdown Fertiliser Co-operative
Ltd, Dunedin, New Zealand) were randomly distributed within two blocks of 4×16 stream
channels each (see Fig. 3.1A in Chapter 3). The four sediment treatments used natural river
sediment with a mean grain size of 0.2 mm (Matthaei et al. 2006) and were distributed
randomly within each set of 16 stream channels. The two glyphosate blocks were included as
a block factor in the statistical analysis. Treatment concentrations for glyphosate herbicide
were based on published field surveys of glyphosate residues in running waters and water
quality guidelines for glyphosate (e.g., Kreutzweiser et al. 1989; ANZECC & ARMCANZ
2000).

5.2.2 EXPERIMENTAL SET-UP
Each stream channel (25-cm external and 5-cm inner rim diameter, 9 cm high, nylon
Microwave Ring Moulds; Interworld, Auckland, NZ) contained about 500 mL of 2-20 mm
(b diameter) dry gravel collected from the Kauru River flood plain. Sixteen larger particles
(b diameter 30 mm) were placed on top of the gravel, resulting in a 2-3 cm layer of stream
substratum consisting of very fine to coarse gravels to simulate the natural substratum of
small sheep/beef farmland streams in the Otago region (Chapter 3).
Mean daily water temperatures during the entire experiment were similar across
treatments in the header tanks and in the circular stream channels (overall mean 15.8 ± 0.2
o

C), and they were also similar to the overall mean daily water temperature in the river at the
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pump intakes (16.0 ± 0.3 oC) (Chapter 3). Current velocities were maintained at a mean of
15.0 ± 0.2 cm s-1 in all channels.

5.2.3 EXPERIMENTAL PROCEDURE
To allow natural colonisation of channel substrata by drifting algae and invertebrates, stream
water flow through the channels started two weeks before the stressors were introduced (Fig.
5.1A). Seven days into the colonisation period (on day -13), all channels were covered with
emergence trap hoods (see Fig. 4.1B in Chapter 4), resulting in only a 5% reduction in light in
the channels (Liess et al. 2009). Near the end of the 14-day colonisation period (day -8) but
before fine sediment (day -7) or glyphosate addition (day 0), one standard mahoe (Melicytus
ramiflorus Forster) leaf pack was anchored at the substratum surface of each channel and, at
the same time, invertebrates from the nearby Kauru River were actively seeded into each
channel to assist natural colonisation (see Chapter 3). These manipulations are not directly
relevant to the current chapter but are mentioned as background information.
Fine sediment was added once at the start of the 28-day manipulative phase (day -7)
and glyphosate was added continuously for seven days starting one week later (days 0 to 7),
after which the stream channels were allowed to recover for two weeks (Fig. 5.1A). Thus,
algal communities were under the influence of fine sediment before glyphosate was added. A
seven-day glyphosate exposure period was selected followed by a 14-day recovery period to
represent realistic environmental conditions experienced by benthic organisms (see Chapter 3
for full justification).
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Fig. 5.1 (A) Overview and timeline of the experiment. Shaded areas indicate dates of introduction of
leaf packs, invertebrates and fine sediment into the stream channels and the timing of glyphosate
addition. Symbols indicate sampling dates for each response parameter. (B) Photos showing sampling
of periphyton (left) in one of the stream channels with intermediate or high sediment addition and
(right) on a surface stone from a channel with no or low sediment addition (see text for details).

5.2.4 DATA COLLECTION AND LABORATORY ANALYSES
Channel samples for analysis of dissolved nutrients, dissolved glyphosate and glyphosate
residue in the fine sediment were processed as described in Chapter 3.
Periphyton response variables (seven dominant algal taxa, three ecological algal guilds
and five community-level responses; see below) were measured in each of the 32 randomly
selected stream channels on the following dates representing five sampling periods
(Fig.5.1A): once before sediment addition (on day -14), once after sediment addition but
before the glyphosate pulse (day -1) and thrice after the glyphosate pulse had ceased (days 7,
14 and 21). The 32 channels sampled on each collection date included all treatment
combinations with two replicates of each treatment combination.
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On each sampling date, the percentage of algal cover was visually assessed by
estimating the surface area of the substratum covered by algae in each quarter of the channel
and averaging for the four quarters. Further, periphyton samples were collected from a
standardised circular surface area (defined by a plastic tube, inner diameter 27 mm, height
25.0 mm; see Fig. 5.1B) in a pre-determined section of the channel per sampling date. Prior to
the collection of these periphyton samples, I divided each channel visually into six equal
sections, and each of these (randomly selected) sections was sampled only once during the
entire experiment. Consequently, I initially collected periphyton samples on six dates, the five
listed above plus on day 1 (= just 24 h after the glyphosate pulse commenced). However, day
1 was omitted from the final data analysis because preliminary analyses revealed that no
periphyton response variables were significantly different across glyphosate treatments on this
date. This resulted in the samples from five of the six channel sections being used in the final
analysis.
During visual assessment and periphyton sampling, the water was shut off at the
spigot near the inflow so that current could not interfere. Afterwards, water was slowly
reintroduced and flow was calibrated to re-attain 15.0 cm s-1 in all stream channels. From all
channels with intermediate and high sediment addition, samples were taken by siphoning at
least 2 mm of the top fine sediment layer (Fig. 5.1B) whilst for channels with no or low
sediment addition, samples were collected by scraping the periphyton (using a razor blade)
from an equivalent area defined by the standard plastic tube (see above) on top of a surface
stone. Two such samples were collected from each selected stream channel (the same set of
channels as for algal cover); one of these was used for algal taxonomic analysis and the other
for chlorophyll a (chl a) analysis. Both samples were placed in separate 50 ml BD FalconTM
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conical tubes (Becton, Dickinson & Co., Mt Wellington, Auckland, NZ), which were kept on
ice in the dark after collection and frozen at -20°C in the laboratory until analysis.
Prior to subsampling for various laboratory analyses, periphyton samples were
blended using Omni Mixer (Ivan Sorval Inc., Newton, CT, U.S.A.) for about 30 seconds to
homogenise clumps of filamentous algae. This was done to create a uniform suspension of
algae and thus minimise subsampling error. For algal taxonomic analysis, homogenised
samples were further treated by sonication (3 min at 40 kHz; Transsonic T 1040/H, Elma
GmbH & Co KG, Singen, Germany) to detach algal cells from fine sediment (Voltolina 1991;
Wulff et al. 1997). Algal suspensions were transferred to sedimentation chambers, where
algae were counted and identified using standard keys (e.g., Round et al. 1990; Biggs &
Kilroy 2000) to the lowest practical taxonomic level. Algae were identified under an inverted
light microscope (Axiovert 25 CFL, ZEISS, Jena, Germany; 400× magnification) and at least
300 cells were counted per sample. Counts were then expressed as cell densities per unit area.
Seventy five algal taxa were identified across five sampling periods, of which 19 taxa
(with ≥1.0 % relative abundance) comprised 89 % of all cells counted. When only the final
three sampling dates (days 7, 14 and 21) are considered (see below), 21 taxa (out of a total of
71) comprised 92 % of all cells counted with seven being present in ≥ 90 % of all channels.
Thus, the following seven common taxa were selected for further analysis using their
densities as response variables (ranked from most to least abundant): Scenedesmus spp.
Meyen 1829 (17.7 %), Gomphonema minutum (Agardh) Agardh 1831 (14.7 %), Encyonema
minuta (Hilse) Mann 1990 (11.4 %), Cymbella kappii (Cholnoky) Cholnoky 1956 (9.9 %),
Nitzschia gracilis Hantzsch (1860) (3.7 %), Nitzschia palea Hassall 1845 (3.7 %) and
Cocconeis placentula Ehrenberg 1938 (1.6 %). Note that these seven taxa were also present in
more than 65 % of all channels during the pre-glyphosate pulse period.
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Using the algal community composition data, I calculated rarefied algal taxon richness
using the „vegan‟ package (Oksanen et al. 2011) in the „R‟ statistical and programming
environment (R Development Core Team 2011). I also calculated Simpson‟s evenness and the
percent relative abundances of three ecological algal guilds (low-profile, high-profile and
motile) that have been shown to respond differently to environmental stressors (Passy 2007;
Lange et al. 2011; Rimet & Bouchez 2011). As defined by Passy (2007), low-profile guild
consists of species of short stature, including prostrate, adnate, erect, solitary centrics, and
slow moving species; whereas high-profile guild consists of species of tall stature, including
erect, filamentous, branched, chain-forming, tube forming, pedunculate, and colonial centrics.
Motile guild, however, consists of fast-moving species. Whilst these functional groupings
were developed for diatoms, I expanded them to include non-diatom algal groups, taking into
account expert opinion (Katharina Lange, University of Otago, pers. comm.) and relevant
information in the literature (Salis 2010; Lange et al. 2011).
For chl a analysis, a subsample of the homogenised periphyton suspension (see above)
was filtered onto a glass fibre filter (Advantec GF-50, 47 mm; Toyo Roshi Kaisha Ltd.,
Tokyo, Japan.). Chlorophyll pigments were then extracted using 90% ethanol (Biggs &
Kilroy 2000) and chl a (corrected for phaeopigments) per unit area was determined
spectrophotometrically on a FLUOstar Omega multidetection microplate reader (BMG
Labtech GmbH, Offenburg, Germany).

5.2.5 STATISTICAL ANALYSES
Prior to analysis with the software SPSS 15.0 (SPSS Inc., Chicago, USA), data were log10 (x)
or log10 (x+1) transformed where necessary to improve normality and homoscedasticity,
except for the relative abundances of algal guilds, which were arcsine √x transformed.
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To evaluate the effects of the fixed between-subjects factors sediment and glyphosate
plus their interaction and the block factor (without interaction term) on pre-stressor
periphyton community-level variables (algal cover, chl a, total density, taxon richness and
evenness) on days -8 and -1, I used three-way ANOVAs. For these variables, the sampling
periods before sediment addition (day -8) and after sediment addition but before the
glyphosate pulse (day -1) were analysed separately. This allowed me to test for each stressor
whether pre-application patterns of these response variables were consistent across the future
treatments or not.
To detect treatment effects on the same five response variables, three-way repeatedmeasures ANOVAs (the repeated-measures equivalent of the model above, with sampling
period as the within-subjects factor) were performed. If sediment or glyphosate had significant
overall (between-subjects) effects, pair-wise comparisons with Tukey‟s HSD (or GamesHowell, in cases of persisting heteroscedasticity) post hoc tests were conducted.
To determine the effects of the glyphosate pulse on the five periphyton community
variables in terms of impact and recovery patterns, I performed planned contrasts comparing
within-subjects effects among specific sampling periods, as follows: (i) „immediately after the
glyphosate addition pulse (day 7) versus one week after (day 14)‟, (ii) „immediately after (day
7) versus two weeks after (day 21)‟, and (iii) „one week after (day 14) versus two weeks after
(day 21)‟.
Finally, two separate repeated-measures MANOVAs (with the multivariate equivalent
of the model above and including sampling days 7, 14 and 21) were used to evaluate the
between-subjects and within-subjects effects of my experimental manipulations as described
above on (i) the densities of the seven common algal taxa and (ii) the relative abundances of
the three ecological algal guilds.
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All response patterns summarised in the text were significant (P < 0.05) unless
indicated otherwise. Effect sizes (partial eta-squared values, range from 0 (no effect) to 1 (a
perfect effect); see Garson 2012) are reported to allow comparison of the magnitudes of
effects detected. Results for the block factor are shown but not discussed further because any
significant effects of this factor merely represent background variation (differences between
two blocks of 4×16 stream channels each; see experimental design) that is irrelevant to the
objectives of this study.

5.3 Results
5.3.1 PRE-STRESSOR CONDITIONS
5.3.1.1 Algal community-level response variables
On day -8 (after 13 days of colonisation, shortly before sediment addition and more than one
week before the glyphosate pulse), percent algal cover, density and evenness were similar
across both the future sediment (algal density P = 0.084, effect size [ES] = 0.349; remaining
two cases P ≥ 0.511, ES ≤ 0.139) and glyphosate treatments (algal density P = 0.092, ES =
0.340; remaining two cases P ≥ 0.475, ES ≤ 0.149). Further, there was neither a sediment by
glyphosate interaction (all cases P ≥ 0.178, ES ≤ 0.503) nor a block effect (except for algal
density P = 0.003, ES = 0.455; all other cases P ≥ 0.490, ES ≤ 0.032;) (Fig. 5.2).
On this date, algal taxon richness (rarefied) was significantly higher in the future
intermediate sediment treatment than in the high sediment treatment (P = 0.043, ES = 0.410;
Fig. 5.2); however, no significant glyphosate (P = 0.729, ES = 0.081), sediment by glyphosate
interaction (P = 0.164, ES = 0.511), or block effects (P = 0.167, ES = 0.123) were noted. This
difference between the future intermediate and high sediment treatments was not related to
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my experimental manipulations because sediment addition had not commenced at this time
(see Discussion).
Also due to reasons unrelated to my manipulations, chl a showed a close-to-significant
difference across the future glyphosate treatments on day -8 (P = 0.055, ES = 0.388, observed
power = 0.612; generally higher chl a concentrations at 50 and 200 µg L-1 glyphosate
compared to 0 and 370 µg L-1 glyphosate). A block effect was also noted (P = 0.001, ES =
0.559), but no sediment (P = 0.510, ES = 0.139) and sediment by glyphosate interaction
effects (P = 0.161, ES = 0.513).
On day -1 (after 20 days of colonisation, seven days after sediment addition and
immediately before the start of the glyphosate pulse), percent algal cover, chl a and total algal
density were all affected by the sediment treatments (P = 0.050, ES = 0.396 for chl a; P ≤
0.001, ES ≥ 0.651 for the two remaining cases), with lower algal cover at the highest sediment
level and higher chl a concentration and algal density at the intermediate sediment level (Fig.
5.2). Algal taxon richness (rarefied) and evenness, by contrast, were similar across sediment
treatments (both cases P ≥ 0.249, ES ≤ 0.201). Further, none of the community-level variables
showed block effects (all cases P ≥ 0.090, ES ≤ 0.179; except for Chl a P = 0.024, ES =
0.297), sediment by glyphosate interactions (all cases P ≥ 0.435, ES ≤ 0.391) or glyphosate
effects (all cases P ≥ 0.231, ES ≤ 0.243). These results indicate that, in spite of the
abovementioned differences observed one week earlier, all community-level variables were
similar across the future glyphosate treatments immediately before the glyphosate pulse
started (Fig. 5.2).
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Fig. 5.2 Mean (± standard errors, SEs) of algal community-level variables before sediment addition
(day -8) and before the glyphosate pulse (day-1). N, no sediment cover; L, low sediment cover;
I, intermediate sediment cover; H, high sediment cover.
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5.3.2 PATTERNS AFTER THE GLYPHOSATE PULSE
5.3.2.1 Algal taxon densities
Averaged across the three final sampling dates, densities of the seven common algal taxa
showed strong overall sediment (MANOVA Wilks‟ λ P < 0.001, ES = 0.880) and glyphosate
effects (P = 0.004, ES = 0.689) but no sediment by glyphosate interaction (P = 0.064, ES =
0.544) or block effects (P = 0.717, ES = 0.331). All seven taxa contributed to the overall
sediment effect, with generally lower densities in channels without added sediment (Table
5.1; Fig. 5.3A). In contrast, only two taxa contributed to the overall glyphosate effect; G.
minutum and C. placentula responded negatively to glyphosate with reduced densities in the
highest glyphosate treatment (Fig. 5.3B). G. minutum also displayed a significant overall
sediment by glyphosate interaction (Table 5.1); cell density generally increased with rising
sediment levels (across three of the four glyphosate treatments, with the 50 µg L-1 glyphosate
treatment being the exception) (Table 5.2).
Analysis of specific contrasts revealed temporal changes in the effects of sediment and
the shape of the sediment by glyphosate interaction but none due to glyphosate alone (all
cases, P ≥ 0.185, ES ≤ 0.268; not shown). From day 7 to day 21, density of G. minutum
declined in the no sediment treatment while increasing in the intermediate and high sediment
treatments (P = 0.001, ES = 0.670; this pattern for the planned contrasts was generally the
same as for the overall sediment effect, see Fig. 5.3A). Similarly, the density of E. minuta
increased in the intermediate and high sediment treatments on day 21 compared to day 7
while changing little at the two lowest sediment levels (P = 0.009, ES = 0.526, Fig. 5.3A).
Further, the shape of the sediment by glyphosate interaction changed for G. minutum
(day 14 vs. day 21: P = 0.023, ES = 0.656) and C. placentula (day 7 vs. day 14: P = 0.012, ES
= 0.690; day 14 vs. day 21: P = 0.016, ES = 0.676). From day 14 to day 21, G. minutum
159

Sediment and glyphosate affect algal communities
density generally increased at the highest glyphosate level compared to lower glyphosate
levels, except for channels with low sediment addition where the opposite pattern occurred
(Fig. 5.4). From day 7 to day 14, the density of C. placentula fluctuated noticeably in
response to increasing glyphosate levels in all sediment treatments except for channels with
low sediment addition where densities remained largely similar across all glyphosate levels
(Fig. 5.4). From day 14 to day 21, C. placentula densities generally remained similar or
declined with rising glyphosate levels across all sediment treatments, except in channels with
the highest sediment addition where densities increased at the two highest glyphosate levels
(Fig. 5.4).
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Fig. 5.3 Overall density patterns for dominant taxa due to the effects of sediment (A) and glyphosate
(B). Bars in both A and B are averages of eight replicate stream channels with standard errors shown.
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Fig. 5.4 Changes in cell density patterns between sampling dates for G. minutum and C. placentula
due to a sediment by glyphosate interaction effect. Bars are differences between means of paired
sampling dates that showed significant specific contrasts. Missing bars indicate that values were
identical on the paired sampling occasions.
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5.3.2.2 Ecological guilds
The relative abundances of the three algal ecological guilds across the final sampling dates
showed a marked overall sediment effect (MANOVA Wilks‟ λ P < 0.001, ES = 0.615) but no
glyphosate (P = 0.135, ES = 0.271), sediment by glyphosate interaction (P = 0.197, ES =
0.475) or block effects (P = 0.351, ES = 0.216). All three guilds contributed to the overall
sediment effect. Low-profile algae were generally more prevalent in channels with no or low
sediment added whilst the opposite pattern occurred for high-profile forms and motile algae,
which were both least abundant in channels without added sediment (Table 5.1; Fig. 5.5). The
between-subjects effects in the MANOVA revealed overall sediment by glyphosate
interactions for all three guilds (Tables 5.3 and 5.4). Thus, relative abundance of the lowprofile form generally increased with rising glyphosate levels in sediment-treated channels but
declined with rising glyphosate levels in channels without added sediment, whereas the highprofile guild showed the opposite patterns (Table 5.3). The motile guild generally became
more prevalent with increasing sediment but this increase was more consistent in the two
highest glyphosate treatments (Table 5.4).
Further, planned contrasts revealed no significant difference between paired dates
(days 7 vs. 14, 7 vs. 21 and 14 vs. 21) for glyphosate (all cases P ≥ 0.264; ES ≤ 0.226) and the
sediment by glyphosate interaction (all cases P ≥ 0.437; ES ≤ 0.390) (data not shown). For the
sediment effect, only the motile guild showed a marked temporal difference (days 14 vs. 21 P
= 0.047, ES = 0.402; all other cases P ≥ 0.106, ES ≤ 0.326), becoming more prevalent in
channels without added sediment compared to all treatments with sediment addition on day
21 (Fig. 5.5). Further, the low-profile guild showed close-to-significant changes in the
sediment effect between days 7 and 21 (P = 0.061, ES = 0.378) and days 14 and 21 (P =
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0.059, ES = 0.382; day 7 vs. 14 P = 0.623, ES = 0.108), whereas the high growth form
responded similarly across the three dates (all cases P ≥ 0.156, ES ≤ 0.286) (data not shown).

Fig. 5.5 Overall abundance patterns for algal functional groups due to sediment. Bars are averages of
eight replicate steam channels with standard errors shown.
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5.3.2.3 Other algal community-level responses
All five non-guild community variables also demonstrated a significant overall sediment
effect, with lowest values in channels without sediment addition (Table 5.1; Fig. 5.6).
Conversely, only algal evenness showed a significant overall effect of glyphosate and a
sediment by glyphosate interaction. Evenness was generally highest in channels subject to the
highest glyphosate treatment (Table 5.1), but this overall result was mainly driven by the
fairly strong increase in evenness with rising glyphosate levels in channels without sediment
(Table 5.5).
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Analysis of specific contrasts for these five community-level variables showed
temporal changes in the effects of sediment and the shape of the sediment by glyphosate
interaction but none for glyphosate (all cases P ≥ 0.265, ES ≤ 0.233; not shown). All but one
variable (rarefied taxon richness, P ≥ 0.059, ES ≤ 0.382) exhibited changes in the sediment
effect with time (Fig. 5.6). Thus, algal cover and chl a increased in the two highest sediment
treatments from day 7 to day 14 (both cases P ≤ 0.013, ES ≥ 0.501) and from day 7 to day 21
(both cases P ≤ 0.001, ES ≥ 0.737). Total algal cell density also increased in channels with the
two highest sediment loads, but only from day 7 to day 21 (P = 0.017, ES = 0.482). Evenness,
on the other hand, increased in channels without sediment addition compared to the three
treatments with sediment addition from day 7 to day 21 (P = 0.014, ES = 0.497) and also from
day 14 to day 21 (P = 0.034, ES = 0.430). Patterns for these variables in the planned contrasts
were generally the same as for the overall sediment effect (see Fig. 5.6).
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The shape of the interaction between sediment and glyphosate changed for chl a, total
density and algal evenness from day 14 to day 21 (Fig 5.7). Chl a and total cell density
generally decreased or remained similar with rising glyphosate levels, except at the highest
glyphosate level in the highest sediment treatment where the opposite pattern occurred.
Evenness, by contrast, generally increased with rising glyphosate at the two lowest sediment
levels whereas this pattern was reversed at the two highest sediment levels.
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Fig. 5.6 Overall patterns for selected algal community-level variables due to sediment (A) and
glyphosate (B). Bars in both A and B are averages of eight replicate stream channels with standard
errors shown.
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Fig. 5.7 Changes in values between days 14 and 21 for chl a, total density and evenness due to a
sediment by glyphosate interaction. Bars are differences between means of paired sampling dates that
showed significant specific contrasts. Missing bars indicate that values were identical on the paired
sampling occasions.

5.4 Discussion
5.4.1 BEFORE THE EXPERIMENTAL MANIPULATIONS
Except for taxon richness, none of the investigated algal community-level response variables
showed significant differences across the future sediment treatments. My pre-manipulation
colonisation period of two weeks was within the recommended range of exposure periods (14
days to one month) during which measurable algal growth occurs (Oemke & Burton 1986).
However, substantial net algal cell losses after only an 8-9 day exposure have been reported
(Oemke & Burton 1986). These authors suggested that such losses during early colonisation
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stages may significantly influence the nature and course of early developing periphyton
communities by creating mosaic patterns comprising both recent colonisers and mature algal
species. The only time I could collect pre-manipulation data for the future sediment addition
treatments was after just 13 days of natural colonisation. Accordingly, it is possible that
during this relatively early stage of algal mat development on bare substrata in my stream
channels, the benthic algal community had experienced a similar turnover. Thus,
opportunistic species may have successfully colonised the available habitat together with
more mature algal species, which resulted in higher taxon richness in some of my
experimental channels. Notwithstanding this possibility, algal cover, total cell densities, algal
biomass measured as chl a and community evenness were all similar across the future
sediment treatments, indicating that, overall, the periphyton community in my stream
channels prior to sediment addition can be considered comparable.
Further, all five measured community-level algal response variables were comparable
across the future glyphosate treatments on day -1, demonstrating that algal communities were
similar in all channels one day before the glyphosate pulse started. Consequently, the changes
or impacts detected between treatments after sediment addition and the glyphosate pulse can
be attributed to my experimental manipulations.

5.4.2 AFTER THE EXPERIMENTAL MANIPULATIONS
5.4.2.1 Individual effects of added fine sediment
All periphyton response variables (except for the relative abundance of the low-profile guild)
increased when fine sediment was added to my experimental channels. Whilst the relative
abundance of the low-profile guild decreased with fine sediment addition, the absolute
densities of taxa belonging to this guild have increased (with total algal density). In many
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cases, absolute or relative abundances were lower than in channels without added sediment
but similar across channels with low, intermediate or high addition. These results are
consistent with the findings of Izagirre et al. (2009) where positive responses of algae in
terms of algal biomass and photosynthetic efficiency were observed after exposure to
experimentally added fine sediment (exponential gradient of clay concentration: 0 to 54.7 g L1

). These increases in stream algae with rising fine sediment levels might conceivably be due

to augmented nutrient levels associated with the sediment in the system (Gray & Ward 1983).
However, the river floodplain sediment used in my experiment did not contain any
appreciable levels of nutrients (see Matthaei et al. 2006). Further, the generally higher
densities in channels with sediment addition (regardless of addition level) cannot be an
artefact of the two different collection techniques involved because the same method was used
for channels without added sediment and channels with low sediment addition (see Methods).
Similarly using the same experimental set up, Wagenhoff (2011) found both positive (four
community variables) and negative (six common algal taxa and seven community-level
variables) responses of algae (all variables based on absolute densities) with increasing fine
sediment levels. Therefore, I believe it is more likely that the generally higher densities in
channels with sediment were linked to the possibility that the fine sediment represented
additional habitat for algal colonisation.
The augmented fine sediment load also resulted in an increased proportion of motile
algae in my experimental stream channels, supporting the prediction of Passy (2007) that the
motile guild should be resistant to physical disturbances (in my case increased fine sediment
addition). Because of their ability to move across and between fine substratum particles,
motile algal forms usually dominate epipelic microhabitats (Lowe & LaLiberte 2006; Passy
2007). Similarly, Pringle (1990) showed that taxa of the motile guild (genera Nitzschia and
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Navicula) can form a thick layer on top of fine sediment. In contrast, the prediction that the
low-profile guild should be able to withstand resource-poor and high-disturbance habitats
(coarse sand) and thus dominate the algal community (Passy 2007) could not be tested. A
resource-poor stream such as the Kauru River (Liess et al. 2009) should favour the lowprofile guild; however, the sediment (fine sand) that I used in my stream channels was firm
and steady with a biofilm stabilising the upper layer probably because flows were constant in
all experimental channels. Nonetheless, the relative abundance of the low-profile growth form
was highest in the channels without added sediment.
Algal evenness showed interesting patterns with fine sediment addition: increased on
day 7 suggesting a positive effect (subsidy) of sediment but decreased on day 21 indicating
negative effect (stress). Whilst Izagirre et al. (2009) did not measure algal evenness, my result
was somehow similar to their findings where algal community composition (and perhaps
evenness) did not recover within 21 days of exposure to experimentally added fine sediment.
This is in contrast to the result of Wagenhoff (2011), where a positive (albeit weak) linear
response in algal evenness with deposited fine sediment was observed on day 21.

5.4.2.2 Individual effects of the glyphosate pulse
Glyphosate alone had little effect on the periphyton community with only three out of 15 algal
response variables showing a direct effect of the herbicide. This result is perhaps not
surprising given that the concentrations of glyphosate applied were several orders of
magnitude below the concentrations known to induce suppression of short-term
photosynthetic rates in lentic periphyton (89,000 and 890,000 µg L-1; Goldsborough & Brown
1988). My highest glyphosate treatment of 370 µg L-1 was selected because it represented the
environmental exposure limit for New Zealand freshwaters (ERMA NZ 2005). Additionally,
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intact periphyton communities consist of a complex assemblage of organisms differing in
their sensitivity to glyphosate (Goldsborough & Brown 1988). Hence, G. minutum and C.
plancentula (which both responded negatively to glyphosate) may be more sensitive to
glyphosate exposure than the other common taxa in my stream channels. Several laboratory
studies (Sáenz et al. 1997; Wong 2000; Sáenz & Di Marzio 2009) have shown that a low
glyphosate dose (potentially a phosphorus source; Austin et al. 1991) may stimulate algal
growth, photosynthesis and chl a synthesis. However, among the various community-level
response variables in my experiment, only algal evenness responded (positively) to the
glyphosate treatment. Johnston and Roberts (2009) predicted that if contamination changes
community structure, particularly by modifying the effective dominance of key species,
evenness should be the most sensitive community metric to anthropogenic contamination. In
agreement with this, the reduction in densities of two of the seven most common taxa (G.
minutum and C. plancentula) resulted in increased evenness in channels with the highest
glyphosate level even when there was no change to total taxon richness.
The metrics based on algal growth forms did not display any significant trends in
relation to glyphosate, in contrast to the findings of Rimet and Bouchez (2011) where the
relative abundances of motile and low-profile guilds increased in herbicide- (Diuron) and
fungicide- (either Azoxystrobin or Tebuconazol) treated channels whilst the high-profile
growth form showed the opposite pattern. Interestingly, these reported patterns of guild
prevalence due to herbicide and fungicide were basically supported in my own experiment but
as a consequence of both glyphosate and fine sediment load rather than from the pesticide
alone (see below).
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5.4.2.3 Combined effects
My hypotheses about the combined effects of fine sediment and glyphosate addition resulting
in a complex outcome (synergistic or antagonistic) were supported. Whilst two algal species
demonstrated sediment by glyphosate interaction effects, these were hard to interpret and it
was the community-level response variables that provided the most convincing support.
Averaged across all sampling dates after the glyphosate pulse, densities of G. minutum
increased with rising sediment levels across the glyphosate treatments except in the 50 µg L-1
glyphosate treatment. In contrast, from days 14 to 21, this taxon became more abundant at
370 µg L-1 glyphosate across all sediment treatments except for channels with low sediment
addition. Unfortunately, these responses to increasing levels of glyphosate or sediment,
respectively, were not consistent across the range of treatments and therefore cannot be
interpreted in an ecologically meaningful way. Consequently, they will not be discussed any
further. The same can be said for the observed pattern for C. placentula from days 7 to 14
where its density varied markedly with increasing glyphosate levels in all sediment treatments
except for channels with low sediment addition where densities remained comparable across
all glyphosate treatments. On the other hand, the change in the shape of the sediment by
glyphosate interaction between days 14 and 21 for C. placentula suggests an antagonistic
interaction. Possibly the top sediment level helped reduce the negative effect of glyphosate
(via adsorption of the pesticide to the sediment; see Results in Chapter 3) on this taxon, so
that its densities in the two highest glyphosate levels recovered better from day 14 to day 21
at the top sediment level.
The sediment by glyphosate interaction also changed with time (days 14 vs. 21) for
several community-level algal variables. Thus, chl a and total density increased markedly
during this period when both stressors were at their highest levels whereas algal evenness
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declined at the two highest sediment loads with increasing glyphosate. Both relationships
indicate complex synergistic effects with positive outcomes for chl a and total density and a
negative outcome for algal evenness. The first two of these results contrast with a pattern
observed in outdoor tanks (Harrington et al. 2005) where sediment deposition and exposure to
the herbicide diuron negatively affected photosynthetic activity of crustose coralline algae.
These authors suggested that sedimentation stress is significantly enhanced by the presence of
trace concentrations of diuron. A similar explanation may apply to the pattern I observed for
algal evenness in my stream channels.
The interaction of fine sediment and glyphosate resulted in a lower relative abundance
of the low-profile algal guild in the sediment-treated channels (versus no sediment added)
across glyphosate treatment levels whereas the relative abundance of high-profile guild
showed the opposite pattern. The presence of glyphosate in the channels may have attenuated
the negative effect of added fine sediment on the low-profile guild, suggesting an antagonistic
interaction of the two stressors. In contrast, augmented fine sediment in the channels (versus
no sediment added) enhanced glyphosate toxicity for the high-profile guild, suggesting a
synergistic interaction. The growth form of the high-profile guild may facilitate greater
exposure to dissolved pesticides (see Rimet & Bouchez 2011) and, possibly in my study, the
added fine sediment may have made them even more vulnerable to glyphosate as the mean
glyphosate concentration across the three herbicide addition treatments in the highest
sediment level were significantly higher than in the zero glyphosate treatment (see Results in
Chapter 3). The motile guild, however, presented two distinct patterns: (i) increased
abundance at the two highest glyphosate levels with increasing fine sediment load, suggesting
an synergistic interaction (paralleling, in part, the pattern for the motile guild in Rimet &
Bouchez 2011), and (ii) highest abundance in channels with low-to-intermediate sediment at
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the two lowest glyphosate treatments. Due to its capacity to actively select the most suitable
habitat (Passy 2007), the motile guild may have escaped glyphosate exposure in my
experimental stream channels. Overall, the sensitive, and distinct, response patterns
demonstrated by the three algal guilds indicate that these growth forms provide good
candidate metrics for the assessment of the combined effects of pesticides and fine sediment
on stream algal communities.

5.4.3 CONCLUSIONS AND MANAGEMENT IMPLICATIONS
Individually, the effects of sedimentation and glyphosate on stream algal communities were
not particularly detrimental under experimental conditions in this study. However, periphyton
communities in streams running through agricultural landscapes are rarely subject to only a
single stressor and my experiment demonstrates that multiple stressors can have significant
combined effects on these communities. My findings suggest that exposure to fine sediments
and glyphosate can influence benthic algae strongly at the community level. Thus, chl a, total
algal density, community evenness and all three studied ecological algal guilds responded
sensitively to my combinations of sediment and glyphosate. I have also shown that some
common algal species, and also algal guilds, can respond differentially to pesticide exposure
depending on the presence or absence of deposited fine sediment. These results add weight to
the assertion of Morin et al. (2009) that conclusions based on standard single-species tests
provide limited assessment of possible environmental impacts. As with my benthic
invertebrate chapter, the present chapter also underscores the importance of testing both
structural (e.g. taxonomic richness and densities of common algal taxa) and functional
indicators (e.g. biomass accrual, prevalence of ecological guilds) for periphyton when
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assessing the effects of anthropogenic stressors and identifying the underlying mechanisms of
their effects.
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General discussion
6.1 Multiple stressors in agricultural streams
Aquatic ecosystems are generally subject to multiple anthropogenic stressors (Chen et al.
2004, Townsend et al. 2008, Sundbäck et al. 2010), including raised nutrient concentrations
and inputs of fine sediment and pesticides. Because these stressors often operate in concert,
attempts to understand how aquatic organisms and ecosystems respond to multiple stressors,
and how multiple stressors interact, are now being made around the world (see reviews in
Crain et al. 2008, Darling & Côté 2008 and Ormerod et al. 2010). To add to this growing
knowledge, my thesis addresses the combined effects of augmented fine sediment load and
the glyphosate formulation on stream benthic communities and considers the nature of the
interaction between these two types of stressors. My field survey (Chapter 2) provided the
motivation for focussing on these two stressors while my manipulative experimental chapters
(Chapters 3-5) provided deeper insights into the responses of invertebrates and periphyton and
the mechanisms responsible for the interactive effects of the stressors. Essentially, the results
of the survey of streams under different sheep and beef farming practices (Chapter 2)
reflected contrasting stream physicochemistry (particularly suspendable inorganic sediment
on the bed and glyphosate in sediment) and differences in both the taxonomic organization
and trait representation of stream invertebrate communities. In this field study it was not
possible to separate the effects of deposited fine sediment and glyphosate and, likewise, the
survey approach prevented establishing true cause-and-effect relationships between ecological
response variables and the two focal stressors. Therefore, I used outdoor circular stream
channels (Chapters 3-5) to complement this observational study and to investigate whether (i)
increased levels of sediment and glyphosate had individual and/or additive combined effects
on invertebrates, periphyton and ecosystem functioning, (ii) increased sediment reduced the
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bioavailability of glyphosate and thus its toxicity (antagonistic interaction), or (iii) sedimentadsorbed glyphosate prolonged the effects of exposure (synergistic interaction).

6.2 Single-stressor vs. multiple-stressor responses
Tables 6.1 and 6.2 present summaries of the responses of aquatic biota to my experimental
stressors across the three final sampling dates of the experiment, and also between paired
sampling dates. These results illustrate differences between single-stressor and multiplestressor responses of invertebrates, periphyton and ecosystem functioning measures to fine
sediment addition and the seven-day glyphosate pulse. The tables also permit comparisons
between static (benthic) and dynamic (drift and emergence) measures of the invertebrate
community, between taxonomic and trait measures, and between responses at the population
and community levels. Not all response variables in my data chapters showing statistically
significant multiple-stressor effects could be interpreted in an ecologically meaningful way
because of inconsistent patterns across the range of sediment or glyphosate treatments. Such
responses have been excluded from Tables 6.1 and 6.2, in the same manner that they were not
considered in each specific chapter of this thesis to represent reliable combined effects of both
stressors.
Single-stressor outcomes were generally more common than multiple-stressor
responses across and between paired sampling dates. However, the ratio of multiple-stressor
to single-stressor responses for the final three sampling dates was clearly lowest for benthic
invertebrate measures (five multiple-stressor versus 37 single-stressor responses, or 5:37),
higher for invertebrate drift/emergence (2:14), and highest for periphyton measures (4:20)
(Table 6.1). The equivalent ratios for between sampling-date comparisons were 1:21, 1:7 and
4:9, respectively (Table 6.2). When measures are grouped into population (taxa), traits and
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other community categories (e.g. total density, taxon richness, chl a, algal guilds) the ratios of
multiple-stressor to single-stressor responses were quite similar for population (2:24) and
other community categories (2:22) but not for traits (6:24), while for the two ecosystem
measures (leaf biomass loss and toughness loss) the ratio was 1:3 (Table 6.1). The equivalent
ratios between sampling-date comparisons were 1:6, 1:16, 3:15 and 1:1, respectively (Table
6.2); these between sampling-date comparisons showed fewer significant patterns overall,
with algal community measures being the exception (chl a, total algal density, algal
evenness). The generally more frequent multiple-stressors responses of the periphyton
variables compared to the other response variable categories could be a reflection of the mode
of action of the herbicide that interferes with algal metabolism (Pérez et al. 2011) and/or the
phosphorus content of the glyphosate formulation that may affect algal growth and
competitive outcomes among algal species.
Amongst the multiple-stressor responses in Table 6.1, none of the invertebrate
variables (benthic densities, drift and emergence) showed complex multiple-stressors
outcomes whilst six responses were simply additive. In contrast, four periphyton variables
displayed complex outcomes (one antagonistic and three synergistic) with zero simple
multiple-stressor responses. Taken as a whole, complex outcomes (four) were less frequently
found in my experiment than simple ones (six). The representation of algal traits (low-profile,
high-profile and motile guilds) was distinct from other categories, following a complex
multiple-stressor response type. Trait measures, which demonstrated highest multiple-stressor
to single-stressor ratio, can generally be expected to provide additional information to better
understand the combined effects of stressors because species’ responses to stressors can differ
due to changing interactions with other species under different stressor scenarios (Morin et al.
2009).
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The generally low frequency of complex multiple-stressor responses was not
surprising given that one of the stressors, glyphosate, produced few single-stressor effects.
However, my experiment revealed that short-term exposure associated with glyphosate
application resulted in persistent effects in sediment-treated stream channels both at the
population level and the community level (see section on pulse exposure and delayed effects
below). Moreover, my experiment demonstrated complex multiple-stressor effects on stream
ecosystem functioning (leaf toughness loss), something not revealed in my survey.

Table 6.1 Summary of invertebrate, periphyton and ecosystem function responses to fine sediment addition and
the 7-day glyphosate pulse averaged across the three final sampling dates (days 7, 14 and 21). Response
categories include ‘no response’, ‘single-stressor response’, ‘simple multiple-stressor response’ and ‘complex
multiple-stressor response’ whereas shape categories for each stressor include ‘no shape’, ‘negative’, ‘positive’
and ‘subsidy-stress’. (See next page →)
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Benthic invertebrate and leaf breakdown response variables in the experiment (Chapter 3)
Response

Shape category

# responses/
category

Taxon density

Trait density

Community-level
variables

No response

No shape

11

Copepoda

Short life duration

Taxon richness

Elmidae

Scrapers

EPT richness

Ecosystem-level
variables

Respires using gills
4-5 mm size class
5-6 mm size class
6-7 mm size class
7+ mm size class
Single-stressor
(sediment)

Negative
(linear or curvilinear)

10

Deleatidium
Psilochorema

Lays eggs at water
surface
Low body flexibility

Potamopyrgus
antipodarum

0-1 mm size class
Simpson’s diversity
Evenness
EPT density
MCI

Positive
(linear or curvilinear)

20

Oligochaeta

Univoltine

Average body size

Leaf mass loss

Chironomidae

1-2 mm size class

Leaf toughness
loss

Tanypodinae

>2 reprod. cycles/
individual
Asexual reproduction

Nematoda

Free eggs

3-4 mm size class

Cladocera

Medium
dissemination
Crawlers

Invertebrate density

2-3 mm size class

Burrowers
Shredders
Subsidy-stress

2

Filter-feeders
Spherical body form

Single-stressor
(glyphosate)

Negative
(linear or curvilinear)

0

Positive
(linear or curvilinear)

1

Subsidy-stress

4

Leaf toughness
loss

Psilochorema
Chironomidae

Simple multiplestressor (additive)

Negative + subsidystress (Psilochorema);

4

Positive + subsidystress (remaining cases)
Complex multiple- Positive + positive
stressor*

1

Medium
dissemination
Shredders

Psilochorema

Medium
dissemination

Chironomidae

Shredders
Leaf toughness
loss (antagonistic)

*The response was considered antagonistic because the breakdown rate was less than additive when both stressors were at their highest levels (see
Chapter 3).
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Table 6.1 Continued.
Invertebrate drift and insect emergence response variables in the experiment (Chapter 4)
Community-level variables
Response

Shape category

# responses/
category

No response

No shape

12

Taxon drift
propensity

Emergence
propensity

Pycnocentrodes

Head length of ♂
Deleatidium
Proportion of ♀
Deleatidium
Head length of ♂
Chironomidae
Proportion of ♀
Chironomidae

Taxon richness

Emergence prop. of
Deleatidium

EPT propensity

Copepoda
Austrosimulium
Oxyethira

Drift

Emergence

EPT richness

Cladocera
Psilochorema
Single-stressor
(sediment)

Negative
(linear or curvilinear)

5

Deleatidium

Emergence total
propensity

Average body size

Positive
(linear or curvilinear)

6

Tanypodinae

Emergence prop. of
Chironomidae

Drift total
propensity

Taxon richness

Oligochaeta
Chironomidae

Single-stressor
(glyphosate)

Simple multiplestressor
(additive)

Subsidy-stress

0

Negative
(linear or curvilinear)

2

Positive
(linear or curvilinear)

1

Subsidy-stress

0

Positive + positive
(Emergence prop. of
Deleatidium);
Negative + negative
(Average body size)

2

Chironomidae

Average body size

Emergence prop. of
Deleatidium

Emergence prop. of
Deleatidium

Average body size
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Table 6.1 Continued.
Periphyton response variables in the experiment (Chapter 5)
Response

Shape category

# responses/
category

No response

No shape

0

Single-stressor
(sediment)

Negative
(linear or curvilinear)

1

Positive
(linear or curvilinear)

12

Taxon density

Relative trait representation

Community-level
variables

Low-profile guild

Scenedesmus

High-profile guild

Algal cover

Gomphonema minutum

Motile guild

Chl a

Cymbella kappii

Algal taxon richness

Nitzschia palea

Algal evenness

Nitzschia gracilis
Cocconeis placentula

Single-stressor
(glyphosate)

Subsidy-stress

2

Encyonema minuta

Negative
(linear or curvilinear)

2

Gomphonema minutum

Algal total density

Cocconeis placentula

Positive
(linear or curvilinear)

1

Subsidy-stress

0

Complex multiple- Positive + positive
stressor*
(Algal evenness,
high-profile and
motile guilds);
Negative + positive
(Low-profile guild);

4

Algal evenness

High-profile guild (synergistic)
Motile guild (synergistic)

Algal evenness
(synergistic)

Low-profile guild
(antagonistic)

*Whilst ecological guilds did not show overall glyphosate effect, the between-subject effects in the MANOVA revealed overall sediment by
glyphosate interactions for all three guilds (see Chapter 5).
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Table 6.2 Summary of invertebrate, periphyton and ecosystem function responses to fine sediment addition and
the 7-day glyphosate pulse between paired sampling dates. Response categories include ‘no response’, ‘singlestressor response’, ‘simple multiple-stressor response’ and ‘complex multiple-stressor response’ whereas shape
categories for each stressor include ‘no shape’, ‘negative’, ‘positive’ and ‘subsidy-stress’.
Benthic invertebrate and leaf breakdown response variables in the experiment (Chapter 3)
Response

Shape category

# responses/
category

Taxon density

Trait density

Community-level
variables

Ecosystem-level
variables

No response

No shape

26

Chironomidae

Medium
dissemination
Shredders

0-1 mm size class

Leaf mass loss

5-6 mm size class

Elmidae

Lays eggs at water
surface
Low body flexibility

Nematoda

Spherical body form

7+ mm size class

Cladocera

Filter-feeders

Taxon richness

Deleatidium

Short life duration

Simpson's diversity

Scrapers

EPT richness

Respires using gills

MCI

Copepoda
Tanypodinae

Single-stressor
(sediment)

Negative
(linear or curvilinear)

2

P. antipodarum
(7 vs. 14)

Positive
(linear or curvilinear)

13

Oligochaeta
(14 vs. 21)

1-2 mm size class

6-7 mm size class

Evenness
(7 vs. 21)

Univoltine
(7vs. 21 & 14 vs 21)

Average body size
Leaf toughness
(7 vs. 21 & 14 vs. 21) loss (7 vs. 21)

>2 reprod. cycles/
individual (14 vs. 21)

2-3 mm size class
(7 vs. 21 & 14 vs. 21)

Asexual reproduction
(7 vs. 21)

Invertebrate density
(7 vs. 21)

Free eggs (7 vs. 21)
Burrowers (7 vs. 21)
Subsidy-stress

3

>2 reprod. cycles/
individual (7 vs. 21)
Free eggs (7 vs. 14)
Crawlers (7 vs. 21)

Single-stressor
(glyphosate)

Negative
(linear or curvilinear)

0

Positive
(linear or curvilinear)

1

Subsidy-stress

2

Complex multiple- Positive + positive
stressor*

1

EPT density
(14 vs. 21)

Psilochorema
(7 vs. 21)

3-4 mm size class
(14 vs. 21)

Leaf toughness
loss (7 vs. 21)
(antagonistic)

*Leaf toughness loss responded positively to glyphosate pulse across dates; hence, a multiple-stressor effect for days 7 and 21 was likewise observed.
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Table 6.2 Continued.
Invertebrate drift and insect emergence response variables in the experiment (Chapter 4)
Community-level variables
Response

Shape category

# responses/
category

No response

No shape

17

Taxon drift
propensity

Emergence
propensity

Chironomidae

Head length of ♂
Chironomidae
Proportion of ♀
Chironomidae

Pycnocentrodes

Drift

Emergence

Drift total
propensity
EPT drift propensity

Emergence total
propensity
Taxon richness

Copepoda

EPT richness

Oligochaeta

Average body size

Austrosimulium
Oxyethira
Cladocera
Deleatidium
Psilochorema
Single-stressor
(sediment)

Negative
(linear or curvilinear)

1

Positive
(linear or curvilinear)

3

Taxon richness
(5/7 vs. 15/17)

Emergence prop. of
Deleatidium
(weeks 3 vs. 5)
Proportion of ♀
Deleatidium
(weeks 3 vs. 5)
Emergence prop. of
Chironomidae
(weeks 3 vs. 5)

Single-stressor
(glyphosate)

Subsidy-stress

0

Negative
(linear or curvilinear)

0

Positive
(linear or curvilinear)

1

Subsidy-stress

2

Tanypodinae
(10/12 vs.
15/17)

Emergence prop. of
Deleatidium
(weeks 3 vs. 5)
Head length of ♂
Deleatidium
(weeks 3 vs. 5)

Simple multiplestressor
(additive)
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Emergence prop. of
Deleatidium
(weeks 3 vs. 5)

Chapter 6
Table 6.2 Continued.
Periphyton response variables in the experiment (Chapter 5)
Response

Shape category

# responses/
category

Taxon density

Relative trait representation

Community-level
variables

No response

No shape

7

Scenedesmus

Low-profile guild

Algal taxon richness

Cymbella kappii

High-profile guild

Nitzschia palea
Nitzschia gracilis
Single-stressor
(sediment)

Negative
(linear or curvilinear)

2

Motile guild (14 vs. 21)

Algal evenness
(7 vs. 21& 14 vs. 21)

Positive
(linear or curvilinear)

4

Gomphonema minutum
(7 vs. 21)

Algal cover
(7 vs. 14 & 7 vs. 21)
Chl a (7 vs. 14)

Subsidy-stress

3

Encyonema minuta
(7 vs. 21)

Chl a (7 vs. 21)
Algal total density
(7 vs. 21)

Single-stressor
(glyphosate)

Negative
(linear or curvilinear)

0

Positive
(linear or curvilinear)

0

Subsidy-stress

0

Complex multiple- Positive + negative
stressor**
(C. placentula)
Positive + positive
(Chl a and total
density)
Negative + negative
(Algal evenness)

4

Cocconeis placentula
(14 vs. 21)
(antagonistic)

Chl a (14 vs. 21)
(synergistic)
Algal total density
(14 vs. 21) (synergistic)
Algal evenness
(14 vs. 21) (synergistic)

**All four response variables did not show individual glyphosate effect; however, specific contrasts revealed temporal changes in the effects of
sediment by glyphosate interactions (see Chapter 5).
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6.3 Fine sediment versus glyphosate
Deposited fine sediment in my experiment had a much greater influence on invertebrate and
periphyton response variables at both population and community levels than the seven-day
pulse of the herbicide glyphosate. The averaged effect sizes across benthic invertebrate
variables were 0.61 for sediment and 0.19 for glyphosate, whereas across invertebrate drift
and emergence variables they were 0.40 for sediment and 0.18 for glyphosate, and across
periphyton variables they were 0.81 for sediment and 0.22 for glyphosate. In the case of
invertebrate drift and insect emergence in my experiment, I considered low drift propensities
such as for Deleatidium as positive effect. In contrast with oligochaetes, nematodes and
chironomids (for both benthic and drift cases), increased sediment provided habitat subsidy
(Quinn 2000) for these organisms and hence a positive effect.
Similarly based on the post-hoc comparison across treatments, fine sediment generally
had 38 positive linear or curvilinear responses (20 for benthic invertebrates, six for
invertebrate drift and emergence, 12 for periphyton), 16 negative linear or curvilinear
responses (10, 5, 1) and four subsidy-stress responses (2, 0, 2) (Table 6.1). It is clear that
periphyton was most strongly influenced by sediment with all 15 periphyton variables
responding significantly to this stressor. In contrast, glyphosate had three positive linear or
curvilinear responses (1, 1, 1), four negative linear or curvilinear responses (0, 2, 2) and four
subsidy-stress responses (2, 0, 2).
At the population level, both taxonomy and trait representation displayed relatively
similar effect sizes for both sediment and glyphosate. Averaged effect sizes for benthic
invertebrate taxa were 0.55 for sediment and 0.20 for glyphosate whereas for invertebrate
biological traits the respective values were 0.71 and 0.24. However for the response shapes to
sediment, benthic invertebrate taxa had five positive linear or curvilinear responses, three
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negative linear or curvilinear responses and zero subsidy-stress responses while biological
traits had nine, two and two responses, respectively. The corresponding response shapes to
glyphosate for taxa and traits were identical: zero negative, zero positive, and two subsidystress responses. Mean effect sizes for periphyton taxa were 0.88 for sediment and 0.24 for
glyphosate whereas for algal growth forms the respective values were 0.74 and 0.19.
Furthermore, algal taxa had six positive, zero negative and one subsidy-stress responses to
sediment whereas algal growth forms had two, one and zero responses, respectively. The
equivalent response shapes for glyphosate were 0, 2, 0 for taxa and 0, 0, 0 for traits. These
results provide further evidence that trait measures were about as responsive as taxonomic
measures to both stressors.
At the community level, averaged effect sizes for the different response variable
groups were 0.55 (benthic invertebrates), 0.54 (invertebrate drift and insect emergence) and
0.75 (periphyton) for sediment whereas they were 0.13 (benthic invertebrates), 0.22
(invertebrate drift and insect emergence) and 0.21 (periphyton) for glyphosate. Moreover,
sediment had eleven positive linear or curvilinear responses (five for benthic invertebrates,
two for invertebrate drift and emergence, four for periphyton), eight negative linear or
curvilinear responses (5, 3, 0) and one subsidy-stress responses (0, 0, 1) (Table 6.1). For
glyphosate, there were one positive (0, 0, 1), one negative (0, 1, 0) and zero subsidy-stress
responses.
Whilst the effect size for leaf breakdown rate in my survey, where both sediment and
glyphosate were present among other stressors, was very small (0.03), the mean effect sizes
for the two ecosystem function measures (leaf mass and toughness loss) in my experiment
were 0.92 for sediment and 0.34 for glyphosate. This difference emphasises that co-occurring
stressors in agricultural streams can have both positive and negative effects on leaf
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breakdown, making it difficult to detect significant patterns in the field (Hagen et al. 2006).
Similarly in my experiment, I considered the effect of sediment on fresh mahoe leaves as
positive when loss of leaf mass and strength increased in channels with added sediment. This
was in contrast to studies that used pre-conditioned dried leaves and found negative effect of
sediment on leaf breakdown rates. It was possible that burial under fine sediment increased
leaf decay rates by accelerating leaf cell death and by stabilizing the microenvironment in
which microbial processing can occur (Shure et al. 1986).
Because glyphosate had few (only four) negative effects on the biological response
variables in my experiment, it may be tentatively assumed that the New Zealand
Environmental Risk Management Authority’s environmental exposure limit for this herbicide
at 370 µg L-1 (ANZEEC & ARMCANZ 2000; ERMA NZ 2005) is protective of aquatic life.
However, it should be noted that in the presence of another stressor, glyphosate may
potentially add to and exacerbate effects on stream benthic communities. Certainly my
experimental system is relatively simple compared to the real environment in farmland
streams where more than my two selected stressors may be interacting. There may be more
than one pesticide present, for example an insecticide in addition to glyphosate, or an increase
in nutrients may arise from intensive catchment land use, something that has been reported to
affect stream benthic communities in combination with other stressors such as deposited fine
sediment (Townsend et al. 2008; Wagenhoff 2011, Wagenhoff et al. 2011) and water
abstraction (Matthaei et al. 2010). It is also worth noting that multiple applications of
glyphosate may occur before the complete dissipation from water and/or sediment of previous
applications. Consequently further work is needed, both observational and experimental,
before a definitive conclusion about the likely harm of on-farm glyphosate use to the
ecological health of streams draining farmed areas can be drawn.
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6.4 Pulse exposure and delayed effects
Modern pesticides tend to have short half-lives and degrade relatively quickly in the
environment through biodegradation, hydrolysis and other processes (Agrawal 2010). The
herbicide glyphosate in water has a half-life value of 7 to 14 days, being rapidly inactivated
through sorption to particulates in the water column or sediments and/or breakdown by
microbes (Giesy et al. 2000; Solomon & Thompson 2003). Nonetheless, recent evidence has
shown that glyphosate is more mobile than previously thought, with glyphosate residues
detected in surface runoff (Shipitalo et al. 2008; Laitinen et al. 2009) and in streams adjacent
to agricultural fields (Battaglin et al. 2005; Peruzzo et al. 2008), potentially influencing nontarget organisms. Moreover, farmland streams usually have chronically elevated fine sediment
loads, a condition apparent in my field survey (Chapter 2) and noted elsewhere (PCE 2004;
Matthaei et al. 2006; Townsend et al. 2008). This was the motive for applying the two
stressors sequentially, rather than simultaneously, in my experiment. In addition, a short-term
exposure and an extended post-exposure period of observation (recovery) were applied in the
experiment as studies elsewhere have reported that under field conditions pesticide levels
usually show substantial variation in space and time (Van Wijngaarden et al. 1996; Reynaldi
& Liess 2005) and that population and community parameters may exhibit latent effects or
recovery once the pulse exposure has ceased (Pieters et al. 2005; Liess et al. 2006; Beketov et
al. 2008). My manipulative experiment revealed that sedimentation stress may be
significantly enhanced by the presence of glyphosate and that a brief glyphosate exposure
resulted in longer-term consequences affecting several levels of biological organisation
(positive and subsidy-stress responses at the population level, mainly subsidy-stress response
at the community level, and a generally positive response for ecosystem functioning) (see
Table 6.2).
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Regarding the adsorption of glyphosate to deposited fine sediment, the low statistical
power of this part of my study prevented analysis of differences between the three glyphosate
levels and the detection of significant temporal changes, if any, in the adsorption of
glyphosate. Nevertheless, the overall result indicated that glyphosate addition resulted in
increased concentrations in the sediment compared to channels without glyphosate addition.
Moreover, the glyphosate concentration in sediment at the end of the 7-day pulse increased in
parallel with glyphosate levels in the water. These results add further weight to the call for
inclusion in current methods for assessing pesticide effects of a post-exposure observation
period, in order to detect delayed and cumulative effects as well as recovery (Pieters et al.
2005). My results also highlight the need for further studies of glyphosate in combination
with other co-occurring stressors that could potentially add to, and exacerbate, the
consequences of glyphosate (e.g. Govindarajulu 2008; Kelly et al. 2010; Williams &
Semlitsch 2010).

6.5 Management implications
Fine sediment deposition and glyphosate input arising from agricultural activity both affect
stream ecosystems. Correspondingly, both stressors needs to be managed together because (i)
they act as multiple stressors in several of their effects on algae, invertebrates and ecosystem
functioning measures, and (ii) their combined effects can persist over a relatively long period.
Results from my field survey indicated that whilst the conventional approach to sheep and
beef farming had the strongest adverse consequences for stream condition, the
Macroinvertebrate Community Index showed streams in all farming categories (organic,
integrated management and conventional) to be ‘moderately polluted’. Despite the avoidance
or reduced use of pesticides in organic and integrated management farms, limited riparian
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vegetation along their stream banks failed to buffer inputs of fine sediment. Consequently,
increased attention to fencing, riparian management and stream habitat is needed to achieve a
‘best practice’ regime.
Deposited fine sediment clearly had a much greater influence (either as a stressor or a
habitat subsidy) than the 7-day pulse of glyphosate herbicide, at least within the range of
concentrations I tested. Accordingly, resource managers should focus particular attention on
minimising erosion in stream catchments and sediment load into streams. However, this does
not mean that managers should ignore glyphosate or other pesticides entering streams during
terrestrial operations on farmland because glyphosate still produced some, albeit few,
individual negative effects on the stream biota and, as discussed earlier, a brief glyphosate
exposure can result in longer-term consequences.
The differential responses to multiple stressors of taxonomic and trait representation,
community-level and ecosystem functioning response variables highlight the value of
incorporating both structural and functional indexes of stream condition to investigate the
effects of anthropogenic stressors and to identify the underlying mechanisms. For example,
both taxonomy and trait representation of benthic invertebrates were highly significantly
related to farming practice and a comparison of effect sizes revealed that trait composition
was at least as sensitive as taxonomic composition to farming intensity (Chapter 2). In my
manipulative experiment, significant simple multiple-stressor interactions were also detected
for both invertebrate taxonomic and trait compositions (Chapter 3) and in the propensities of
larval stream invertebrates to drift and to emerge as adult insects (Chapter 4). Moreover, the
relative abundances of algal guilds and other community-level response variables (Chapter 5)
and leaf toughness loss as a measure of ecosystem functioning (Chapter 3) responded in
complex antagonistic or synergistic ways to the two stressors. The sensitive, and distinct,
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response patterns demonstrated by the algal guilds indicate that these growth forms provide
good candidate metrics for the assessment of the combined effects of pesticides and fine
sediment on stream communities.
Conversely, my results for leaf decomposition indicate that the patterns revealed by
this widely used comparative measure of stream condition (Gessner & Chauvet 2002; Young
et al. 2008) are not always easy to interpret. Indeed, in my study of stream condition in
contrasting pastoral catchments (conventional, integrated and organic) where both sediment
and glyphosate were present, among other stressors (Chapter 2), leaf breakdown could not
distinguish the different land-use intensities. Consequently, I feel that more research is needed
before this functional measure can be fully incorporated into routine biomonitoring
programmes.
Collectively, my results imply that complementing the traditional taxonomic measures
with trait information in future biomonitoring would provide a better understanding of the
consequences of different farm management practices for stream communities. Further, my
results from including behavioural and life-history responses (invertebrate drift and adult
insect emergence) have highlighted the potential value of using dynamic aspects of the
macroinvertebrate community as additional indicators in running waters because certain
ecological effects of stressors may be missed using static taxonomic or trait variables. The
current approach of assessing pesticide effects using standard single-species tests and without
taking into account co-occurring stressors (see e.g. Tsui & Chu 2003; Bonnet et al. 2007;
Sáenz et al. 2009; Vedrell et al. 2009) allows limited assessment of possible environmental
impacts of the examined pesticides (Morin et al. 2009).
Finally, considering multiple trophic levels and their interactions allows a more
ecologically meaningful understanding of mechanisms by which stressors induce changes in
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natural communities (Carman et al. 1997). In Chapter 4, I reported that the two stressors
interacted in their overall effect on the mean body size of drifting invertebrates, with body
size increasing more steadily with rising sediment levels at the highest glyphosate
concentration (370 µg L-1) than at the three lower concentrations. I inferred that this pattern
could be the result of the addition of a widely used glyphosate formulation (which contains
phosphate; Laitinen et al. 2009) at the highest concentration legally allowed in New Zealand
and hence may have indirectly enhanced invertebrate food supply (via increased algal
productivity; Austin et al. 1991; Sáenz & Di Marzio 2009) and thus invertebrate growth.
Indeed, an increase in algal biomass (measured as chl a) was observed in my experiment
(Chapter 5), a result that agrees with my theory about these indirect effects. Such indirect
effects may significantly influence how ecosystem structure and function respond to stressors
(Preston 2002). As noted by Fleeger et al. (2003), several studies have shown that insecticides
enhance the adverse effects of eutrophication by reducing top-down control of periphyton
biomass, including studies where increased nutrient concentrations heighten the effect of
insecticide additions. They concluded that these findings further indicate that multiple
stressors in aquatic ecosystems are capable of causing a variety of indirect ecological effects
that can be as important, or even more so, than the direct effects of a single stressor.
Consequently, failure to incorporate potential multiple-stressor effects, including their direct
and indirect effects, into risk assessment may be a significant source of uncertainty in risk
estimates (Preston 2002; Townsend et al. 2008).
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