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Abstract 

Most ecosystems are exposed to multiple anthropogenic stressors that may interact additively 

or non-additively, where the combined stressor effects are larger or smaller than expected based 

on their individual effects, and therefore cause “ecological surprises”. Among the known threats 

for freshwater biodiversity and ecosystem processes, agriculture and water abstraction for 

irrigation are important stressors of stream ecosystems, especially in drier parts of the world. 

Due to global climate change, both the number of temporary rivers and the severity of flow 

intermittence are expected to increase, and there is an urgent need to improve our understanding 

of the consequences of water abstraction for stream ecosystem functioning. Agricultural 

development can impose a number of stressors in streams, including augmentation of nutrients 

in the water and fine sediment on the stream bed. Water abstraction, on the other hand, reduces 

discharge and current velocities downstream from water takes. These changes to the 

hydrological regime can be expected to further enhance the accumulation of fine sediment, and 

to change in-stream temperature regimes and the rate of processing of organic matter. The wide 

range of consequences makes it difficult to tease apart the individual and combined effects of 

agricultural development and water abstraction on stream ecosystems.  

To study the effects of multiple stressors on stream ecosystem structure and function, I surveyed 

43 stream sites in the Manuherikia River catchment in the Central Otago region of New 

Zealand. Strategic choice of study sites meant that agricultural intensity and water abstraction 

intensity were uncorrelated. I used general linear models and an information-theoretic model 

selection approach to identify the best models predicting the interactions among farming 

intensity, water abstraction and related physicochemical variables for a series of biological 

response variables, including fish presence and densities (Chapter 2), invertebrate taxa and 

biological traits (Chapter 3), stream algal traits (Chapter 4), and δ15N isotope ratios of primary 

consumers as indicators of nitrogen dynamics (Chapter 5). I determined whether patterns in 

these response variables followed positive, negative or unimodal relationships along stressor 

gradients and whether interactions occurred among paired stressors. For the algal study, I also 

developed and tested a conceptual model and compiled a detailed database for ten biological 

traits of stream algae because to date no such comprehensive trait-based approach exists for 

stream algae. 

Algal and invertebrate traits proved to be suitable tools for disentangling the mechanisms by 

which multiple stressors affect stream communities. Overall, when focusing on stressors 
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operating at the landscape scale, I found that farming intensity had stronger effects on algae, 

invertebrate, fish and ecosystem processes than water abstraction. The latter seemed to affect 

invertebrate communities mainly through changes in organic matter dynamics and increased 

levels of deposited fine sediment. My results also suggest that farming intensity affected algal 

communities mainly through changes to in-stream nutrient and light regimes and invertebrate 

and fish communities through reduced habitat availability and altered food supply. Primary 

consumer stable isotope ratios responded to well-known stressors (% agriculture in the 

catchment and stream water nitrogen concentrations), and to the previously unstudied stressors 

of water abstraction and fine sediment deposition. An important result in the context of 

developing this bioindicator as a measure of nitrogen dynamics is that three common consumer 

taxa showed distinctively different response patterns to the studied stressors. This also implies 

that δ15N isotope ratios are not stressor-specific but can be affected by multiple environmental 

variables. 

Overall, biological trait metrics and traditional metrics of community structure performed 

similarly well in detecting the effects of multiple stressors on stream invertebrate and algal 

communities along the catchment-scale and in-stream stressor gradients (with the exception 

that structural invertebrate metrics showed stronger relationships to nutrient concentrations). 

However, biological traits have the advantage of being applicable over much larger 

geographical scales than their taxonomic counterparts, thus allowing comparisons on a global 

scale.  

While abstraction was generally less influential than agriculture, these landscape-scale stressors 

often interacted antagonistically and managers need to be aware of their cumulative effects. At 

the reach-scale, sediment and nitrogen enrichment were both influential stressors; therefore 

particular attention also needs to be paid to minimising overall catchment and stream bank 

erosion. However, deposited sediment often acted in concert with nitrogen concentrations on 

invertebrate communities and the combined response (antagonistic or synergistic) was not 

predictable on the basis of single-stressor patterns. Water quality in the Manuherikia main stem 

can be regarded as ‘good’, but there is pressure to expand the area of intensively managed 

pastures in New Zealand. However, my combined findings suggest that the proportion of 

highly-intensively managed pastures upstream from a given stream reach should not exceed 

40% if managers wish to maintain trout populations and not exceed 7% to avoid marked 

changes in invertebrate communities. Similarly, the amount of stream flow reduction should 

not exceed 40% to provide for near-natural algal and invertebrate communities. 
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CHAPTER One 

General Introduction 
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1.1 Global change, agriculture and freshwater ecosystems 

We are living in a changing world. Human health and wellbeing is compromised in most parts 

of the world by climate change, legacies of past and current land uses, overexploitation of 

natural resources, emerging contaminants and diseases (Millennium Ecosystem Assessment, 

2005). These global drivers have already affected ecosystem services and caused a decline in 

biodiversity (Dudgeon et al., 2006), altered nitrogen dynamics (Vitousek et al., 1997) and ocean 

acidification (McLeod et al., 2013). The world’s population may peak at almost 10 billion 

people by the end of the 21st century and this will further fuel the demand for food, drinking 

water, timber and fibre, all of which depend on freshwater resources. Consequently, it is crucial 

to understand the individual and cumulative effects of these global drivers on freshwater 

ecosystems so that we can wisely manage the quality and quantity of our finite water resources. 

Freshwater ecosystems are especially vulnerable to anthropogenic disturbances because they 

are isolated and fragmented environments that are strongly affected by diverse human activities 

in their surrounding terrestrial catchment area. Water pollution, flow modification, degradation 

and destruction of habitat, overexploitation and invasion by non-native species are seen as the 

five key threats to freshwaters (Dudgeon et al., 2006), and climate change will most likely 

exacerbate the consequences of these known threats (Brook, Sodhi & Bradshaw, 2008). 

Anthropogenic but also natural drivers can act on stream ecosystems at multiple spatial scales, 

in a hierarchically nested manner. Climate, geology and topography are important at a large 

scale (for example determining the shape of river channels and network connectivity) while 

factors such as agricultural land use and flow modification usually act at smaller scales within 

the river valley (Allan, 2004). A landscape-scale driver such as agriculture can bring multiple 

factors into play at even smaller scales (e.g. the stream-reach scale), including augmented 

nutrients in the stream water, sedimentation, chemical contamination, loss of habitat 

heterogeneity and increased light availability through the clearing of riparian vegetation (Allan, 

2004). Water abstraction for irrigation is another important driver of species distributions and 

ecosystem processes at the landscape scale, especially in drier parts of the world (Leprieur et 

al., 2006; Dewson, James & Death, 2007b; Larned et al., 2010). Abstraction typically reduces 

discharge and flow velocities below diversions and water takes and therefore decreases 

available habitat and increases water retention times in downstream reaches, leading to 

increased rates of sedimentation and organic matter processing (Gasith & Resh, 1999; Acuña 

et al., 2004; Dewson et al., 2007b). Reduced flows can therefore exacerbate negative effects of 

other agricultural stressors, such as increased fine sediment levels or nutrient enrichment on 

ecosystem structure and function (Bunn & Arthington, 2002; Niyogi, Simon & Townsend, 



CHAPTER 1 General Introduction   3 

2004; Dewson, James & Death, 2007a; Heino, Virkkala & Toivonen, 2009; Matthaei, Piggott 

& Townsend, 2010). 

Fine sediment (inorganic and organic particles < 2mm) is a natural feature of stream ecosystems 

(Wood & Armitage, 1997). However, increased levels of in-stream sedimentation can arise 

from surface soil erosion, collapsed riverbanks near unsealed roads, trampling damage by stock 

and removal of riparian vegetation that stabilizes banks (McDowell & Wilcock, 2007; Larsen, 

Vaughan & Ormerod, 2009). Fine sediment has been shown to affect organisms and ecosystem 

processes through reduced light availability and substratum suitability for autotrophs (in turn 

affecting food quality and quantity for higher trophic levels), by direct damage to animal gills 

and filter-feeding structures as well as via reduced availability/suitability of habitats, for 

example for crevice-occupying invertebrates and gravel-spawning fishes (see reviews by Allan, 

2004; Jones et al., 2011; Kemp et al., 2011). Studies comparing the effects of elevated levels 

of fine sediment and nutrient enrichment have generally reported that adverse impacts of 

sediment are more frequent and more severe (Lemly, 1982; Townsend, Uhlmann & Matthaei, 

2008; Matthaei et al., 2010; Wagenhoff et al., 2011; Piggott et al., 2012; Wagenhoff, Townsend 

& Matthaei, 2012b; Burdon, McIntosh & Harding, 2013; Piggott et al., 2014). 

Nutrient enrichment (mainly from fertilizer or stock effluent, Smith, Tilman & Nekola, 1999; 

Allan, 2004) can have positive effects at low levels, acting as a subsidy, but this can change to 

‘stress’, with a negative response, once a threshold is exceeded (Odum, Finn & Franz, 1979; 

Wagenhoff et al., 2011; Wagenhoff et al., 2012b). Such non-linear response patterns seem to 

be common for stream community composition and ecosystem functioning along wide 

gradients of nutrient enrichment (e.g. see Clapcott et al., 2010; Jonsson, Jonsson & Ugedal, 

2011; Wagenhoff et al., 2011; Larson et al., 2013). Nutrient enrichment typically leads to 

increased autotrophic production and strong bottom-up effects for higher trophic levels, 

accelerated organic matter processing and enhanced diel oxygen fluctuations. The 

consequences of these changes are usually altered community composition and increased 

vulnerability to invasion of non-native species (Allan, 2004). Finally, the increased variability 

in precipitation expected to result from global climate change is also likely to cause greater 

erosion of land surfaces (IPCC, 2007), further augmenting fine sediment and nutrient inputs to 

freshwater ecosystems (Heino et al., 2009). 
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1.2 Multiple stressors in freshwater ecosystems 

A stressor can be defined as a variable that, as a result of human activity, exceeds its range of 

normal variation and affects ecosystem structure and function (Townsend et al., 2008). Multiple 

anthropogenic stressors may interact additively or non-additively, where the combined stressor 

effects are larger or smaller than expected based on their individual effects (Folt et al., 1999). 

For conservation biology and resource management, these complex outcomes are of particular 

interest because they can lead to “ecological surprises” (Lindenmayer et al., 2010). For 

example, climate change will most likely interact with other known stressors to drive species 

extinctions in a synergistic manner (Brook et al., 2008). Multiple-stressor effects have also been 

highlighted in the ongoing deterioration of coral reefs (Harvey, Gwynn-Jones & Moore, 2013; 

Ban, Graham & Connolly, 2014), increased parasite/disease prevalence (Marcogliese, 2001; 

Breitburg & Riedel, 2005) and declines in freshwater biodiversity (Dudgeon et al., 2006; 

Vörösmarty et al., 2010; Woodward, Perkins & Brown, 2010). Therefore, one of the greatest 

challenges for conservation biology and ecosystem management is to understand and predict 

the effects of multiple stressors. 

At the level of individual organisms, stressors can act either directly or indirectly on physiology 

or behaviour. Toxins, strong pH fluctuations and elevated temperatures generally act directly 

on organisms whereas stressors that affect individuals indirectly usually act through biological 

pathways to affect food availability and/or food-web interactions. We are just beginning to gain 

insights into the mechanisms underlying the interactive effects of multiple stressors acting on 

individuals. The majority of the stressors studied to date have been of a physicochemical nature 

and have tended to generate antagonisms if they had strong individual effects (Folt et al., 1999; 

Darling & Côté, 2008). Antagonisms may also be the result of situations where organisms have 

developed a tolerance or adaptation to one stressor and are then less susceptible or more tolerant 

to an additional stressor (Christensen et al., 2006; Kashian et al., 2007; Crain, Kroeker & 

Halpern, 2008). By contrast, synergistic outcomes appear to be more common where stressed 

individuals are more sensitive to an additional stressor (Breitburg & Riedel, 2005; Darling & 

Côté, 2008).  

In aquatic ecosystems, antagonisms have been reported for the effects of elevated temperatures 

and metal toxicity on the growth rate of juvenile grayling Thymallus thymallus (Peuranen et al., 

2003), and for toxin exposure and reduced food availability for Daphnia egg production and 

survival (Folt et al., 1999). In both cases, the combined stressor response was lower than 

expected based on the individual effects involved and, in the case of Daphnia, the reduced 
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negative effect of the toxin could be explained by slower filtering rates at lower food supply. 

Moreover, some physiological adaptations (e.g. small body size) might be beneficial against 

exposure to several different stressors, for example temperature, heavy metals, UV radiation 

and acidification, and therefore lead to antagonistic responses (Vinebrooke et al., 2004; 

Christensen et al., 2006; Kashian et al., 2007). In New Zealand, the agricultural stressors of 

nutrients, fine sediment, pesticides and increased water temperature have been shown to interact 

in a non-additive manner, affecting stream bacterial, algal and invertebrate communities in 

experimental and survey-based studies (Townsend et al., 2008; Matthaei et al., 2010; 

Wagenhoff et al., 2011; Piggott et al., 2012; Wagenhoff et al., 2012b; Wagenhoff et al., 2013; 

Piggott et al., 2014). Among these four stressors streamflow reduction, which can occur as a 

consequence of water abstraction for irrigation but also due to global climate change, has been 

studied least often. In one of the rare studies investigating interactions with flow reduction, a 

streamside-channel experiment manipulating nutrients, sediment and flow, Matthaei et al. 

(2010) observed that interactive effects of reduced current velocity and elevated fine sediment 

on invertebrate communities were the most common interaction type, often with synergistic 

negative outcomes. Further, in a study of water abstraction in three streams of contrasting water 

quality, Dewson et al. (2007a) found that flow reduction had stronger effects on invertebrate 

community structure in a relatively pristine stream than in two streams affected by agricultural 

pollution. In contrast to these reach-scale or stream-channel studies on stream invertebrates, the 

effects of water abstraction and farming intensity at the landscape scale have not been 

investigated to date. Further, the combined effects of these two stressors on stream algal and 

fish communities are also unknown. 

1.3 Functional indicators to understand the effects of multiple stressors 

Effects of anthropogenic actions on stream ecosystems have traditionally been investigated by 

testing water chemistry variables, such as pH, temperature and nutrients, or by studying changes 

in community composition. Guidelines for stream health assessment involving invertebrates 

but also algae, macrophytes and fish (Resh, 2008) still mainly rely on structural measures of 

community composition, including species diversity, indices indicating deviance from 

assemblages under non-impacted conditions and other region-specific multi-metric indices (e.g. 

saprobic indices based on presence/absence of sensitive species) (Barbour et al., 1999; Hering 

et al., 2006). Such structural indicators of stream health are generally not stressor-specific 

(Hering et al., 2006) and do not provide much useful information about the underlying 

processes. Thus, more recently attention has been shifting towards attempting to gain an 
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understanding of the relative strength of the individual effects and the mechanisms through 

which stressors act on species by studying their biological traits (Reiss et al., 2009; Friberg, 

2010; Menezes, Baird & Soares, 2010; Statzner & Bêche, 2010; Hering et al., 2014; Navarro-

Ortega et al.).  

Stream organisms each possess a specific set of traits which allows them to withstand habitat 

filters acting at multiple temporal and spatial scales, and therefore determines their distribution 

pattern along gradients of environmental variables (Townsend & Hildrew, 1994; Poff, 1997). 

Hence, there has been a recent development of trait-based approaches for benthic algae (e.g. 

see Biggs, Stevenson & Lowe, 1998b; Passy, 2007a; Stevenson, Pan & Van Dam, 2010), 

invertebrates (Usseglio-Polatera, 1994; Tachet et al., 2000; Dolédec et al., 2006; Poff et al., 

2006) and fish (Blanck & Lamouroux, 2007; Frimpong & Angermeier, 2009; Mims et al., 

2010). Here, the investigated traits should be mechanistically related to evolutionary processes, 

dependent on abiotic rather than biotic forces, easily measurable at the level of the individual 

without reference to the environment and reflect the main processes affecting organism 

performance (Poff, 1997; Weithoff, 2003; Kruk et al., 2010). Recently, scientists have begun 

using biological traits to disentangle the effects of multiple stressors on stream ecosystem 

function, studying, for example, the cumulative effects of the impact of ship-induced waves and 

heavy metals (Dolédec & Statzner, 2008), fine sediment and nutrient or pesticide addition 

(Townsend et al., 2008; Wagenhoff et al., 2011; Wagenhoff et al., 2012b; Magbanua et al., 

2013b) and climate change and salinity on invertebrate biological traits (Statzner & Bêche, 

2010). Apart from providing insights into the mechanisms underlying stressor effects 

(Townsend & Hildrew, 1994; Menezes et al., 2010; Statzner & Bêche, 2010), the other 

advantage of using biological traits as indirect functional indicators over structural indices is 

the greater consistency of trait responses across temporal and spatial scales (Poff, 1997; Bêche, 

McElravy & Resh, 2006; Menezes et al., 2010). Traits can be seen as ‘indirect’ functional 

indicators because they are based on a community composition dataset and the presence and 

distribution of traits is related to ‘habitat filters’ acting at different spatial scales whereas ‘true’ 

functional indicators are based on measurements of ecosystem processes such as primary 

productivity (Acuna et al., 2005; Clapcott et al., 2010), leaf decay (Young, Matthaei & 

Townsend, 2008) and nutrient uptake (Niyogi et al., 2004; Johnson, Tank & Arango, 2009). 

Although these ‘direct’ indicators of ecosystem functioning have the advantage that they are 

measurements of the actual processes involved in the cycling of matter and energy in streams, 

they have the disadvantages of being labour-intensive (e.g. requiring several visits of sampling 

sites to expose/collect equipment or assays) and being dependent on many abiotic and biotic 



CHAPTER 1 General Introduction   7 

variables (Gessner & Chauvet, 2002; Feio et al., 2010). Functional indicators have been 

proposed as a complementary approach to more traditional stream health assessments based on 

structural variables (Gessner & Chauvet, 2002; Clapcott et al., 2010; Feio et al., 2010). 

Nitrogen availability, a key driver of biodiversity and ecosystem functioning, has been 

increased by several anthropogenic actions (Vitousek et al., 1997) and stable isotope ratios have 

been proposed as functional indicators for detecting changes in nitrogen dynamics (Atkinson et 

al., 2014). Delta 15N ratios reflect the source of nitrogen (from precipitation, fertilizer and 

sewage; Mayer et al., 2002; Anderson & Cabana, 2005) and intensity of nitrogen transformation 

processes such as assimilation by plants, denitrification and ammonia-volatilization (Kellman 

& Hillaire-Marcel, 1998; Sebilo et al., 2003; Diebel & Vander Zanden, 2009). Delta 15N ratios 

of stream water (Mayer et al., 2002; Voss et al., 2006; Barnes & Raymond, 2010), sediment 

(Udy et al., 2006), aquatic plants (Udy & Bunn, 2001), primary consumers (Anderson & 

Cabana, 2006; Clapcott et al., 2010; Atkinson et al., 2014) and fish (Anderson & Cabana, 2006) 

have been successfully related to catchment land-use intensity. Using stream stable isotope 

ratios of primary consumers has the advantages that these consumers are common and are easily 

sampled (Udy et al., 2006; Anderson & Cabana, 2007; Clapcott et al., 2010), transfer energy 

and matter to higher tropic levels (Jardine et al., 2005) and, due to their relatively long life span, 

serve as a time-integrated measure of nitrogen dynamics in the catchment (Peterson & Fry, 

1987). 

1.4 The Manuherikia Catchment in Central Otago, New Zealand 

Farming is the single largest export sector in New Zealand, supplying milk solids, beef and 

lamb to Europe, Southeast Asia, North Africa and the Middle East, and it is also one of the 

largest users of natural resources with more than half of New Zealand’s land area converted for 

agriculture and forestry (Ministry for the Environment, 2007). Between 1992 and 2012, dairy 

exports have quadrupled with the number of dairy cows doubling and dairy productivity 

increasing, while sheep and beef numbers have fallen (Statistics New Zealand, 2014). Further 

intensification of farming can be expected with the New Zealand government signalling for 

agricultural exports to double by 2025 (Ministry of Primary Industries, 2014). This ambitious 

goal fuels an interest in expanding dairy farming in the flat and irrigated lowlands of the 

Manuherikia River catchment. In this catchment, the first large-scale (1000-herd) dairy farm 

was established in 2009 and several more are planned, coinciding with planned changes to 

irrigation schemes, irrigation practices and water allocation rights (Kitto, 2011). There has also 
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been a dramatic increase in winter grazing of dairy cows (about 20,000 cows from Southland 

have been overwintering in the Manuherikia catchment in recent years; Peter Shaw (Omakau), 

personal observation).  

The Manuherikia River catchment has an area of 3035 km2 above its confluence with the Clutha 

River in Alexandra and includes two major valleys both filled with Tertiary and Pleistocene 

deposits (Figure 1.1a) (Kienzle & Schmidt, 2008). The lowlands are at altitudes between 100-

500 m a.s.l., whereas the headwaters reach 2100 m. The climate is the most continental in New 

Zealand, with temperatures of up to 35°C in summer and -20°C in winter, due to the distance 

from the sea and the surrounding mountain ranges. These mountains also shelter the catchment 

from southwesterly and northwesterly rains, causing the lowest annual rainfall in New Zealand 

with about 330 mm at Alexandra (Murray, 1975; Poyck et al., 2011). 

 

Figure 1.1 (a) Topography (darker shading denotes higher altitude), (b) land cover (yellow, high 

producing pasture; light green, low producing pasture; dark green, native tussock) and (c) water 

abstraction intensities (darker shading denotes higher abstraction) in the Manuherikia River catchment. 

Agricultural development in Central Otago started in 1857 with dryland sheep and beef farming 

in the Maniototo, Manuherikia and Teviot Valleys (Central Otago New Zealand, 2014). For 

cattle farming, native grasslands have been replaced by exotic pasture. The current land cover 

in the Manuherikia is dominated by ‘high producing’ exotic grasslands (clover, ryegrass) in the 

lowlands, ‘low producing’ grasslands on the hillsides and native tussock grasslands of Festuca 

novae-zelandiae at higher elevations (Ministry for the Environment, 2008) (Figure 1.1b). The 

‘high producing’ pastures are fertilized several times a year, irrigated for enhanced productivity 
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and support stocking rates of up to 11 stock units/ha (Figure 1.2a). The ‘low producing’ 

grasslands are managed less intensively, but still fertilized once per year, and usually support 

about 1 stock unit/ha. 

 

Figure 1.2 Examples of (a) high producing (irrigated and regularly fertilized) and (b) low producing 

pastures in the Manuherikia River catchment. 

Because of the dry climate, high producing exotic pastures require to be watered during the 

irrigation season (Austral early spring to mid-autumn: 1 October to 31 April). For this purpose, 

many upper reaches have been dammed while lower reaches have large water takes (Leprieur 

et al., 2006). The main irrigation practice in Central Otago is flood irrigation (Kienzle & 

Schmidt, 2008). This involves flooding paddocks every two weeks with water directed to the 

pasture through irrigation channels. The technique is easy to implement and relatively cheap to 

run in areas with an ample and affordable supply of irrigation water. In Central Otago, historical 

gold mining water permits allow the abstraction of large amounts of water, causing over-

allocation (the sum of consented takes often exceeds the mean flow in a given catchment) and 

therefore drying of many streams during the irrigation season (Figure 1.1c) (Leprieur et al., 

2006). A further drawback of the flood irrigation technique is that a large proportion of the 

water applied runs directly back into streams, enriched with nutrients and fine sediment (Ciotti 

et al., 2010). 

Many of the larger river systems in New Zealand are already impacted by agricultural practices 

in their catchments (Larned et al., 2004). But water quality in the main rivers of the Manuherikia 

catchment is still regarded as ‘good’ (Kitto, 2011). The main stem of the Manuherikia River is 

appreciated by anglers for its brown trout populations, but the river also supports native species 

such as bullies (Gobiomorphus spp.), longfin eels (Anguilla dieffenbachia) and several 

endangered galaxiid species (e.g. Galaxias anomalus and G. paucispondylus) (Leprieur et al., 
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2006). Thus, concern is growing among resource managers, conservationists, locals and anglers 

about current proposals to intensify farming and extend irrigation to previously extensively 

managed pastures, with proposals to increase the area of high producing farmland from 25,000 

ha to 35,000 ha (Manuherikia Catchment Water Strategy Group, 2014). This is particularly 

pertinent because water rights associated with historical mining rights are set to expire in 2021, 

when water rights will be redistributed. 

1.5 Thesis outline 

The overall the aim of my thesis is to investigate the influence of the two land-scape scale 

stressors, farming intensity and water abstraction on stream fish, invertebrate and algal 

communities and on δ15N stable isotope ratios as a functional indicator of nitrogen dynamics in 

streams. The interactive effects of these two stressors have not been studied before. 

CHAPTER 2 – Agricultural land use and stream flow reduction have both been shown to cause 

declines in fish presence and densities (Bunn & Arthington, 2002; Allan, 2004) but the 

combined effects of the two stressors on stream fish communities have not been investigated. 

In this chapter, I focus on the individual and combined effects of farming intensity and water 

abstraction, and related physicochemical variables, on stream fish communities. 

CHAPTER 3 – Species distributions are governed by habitat filters acting on multiple spatial 

scales. Invertebrate biological traits have been shown to give insights into the mechanisms by 

which multiple stressors act on stream invertebrate communities (Menezes et al., 2010; Statzner 

& Bêche, 2010). In this chapter, I investigate the individual and combined effects of farming 

intensity and water abstraction, and related physicochemical variables, on stream invertebrate 

communities. 

CHAPTER 4 – Comprehensive trait-based approaches have proven successful in elucidating 

the effects of individual and multiple stressors on invertebrate, fish and phytoplankton 

communities in freshwater ecosystems but no such comprehensive approaches have been tested 

for stream algae. Here I present a conceptual model of stream algal traits and examine which 

algal traits show the strongest relationships with gradients of farming intensity, water 

abstraction and their related physicochemical variables. 

CHAPTER 5 – Agricultural land use has strong effects on the nitrogen dynamics in freshwater 

ecosystems and δ15N stable isotope ratios have been proposed as suitable indicators to detect 

anthropogenic disturbances to nitrogen dynamics in streams and rivers. In this chapter, I 
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investigate the individual and combined effects of farming intensity, water abstraction and their 

related physicochemical variables on the δ15N stable isotope ratios of three dominant primary 

consumer species in farmland streams.   

CHAPTER 6 – In my last chapter discussion, I combine findings from my four data chapters in 

a meta-analysis of the effects of farming intensity, water abstraction and related 

physicochemical variables operating at the stream reach scale at four levels of biological 

responses: fish, invertebrate and algal communities, and the δ15N stable isotope ratios as a 

measure of ecosystem functioning. This meta-analysis evaluates and compares the effects of 

the individual stressors on the four different levels. I also investigate whether paired stressors 

generally produce antagonisms or synergisms at the landscape and at the reach scale. Moreover, 

I test whether taxonomic, community or functional measures of invertebrate and algal 

communities differ in their degree of distinction along the gradients of individual stressors. My 

thesis concludes with investigating thresholds for the individual stressors, management 

implications and future research challenges.
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CHAPTER Two 

Responses of stream fish populations to farming intensity  

and water abstraction in an agricultural catchment 

 

Galaxias sp. hiding from exotic brown trout (Photo: Ken Miller)  

Chapter 2 is a modified version of the following article: Lange, K., Townsend, C.R., Gabrielsson, R., 

Chanut, P.C.M. & Matthaei, C.D. (2014) Responses of stream fish populations to farming intensity and 

water abstraction in an agricultural catchment. Freshwater Biology, 59, 286–299. 
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2.1 Summary 

Agriculture affects streams worldwide and multiple stressors are usually at work. The effects 

of farming intensification in the catchment are likely to interact with flow reduction due to 

abstraction for irrigation, but their combined effects on fish communities are unknown. Fish 

populations (non-native brown trout, Salmo trutta, and native upland bullies, Gobiomorphus 

breviceps, dominated the fish communities) and in-stream physicochemistry were sampled at 

36 stream sites chosen to cover wide gradients of farming intensity (% catchment in ‘high-

producing exotic grassland’) and water abstraction (estimated from a published hydrological 

model) in a low-rainfall, agricultural catchment. These landscape variables were not well 

correlated, allowing me to unravel their individual and combined effects. Presence of trout was 

best described by an additive multiple-stressor model consisting of a unimodal response to 

farming intensity and a negative response to water abstraction. Trout density only showed a 

negative response to farming intensity. Upland bullies were unrelated to either landscape 

variable. When populations were modelled using in-stream variables, trout presence was 

negatively related to fine sediment depth while trout density was negatively related to both 

sediment depth and total nitrogen (themselves closely related to farming intensity). Upland 

bully presence and density showed unimodal responses to just total nitrogen. Ammonium 

concentration was the only measured in-stream variable related to water abstraction. The final 

models for in-stream stressors explained more of the variation in fish density whereas the final 

models for landscape stressors explained more of the variation in fish presence. Overall, 

farming intensity showed stronger negative relationships with fish populations than water 

abstraction, and fish were absent from stream reaches whose upstream catchments contained 

more than 40% high-producing exotic grassland. Resource managers considering intensifying 

water abstraction or agriculture in low-rainfall river catchments should be aware of the interplay 

between these two agricultural stressors.  

2.2 Introduction 

Agricultural intensification in New Zealand is the single largest cause of degradation of water 

quality and stream condition (Ministry for the Environment, 2007), as it is in many other parts 

of the world (Allan, 2004). At the landscape level, measures of agricultural intensity in stream 

catchments have been shown to affect fish populations in New Zealand (Jowett & Richardson, 

1996) and elsewhere (Jonsson et al., 2011). Another influential landscape variable, water 

abstraction for irrigation, is particularly relevant in drier parts of the world, such as regions of 
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the South Island of New Zealand lying in the rain shadow of the Southern Alps (Matthaei et al., 

2010). In a rare study focusing on water abstraction as a stressor for fish populations, Leprieur 

et al. (2006) reported that brown trout (Salmo trutta) in the Manuherikia River catchment, a 

drought-prone catchment in New Zealand, declined with increasing rates of water abstraction, 

most likely because stream flow reduction can lead to isolated pools with high water 

temperatures and low oxygen concentrations that trout cannot survive. The effects of farming 

intensification may interact with flow reduction due to abstraction, but their combined effects 

on fish communities are unknown. Managers need to understand the consequences of these 

large-scale variables on stream condition to be able to implement spatial controls on land use 

for the benefit of stream ecosystem services.  

Landscape variables associated with agriculture exert their influence via in-stream stressors, 

including increased inputs of nutrients (Carpenter et al., 1998), pesticides (Liess & Schulz, 

1999), pathogens (Jokinen et al., 2012), raised water temperatures (Piggott et al., 2012), 

increased deposition of fine sediment (particles < 2 mm, Zweig & Rabeni, 2001) and stream 

flow alteration (Poff et al., 1997; Bunn & Arthington, 2002). It is important to recognize that 

multiple stressors are usually at work (Allan, 2004; Darling & Côté, 2008; Townsend et al., 

2008; Schweiger et al., 2010) and that these may interact additively, synergistically or 

antagonistically (Folt et al., 1999). For example, a recent stream survey in New Zealand 

reported common synergistic interactions between nutrient enrichment and sediment deposition 

(Wagenhoff et al., 2011). Related work concerning invertebrates, algae and leaf decomposition 

in experimental stream channels found negative effects of sediment deposition were stronger 

and more common than effects of nutrient enrichment (Matthaei et al., 2010; Wagenhoff et al., 

2012b), while reduced flow (simulating water abstraction) negatively affected stream biota as 

often as sediment (Matthaei et al., 2010). Recent reviews have highlighted the potential 

importance of multiple-stressor impacts on fish communities (Johnson et al., 2012; Stasko, 

Gunn & Johnston, 2012) but point out that combined effects of stressors have been largely 

ignored to date. Furthermore, two modelling studies (Power, 1997; Harvey & Railsback, 2007) 

demonstrated that complex non-linear interactive effects of multiple stressors on trout 

populations are likely to occur.  

To my knowledge, the present study is the first investigation of the individual and combined 

effects of water abstraction and farming intensity, as well as related in-stream physicochemical 

variables, on fish communities in agricultural streams. To maximize predictive power of my 

statistical models and to minimize the confounding influence of regional background variation, 

my survey of fish populations and in-stream physicochemistry involved sampling along broad, 
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pre-defined gradients of farming intensity and water abstraction intensity on a small regional 

scale (within a single river catchment, the Manuherikia River) over a period of a few weeks, as 

recommended by Fausch, Hawkes & Parsons (1988). The fact that these two landscape 

variables were not closely correlated (because abstraction in one small sub-catchment is often 

used to irrigate another) allows me to unravel their effects.  

The only fish species that were sufficiently abundant and widespread to be included in my 

analysis are non-native brown trout and native upland bullies (Gobiomorphus breviceps). 

Brown trout were introduced to New Zealand in 1867 and to the Manuherikia River by 1877 

(McDowall, 1994). They have spread widely in the Manuherikia catchment (Leprieur et al., 

2006) and elsewhere in New Zealand, and populations in the Manuherikia are self-sustaining. 

No authorised stocking has occurred in the Manuherikia catchment for more than 30 years, and 

unauthorised translocations/stocking are expected to be very rare and restricted to private farm 

ponds (Otago Fish and Game Council, unpublished data). Although data on trout angling 

pressure are available only for the main river and two tributaries (Unwin, 2009), this pressure 

is considered to be light throughout the catchment except for the main stem of the river (R. 

Gabrielsson, personal communication; Otago Fish and Game Council, unpublished data), 

which I did not sample. I investigate how fish presence and density are related to my landscape-

scale and in-stream predictor variables using generalized linear models (GLMs) and an 

information-theoretic model selection approach.  

2.3 Methods 

2.3.1 Study catchment 

Located in Central Otago, the Manuherikia River catchment (area 3035 km2, 182-2088 m a.s.l.) 

is among the driest in New Zealand (335-635 mm yr-1, Rickard & Cossens, 1973) and with the 

most continental climate (air temperatures from -20°C in winter to 35°C in summer). 

Vegetation cover before European settlement was dominated by tussock grasslands (Kienzle & 

Schmidt, 2008) but large areas have been converted to low-intensity or high-intensity 

sheep/beef farming. The heterogeneous geology of the catchment is dominated by sedimentary 

rock, which is rich in quartz cobbles, sand and silt and thus prone to erosion. Also, soils are 

relatively shallow, fast draining and poor in organic matter and therefore have a low buffering 

potential for cations, such as NH4
+, which can enhance the transport of fertilizer and manure 

into the groundwater and surface water systems (Landcare Research, 2013). The fast draining 

soils might also heighten the impact of water abstraction on stream flows. 
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2.3.2 Farming intensity 

I used the New Zealand Land Cover Database II (LCDB2; Ministry for the Environment, 2008) 

to acquire information on spatial distributions of land cover types (spatial resolution 15 m, 

acquired summer 2001/2). Of the total Manuherikia catchment area, 44% was covered by 

tussock grassland, 24% by low-producing grassland (~ 1 sheep/cattle unit ha-1) and 25% by 

high-producing exotic grassland (~ 10 units ha-1; Figure 1.1b). Because land use intensity in 

this low-rainfall catchment is limited primarily by the amount of water available for irrigation 

and most of the existing water allocations were set several decades ago and will remain 

unchanged until 2020-2025 (Otago Regional Council, unpublished data), these land use 

patterns are likely to be similar in 2013. I then used the River Environmental Classification 

(REC; Ministry for the Environment, 2010) (a detailed delineation of stream reaches and their 

sub-catchments) to characterise the sub-catchment of each sampled stream site. As my measure 

of farming intensity, I selected the percentage of each sub-catchment in the category ‘high-

producing exotic grassland’, defined in LCDB2 as ‘typically intensively managed exotic 

grasslands, rotationally grazed for wool, lamb, beef, dairy and deer production’. My index of 

% farming intensity ranged from 0 to 95% in the studied sub-catchments. 

2.3.3 Water abstraction 

Kienzle & Schmidt (2008) estimated stream flows in the Manuherikia catchment using the 

ACRU model (Agricultural Catchments Research Unit; University of Natal, South Africa). I 

used their modelled data for different water-use scenarios to estimate water abstraction 

intensities for the sub-catchment of each stream site. Thus, I calculated water abstraction 

intensity as the percentage of stream flow reduction from the Dryland Scenario (no water 

abstracted) to the Current Scenario, based on the mean stream flow for each of the five 

irrigation seasons from 1999/2000 to 2004/2005 (Kienzle & Schmidt, 2008). The water 

abstraction index ranged from 0 to 92% in the studied sub-catchments (Figure 1.1c).  

2.3.4 Stream sites 

My 36 stream sites included 3rd, 4th and 5th order streams, each from a discrete sub-catchment. 

These were selected to provide as wide and even a spread as possible along the gradients of 

both farming intensity and water abstraction (Figure 2.1). Farming intensity and water 

abstraction were only weakly correlated (R2 = 0.08) in the selected sites (water was often 

diverted into irrigation races and then transported to other parts of the catchment). Sites were 

mainly unshaded (no riparian trees or shrubs; five were partially shaded) and situated within 1 
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km of a road. Each site was visited twice, between 21 March and 4 April 2011 to collect in-

stream physicochemical data and between 12 and 28 April 2011 for electrofishing. 

 

Figure 2.1 Distribution of the 36 stream study sites along the gradients of farming intensity and water 

abstraction. 

2.3.5 Nutrients, deposited fine sediment and discharge 

Concentrations of dissolved (nitrate, ammonium, dissolved reactive phosphorus) and total 

nutrients (total nitrogen, total phosphorus) at each site were determined from three filtered 

(Schleicher & Schuell MicroScience, Dassel, Germany, GC filters) and three unfiltered water 

samples (volume 50 ml per sample), respectively, using standard methods (APHA, 1998). 

Samples were stored on ice in the dark in the field and frozen at -20°C upon arrival in the 

laboratory. 

The amount of deposited fine sediment (particles ≤ 2 mm) in riffle habitats was determined 

using three methods. First, sediment cover was estimated visually as the average percentage of 

the streambed surface covered by fine sediment using a gridded viewing box (area 12 x 12 cm) 

from 10 random locations within the riffle (Matthaei et al., 2006). Second, where deposited fine 

sediment was present, sediment depth was determined by pushing a metal ruler into the 

sediment until the underlying coarser substratum was reached (Wagenhoff et al., 2011). Third, 

the amount of suspendable inorganic sediment (SIS) was determined using the ‘Quorer’ 

technique (Clapcott et al., 2011), which allows sediment trapped in the upper streambed layers 

to be quantified. Five SIS samples were collected from random locations within each riffle by 

sealing the Quorer, a sturdy plastic cylinder (inner diameter 24 cm, height 70 cm), tightly onto 
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the streambed, then disturbing the substratum to a depth of about 5 cm with a metal rod for 30 

s and collecting a 120-ml subsample of the slurry. An unfiltered water sample (also 120 ml) 

was taken upstream to correct for background turbidity. In the laboratory, sediment samples 

were measured, filtered, dried, weighed, ashed at 550°C and reweighed to determine the mass 

of SIS per m2 (averaged for each site).  

Discharge at each site was estimated by measuring water depth, stream width and velocity (at 

0.4 x depth from the stream bed, in 1-m equidistant intervals for streams > 1m wide) using a 

portable flowmeter (Model 2000, Marsh-McBirney, Frederick, Maryland) in a smoothly 

flowing run with little heterogeneity of depth and velocity. I then calculated the ratio of 

discharge (m3 s-1) to catchment area (m2) to correct for catchment size.  

2.3.6 Fish presence and density 

Fish densities were estimated by three-pass electrofishing (Kainga EFM300, NIWA, 

Christchurch, New Zealand) from a 30-m reach at each stream site, blocked with stop nets at 

the top and bottom. Captured fish were identified, counted, measured (total length) and 

released. Catches from the three passes were pooled to give a minimum estimate of fish density. 

Methods to extrapolate fish densities were not applied due to heterogeneous sampling success 

(generally lower in reaches dominated by macrophytes, 23 out of the 36 sites were dominated 

by macrophytes). Stream width was measured at 10 transects spaced equally along the stream 

reach, and density was expressed as numbers per 100 m². 

2.3.7 Data analysis 

I investigated how fish presence and density were related to my landscape-scale and in-stream 

predictor variables using generalized linear models (GLMs) and an information-theoretic model 

selection approach after Johnson & Omland (2004) and Grueber et al. (2011), in which 

postulated hypotheses were simultaneously tested against the data. All analyses were performed 

using R software version 2.15 (R Development Core Team, 2014). The analysis comprised 

three steps. First, I investigated how presence and density of fish species were related to the 

landscape variables farming intensity and water abstraction. Second, I explored the 

relationships between the landscape variables and the in-stream (physicochemical) variables 

(listed in Table 2.1). Third, I used the in-stream variables most strongly related to the landscape 

variables to determine the best models for observed fish presence and density in terms of 

physicochemistry. 
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Table 2.1 Summary statistics for nutrient concentrations, fine sediment measures and fish densities at 

the 36 study sites (DRP = dissolved reactive phosphorus, NO3 = nitrate, NH4 = ammonium, FS = fine 

sediment, SIS = suspendable inorganic sediment). Stream order, catchment area and flow data were 

obtained from FENZ (Leathwick et al., 2010) and guideline threshold values of dissolved and total 

nutrients for NZ freshwaters from Kitto (2011) (+) and Clapcott et al. (2011) (*). 

Variable Mean Min Max Guideline 

% Farming intensity 26 0 92  

% Water abstraction 58 0 92  

DRP (µg L-1) 19 1 79 ≤ 6 (+) 

TP (µg L-1) 49 1 163 ≤ 33 (+) 

NO3 (µg L-1) 15 1 237 ≤ 75 (+) 

NH4 (µg L-1) 16 4 47 ≤ 880 (+) 

TN (µg L-1) 447 46 1336 ≤ 614 (+) 

FS cover (%) 65 0 100 ≤ 20 (*) 

FS depth (mm ) 91 0 470  

SIS (g m-2) 3304 45 14205 ≤ 450 (*) 

Stream order 3.6 3 5  

Catchment area (km2) 27 3 116  

Stream width (m) 1.2 0.3 5.0  

Discharge (m3 s-1) 0.2 0 1.1  

Discharge / catchment area (m3*km2 s-1) 0.01 0 0.05  

Maximum current velocity (m s-1) 0.5 0 1.8  

Total annual runoff volume (mm m-2 yr) 0.8 0.1 3.7  

Mean annual low flow (L s-1) 53 4 428  

Brown trout density (Ind. 100 m-2) 6 0 49  

Upland bully density (Ind. 100 m-2) 8 0 94  

 

At step 1, I considered a set of eight models: the global model (intercept plus four predictor 

terms: the first-order terms farming intensity (FI) and water abstraction (WA), the quadratic 

term FI×FI and the interaction FI×WA), nested versions of the global model with one or more 

predictor terms removed, and the null model (intercept only). If the interaction or the quadratic 

term were retained, then the lower-order terms were retained as well. At step 2, I tested the 

same eight competing hypotheses to explore relationships between the in-stream 

physicochemical and landscape variables. At step 3, I considered models with a maximum of 

four predictor variables: first-order terms for the two physicochemical variables with the 

strongest relationship to farming intensity and water abstraction, the quadratic term for nutrients 
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(if a nutrient-variable was retained in the global model) and the interaction term between the 

two stressors (26 competing models in total). 

I fitted the global model to the data using GLMs with a binomial error and logit-link for fish 

presence and a negative-binomial error and log-link for fish densities. Predictor variables were 

transformed where necessary and then centred by subtracting the sample mean from each value 

(to improve interpretability of regression coefficients) and scaled with two standard deviations 

to allow the use of regression estimates as effect sizes (Schielzeth, 2010) using the standardize 

function within the arm package (Gelman et al., 2013). The full model sets were generated 

using the dredge function implemented in the MuMIn package (Bartoń, 2013). 

All models were ranked according to their AICc values (Akaike Information Criterion for small 

sample sizes; Burnham & Anderson, 2002). In cases where the Akaike weight (the probability 

that a model is the best one) of the highest ranked model was less than 0.9, model averaging 

was performed to account for model selection uncertainty (Grueber et al., 2011). The top model 

set was obtained by selecting all models that were within AICc ≤ 2 of the best model and by 

applying the ‘nesting rule’ where the selected models could not be more complex than the 

highest ranked model (Richards, Whittingham & Stephens, 2011). This rule prevented 

uninformative parameters being retained in the final model. If more than one top model was 

chosen, model averaging produced one final model for each response variable with regression 

estimates and their 95% CIs calculated as weighted averages using the ‘zero-method’ after 

Burnham & Anderson (2002). If a CI overlaps zero, the regression parameter is not significant 

(at α = 0.05) under the framework of conventional null-hypothesis testing (Nakagawa & Cuthill, 

2007).  

2.4 Results 

2.4.1 Fish 

In total, 179 brown trout (Salmo trutta, body length range 47–250 mm, median 95 mm), 269 

upland bullies (Gobiomorphus breviceps; length 23–85 mm, median 52 mm), four non-native 

perch (Perca fluviatilis), two rainbow trout (Onchorynchus mykiss) and one longfin eel 

(Anguilla dieffenbachia) were caught at the sites. No galaxiid fish were captured, and at 15 sites 

no fish were caught. Only brown trout (15 sites) and upland bully (11 sites) were sufficiently 

widespread and numerous for statistical analysis (Figure 2.2). The two species occurred 

together at five sites. Maximum brown trout and bully densities were 49 and 94 per 100 m2, 
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respectively. The introduced brown trout and the native upland bully commonly co-occur over 

a wide geographical range in New Zealand, mainly in the South Island (McDowall, 2000). 

 

Figure 2.2 Field sites in the Manuherikia River catchment where brown trout were present (black circles; 

15 sites) or absent (open circles; 21 sites). Upland bullies were present at 11 of the 36 sites (green 

triangles) and occurred together with trout at five sites. 
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2.4.2 Landscape-scale variables and fish  

The final model for brown trout presence was an additive multiple stressor model with a unimodal 

relationship to farming intensity and a negative relationship to water abstraction (Figure 2.3a, Table 2.2 

and Table 2.3). This model predicted the presence of brown trout with good accuracy (81% of 

predictions were correct). Initially, two competing top models were retained, the second only including 

first-order and polynomial terms for farming intensity (Table 2.2 and Table 2.3); the second-best 

model predicted trout presence with 72% accuracy. The final model for brown trout density included 

just a negative relationship with farming intensity (Figure 2.3b, Table 2.2 and Table 2.3). Neither 

presence nor density of upland bullies was related to farming intensity or water abstraction (i.e. the 

global models did not provide a better fit than the null models). 

 

Figure 2.3 Relationships between (a) brown trout presence or (b) density and landscape-scale (left) and 

in-stream variables (right). The response surfaces were plotted for the range of stressor values found 

across all 36 study sites. For ease of interpretation, the two axes are plotted with non-centred and non-

scaled values. Data points are the observed values of trout presence and density, with open circles 

symbolizing sites where no trout were caught. 
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Table 2.2 Top model(s) for fish presence and density in relation to landscape and in-stream predictor 

variables selected from a candidate set of 8 models (landscape) or 27 models (in-stream), using the cut-

off rule Δ AICc ≤ 2 and omitting models that were more complex versions of the model ranked most 

highly. FI = farming intensity; WA = water abstraction; SED = depth of fine sediment cover; NUT = 

total nitrogen). More than one model was retained in two cases (*). Shown are Nagelkerke’s R2 values 

(pseudo-R2 after Nagelkerke, 1991) and model accuracy (for fish presence models). 

Fish response Predictors in model R2 Accuracy 

Landscape-scale variables  

    Trout presence * FI + FI×FI + WA 0.59 80.6 

  FI + FI×FI 0.53 72.2 

    Trout density FI 0.39 – 

In-stream variables  

    Trout presence SED 0.47 83.3 

    Trout density NUT + SED 0.58 – 

    Bully presence * NUT + NUT × NUT 0.23 69.4 

  NUT 0.14 69.4 

    Bully density  NUT + NUT × NUT 0.54 – 
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Table 2.3 Results summary for the final models describing the relationships between landscape-scale 

and in-stream predictor variables with fish presence and density response variables. Estimates = effect 

sizes standardized by two SD and 95% Confidence Intervals. Positive effect sizes of the first-order terms 

indicate positive relationships; negative effect sizes indicate negative relationships. The quadratic terms, 

FI×FI and NUT×NUT, indicate unimodal relationships. For abbreviations of variable names and other 

symbols see Table 2.2. 

Variables Parameter Estimate   Unconditional SE Confidence Intervals 

Landscape-scale variables   

    Trout presence* Intercept 0.19  1.01 (-1.85, 2.23) 

  FI -10.54  7.79 (-26.39, 5.31) 

  FI×FI -22.46  13.91 (-50.77, 5.85) 

  WA -1.79  1.16 (-4.17, 0.58) 

    Trout density Intercept 1.58  0.20 (1.19, 1.99) 

  FI -2.07   0.47 (-2.99, -1.21) 

In-stream variables     

Trout presence Intercept -0.60  0.46 (-1.63, 0.26) 

  SED -3.28   1.02 (-5.62, -1.51) 

Trout density Intercept 1.47  0.19 (1.10, 1.86) 

  NUT -1.39  0.49 (-2.48, -0.33) 

  SED -1.20   0.50 (-2.13, -0.26) 

Bully presence* Intercept -0.69  0.50 (-1.71, 0.32) 

  NUT -1.95  1.11 (-4.19, 0.28) 

  NUT×NUT -2.60   1.80 (-6.26, 1.06) 

Bully density Intercept 2.09  0.30 (1.53, 2.71) 

  NUT -2.53  0.54 (-3.62, -1.49) 

  NUT×NUT -1.59   0.93 (-3.42, 0.33) 

2.4.3 Relationships between landscape variables and in-stream variables 

The physicochemical characteristics of the 36 stream sites covered a wide range of nutrient 

concentrations, deposited fine sediment and stream size and flow (Table 2.1). All three in-

stream sediment variables and three of the five nutrient variables (total phosphorus, ammonium 

and total nitrogen) showed moderate (effect size > 0.30) to strong (effect size > 0.50; Nakagawa 

& Cuthill, 2007) positive relationships with farming intensity (Table 2.4). Of the three flow 

variables, only discharge showed a weak relationship (effect size -0.15) with farming intensity. 

One nutrient variable (ammonium; effect size 0.28) was moderately related to water abstraction.  
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Fine sediment depth and total nitrogen explained the highest proportions of the variation of 

% farming intensity (effect sizes 0.52 and 0.62, respectively). Consequently, these two in-

stream variables were chosen as potential predictors of fish presence and density below. The 

correlation between these two variables (R2 = 0.38) is much lower than 0.9, a widely used 

threshold denoting collinearity problems (Quinn & Keough, 2002), so both variables can be 

included in the same regression models.  

Table 2.4 Effect sizes and R2 values for the best models describing the relationships between 

in-stream predictor variables and the landscape-scale variables farming intensity (FI) and water 

abstraction (WA). For abbreviations of variable names see Table 2.1. 

In-stream variable Transformations Landscape-scale  

predictors 
Standardized effect sizes R2 

  FI WA FI×WA  

DRP (µg L-1) log(x) ns     

TP (µg L-1) log(x+1) FI 0.43   0.18 

NO3 (µg L-1) log(x) ns     

NH4 (µg L-1) log(x) FI + WA 0.28 0.28  0.20 

TN (µg L-1) log(x) FI 0.62   0.39 

FS cover (%) square-root FI 0.40   0.16 

FS depth (mm ) log(x+1) FI 0.52   0.27 

SIS (mg m-2) log(x) FI 0.51   0.26 

Discharge (m3 s-1) log(x+1) FI -0.15   0.13 

Discharge/area (m3 s-1 km-2) log(x+1) ns     

Max. current velocity (m s-1) square-root ns     
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2.4.4 In-stream variables and fish 

The best model for brown trout presence was a negative relationship with sediment depth (accuracy = 

83%; Figure 2.3, Table 2.2 and Table 2.3), with no relationship to total nitrogen. For brown trout 

density, the final model was an additive multiple stressor model including negative relationships with 

both sediment depth and total nitrogen (Figure 2.3, Table 2.2 and Table 2.3). 

 

Figure 2.4 Relationships between upland bully presence (left) or density (right) and the in-stream 

variables log total nitrogen and log fine sediment. 

Both upland bully presence and density were best explained by single stressor models including 

first-order and polynomial terms for total nitrogen (Figure 2.4, Table 2.2 and Table 2.3). This 

model predicted the presence of upland bullies with reasonable accuracy (69% of predictions 

were correct). The final models for in-stream stressors explained more of the variation in fish 

density whereas the final models for landscape stressors explained more of the variation in fish 

presence (Table 2.2 and Table 2.3). 

2.5 Discussion  

While descriptive studies such as mine are generally less effective at explaining causal 

mechanisms than experimental studies (Townsend, 1989), my final models nevertheless 

explained a gratifyingly large proportion of variation in the data and the observed patterns can 

be considered quite robust.  
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2.5.1 Landscape-scale variables and fish  

The density of brown trout was negatively related to the percentage of the catchment area in 

intensively farmed exotic grassland across the entire gradient, while trout presence showed a 

unimodal curve from 0 to 40% farming intensity. As farming intensity increased from 0 to about 

20%, my predictive model indicated a higher probability of trout presence. Above this level, 

there was a steep decline in the probability of trout presence, with complete absence above 

about 40%. This provides an interesting parallel to the ‘subsidy-stress responses’ (Odum et al., 

1979) observed for benthic invertebrates in other streams and rivers (e.g. Townsend et al., 

2008). A modest amount of high intensity farming may be associated with a nutrient subsidy 

that increases the productivity of stream algae and the grazing invertebrates that form part of 

the diet of brown trout. There has been one other report of such a subsidy-stress response for 

brown trout in a set of Norwegian streams (Jonsson et al., 2011). 

The best model for trout presence also included a negative relationship with water abstraction 

intensity. This multiple-stressor model explained 59% of the variation in the data and predicted 

trout presence correctly in 81% of cases. Had I considered only farming intensity or water 

abstraction as a predictor, the resulting models would have been less accurate (farming 

intensity: R2 = 0.53, 72% correct; water abstraction: R2 = 0.09, 67% correct). The best model 

for trout presence included no interaction term. Thus, while water abstraction intensity added 

to the stress on trout provided by the more influential farming intensity, the two stressors acted 

independently to create a simple additive response (rather than a complex synergistic response).  

In contrast to brown trout, upland bullies were unrelated to either landscape variable, implying 

that upland bullies can tolerate a wider range of upstream farming intensity and water 

abstraction than brown trout. 

2.5.2 Relationships between landscape variables and in-stream variables 

The amount of deposited fine sediment on the streambed and concentrations of dissolved and 

total nutrients were related to agricultural intensity, reinforcing previous reports of similar 

relationships between these in-stream variables and catchment land use (Matthaei et al., 2006; 

Niyogi et al., 2007; Wagenhoff et al., 2011), despite the fact that these in-stream variables were 

sampled only once even though they are likely to fluctuate somewhat over time (see also further 

discussion below). The concentration of total nitrogen and the depth of deposited fine sediment 

were the in-stream variables most strongly related to farming intensity. In a New Zealand 

context, nutrient concentrations in some stream reaches in the low-rainfall Manuherikia 

catchment can be regarded as ‘good’ (Kitto, 2011). In other reaches, however, nutrient 
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concentrations were similar to those in wetter parts of New Zealand (Ballantine & Davies-

Colley, 2010), across Europe (Collins et al., 2010) and the US (Dubrovsky et al., 2010) and 

nutrient concentrations and deposited fine sediment both exceeded national guidelines.  

None of the three sediment variables was related to the gradient of water abstraction, whereas 

the concentration of ammonium was. These findings contrast partly with those of a literature 

review that concluded that reduced stream flows often alter not only water chemistry, but also 

lead to higher in-stream sedimentation rates (Dewson et al., 2007b). 

While stream discharge at my study sites had a weak relationship with farming intensity, this 

effect diminished when the variable was corrected for catchment area; in other words, streams 

with higher percentages of farming intensity tended to have smaller catchments. Note, however, 

that the relationship between farming intensity and catchment area was fairly weak (R2 = 0.21). 

Further, if ‘catchment area’ is included as an additional predictor variable in the landscape-

scale analysis of my fish data, catchment area does not appear in the best model. Therefore, this 

correlation did not affect my findings for fish populations. 

My failure to observe any obvious relationships between water abstraction and my ‘snapshot’ 

measures of stream discharge, current velocity or deposited fine sediment may relate to the fact 

that the Manuherikia River experienced a major flood in early February 2011, five weeks before 

I conducted my survey. This flood may have washed out deposited fine sediment from normally 

stable reaches. Moreover, the end of the austral summer 2010/2011 (February and March) was 

unusually wet, with twice the average rainfall experienced in these months compared to the 

previous 30 years (combined total rainfall for February and March 2011: 154 mm, mean 

combined total for 1980-2010: 76 mm; NIWA, 2013). During my survey, therefore, some 

stream reaches were flowing that might have been dry during much of the irrigation season 

(1 October – 30 April) (K. Lange, personal observation). Overall, the ‘snapshot’ nature of my 

sampling design for nutrient concentrations, deposited sediment and stream discharge is a 

limitation of my study, because these in-stream variables can show marked short-term 

fluctuations (e.g. due to surface runoff during rainfall events) and the combined effects of such 

fluctuations on fish populations are unknown. Nevertheless, it should be noted that I determined 

these in-stream variables at baseflow conditions, which represent the prevalent conditions 

experienced by fish communities in this low-rainfall river catchment. 
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2.5.3 In-stream variables and fish  

Fine sediment. Trout presence was negatively related to the amount of deposited fine sediment 

but showed no relationship with nutrient enrichment. Jowett (1990) similarly concluded that 

chemical variables (conductivity, dissolved nutrients, pH) were less important predictors of 

trout distributions in New Zealand rivers than the percentage of silt cover on the bed, cover by 

aquatic plants and total abundance of invertebrates. Density of brown trout in my study 

catchment showed a strong negative relationship with increasing fine sediment levels, and this 

response pattern is common for many freshwater fish (see review by Kemp et al., 2011). Fine 

sediment inputs can affect fish both directly (tissue damage, impact on fish physiology, 

smothering affecting egg incubation success) and indirectly (food supply and food quality) 

(Wood & Armitage, 1997), and smothering by deposited sediment is often correlated with 

reduced oxygen exchange between flowing water and the substratum (Kemp et al., 2011). In 

contrast to trout, fine sediment was not retained in the final in-stream model predicting bully 

presence or density. This may be because, unlike trout, bullies do not bury their eggs in the 

substratum and adults also fan their nests (Stott & Poulin, 1996), two behavioural traits that 

may enable them to cope well with elevated levels of fine sediment, an ability that has also been 

found for the same species in shallow New Zealand lakes (Hayes et al., 1992). 

Nutrient enrichment. Trout density also showed a strong negative relationship with total 

nitrogen concentration in my survey. The consequences of nutrient enrichment for trout 

populations occur mainly via indirect effects to the food web. For example, although increased 

nutrient availability typically stimulates primary and secondary production, it may also shift 

benthic invertebrate community composition towards smaller, less drift-prone taxa that are less 

attractive as trout prey (Harding et al., 1999). High nutrient loads can also lead to excessive 

plant growth and decay, causing large daily oscillations in oxygen concentration (Wilcock et 

al., 1995) that may fall below the tolerance values of brown trout and native fish (Dean & 

Richardson, 1999).  

Direct toxic effects of excess nutrients are also conceivable because ammonia-N (NH3) is highly 

toxic to trout and other salmonids (Richardson, 1997). Augmented ammonium concentrations 

can be derived from stock effluent or wastewaters. A threshold of 25 µg L-1 NH3 (and 1 mg L-

1 NH4) has been suggested to ensure trout survival in European waterways (EIFAC, 1970), and 

the New Zealand water quality guideline is 0.88 g L-1 NH4 (ANZECC, 2000). Ammonium 

concentrations in my study ranged from 4.2 to 46.6 µg L-1 NH4, well below the suggested 

thresholds, so direct effects are not likely in my case. 
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For both presence and density of upland bullies, I detected unimodal relationships with total 

nitrogen concentrations, probably due to initial subsidy effects of nutrient enrichment (via food 

supply) eventually becoming outweighed by stress effects (e.g. periodically low oxygen 

concentrations due to excess primary production and high plant decay rates).   

Apart from the potentials reasons discussed above, the observed differences between the 

relationships of brown trout versus bullies to my studied in-stream variables could be at least 

partly due to differences in longevity (average life spans: bullies 3-4 years, trout up to ten years; 

McDowall, 2000; Otago Fish and Game Council, unpublished data) and/or mobility and home 

range size. The latter can be expected to be smaller for the benthic, non-migratory bully than 

for the pelagic, partly migratory trout (McDowall, 2000). 

Multiple-stressor effects. Synergistic or antagonistic effects between the stressors fine sediment 

and nutrients were not observed in my study, contrasting with previous studies focusing on 

stream invertebrates (e.g. Townsend et al., 2008; Wagenhoff et al., 2011). It is possible that the 

two stressors differ more fundamentally in their mode of action for fish as opposed to 

invertebrates and therefore independently affect fish populations.   

2.5.4 The relative influence of landscape and in-stream variables on fish 

A review by Hall & Knight (1981) concluded that in-stream physical habitat characteristics 

were probably the most important factors explaining variation in salmonid abundances in 

streams and rivers of the USA. Similarly, Jowett (1990) found in a New Zealand-wide study 

conducted in the 1980s that while landscape characteristics (including the percentage of 

catchment area not developed for farming) were related to the distribution of brown trout, these 

were less important than minimum annual water temperature, hydrological factors (mean flow 

and mean annual low flow) and regional variation. The difference between Jowett’s and my 

results might be due to the fact that Jowett’s (1990) gradient of farming intensities covered a 

smaller range than mine, and that a substantial increase of intensive farming has taken place 

since the 1980s.  

On the other hand, it must be recognised that due to logistic constraints I could not measure all 

potentially important in-stream physicochemical factors such as maximum daily water 

temperatures regularly over an extended period. Spot measurements miss variations that occur 

through the year. Water abstraction for irrigation is substantial in the drought-prone 

Manuherikia catchment where managers consider water to be over-allocated in a number of 

tributaries (Kitto, 2011) and streams may cease flowing or dry to a series of pools in years with 
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average rainfall (mostly where water abstraction is greater than 70%; K. Lange, personal 

observation). Under these circumstances, water temperatures can increase to 28 °C, typically 

combined with low oxygen concentrations (Leprieur et al., 2006) The incipient lethal water 

temperature for brown trout is 24.7 °C (Elliott, 1994) while for upland bullies it is above 30 °C 

(Olsen et al., 2012). This may explain why trout presence depends partly on irrigation intensity 

but bully presence does not. 

In my study, landscape-scale predictor variables explained a higher proportion of the variation 

in the trout presence data (R2 = 0.59) than in-stream predictor variables (R2 = 0.47). Lammert 

& Allan (1999) made a similar observation in a survey of six stream reaches in southeastern 

Michigan, where a fish-based index of biotic integrity was more strongly affected by regional-

scale than habitat-scale variables. This difference could be due to the fact that many fish species 

(including brown trout) can move over long distances and their complex habitat-use patterns 

might make them less sensitive to poor conditions on a smaller scale (Schlosser & Angermeier, 

1995).  

2.5.5 Management implications 

Water quality in the Manuherikia River catchment is currently regarded as ‘very good’ overall 

by the Otago Regional Council (Kitto, 2011). However, there is pressure to increase the 

intensity and extent of agriculture in the catchment. My study indicates that in this drought-

prone river catchment brown trout populations, which are highly valued in New Zealand in 

spite of trout being an exotic species, are affected both by farming intensity and water 

abstraction upstream. Trout are neither less likely to be found in areas of high farming intensity 

or water abstraction because of differential stocking practices, nor due to differential angling 

pressure, but most probably due to increased water temperatures and reduced habitat quality. 

Consequently, resource managers considering intensifying water abstraction or agriculture in 

low-rainfall river catchments should be aware of the interplay between these two agricultural 

stressors. More specifically, when combined with the findings of Jonsson et al. (2011), my 

results suggest that the proportion of highly intensively farmed land in a given sub-catchment 

should not exceed 40% if the aim is to maintain healthy trout populations and the ecosystem 

services they provide. 
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CHAPTER Three 

Can biological traits of stream invertebrates help disentangle  

the effects of multiple stressors in an agricultural catchment? 

 

The New Zealand mayfly Nesameletus sp.  

Chapter 3 is a modified version of the following article: Lange, K., Townsend, C.R. & Matthaei, C.D. 

(in press) Can biological traits of stream invertebrates help disentangle the effects of multiple stressors 

in an agricultural catchment? Freshwater Biology, accepted 25 July 2014 
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3.1 Summary  

Biological traits, which may give insights into the mechanisms driving the distribution of 

organisms along gradients of stressor intensities, have been proposed as a tool for disentangling 

the effects of multiple stressors acting simultaneously on scales ranging from climatic region 

to river basins, valleys, reaches and microhabitats. However, the combined effects of farming 

intensity and flow reduction on biological traits of stream invertebrates remain to be studied. I 

assessed the benthic invertebrate community and physicochemistry at 43 stream sites along 

gradients of farming intensity (0 – 95% of the catchment in intensively managed grassland) and 

water abstraction (0 – 92% streamflow reduction). Using general linear models and an 

information-theoretic approach, I studied individual and combined effects of agricultural 

stressors on invertebrate traits and community composition. Traits often followed predictable 

patterns along stressor gradients, and non-additive interactions between paired stressors were 

common. Farming intensity was more frequently related to life history, resistance and resilience 

traits, whereas water abstraction was correlated more often with general biological traits such 

as feeding habits, dietary preference and respiration. Further, traits and traditional measures of 

community structure, such as taxon relative abundances and community indices, offered a 

similar level of distinction along the gradients of stressor intensities. My findings indicate that 

invertebrate traits can differentiate the effects of multiple stressors and provide insights into 

potential mechanisms. At the landscape scale, farming intensity exerted stronger effects via 

invertebrate habitat quality and water abstraction via food availability. At the reach scale, both 

fine sediment and nutrients affected habitat quality whereas nutrients showed more marked 

effects via food availability. Finally, I propose a suite of traits that may provide the strongest 

differentiation of stressor intensities. 

3.2 Introduction 

Most ecosystems are exposed to multiple anthropogenic stressors (Allan, 2004; Townsend et 

al., 2008; Heathwaite, 2010) that may interact additively or non-additively (Folt et al., 1999). 

Ecologists have begun using biological traits to disentangle the effects of multiple stressors on 

stream ecosystem function, studying, for example, the combined effects of cargo ship traffic 

and heavy metals (Dolédec & Statzner, 2008), fine sediment inputs and nutrient enrichment or 

pesticide addition (Townsend et al., 2008; Wagenhoff et al., 2011; Wagenhoff et al., 2012b; 

Magbanua et al., 2013b) and climate change and salinity (Statzner & Bêche, 2010). The 

advantages of using biological traits as indirect functional indicators over structural indices 

(both based on community composition datasets) include the greater consistency of trait 
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responses across temporal and spatial scales (Poff, 1997; Bêche et al., 2006; Menezes et al., 

2010) and the insights provided into the mechanisms underlying stressor effects (Townsend & 

Hildrew, 1994; Menezes et al., 2010; Statzner & Bêche, 2010). 

Agriculture, as the single largest user of freshwater worldwide, is a major cause of freshwater 

quality decline and habitat deterioration (Allan, 2004; Dudgeon et al., 2006). At the landscape 

scale, water abstraction for irrigation is another important stressor of stream ecosystems, 

especially in drier parts of the world (Leprieur et al., 2006; Dewson et al., 2007b; Larned et al., 

2010). Water abstraction can increase the frequency and duration of stable low flows, enhance 

the effects of natural droughts and generate artificial droughts (Finn, Boulton & Chessman, 

2009; Brooks, Chessman & Haeusler, 2011). Shifts in the distribution of biological traits have 

been related to farming intensity (e.g. see Richards et al., 1997; Dolédec et al., 2006; Mellado-

Díaz, Suárez Alonso & Vidal-Abarca Gutiérrez, 2008) but the effects of water abstraction on 

trait composition have been studied much less often (Brooks et al., 2011) than the effects of 

natural flow variations and droughts (Williams, 1996; Bêche et al., 2006; Bêche & Resh, 2007; 

Bonada, Rieradevall & Prat, 2007). Due to global climate change, both the number of temporary 

rivers and the severity of flow intermittence are expected to increase (Larned et al., 2010), and 

there is an urgent need for further studies of the consequences of water abstraction for 

ecosystem functioning.  

Agricultural development can cause a number of stressors to come into play at the stream reach 

scale, including augmentation of nutrients in the water and fine sediment on the stream bed and, 

because of changes to riparian vegetation, increases to temperature and light reaching the bed 

(Allan, 2004). Water abstraction, on the other hand, reduces discharge and current velocities 

downstream from water takes. These changes to the hydrological regime can be expected to 

further enhance the accumulation of fine sediments, and to change temperature regimes and the 

rate of processing of organic matter (Dewson et al., 2007b; Feld, de Bello & Dolédec, 2014). 

The range of consequences for stream environments makes it difficult to tease apart the 

individual and combined effects of agricultural development and water abstraction on habitat 

and food availability for stream invertebrates (see e.g. Bunn & Arthington, 2002; Burdon et al., 

2013). However, we may be able to gain an understanding of the relative effects and the 

mechanisms by which agricultural land use and flow reduction act on invertebrates by studying 

their biological traits. 

Effects of stream flow reduction on trait composition and functional diversity of invertebrate 

communities have been most frequently assessed using functional feeding groups, with an 
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increase in the prevalence of collector-gatherers and predators and a decrease in shredders, 

filter-feeders and scrapers (Williams, 1996; Bêche et al., 2006; Statzner & Bêche, 2010). 

Increased agricultural land use, on the other hand, has shown less consistent effects on 

functional feeding groups (Statzner & Bêche, 2010) than on life-history traits (Richards et al., 

1997; Vandewalle et al., 2010; Dolédec, Phillips & Townsend, 2011), suggesting that the 

effects of agriculture on stream habitat quality are more pronounced than any effects on organic 

matter dynamics. 

Here I study the individual and combined effects of water abstraction and farming intensity, as 

well as related physicochemical variables, on stream invertebrate biological traits and 

community composition. I sampled stream sites in a single catchment along pre-defined 

gradients of farming intensity (% of the upstream catchment in intensively managed pasture) 

and water abstraction (% stream flow reduction). In particular, I wished to determine (i) which 

biological traits may be suitable for disentangling effects of multiple stressors (by identifying 

traits that show a relationship to only one of the stressors), (ii) whether these traits provide 

insights into the mechanisms driving invertebrate distributions along gradients of single or 

multiple stressors, and (iii) how indirect functional measures (traits) and structural measures 

(community metrics) compare in their ability to differentiate between multiple-stressor effects. 

Further, I tested hypotheses regarding invertebrate trait distributions: (iv) farming intensity and 

related in-stream stressors will have stronger effects on life-history traits than on functional 

feeding groups due to reduced habitat availability, and (v) the effect of water abstraction on 

organic matter dynamics will be reflected by a predominance of changes to functional feeding 

traits; thus, water abstraction is expected to lead to an increase of collector-gatherers and 

predators and a decrease in shredders, filter-feeders and scrapers. 

3.3 Methods 

3.3.1 Study sites 

The Manuherikia River catchment in Central Otago is among the driest in New Zealand. The 

original vegetation cover was mainly native tussock grasslands (Kienzle & Schmidt, 2008), but 

since the arrival of humans large areas have been converted to pasture for low-intensity and 

high-intensity sheep/beef farming (Chapter 2). My 43 study sites (Figure 3.1) included 3rd, 4th 

and 5th order streams selected to provide wide gradients of both % farming intensity and 

% water abstraction that include sites of high water abstraction in areas of low farming intensity 

and vice versa. My measure of farming intensity was the percentage of each sub-catchment 
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covered in ‘intensively managed high-producing exotic grassland’ because it can be assumed 

that this land use would exert the strongest effects on stream ecosystems. Because data on the 

amount of water diverted from each stream site were not available, I used modelled streamflows 

for the Manuherikia catchment under two different land-use scenarios to estimate water 

abstraction intensity at each site (Chapter 2). These streamflows were simulated by Kienzle & 

Schmidt (2008) using the ACRU model (Agricultural Catchments Research Unit; University of 

Natal, South Africa). For each sub-catchment, % water abstraction was calculated as the 

percentage of streamflow reduction from the Dryland Scenario (no water abstracted) to the 

Current Scenario. In the studied sub-catchments, farming intensity ranged from 0 to 95% and 

water abstraction from 0 to 92% (Table 3.1). Water for irrigation is transported in water races 

and distributed to other parts of the catchment; hence my strategic selection of sites along the 

two land-use gradients meant that % farming intensity and % water abstraction were virtually 

uncorrelated (R2 = 0.005, Figure 3.2). I expected invertebrate distribution patterns to respond 

most markedly to water abstraction towards the end of the irrigation season, which starts on 1 

October and ends on 30 April each year. Each site was visited once in early autumn, between 

21 March and 4 April 2011, to collect in-stream physicochemical data and invertebrate samples. 
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Figure 3.1 Locations of the 43 study sites in the Manuherikia River catchment. Darker shading denotes 

higher altitude and only streams of third order or higher are shown. 

 

Figure 3.2 Distribution of the 43 stream study sites along the gradients of farming intensity and water 

abstraction (only 36 study sites were included in Chapter 2). 
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Table 3.1 Summary statistics (mean, standard deviation, minimum and maximum) for 

landscape-scale and in-stream predictor variables, relative abundances of the 13 most common 

taxa and community composition indices at the 43 study sites. 

Variable Mean SD Min Max 

Landscape-scale variables     

   % Farming intensity 26 26 0 92 

   % Water abstraction 56 27 0 92 

In-stream variables     

   Dissolved reactive phosphorus (µg L-1) 22 34 1 196 

   Total phosphorus (µg L-1) 57 71 1 404 

   Nitrate (µg L-1) 18 43 1 237 

   Ammonium (µg L-1) 20 28 4 189 

   Total nitrogen (µg L-1) 470 383 46 1620 

   Riffle fine sediment cover (%) 67 43 0 100 

   Riffle fine sediment depth (mm) 93 121 0 470 

   Riffle suspendable inorganic sediment (g m-2) 4023 4217 46 14511 

   Pool fine sediment cover (%) 77 37 0 100 

   Pool fine sediment depth (mm) 104 139 0 570 

   Pool suspendable inorganic sediment (g m-2) 6831 8347 95 31121 

   Discharge (m3 s-1) (1 run per site) 0.25 0.5 0 2.6 

   Discharge/catchment area (m3 s-1 km-2) 0.01 0.01 0 0.05 

   Current velocity (m s-1) (1 run per site) 0.5 0.3 0 1.5 

Taxa relative abundances      

   Oligochaeta 14.3  0.0 58.7 

   Ostracods 7.8  0.0 59.2 

   Nematoda 6.0  0.0 51.6 

   Potamopyrgus antipodarum 22.5  0.0 87.0 

   Orthocladiinae 2.6  0.0 26.4 

   Physella spp. 1.7  0.0 23.6 

   Austrosimulium sp. 3.1  0.0 59.4 

   Oxyethira albiceps 2.1  0.0 39.4 

   Sphaerium novaezelandiae 0.4  0.0 5.2 

   Copepods 3.5  0.0 44.6 

   Gyraulus corinna 2.1  0.0 22.2 

   Corynoneura scutellata 3.3  0.0 57.5 

   Deleatidium spp. 1.5  0.0 14.7 

Community composition indices     

   Rarefied taxon richness 13.3  6.6 22.1 

   Community evenness 0.3  0.1 0.6 

   Simpson’s Diversity 0.3  0.1 0.8 

   Functional Diversity 0.03  0.01 0.05 

   EPT taxon richness 2.9  0.0 12.0 
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Variable Mean SD Min Max 

   Percent EPT 17.0  0.0 83.2 

   Macroinvertebrate Community Index 82.3  62.2 124.4 

 

3.3.2 Field sampling 

A short distance upstream of each riffle/pool unit sampled for invertebrates (see below), 

concentrations of dissolved (nitrate, ammonium, dissolved reactive phosphorus) and total 

nutrients (total nitrogen, total phosphorus) were determined from three filtered (Schleicher & 

Schuell MicroScience, Dassel, Germany, GC filters) and three unfiltered water samples using 

standard methods (APHA, 1998). Samples were stored on ice in the dark in the field and frozen 

at -20°C upon arrival in the laboratory. 

The amounts of deposited fine sediment (particles ≤ 2 mm) in riffle and pool habitats at each 

site were determined using three standard methods (see Chapter 2 for details) after Clapcott et 

al. (2011). First, I estimated the percentage of bed surface covered by fine sediment using a 

viewing box (area 12 × 12 cm) from ten random locations within each habitat. Second, sediment 

depth was measured by pushing a metal ruler into the sediment until underlying coarser material 

was reached. Third, the amount of suspendable inorganic sediment (SIS) was determined using 

the ‘Quorer’ technique, which allowed me to quantify the amount of fine sediment in the top 

layers of the streambed. SIS was measured at five random locations in riffles and three in pools 

by pushing a Quorer, a sturdy plastic cylinder (diameter 24 cm, height 70 cm), into the sediment 

and stirring the top 5 cm of the bed in the cylinder for 30 s, and taking a 120-ml sample of the 

slurry. To correct for background turbidity, one unfiltered 120-ml water sample was taken 

upstream of each site. In the laboratory, sediment samples were measured volumetrically, 

filtered, incinerated at 550°C and weighed to determine the amount of SIS per m2 (averaged for 

each habitat and site).  

Discharge at each site was estimated by measuring water depth, stream width and velocity (at 

0.4× depth from the bed, in 1-m equidistant intervals for streams wider than 1m) using an 

electromagnetic flow meter (Marsh-McBirney Model 2000, Frederick, Maryland) in a smooth 

run with little heterogeneity of depth and velocity. I then calculated the ratio of discharge to 

catchment area to standardize for catchment size (Chapter 2).  

Semi-quantitative invertebrate samples were taken from one riffle and one pool habitat at each 

site with a 500µm kick-net following standard methods described by Stark et al. (2001). For 

each meso-habitat sample, the streambed was disturbed at 10 locations for 30 seconds. Pooled 
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invertebrates samples were preserved in 70% ethanol. I determined relative abundances of 

common taxa, community composition indices and the relative representations of biological 

traits (following Dolédec et al., 2011) from 300 fixed counts per sample. Invertebrates were 

identified to the lowest practical taxonomic level (usually genus, except for Diptera, Coleoptera 

and Crustacea, which were identified to family or class) using Winterbourn, Gregson & Dolphin 

(2006) and counted under a stereo microscope (Olympus SZ51, Olympus, Tokyo, Japan). 

3.3.3 Invertebrate response variables 

Community composition. For each sample, I determined the following community composition 

indices: rarefied species richness (minimum count 185 individuals per sample, R package 

vegan), Simpson’s diversity, community evenness (based on Simpson’s diversity), EPT taxon 

richness (taxa of the orders Ephemeroptera, Plecoptera and Trichoptera), % EPT (relative 

abundance of EPT taxa), and the Macroinvertebrate Community Index (MCI, a New-Zealand-

specific index that weights taxa according to their sensitivity to organic pollution, Stark, 1985). 

Biological traits and functional diversity. The trait information for 15 traits with 52 categories 

for invertebrate life-history (7 traits for body size, reproduction and development), resistance 

and resilience (5 traits for morphology, locomotion and dissemination) and general biology (3 

traits for feeding and respiration) was obtained from the New Zealand Macroinvertebrate Trait 

Database (NIWA, 2012). This database is based on genus or higher-level identifications (Table 

3.2). The affiliation of a given taxon to more than one trait category within a given trait, denoted 

as affinity scores, was treated as a frequency function and standardized to 1. The functional 

composition of the community at each site was expressed as trait relative abundance, calculated 

by multiplying the relative scores for each trait with the relative abundances of the taxa 

expressing the trait (Dolédec et al., 2011). The community index Rao’s Q for functional 

diversity was then calculated using the R package FD. 

3.3.4 Data analysis 

I investigated how the relative abundance of common taxa, community metrics and biological 

traits were related to my landscape and in-stream predictor variables. First, I considered the 

relationships between invertebrate response variables and the landscape variables farming 

intensity and water abstraction. Second, I examined the relationships between these landscape 

variables and various in-stream physicochemical variables (Table 3.1). Third, I used the in-

stream variables most strongly related to the landscape variables to determine the best models 
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describing the relationships between invertebrate response variables and in-stream 

physicochemistry. 

I used general linear models and an information-theoretic model-selection approach after 

Johnson & Omland (2004) and Wagenhoff et al. (2011). All analyses were done on transformed 

response variables (for the specific transformation applied to each response variable see Table 

3.4, Table 3.7 and Table 3.8) and computed in R (version 3.0, R Development Core Team, 

2014) (for details see Chapter 2). For the landscape-scale analysis in step 1, I considered the 

global model (intercept plus five predictor terms: the first-order terms farming intensity (FI) 

and water abstraction (WA), habitat (riffle/pool, the only categorical variable), the second-order 

term FI×FI to describe curvilinear relationships, and the interaction FI×WA), nested versions 

of the global model with one or more predictor terms removed, and the null model (intercept 

only) (resulting in 16 competing models). If the second-order term for FI×FI was retained, the 

resulting curvilinear relationship was classified as unimodal where a negative coefficient was 

retained. The second-order term WA×WA was not included in the global model because I had 

no specific hypotheses for this predictor. In step 2, I considered eight competing hypotheses 

(same model as above but without habitat and FI×FI as a predictor variables) to explore 

relationships between in-stream physicochemical and landscape variables. For the in-stream 

scale analysis in step 3, I considered models with a maximum of six predictors: the first-order 

terms nutrients (NUT) and sediment (SED), which were the two physicochemical variables 

with the strongest relationships to FI and WA in step 2 (see Results), as well as habitat 

(riffle/pool), the second-order terms NUT×NUT and SED×SED, and the interaction 

NUT×SED.  

The top model set was obtained by selecting all models within AICc ≤ 2 (Akaike Information 

Criterion for small sample sizes) of the best model and applying the ‘nesting rule’ where the 

selected models cannot be more complex than the highest ranked model (Richards et al., 2011). 

If more than one top model was chosen, model averaging produced one final model for each 

response variable, with partial standardized regression estimates and their 95% confidence 

intervals (CIs) calculated as weighted averages using the ‘zero-method’ after Burnham & 

Anderson (2002). Standardized partial regression coefficients can be interpreted as effect size 

measures (categories: weak > 0.1, moderate > 0.3, strong > 0.5) and their 95%CIs as measures 

of precision and uncertainty (Nakagawa & Cuthill, 2007). I only considered effect sizes ≥ 0.1 

to be biologically relevant but terms with coefficients of < 0.1 were retained in cases where the 

interaction term was included in the final model. For comparison of stressor strengths, I 

calculated overall and group-specific (community metrics, common taxa, biological traits) 



CHAPTER 3 Stream Invertebrates     42 

variance-weighted effect sizes for landscape and in-stream predictors from the absolute values 

of the effect sizes and their variance retained in the final models using linear random-effects 

models with ‘group’ as random factor (Pinheiro et al., 2014). 

3.4 Results 

3.4.1 Common invertebrate taxa 

Of the 108 invertebrate taxa identified (Table A. 1), thirteen common and widespread taxa each 

accounted for at least 1% of the total invertebrate count and occurred at more than half the sites: 

Potamopyrgus antipodarum (21.1% of the total count, 38 sites), Oligochaeta (14.7%, 42), 

Ostracoda (10.1%, 40), Deleatidium spp. (9.9%, 18), Nematoda (6.7%, 39), Copepoda (3.3%, 

32), Sphaerium novaezelandiae (3.2%, 34), Gyraulus corinna (2.9%, 23), Austrosimulium spp. 

(2.6%, 39), Orthocladiinae (2.3%, 37), Corynoneura scutellata (1.9%, 29), Oxyethira albiceps 

(1.8%, 39) and Physella spp. (1.8%, 37). Together these taxa comprised 82.3% of all 

invertebrates counted.  

3.4.2 Relationships with landscape variables 

Twenty-seven variables (out of 69 response variables in total) showed an overall negative 

relationship with increasing farming intensity and 21 an overall positive relationship (these 

overall patterns include linear and curvilinear relationships for which the absolute effect size 

for the first-order predictor term was > 0.1). The curvilinear relationships (cases where the 

quadratic term was retained in the final model) comprised 19 unimodal (negative quadratic 

predictor terms) patterns (Table 3.2 and Table 3.3). Table 3.2 and Table 3.3 are simplifications 

of Table 3.7 and Table 3.8 (at end of Results section) which present the standardized effects 

sizes and their 95% CIs for all final models, organized into single stressor, simple multiple-

stressor (i.e. additive) and complex multiple-stressor response (i.e. non-additive) patterns. With 

increasing water abstraction, 11 variables showed an overall negative and 14 an overall positive 

relationship. Different combinations of relationship shapes with farming intensity and water 

abstraction were manifold (Figure 3.3). Overall, relationships of 29 variables were best 

modelled by either farming intensity or abstraction (single-stressor patterns), with 19 only 

including farming intensity and 10 only abstraction. Thirty-two variables were best modelled 

with both farming intensity and abstraction, of which three models did not include an interaction 

term (additive multiple-stressor patterns) and 29 included an interaction term (non-additive 

multiple-stressor patterns). The factor ‘habitat’ (riffle/pool) was retained (weak effect sizes, 
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range 0.16 – 0.17) for only three variables (Austrosimulium, swimmers and invertebrates 

attached to a surface; Table 3.7). 
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Table 3.2 Overview of the relationships of the 15 biological traits and their 52 trait categories 

with % farming intensity (FI) and % water abstraction (WA) and fine sediment (SED) and total 

nitrogen (NUT). I characterized the relationships of FI, WA, SED and NUT with the biological 

traits as overall positive (↑, with dark shading), negative (↓, light shading) and/or unimodal (∩, 

where a negative quadratic term was retained in the final model) response patterns. In cases 

where effect sizes were < 0.1 I considered the relationship to be not biologically relevant (◦). 

Trait categories that showed single-stressor responses are indicated with an asterisk. Finally, in 

cases where the interaction term was retained, I defined the combined effect as synergism (syn) 

or antagonism (ant). See Table 3.7 and Table 3.8 for partial standardized regression coefficients, 

their 95% CIs and the R2 values of the final models. 

Biological traits Trait categories Abbreviations 
 

Landscape scale  In-stream scale 

 

 
 

 
 

FI WA FI 

×WA 

 SED NUT SED 

×NUT 

Life-history 

Maximum 

potential size 

(mm) 

≤5 Size1      ↑ ↑ syn 

>5-10 Size2 * ↓    ↓ ↓ ant 

>10-20 Size3 * ↑∩    ↑ ◦∩  

>20-40 Size4 * ↑∩     ↓ ↑ ant 

Max. number of 

reproductive 

cycles per year 

Semivoltine Vsemi  ↑∩ ↓∩ ant  ↑ ↓∩  

Univoltine Vuni *  ↑  * ◦∩   

Plurivoltine Vpluri * ↓∩   * ↓   

Number of 

reproductive 

cycles per 

individual 

1 CPI1  ↓ ◦ ant  ↓ ↓  

>2 CPI2   

↑∩ ◦ ant   ↑ ↑∩  

Life duration of 

adults (days) 

>1-10 LDA2  ↓ ◦ ant  ↓∩ ↓  

>10-30 LDA3  ↓ ◦ ant  ↓ ↑  

>30-365 LDA4  ↑∩ ◦ ant  ↑ ↑∩  

>365 LDA5 *  ↑  * ↑∩   

Reproductive 

technique 

Asexual RepTasex  ↑∩ ◦ ant  ↑ ↑∩  

Hermaphrodism RepTherm  ↑ ↑ ant  ↑ ↑∩  

Sexual RepTsex   ↓ ↓ ant   ↓ ↓  

Oviposition site Water surface OVIsuface * ↓    ↓ ↓  

Beneath surface OVIsubmerg  ↑∩ ◦ ant  ↑ ↑∩  

Terrestrial OVIterr  ↓ ◦ ant  ↓∩ ↑  

Eggs endophytic OVIendophytic           

Egg/egg mass Free EGGfree * ↓    ↓ ↓  

Cemented EGGcement * ↓   * ↓   

Bears eggs EGGprotect * ↑     ↑ ↑∩  

Resistance and resilience 

Dissemination 

potential 

Low (10 m) DISSlow  ↑∩ ◦ ant  ↑ ↑∩  

Medium (1 km) DISSmedium  ↓ ◦ ant     

High (>1km) DISShigh * ↓     ↓ ↓  

Locomotion 

and relation to 

substrate 

Swimmers LOCOswimmer      ↓ ↑ syn 

Crawlers LOCOcrawler  ◦∩ ↓  *  ↓  

Burrowers LOCOburrow  ↑ ↑  * ↑   

Attached LOCOattached * ↓     ↓ ↓  

Body flexibility None (<10°) FLEXno  ↑∩ ↓ ant  ↑ ◦∩  
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Biological traits Trait categories Abbreviations 
 

Landscape scale  In-stream scale 

 

 
 

 
 

FI WA FI 

×WA 

 SED NUT SED 

×NUT 

Low (>10-45°) FLEXlow  ↓ ↓ ant  ↓ ◦  

High (>45°) FLEXhigh * ↓   * ↓   

Body form Streamlined BODYstreamlined         

Flattened BODYflattened * ↓    ↓ ↓ ant 

Cylindrical BODYcylindrical  ◦∩ ↑   ↑ ↑ ant 

Spherical BODYspherical   ↑ ↑ ant   ↑ ↑∩  

Aquatic stages Adult, larva AQUAaduandlar  ↑∩ ◦ ant  ↑ ↑∩  

Adult or larva AQUAaduorlar * ↓    ↓ ↓  

Larva, pupa AQUAlarandpup   ↓ ◦ ant   ↓ ↑ syn 

General biology 

Feeding habits Shredders FEEDshredder  ↓ ◦ ant  ↓∩ ↓  

Scrapers FEEDscraper *  ↓  *  ↓  

Deposit-feeders FEEDdeposit *  ↑  *  ↑  

Filter-feeders FEEDfilter  ↑ ↑ ant  ↑ ↑  

Predator FEEDpredator *  ↑  *  ↑  

Dietary 

preferences 

Strong  DIETspecialist     * ◦∩   

Moderate DIETmoderate *  ↑      

Weak  DIETgeneralist           

Respiration Tegument RESPIRtegument *  ↑   ↓∩ ↑  

Gills RESPIRgills *  ↓   ↑ ↓  

Plastron RESPIRplastron * ◦∩       

Atmospheric O2 RESPIRaerial   ↑ ↓ syn *  ↓  

 

Table 3.3 Overview of the relationships of the structural indicators (taxon relative abundance 

and community indices) with farming Intensity (FI) and water abstraction (WA) and fine 

sediment (SED) and total nitrogen (NUT). For details see Table 3.2. 

Invertebrate variable  Landscape scale  In-stream scale 

  FI WA FI×WA  SED NUT SED×NUT 

Taxon relative abundances 
    Potamopyrgus spp.  ↑∩ ↓ ant  ↑ ◦  

    Oligochaeta  *  ↑  * ↑   

    Ostracoda  ◦ ◦ ant *  ↑  

    Deleatidium spp. * ↓    ↓ ↓  

    Nematoda * ↑∩    ↑ ↑ ant 

    Copepoda * ↑∩    ↓ ↑  

    Sphaerium spp.  ↑ ◦ ant  ↑ ∩ syn 

    Gyraulus spp. * ↑∩   *  ↑  

    Orthocladiinae  ↓ ◦ ant  ↓ ↓ syn 

    Corynoneura spp. *  ↑   ↓ ↑ ant 

    Physella spp.  ↑∩ ↑ ant *  ↑  

Community indices 
    Taxon richness  ↓ ◦ ant  ↓ ↓ syn 

    Evenness     * ↑   

    Functional diversity * ↓   * ↓   

    EPT richness  ↓ ↓ ant  ↓ ↓  

    % EPT * ↓    ↓ ↓ ant 

    MCI  ↓ ↓ ant  ↓ ↓  
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Figure 3.3 Examples of the relationships between the relative abundances of (a) individuals in four trait 

categories, (b) three common taxa, (c) two community indices and the landscape-scale variables. The 

final models are shown with three-dimensional response surfaces (categories shown had the highest R2 

values within groups of stressor response types, plotted with non-centred and non-scaled values for ease 

of comprehension). 

I identified 22 trait categories (out of 52) that were best modelled with either farming intensity 

or water abstraction (Figure 3.4). Among these, most trait categories were best modelled by 

farming intensity (14 of the 22). Farming was more frequently related to life-history, resilience 

or resistance traits (e.g. life duration of adults, asexual reproduction, oviposition site). Water 

abstraction, on the other hand, was related more often to general biological traits (feeding 

habits, respiration and dietary preference). 
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Figure 3.4 Proportions of the fitted single-stressor, additive and non-additive multiple stressor models 

for the 52 trait categories with (a) landscape-scale and (b) in-stream variables (farming intensity, FI; 

water abstraction; WA; fine sediment, SED; nutrients, NUT) and proportions of traits for which no 

model was fitted. 

3.4.3 Relationships between landscape and in-stream variables 

In-stream characteristics of the 43 sites covered broad gradients of nutrient concentrations, 

deposited fine sediment levels and stream flows (Table 3.1). All three sediment variables and 

four of five nutrient variables (nitrate being the exception) were positively related to farming 

intensity (Table 3.4). Of the three flow variables, current velocity and discharge showed weak 

or moderate negative relationships with farming intensity. Total phosphorus was weakly 

positively related to water abstraction, whereas discharge and discharge corrected for catchment 

size were weakly negatively related to abstraction. Ammonium was the only in-stream variable 

showing a complex relationship with the landscape variables (R2 = 0.16). This weak interaction 

was due to an overall positive relationship with farming intensity coupled with a positive 

relationship with abstraction that existed only at low farming intensity (Table 3.4).  
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Table 3.4 Effect sizes and R2-values for the best models describing the relationships between 

in-stream predictor variables and the landscape-scale variables farming intensity (FI) and water 

abstraction (WA). For abbreviations of variable names see Table 2.1 

In-stream variables Trans- Landscape  Standardized effect sizes R2 

 formations variables FI WA FI×WA  

DRP (µg L-1) log(x) FI 0.27   0.08 

TP (µg L-1) log(x+1) FI + WA 0.46 0.15  0.27 

NO3 (µg L-1) log(x) ns     

NH4 (µg L-1) log(x) FI + WA + FIxWA 0.26 0.00 -0.44 0.16 

TN (µg L-1) log(x) FI 0.62   0.38 

FS cover (%) square-root FI 0.31   0.10 

FS depth (mm ) log(x+1) FI 0.46   0.21 

SIS (mg m-2) log(x) FI 0.46   0.21 

Discharge (m3 s-1) log(x+1) FI + WA -0.35 -0.18  0.18 

Discharge/area (m3 s-1 km-2) log(x+1) WA  -0.19  0.04 

Max. current velocity (m s-1) square-root FI -0.25   0.07 

 

Fine sediment depth and suspendable inorganic sediment were similarly closely related to 

farming intensity (identical effect sizes in Table 3.4). However, the data for suspendable 

inorganic sediment followed a normal distribution and so I chose this variable over sediment 

depth. Also based on effect sizes, total nitrogen was the nutrient variable most closely related 

to farming intensity. Consequently, these two variables were selected as potential in-stream 

predictors for invertebrate response variables below. The two variables were correlated (R2 = 

0.35) but this correlation is much weaker than the widely used threshold of 0.9 denoting 

collinearity problems (Quinn & Keough, 2002); thus, both were included in the global models 

for in-stream variables. 

3.4.4 Relationships with in-stream variables 

Thirty variables showed an overall negative relationship with increasing fine sediment levels 

and 23 an overall positive relationship. Of the curvilinear relationships, eight showed a 

unimodal pattern (Table 3.2 and Table 3.3). With increasing total nitrogen concentrations, 22 

variables showed an overall negative, 26 an overall positive and 15 a unimodal relationship.  

As for the landscape-scale predictors, different combinations of relationship patterns with fine 

sediment and total nitrogen were manifold (Figure 3.5). Overall, 18 models described single-

stressor patterns, with 10 only including sediment and eight only nitrogen. Thirty-one final 

models described additive and 13 non-additive multiple-stressor patterns. The factor habitat 
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(riffle/pool) was retained for 13 variables (Austrosimulium, Copepods, Orthocladiinae, 

Corynoneura, three body size metrics, plurivoltine, shredders, swimmers, invertebrates with 

low body flexibility, flattened and cylindrical body shapes), but only with weak effect sizes 

(range 0.15 to 0.24, Table 3.8). Overall, I identified 12 trait categories (out of 52) that were best 

modelled with either fine sediment or nutrients (Table 3.2). 

 

Figure 3.5 Examples of the relationships between the relative abundances of (a) individuals in four trait 

categories, (b) four common taxa, (c) three community indices and the in-stream variables. For more 

details see Figure 3.3. 

3.4.5 Comparison of stressor importance 

At the landscape scale, the overall effect of farming intensity (based on mean effect sizes for 

the linear term, which are available for all predictors at both spatial scales; Table 3.5) was more 

than three times as strong (0.47) as the overall effect of water abstraction (0.14). Effect sizes 

for farming intensity and water abstraction were similar across the three response variable types. 

At the in-stream scale, mean effect sizes of the two predictor variables were similar (0.35 for 

sediment and 0.34 for total nitrogen; Table 3.6). Both values were smaller than the effect size 

for farming intensity at the landscape scale. Sediment effect sizes were comparable across 
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response variable types, while the effect of nitrogen was stronger for common taxa and 

community indices than for taxa or traits. 

Table 3.5 Mean absolute effect sizes for the predictors retained in the final models for the 

landscape variables (farming intensity, FI; water abstraction, WA). 

Response variables FI FI×FI WA FI×WA 

All 0.47 0.56 0.14 0.52 

Community metrics 0.59 0.55 0.10 0.41 

Taxa 0.40 0.54 0.17 0.55 

Biological traits 0.47 0.57 0.14 0.54 

Table 3.6 Mean absolute effect sizes for the predictors retained in the final models for the in-

stream variables (fine sediment, SED; nutrients, NUT). 

Response variables SED SED×SED NUT NUT×NUT SED×NUT 

All 0.35 0.32 0.34 0.47 0.73 

Community indices 0.34 0.29 0.39 0.37 0.73 

Taxa 0.35 0.35 0.34 0.56 0.73 

Biological traits 0.37 0.29 0.29 0.50 0.73 

 



 

Table 3.7 Regression estimates (effect sizes), 95% CIs and R2 values of the final models for the relationships between invertebrate response 

variables and landscape predictor variables. Hab = habitat (riffle/pool), FI = farming intensity, WA = water abstraction, FI×FI = second-order 

polynomial terms and FI×WA = interaction terms. 

Response Hab  FI  FI×FI  WA  FI×WA  R2 

Taxon relative abundances 

  Austrosimulium (log(x+1)) 0.17 (-0.04, 0.39)         0.03 

Single-stressor models 

 Deleatidium (log(x+1))   -0.79 (-1.02, -0.56) 0.56 (0.22, 0.90)     0.38 

 Nematoda (log(x+1))   0.38 (0.07, 0.70) -0.41 (-0.81, -0.01)     0.10 

 Copepods (log(x+1))   0.44 (0.16, 0.72) -0.60 (-1.00, -0.20)     0.12 

 Gyraulus (log(x+1))   0.27 (-0.01, 0.55) -0.64 (-1.04, -0.23)     0.10 

 Oligochaeta (sqrt)       0.26 (0.05, 0.47)   0.07 

  Corynoneura (log(x+1))       0.33 (0.12, 0.53)   0.11 

Non-additive multiple-stressor models 

 Potamopyrgus (log(x+1))   0.51 (0.20, 0.80) -0.60 (-1.05, 0.17) -0.18 (-0.41, 0.04) -0.53 (-0.94, -0.12) 0.19 

 Ostracods (sqrt)   -0.03 (-0.25, 0.18)   0.09 (-0.12, 0.3) -0.71 (-1.13, -0.30) 0.14 

 Physella (log(x+1))   0.29 (-0.01, 0.58) -0.66 (-1.09, -0.23) 0.20 (-0.01, 0.43) -0.36 (-0.76, 0.03) 0.24 

 Sphaerium (log(x+1))   0.27 (0.05, 0.48)   -0.06 (-0.27, 0.14) -0.48 (-0.89, -0.06) 0.15 

  Orthocladiinae (log(x+1))   -0.54 (-0.83, -0.25) 0.43 (0.02, 0.84) -0.04 (-0.27, 0.18) 0.41 (0.01, 0.81) 0.23 

Community indices 

Single-stressor models 

 % EPT   -0.82 (-1.06, -0.59) 0.63 (0.29, 0.97)     0.38 

  Functional diversity   -0.28 (-0.49, -0.07)       0.08 

Non-additive multiple-stressor models 

 Taxon richness   -0.32 (-0.54, -0.11)   -0.08 (-0.28, 0.12) 0.44 (0.04, 0.84) 0.20 

 EPT richness   -0.65 (-0.91, -0.40) 0.47 (0.09, 0.84) -0.15 (-0.34, 0.05) 0.43 (0.12, 0.81) 0.42 

  MCI (log)     -0.74 (-1.00, -0.48) 0.54 (0.17, 0.91) -0.10 (-0.29, 0.09) 0.35 (0.00, 0.70) 0.41 

Biological traits (%) 

  LOCOswimmer (log(x+1)) -0.16 (-0.37, 0.05)                 0.03 

Single-stressor models 

 Size2   -0.83 (-1.10, -0.60) 0.89 (0.55, 1.23)     0.38 

 Size3   0.61 (0.34, 0.87) -0.72 (-1.10, -0.33)     0.21 

 Size4 (sqrt)   0.45 (0.17, 0.72) -0.96 (-0.97, -0.16)     0.12 

 Vpluri   -0.49 (-0.77, -0.22) 0.40 (0.01, 0.80)     0.14 



 

Response Hab  FI  FI×FI  WA  FI×WA  R2 

 

OVIsurface (log(x+1))   -0.76 (-1.00, -0.52) 0.44 (0.10, 0.78)     0.35 

 EGGfree   -0.66 (-0.91, -0.40) 0.41 (0.04, 0.78)     0.26 

 EGGcement   -0.26 (-0.47, -0.05)       0.07 

 EGGprotect   0.61 (0.36, 0.87) -0.30 (-0.67, 0.07)     0.25 

 DISShigh (log(x+1))   -0.69 (-0.94, -0.44) 0.43 (0.07, 0.79)     0.32 

 FLEXhigh   -0.24 (-0.45, -0.03)       0.06 

 BODYflattened (log(x+1))   -0.71 (-0.96, -0.45) 0.78 (0.41, 1.14)     0.27 

 RESPIRplastron (log(x+1))   -0.05 (-0.32, 0.22) -0.50 (-0.90, -0.11)     0.15 

 AQUAaduorlar (log(x+1))   -0.80 (-1.04, -0.57) 0.60 (0.25, 0.93)     0.37 

 LOCOattached (log(x+1)) 0.16 (-0.04, 0.37) -0.22 (-0.43, -0.01       0.07 

 Vuni       0.17 (-0.05, 0.38)   0.03 

 LDA5       0.23 (0.02, 0.44)   0.05 

 FEEDscraper       -0.18 (-0.39, 0.03)   0.03 

 FEEDdeposit       0.21 (0.00, 0.43)   0.05 

 FEEDpredator       0.26 (0.06, 0.47)   0.07 

 DIETmoderate       0.20 (-0.01, 0.41)   0.04 

 RESPIRtegument       0.17 (-0.04, 0.38)   0.03 

  RESPIRgills             -0.19 (-0.40, 0.02)     0.04 

Additive multiple-stressor models 

 LOCOcrawler   0.21 (-0.08, 0.49) -0.91 (-1.33, -0.50) -0.29 (-0.51, -0.08)   0.25 

 LOCOburrowing (log(x+1))   0.13 (-0.18, 0.45) 0.34 (-0.11, 0.79) 0.26 (0.02, 0.49)   0.11 

  BODYcylindrical     0.68 (0.40, 0.97) -0.98 (-1.40, -0.57) -0.17 (-0.38, 0.04)     0.28 

Non-additive multiple-stressor models 

 Vsemi (log(x+1))   0.34 (0.02, 0.66) -0.44 (-0.90, 0.02) -0.25 (-0.51, 0.01) -0.39 (-0.82, 0.04) 0.11 

 CPI1   -0.63 (-0.90, -0.36) 0.49 (0.09, 0.88) -0.01 (-0.22, 0.19) 0.51 (0.15, 0.88) 0.35 

 CPI2   0.64 (0.37, 0.90) -0.50 (-0.89, -0.11) 0.03 (-0.18, 0.23) -0.53 (-0.89, -0.17) 0.36 

 LDA2 (log(x+1))   -0.64 (-0.91, -0.37) 0.43 (0.03, 0.83) 0.04 (-1.17, 0.25) 0.44 (0.06, 0.82) 0.31 

 LDA3 (log(x+1))   -0.11 (-0.34, 0.12)   -0.08 (-0.30, 0.12) 0.47 (0.04, 0.90) 0.09 

 LDA4   0.64 (0.37, 0.91) -0.51 (-0.91, -0.11) -0.04 (-0.24, 0.17) -0.52 (-0.89, -0.15) 0.33 

 RepTasex   0.53 (0.25, 0.82) -0.64 (-1.05, -0.22) -0.01 (-0.23, 0.20) -0.60 (-0.99, -0.22) 0.27 

 RepTherm (log(x+1))   0.18 (-0.1, 0.39)   0.31 (0.11, 0.50) -0.46 (-0.84,-0.07) 0.25 

 RepTsex   -0.49 (-0.76, -0.21) 0.46 (0.06, 0.86) -0.11 (-0.31, 0.10) 0.68 (0.31, 1.05) 0.34 

 OVIsubmerg   0.67 (0.40, 0.94) -0.51 (-0.91, -0.12) 0.03 (-0.17, 0.24) -0.38 (-0.75, -0.01) 0.35 

 OVIterr (log(x+1))   -0.23 (-0.44, -0.02)   0.03 (-0.17, 0.24) 0.54 (0.13, 0.95) 0.16 

 DISSlow   0.69 (0.42, 0.95) -0.49 (-0.87, -0.11) 0.02 (-0.18, 0.23) -0.44 (-0.80, -0.07) 0.36 

 DISSmedium   -0.23 (-0.43, -0.03)   -0.03 (-0.22, 0.17) 0.70 (0.30, 1.09) 0.23 

 FLEXno   0.51 (0.23, 0.80) -0.66 (-1.08, -0.24) -0.12 (-0.34, 0.10) -0.68 (-1.07, -0.29) 0.26 



 

Response Hab  FI  FI×FI  WA  FI×WA  R2 

 FLEXlow (log(x+1))   -0.10 (-0.31, 0.11)   -0.10 (-0.31, 0.10) 0.64 (0.23, 1.06) 0.16 

 BODYspherical (log(x+1))   0.16 (-0.04, 0.36)   0.18 (-0.01, 0.38) -0.68 (-1.07, -0.29) 0.19 

 FEEDshredder (log(x+1))   -0.64 (-0.90, -0.37) 0.49 (0.10, 0.88) 0.01 (-0.19, 0.21) 0.60 (0.25, 0.97) 0.38 

 FEEDfilter (log(x+1))   0.30 (0.09, 0.51)   0.18 (-0.02, 0.38) -0.31 (-0.72, 0.10) 0.18 

 RESPIRaerial (log(x+1))   0.46 (-0.78, -0.14) 0.42 (0.00, 0.83) -0.17 (-0.39, 0.06) 0.40 (0.00, 0.78) 0.29 

 AQUAaduandlar   0.62 (0.35, 0.90) -0.47 (-0.88, -0.07) -0.02 (-0.22, 0.19) -0.48 (-0.86, -0.11) 0.32 

  AQUAlarandpup (log(x+1))     -0.29 (-0.49, -0.08)     0.06 (-0.15, 0.27) 0.55 (0.13, 0.97) 0.08 

 

Table 3.8 Regression estimates (effect sizes), 95% CIs and R2 values of the final models for the relationships between invertebrate response 

variables and in-stream predictor variables. Hab = habitat (riffle/pool), SED = ln(suspendable inorganic sediment), NUT = ln(total nitrogen), 

NUT×NUT and SED×SED = second-order polynomial and SED×NUT = interaction terms. 

Response Hab SED SED×SED NUT NUT×NUT SED×NUT R2 

Taxon relative abundances (%) 
  Austrosimulium (log(x+1)) 0.17 (-0.04, 0.38)           0.03 

Single-stressor models              

 Oligochaeta (sqrt)   0.20 (-0.04, 0.44) -0.29 (-0.65, 0.06)       0.12 

 Ostracods (sqrt)       0.30 (0.09, 0.51) -0.38 (-0.78, 0.01)   0.16 

 Gyraulus (log(x+1))       0.26 (0.05, 0.46)     0.07 

  Physella (log(x+1))       0.47 (0.28, 0.66)     0.22 

Additive multiple-stressor models 

 Deleatidium (log(x+1))   -0.29 (-0.43, -0.14) -0.23 (-0.43, -0.02) -0.60 (-0.73, -0.47) 0.71 (0.38, 1.05)   0.78 

 Potamopyrgus (log(x+1))   0.39 (0.16, 0.62)   -0.02 (-0.26, 0.21) -0.56 (-0.92, -0.19)   0.27 

  Copepods (log(x+1)) -0.16 (-0.34, 0.03) -0.33 (-0.59, -0.07) -0.38 (-0.70, -0.06) 0.59 (0.36, 0.82)     0.32 

Non-additive multiple-stressor models 

 Nematoda (log(x+1))   0.21 (-0.06, 0.48)   0.28 (0.05, 0.51)   -0.49 (-1.02, 0.03) 0.28 

 Sphaerium (log(x+1))   0.74 (0.49, 0.99) 0.33 (-0.08, 0.74) -0.16 (-0.38, 0.07) -0.90 (-1.43, -0.37) 1.15 (0.27, 2.02) 0.41 

 Orthocladiinae (log(x+1)) -0.17 (-0.36, 0.02) -0.28 (-0.57, 0.01)   -0.29 (-0.55, -0.04) 0.47 (-0.01, 0.96) -0.59 (-1.25, 0.07) 0.33 

  Corynoneura (log(x+1)) -0.16 (-0.35, 0.04) -0.45 (-0.73, -0.17) -0.21 (-0.59, 0.17) 0.56 (0.32, 0.80)   -0.67 (-1.24, -0.09) 0.24 

Community composition indices 

Single-stressor models 

 Evenness (log)   0.31 (0.10, 0.51)         0.09 



 

Response Hab SED SED×SED NUT NUT×NUT SED×NUT R2 

  Functional Diversity   -0.33 (-0.58, -0.09) -0.29 (-0.65, 0.06)       0.11 

Additive multiple-stressor models 

 MCI (log)   -0.30 (-0.44, -0.16)   -0.58 (-0.72, -0.44) 0.31 (0.09, 0.54)   0.73 

  EPT Richness   -0.23 (-0.38, -0.08)   -0.59 (-0.74, -0.44) 0.42 (0.18, 0.66)     0.69 

Non-additive multiple-stressor models 

 % EPT   -0.27 (-0.43, -0.12)   -0.52 (-0.66, -0.38) 0.33 (0.06, 0.60) 0.40 (0.01, 0.78) 0.76 

  Taxon richness   -0.44 (-0.70, -0.18)   -0.16 (-0.39, 0.07) 0.73 (0.29, 1.18) -0.73 (-1.37, -0.09) 0.34 

Biological traits (%) 
Single-stressor models 

 Vuni   -0.01 (-0.25, 0.23) -0.42 (-0.78, -0.06)       0.08 

 LDA5   0.21 (-0.03, 0.44) -0.31 (-0.66, 0.03)       0.13 

 EGGcement   -0.26 (-0.47, -0.06)         0.07 

 LOCOburrow (log(x+1))   0.35 (0.15, 0.55)         0.12 

 FLEXhigh   -0.25 (-0.45, -0.04)         0.06 

 DIETspecialist (log(x+1))   0.08 (-0.17, 0.33) -0.31 (-0.68, 0.05)       0.05 

 Vpluri -0.17 (-0.37, -0.62) -0.42 (-0.62, -0.22)         0.19 

 LOCOcrawler (log(x+1))       -0.19 (-0.40, 0.02)     0.04 

 FEEDscraper       -0.32 (-0.53, -0.12)     0.11 

 FEEDdeposit       0.21 (0.00, 0.42)     0.04 

 FEEDpredator       0.43 (0.24, 0.63)     0.19 

  RESPIRaerial (log(x+1))       -0.50 (-0.68, -0.33) 0.51 (0.18, 0.84)   0.39 

Additive multiple-stressor models 

 Vsemi (log(x+1))   0.32 (0.07, 0.56)   -0.20 (-0.45, 0.06) -0.36 (-0.76, 0.04)   0.12 

 CPI1   -0.42 (-0.59, -0.25)   -0.29 (-0.46, -0.12) 0.62 (0.36, 0.89)   0.62 

 CPI2   0.41 (0.24, 0.57)   0.31 (0.14, 0.47) -0.62 (-0.89, -0.36)   0.62 

 LDA2 (log(x+1))   -0.56 (-0.77, -0.36) -0.24 (-0.5, 0.02) -0.24 (-0.43, -0.05) 0.31 (0.01, 0.61)   0.52 

 LDA3 (log(x+1))   -0.37 (-0.61, -0.13)   0.27 (0.03, 0.51) 0.64 (0.26, 1.02)   0.21 

 LDA4   0.39 (0.21, 0.56)   0.28 (0.10, 0.46) -0.65 (-0.92, -0.37)   0.58 

 RepTasex   0.32 (0.11, 0.52)   0.29 (0.08, 0.50) -0.46 (-0.79, -0.14)   0.42 

 RepTherm (log(x+1))   0.38 (0.16, 0.61) 0.28 (-0.01, 0.57) 0.26 (0.05, 0.47) -0.54 (-0.86, -0.21)   0.42 

 RepTsex   -0.38 (-0.55, -0.20)   -0.30 (-0.47, -0.12) 0.63 (0.35, 0.91)   0.57 

 OVIsurface (log(x+1))   -0.42 (-0.55, -0.29)   -0.49 (-0.62, -0.36) 0.32 (0.11, 0.53)   0.76 

 OVIsubmerg   0.44 (0.28, 0.60)   0.35 (0.19, 0.51) -0.51 (-0.75, -0.26)   0.66 

 OVIterr (log(x+1))   -0.58 (-0.83, -0.33) -0.30 (-0.61, 0.02) 0.11 (-0.11, 0.34) 0.51 (0.16, 0.87)   0.33 

 EGGfree   -0.32 (-0.53, -0.11)   -0.34 (-0.55, -0.12) 0.26 (-0.08, 0.59)   0.38 



 

Response Hab SED SED×SED NUT NUT×NUT SED×NUT R2 

 
EGGprotect   0.37 (0.15, 0.59)   0.18 (-0.04, 0.40) -0.38 (-0.73, -0.04)   0.34 

 DISSlow   0.43 (0.27, 0.60)   0.31 (0.15, 0.48) -0.56 (-0.82, -0.31)   0.55 

 DISSmedium   -0.45 (-0.71, -0.20) -0.28 (-0.60, 0.04) -0.04 (-0.27, 0.20) 0.52 (0.16, 0.89)   0.30 

 DISShigh (log(x+1))   -0.40 (-0.58, -0.22)   -0.31 (-0.49, -0.13) 0.49 (0.21, 0.78)   0.55 

 LOCOattached (log(x+1))   -0.22 (-0.46, 0.02)   -0.17 (-0.43, 0.08) 0.50 (0.11, 0.88)   0.20 

 FLEXno   0.43 (0.18, 0.69) 0.27 (-0.05, 0.58) 0.09 (-0.14, 0.32) -0.41 (-0.77, -0.05)   0.31 

 BODYspherical (log(x+1))   0.30 (0.07, 0.53) 0.26 (-0.03, 0.55) 0.37 (0.16, 0.58) -0.43 (-0.76, -0.10)   0.42 

 FEEDfilter (log(x+1))   0.39 (0.15, 0.63) 0.49 (0.18, 0.8) 0.35 (0.13, 0.57)     0.34 

 RESPIRtegument   -0.26 (-0.55, 0.02) -0.32 (-0.68, 0.04) 0.25 (0.00, 0.50)     0.09 

 RESPIRgills   0.29 (0.00, 0.59) 0.34 (-0.02, 0.7) -0.29 (-0.56, -0.03)     0.10 

 AQUAaduandlar   0.41 (0.24, 0.58)   0.27 (0.10, 0.45) -0.65 (-0.92, -0.38)   0.60 

 AQUAaduorlar (log(x+1))   -0.33 (-0.47, -0.19)   -0.52 (-0.67, -0.38) 0.43 (0.21, 0.66)   0.72 

 Size3 0.23 (0.05, 0.41) 0.46 (0.24, 0.67)   0.06 (-0.16, 0.28) -0.48 (-0.83, -0.14)   0.38 

 FEEDshredder (log(x+1)) -0.15 (0.30, 0.01) -0.54 (-0.75, -0.33) -0.28 (-0.54, -0.01) -0.35 (-0.54, -0.16) 0.23 (-0.06, 0.52)   0.56 

  FLEXlow (log(x+1)) -0.19 (-0.37, -0.02) -0.53 (-0.75, -0.31)   0.06 (-0.19, 0.28) 0.57 (0.23, 0.91)   0.39 

Non-additive multiple-stressor models 

 Size4   -0.28 (-0.55, -0.01)   0.56 (0.30, 0.82) 0.59 (0.09, 1.09) -0.65 (-1.32, 0.02) 0.28 

 AQUAlarandpup   -0.58 (-0.84, -0.32)   0.14 (-0.09, 0.37) 0.85 (0.40, 1.31) -0.70 (-1.35, -0.04) 0.31 

 Size1 (log(x+1)) -0.20 (-0.41, 0.22) -0.41 (-0.70, -0.11)   0.34 (0.08, 0.60)   -0.59 (-1.17, -0.01) 0.13 

 Size2 -0.18 (-0.33, -0.02) -0.16 (-0.38, 0.05)   -0.41 (-0.60, -0.22)   0.83 (0.40, 1.26) 0.53 

 LOCOswimmer (log(x+1)) -0.24 (-0.45,-0.03) -0.55 (-0.85, -0.25)   0.33 (0.07, 0.59) 0.62 (0.12, 1.12) -0.85 (-1.57, -0.12) 0.19 

 BODYflattened (log(x+1)) -0.15 (-0.32, 0.03) -0.17 (-0.40, 0.10)   -0.28 (-0.52, -0.08)   0.84 (0.35, 1.33) 0.40 

  BODYcylindrical 0.16 (-0.04, 0.36) 0.15 (-0.14, 0.44)   0.17 (-0.08, 0.41)   -0.56 (-1.12, -0.01) 0.20 



CHAPTER 3 Responses of stream Invertebrates   56 

3.5 Discussion 

3.5.1 Can biological traits help disentangle multiple stressor effects at different 

spatial scales? 

Farming intensity was more frequently related to life-history, resilience or resistance traits than 

to general biological traits (feeding habits, dietary preference and respiration). In another single-

catchment study of 32 stream sites in New Zealand, traits related to life history also provided a 

stronger separation among land-use categories ranging in intensity from ungrazed tussock to 

exotic pasture with deer and dairy farming than traits related to general biology (Dolédec et al., 

2006). Moreover, in a New Zealand wide study of 77 streams, % agriculture affected life-

history traits more frequently and consistently than traits related to resistance, resilience or 

general biology (Dolédec et al., 2011). This study complements this earlier research because I 

examined the relationships of 52 trait categories, instead of the 21 relationships considered by 

Dolédec et al. (2011), along the gradient of farming intensity.  

For water abstraction, 32 trait categories were related to the gradient although most of them 

were not specific for abstraction (because the effects of abstraction changed across the farming 

intensity gradient) and eight traits were best modelled by abstraction alone (single-stressor 

relationships). Overall, abstraction was related more often to general biological traits than to 

life-history, resilience or resistance traits. In a similar manner, flow permanence in Portuguese 

streams showed stronger relationships with traits related to locomotion, food and feeding habits 

than with life-history traits (Bonada et al., 2007). My results for abstraction are also broadly 

consistent with those of a survey of 164 streams in Portugal (Feio & Doledec, 2012) where trait 

categories responded less often to a gradient of hydrological disturbance than to one of organic 

contamination and most of the responsive traits were related to both gradients; only the 

prevalence of deposit feeders responded exclusively to the gradient of hydrological disturbance. 

A marked relationship of water abstraction with life-history traits in my study was the increased 

proportion of invertebrates with adult life durations longer than 365 days. This group mainly 

comprised Coleoptera, where long adult lifespans provide the advantages of escaping long 

periods of low flow or flow cessation, surviving inland and colonizing new habitats (Mellado-

Díaz et al., 2008).  

The ‘snapshot’ nature of my invertebrate and in-stream sampling is a limitation because focal 

in-stream variables can show short-term (within hours, days or weeks) and seasonal 

fluctuations, whose combined effects on invertebrate populations are largely unknown. Such 
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short-term and seasonal changes may have prevented me from detecting relationships between 

the in-stream variables and water abstraction; as a consequence, I used the two variables most 

closely related to farming intensity as in-stream predictors for the invertebrate response 

variables (discussed in more detail in Chapter 2). Another reason for the stronger relationship 

between farming intensity and the in-stream variables might be that farming intensity was 

defined for each reach, but water abstraction only for larger hydrological response units. This 

difference in precision of the determination of the two landscape-scale variables might have 

skewed my results towards stronger relationships with farming intensity. Further, it is possible 

that farming (sediment inputs from trampling by animals and stream-bank collapses, and 

nutrients from fertilizer and manure) has more pronounced consequences for habitat conditions 

than abstraction, which reduces discharge and therefore increases retention time. Therefore, 

farming intensity could be seen as a more direct stressor for stream ecosystems than water 

abstraction (at least up to moderate abstraction intensities, where flow has not ceased). Finally, 

additional variables not considered in my survey could have also affected the invertebrate trait 

and structural metrics. Although survey-based studies such as mine are less suitable for 

explaining cause-and-effect relationships than manipulative experiments (Townsend, 1989), 

the observed patterns for my invertebrate response variables appear quite robust, given that my 

final models often explained a considerable proportion of the variation in the data. I sampled at 

base flow conditions that represent the prevalent conditions experienced by invertebrates in this 

dryland river catchment and, furthermore, Bêche et al. (2006) noted that trait composition was 

relatively stable among seasons in an 18-year study of an intermittent Californian stream.  

Most biological traits in my stream survey were affected by both fine sediment and nutrients in 

combination (Figure 3.4), consistent with findings of a related experiment in streamside 

mesocosms (Wagenhoff et al., 2012b). In addition, I identified 12 trait categories that may 

provide differentiation along the gradients of my two focal stressors. For example, the 

relationships of the number of reproductive cycles per year and burrowers were best modelled 

by fine sediment only and scrapers, deposit feeders and predators by nutrients only. Wagenhoff 

et al. (2012b) and Townsend et al. (2008) also reported that the prevalence of burrowers 

increased with higher sediment levels, but they found different results for the feeding groups 

and nutrients. These differences may be attributed to the fact that dissolved nutrients (not total 

nutrients) were used as predictor variables in these earlier studies (see discussion below), but 

perhaps more importantly they only included as response variables a subset of the traits I 

investigated here. I recommend examining all available traits when investigating invertebrate 

responses to multiple stressors (rather than selecting a subset a priori based on previous related 
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research). This is especially relevant when focusing on rarely studied stressors such as water 

abstraction, because consequences for trait composition of the invertebrate community are 

largely unknown.  

3.5.2 Can traits provide insights into the mechanisms driving invertebrate 

distributions? 

Biological trait representation may give clues to the mechanisms underlying stressor effects on 

invertebrate communities (Menezes et al., 2010; Statzner & Bêche, 2010). I expected that 

farming intensity would mainly affect habitat quality, and this is supported by my finding of 

more frequent effects of farming intensity on life-history strategies. On the other hand, I 

expected that water abstraction would have more pronounced effects on organic matter 

dynamics and therefore on food availability, and this is supported by my finding of more 

frequent effects of water abstraction on general biological traits. 

In a recent survey of 30 streams in the Canterbury region of New Zealand, which focussed on 

single-stressor effects (Burdon et al., 2013), structural equation models suggested that condition 

of the riparian corridor (a proxy for farming intensity) affected pollution-sensitive EPT 

invertebrate taxa via habitat change and not food availability, and that this relationship was 

mainly driven by fine sediment inputs that smothered the streambed and clogged interstitial 

spaces, modifying and reducing habitat heterogeneity and quality. These results are consistent 

with my own. 

Water abstraction can increase the frequency and duration of low flows (Brooks et al., 2011), 

resulting in changes to organic matter dynamics. Flow reduction typically increases 

sedimentation (Dewson et al., 2007b) and also increased intermittency in some Mediterranean 

streams, which enhanced the accumulation of organic matter (Acuna et al., 2005). Therefore, 

increasing water abstraction in the Manuherikia River catchment may result in more deposited 

organic matter, which can be utilized by deposit feeders that, in turn, become food for predators. 

(Deposit feeders and predators were both positively related to water abstraction intensity.) 

Nevertheless, Dewson et al. (2007b) and Bunn & Arthington (2002) concluded that water 

abstraction can decrease current velocities, water depth and wetted width and therefore may 

alter habitat quality as well as food availability for invertebrates.  

In my study, water abstraction influenced life-history, resistance and resilience traits via 

changes in physicochemical conditions and habitat quality. However, these effects often 

depended on the level of farming intensity. For example, the proportion of invertebrates with 
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an asexual reproductive mode showed an overall positive, subsidy-stress pattern along the 

gradient of farming intensity and an overall positive relationship with water abstraction, but 

when both stressors were at their highest intensity the prevalence of this trait was reduced. This 

pattern shows that population resilience (faster reproduction through asexual and 

hermaphroditic reproductive techniques) increases along the farming intensity gradient at low 

water abstraction intensity and also along the abstraction gradient at low farming intensity. 

Nevertheless, my findings also suggest that asexual reproduction is not advantageous at high 

intensities of both stressors, possibly because this even harsher environment favours 

coleopterans and other sexually reproducing organisms (in my case: nematodes, dipterans and 

ostracods) (Usseglio-Polatera et al., 2000), especially if eggs act as resistant resting stages. 

My finding that farming intensity, but not water abstraction, showed a moderate negative 

relationship with functional diversity also suggests that invertebrates experienced a loss of 

available habitat and habitat heterogeneity with increasing farming intensity (Allan, 2004). 

Functional diversity is important because it is a measure of ecosystem dynamics, ecosystem 

stability and ecosystem functioning in general (Tilman, 2001). In another stream survey 

focusing on the effects of stream flow alteration and channel modification on benthic 

invertebrates, Feld et al. (2014) reported a gradual turnover of taxa and traits along a 

hydromorphological alteration gradient, resulting in no obvious effect on functional diversity. 

I observed a similar pattern along my water abstraction gradient, where functional diversity 

remained similar even though many individual taxa and trait representations changed along the 

gradient. This contradicts the prediction of Statzner & Bêche (2010) that increasing habitat 

harshness due to flow reduction should cause trait homogenisation. 

Overall, the relationships of biological traits with farming intensity in the Manuherikia 

catchment were stronger (mean effect size 0.47) than those with water abstraction (0.14; Table 

3.5). In Chapter 2, farming intensity also had a stronger influence than water abstraction on the 

probability of brown trout (Salmo trutta) presence. Again, one possible explanation for this 

difference might be that farming intensity is a ‘more direct’ stressor than water abstraction (see 

discussion above). However, these results may also partly reflect my inability to sample many 

stream sites with high water abstraction intensities because most of these dry up completely 

during the irrigation season (1 October – 31 April). Therefore, my study design probably 

underestimated the effects of water abstraction intensity on invertebrates. 

Turning to in-stream variables, my findings suggest that both fine sediment and total nitrogen 

concentrations affected habitat quality. Both showed frequent, and often strong, relationships 
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with invertebrate life-history, resistance and resilience traits. By contrast, in the survey by 

Burdon et al. (2013) fine sediment but not nutrient concentrations affected invertebrate 

communities. This contrast might be due to their use of nitrate and not total nitrogen 

concentrations. Total nitrogen comprises not only the fractions of dissolved nitrogen but also 

nitrogen bound in organic particles (e.g. detritus, phytoplankton and sloughed benthic algae). 

Most streams in New Zealand, including the Manuherikia catchment, are nitrogen-limited 

(Kitto, 2011) and so it is not surprising that benthic algal growth is often most strongly 

correlated to total nitrogen concentrations (Matheson, Quinn & Hickey, 2012). The response of 

life-history traits to the gradient of total nitrogen may be due to excessive algal growth, which 

can smother and homogenize invertebrate habitat and cause marked fluctuations in dissolved 

oxygen concentrations. Further, total nitrogen, because it includes nitrogen bound in particles, 

may be a better indicator of invertebrate food availability than dissolved nitrogen alone. In my 

study, I found that feeding habits were more frequently affected by total nitrogen than by fine 

sediment inputs and I propose that nutrient enrichment had a stronger effect on invertebrate 

food availability. The frequent relationships of fine sediment inputs with general biological 

traits of invertebrates can probably be explained by the strong mechanical action of sediment 

smothering substratum and clogging interstitial spaces, hence reducing habitat heterogeneity 

and availability (Statzner & Bêche, 2010; Descloux, Datry & Usseglio-Polatera, 2014). Overall, 

the relationships of the biological traits with fine sediment (mean effect size 0.37) were stronger 

than those with total nitrogen concentrations (0.29; Table 3.6), in broad agreement with earlier 

related field surveys and experiments (Dolédec et al., 2006; Townsend et al., 2008; Wagenhoff 

et al., 2011; Wagenhoff et al., 2012b) and the proposal of Statzner & Bêche (2010) that stressors 

acting indirectly on organism performance (e.g. dissolved nutrient concentrations) should show 

weaker relationships with traits than stressors acting more directly (e.g. substratum 

characteristics). Nevertheless, I found a smaller difference in overall effect size between 

sediment and nutrients compared to some of these earlier studies (Wagenhoff et al., 2011; 

Wagenhoff et al., 2012b), a difference that might be explained by the fact that the latter 

investigated the effects of dissolved nutrients whereas I focussed on total nitrogen 

concentrations (see discussion above). 

3.5.3 Are structural or functional measures better descriptors of land-use effects? 

Overall, the structural and functional invertebrate measures in my study were similarly effective 

at detecting the effects of multiple stressors, except that the indices of community composition 

showed stronger relationships to farming intensity (mean effect size = 0.59) than to water 

abstraction (0.10; Table 3.5). Traditional structural measures were similarly or slightly more 
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efficient than traits in differentiating along the gradient of farming intensity (highest R2 values). 

In the case of New Zealand’s Macroinvertebrate Community Index (MCI), this probably 

reflects the fact that the MCI was developed with the aim of detecting effects of eutrophication, 

agricultural land use and/or organic pollution. Dolédec et al. (2006) also found structural and 

indirect functional measures to be equally effective at detecting effects of farming intensity on 

invertebrate communities at the catchment scale, and they also reported strong correlations 

between traits and physicochemical measures (% fine sediment and dissolved nutrients). The 

fact that traits as indirect functional measures are based on the same community composition 

dataset as the structural measures makes it less surprising that they showed a similar degree of 

separation along stressor gradients in my study. 

The relative abundance of certain taxa also showed strong separation along my gradients of 

landscape-scale stressors but with the disadvantage that these indicators are specific to 

particular regions. Dolédec et al. (2011) confirmed in their New Zealand-wide study that trait 

responses showed less regional variation than measures of community structure. In my study, 

percent EPT, which is a widely used index of stream health, failed to detect an effect of water 

abstraction. The other community indices (taxon richness, EPT richness and MCI) were also 

unsuitable for detecting the effect of water abstraction because they showed non-additive, 

antagonistic response patterns for the two landscape-scale variables. This result is in accordance 

with the results of a year-long reach-scale experiment involving three streams in New Zealand 

(Death, Dewson & James, 2009) that showed taxon richness, % EPT and MCI decreased with 

an 89-95% decline in stream flow at a pristine site but not at sites with low water quality. Death 

et al. (2009) also concluded that structural measures gave a better indication of the detrimental 

effects of stream flow reduction than their functional measures (invertebrate drift, leaf 

decomposition, algal accrual, functional feeding groups). It is quite likely that the landscape-

scale stressor of water abstraction in my study, compared to the reach-scale stressor in their 

study, not only caused hydrological changes but also affected physicochemistry and organic 

matter cycling and facilitated colonisation by organisms with suitable traits. My study suggests 

that traits, as indirect functional indicators, are more suitable than traditional structural 

measures to detect the adverse effects of water abstraction on stream integrity, especially 

because I was able to single out individual traits that only responded to this stressor. 

The in-stream variables explained the highest proportions of variation in the data for the 

structural measures MCI, EPT richness and % EPT (R2 values up to 76%) but the effect sizes 

of individual predictors for structural and functional measures were similar, although slightly 

higher for the community indices in the case of total nitrogen. A survey of streams in another 
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region of New Zealand also showed higher R2 values for structural (EPT richness, % EPT and 

MCI) than functional measures (three traits: > 2 reproductive cycles, individual, univoltism, 

surface eggs) and similar effect sizes for structural and functional measures with sediment and 

nutrients as in-stream predictor variables (Wagenhoff et al., 2011).  

3.5.4 Management implications 

Much has already been reported about the adverse effects of agricultural intensification on 

stream ecosystems, but my study design also identified deleterious effects on invertebrate 

communities of water abstraction for irrigation. While abstraction was generally less influential 

than agriculture, these stressors often act in concert and managers need to be aware of non-

additive outcomes of these two landscape-scale stressors. Adding to the conclusions of previous 

studies, I also showed that sediment deposition in streams is an especially influential stressor 

and particular attention needs to be paid to minimising catchment erosion. However, this in-

stream scale stressor often acts in concert with nitrogen concentration and sometimes the 

multiple stressor response (antagonistic or synergistic) is not predictable on the basis of single 

stressor patterns. 

Overall, trait measures and traditional structural measures (taxonomic composition, community 

metrics) performed similarly well at detecting the effects of multiple stressors along my 

landscape-scale and in-stream stressor gradients. However, biological traits have the advantage 

of being applicable over much larger geographical scales than their taxonomic counterparts, 

thus allowing comparisons on a global scale. Further research on trait-based approaches should 

also assess the roles of ecological trade-offs among traits, phylogenetic constraints and the so-

called trait syndrome (Poff et al., 2006; Menezes et al., 2010; Verberk, van Noordwijk & 

Hildrew, 2013) to find a way to deal with correlations among traits (Verberk et al., 2013). 

Traits also have the advantage of providing clues about the mechanisms underlying the adverse 

effects of stressors. Of particular value in the future development of health indices to distinguish 

among different stressors is the identification of traits that vary in relation to one stressor but 

not another. My findings indicate that body size, oviposition at the water surface, characteristics 

of eggs/egg masses, high dissemination potential, attached to the substrate, high body 

flexibility, flattened body shape and aquatic stages may be trait indicators especially suitable 

for detecting effects of farming intensity because they all showed single-stressor relationships 

along this gradient. Similarly, functional feeding groups, dietary preferences, respiration 

through tegument and through gills, and life duration of adults are potential indicators for 

detecting effects of water abstraction on stream invertebrates. The proportions of deposit 
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feeders, scrapers and predators look particularly promising because none responded to changes 

in farming intensity in my study or elsewhere in New Zealand (Dolédec et al., 2006; Dolédec 

et al., 2011).
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CHAPTER Four 

Trait-based ecology of stream algae: investigating  

multiple-stressor effects in agricultural streams 

 

Epiphytic Gomphonema acuminatum and G. truncatum  

on an Oedogonium spp. Filament  

Chapter 4 is a modified version of a manuscript submitted to Journal of Ecology: Lange, K., Townsend, 

C.R. & Matthaei, C.D A comprehensive trait-based framework for the algal and cyanobacterial 

community of streams, submitted 9 December 2014 
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4.1 Summary 

The use of comprehensive biological trait-based approaches to detect the effects of land use and 

climate change on terrestrial plant and aquatic phytoplankton communities is increasing, but 

such a framework is still missing for stream algae. Here I present a conceptual framework of 

morphological, physiological, behavioural and life-history algal traits relating to resource 

acquisition and resistance to disturbance. I tested this approach by assessing the relationships 

between multiple anthropogenic stressors and algal traits at 43 stream sites. My ‘natural 

experiment’ was conducted along gradients of agricultural land use (0 to 95% of the catchment 

in pasture) and hydrological alteration (0 to 92% stream flow reduction resulting from 

abstraction for irrigation) as well as related physicochemical variables (nitrogen concentration 

and deposited fine sediment). Strategic choice of study sites meant that agricultural intensity 

and hydrological alteration were uncorrelated. I studied the non-linear and non-additive 

response patterns of ten traits to my environmental predictor variables using general linear 

models and an information-theoretic model-selection approach. Cell shape, growth form, 

pigment composition, nitrogen fixation and spore formation were key traits that showed the 

strongest relationships with environmental stressors. Overall, farming intensity exerted stronger 

effects on algal communities than hydrological alteration. The large-bodied, non-attached, 

filamentous algae that dominated under high farming intensities have limited dispersal abilities 

but may cope with unfavourable conditions through the formation of spores. Antagonistic 

interactions were observed for some trait response variables between farming intensity and 

stream flow reduction, whereas no complex (non-additive) interactions occurred for nitrogen 

concentration and deposited fine sediment. My conceptual model was well supported by tests 

of fourteen specific hypotheses for the predicted effects of resource supply and disturbance on 

algal traits. I have also shown that investigating a comprehensive set of traits can help to shed 

light on the drivers of algal community composition where multiple stressors are operating. 

Further, to understand the non-linear and non-additive effects of such drivers, algal 

communities need to be studied along multiple gradients of natural variation or anthropogenic 

stressors. 

4.2 Introduction 

The distribution and abundance of a species is related to its ability, conferred by a particular set 

of traits, to withstand habitat filters acting at scales ranging from climatic region to landscapes 

and microhabitats (Grime, 1979; Tilman, 1982; Townsend & Hildrew, 1994; Poff, 1997). The 

study of species traits can provide insights into the mechanisms driving community and 
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ecosystem processes along gradients of influential variables, including responses to 

anthropogenic change. Thus, scientists have shown increasing interest in developing trait-based 

approaches in freshwater (Biggs et al., 1998b; Reynolds et al., 2002; Weithoff, 2003; Burliga 

et al., 2004; Lange et al., 2011), marine (Alves-de-Souza, González & Iriarte, 2008; Litchman 

& Klausmeier, 2008; Barton et al., 2013; Edwards, Litchman & Klausmeier, 2013) and 

terrestrial ecosystems (De Deyn, Cornelissen & Bardgett, 2008; Díaz et al., 2013; 

Marteinsdóttir & Eriksson, 2014). The investigated traits are usually (i) mechanistically related 

to evolutionary processes, (ii) founded on abiotic rather than biotic factors (Poff, 1997), (iii) 

easily measurable and (iv) reflect the main processes affecting organism performance 

(Weithoff, 2003; Kruk et al., 2010). Despite the wealth of information about individual taxa in 

the literature, the assembly of information for morphological, physiological, behavioural and 

life-history traits for a whole community remains a substantial challenge (Litchman & 

Klausmeier, 2008). 

The trait-based approach has a long history for terrestrial plants (Grime, 1979; Tilman, 1980), 

but is now underway for freshwater algae (e.g. Biggs et al., 1998b; Reynolds et al., 2002; 

Weithoff, 2003; Edwards et al., 2013). Benthic algae are a diverse, polyphyletic group of 

photosynthetically active protists and cyanobacteria that play crucial roles in fluxes of matter 

and energy, especially in lentic and shallow lotic aquatic environments. Traits such as pigment 

composition, motility and nitrogen fixation contribute to regulating an alga’s ability to acquire 

light and nutrients, whereas growth form, mode of attachment and life-history traits help 

determine their ability to withstand and recover from physical disturbances and grazing (Biggs 

et al., 1998b; Litchman & Klausmeier, 2008). The conceptual framework that forms the basis 

of this study is shown in Table 4.1.  
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Table 4.1 A conceptual framework of morphological, physiological, behavioural and life-

history traits of stream algae in relation to resource acquisition and resistance to disturbance 

(adapted in part from Biggs et al. 1998 and Litchman & Klausmeier 2008). Hypotheses in the 

four trait categories are abbreviated as follows: MR1-MR3: algal morphology and resources; 

MD1-MD4: morphology and disturbance; PR1-PR2: physiology and resources; BR1: 

behaviour and resources; BD1-BD2: behaviour and disturbance; LHD1-LHD2: life-history and 

disturbance. Hypotheses are based on (1) Litchman & Klausmeier (2008) (2) Biggs, Stevenson 

& Lowe (1998) (3) Passy (2007b), (4) Weithoff (2003), (5) Passy (2007a); (6) Steinman (1996), 

(7) Wagenhoff et al. (2013) and (8) Agrawal (2009). 

 

 

Resource acquisition Resistance and resilience to disturbance 

(nutrients and light) (physicochemical extremes, flow, grazing) 

M
o

rp
h

o
lo

g
y

 

Cell size 

MR1: Smaller cells have an advantage under 

nutrient-limiting conditions  

(higher uptake rates) 1,2,3 

MD1: Smaller cells are more resilient  

(higher growth rates)2,3 

Cell shape 

MR2: Spherical cells have an advantage under 

nutrient-limiting conditions  

(higher uptake rates) 4 

MD2: Spherical cells (lower surface to volume 

ratio) are more resilient  

(higher growth rates)4 

Growth form 

MR3: Filamentous forms have an advantage in 

resource gathering  

(higher position in biofilm) 2,5 

MD3: Low growth forms are more  

resistant (compared to metaphyton)2,6 

 Attachment mechanism 

 MD4: Algae with stronger attachment to the 

substratum are more resistant2,6 

P
h

y
si

o
lo

g
y
 

Nitrogen fixation  

PR1: N-fixing algae have a competitive advantage 

under nutrient-limiting conditions1,2 

 

Pigment composition  

PR2: Algae with accessory pigments  

(e.g. phycobilisomes) have an advantage under 

light-limiting conditions 1 

 

B
eh

av
io

u
r 

Motility 

BR1: Actively motile organisms have an 

advantage in resource gathering 4,5 

BD1: Actively motile organisms have an 

advantage under low-flow depositional conditions 

(siltation)7 

 Habitat 

 BD2: Benthic life-forms are more resistant2 

L
if

e-
h

is
to

ry
 

 Reproductive technique 

 LHD1: Fission is more advantageous for dispersal 

and recolonization after disturbance than 

fragmentation 2 

 Spore formation 

 LHD2: Formation of thick-walled, dormant spores 

is an advantage under disturbance 1,8 
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Agricultural land use and hydrological alterations are two key drivers of change in lotic 

ecosystems, affecting resource supply, physicochemical habitat characteristics and matter and 

energy cycling. Agricultural intensification can impose a variety of stressors in streams, 

including nutrient enrichment and augmented fine sediment inputs, but it can also increase the 

frequency and intensity of disturbances via erosional events, nutrient spikes, temperature 

extremes, lowered base flows and more flashy flow patterns (Allan, 2004). Water abstraction, 

by reducing discharge and current velocities downstream, may increase the frequency and/or 

severity of stable low flow events, with associated depositional conditions, enhancing the 

accumulation of fine sediment and organic matter, and may also cause the occasional extreme 

stream drying event (Lake, 2003; Dewson et al., 2007b). The variety of consequences for stream 

environments makes it difficult to tease apart the individual and combined effects of the 

stressors involved (e.g. Biggs et al., 1998b; Wagenhoff et al., 2013; Piggott et al., 2014), not 

least because combined stressor effects can be larger or smaller than expected based on 

knowledge of the effects of individual stressors (Folt et al., 1999). Nevertheless, ecologists may 

gain insights into mechanisms by which agricultural land use and flow reduction act on algal 

communities by studying their biological traits (Kelly, 2013; Law, Elliott & Thackeray, 2014). 

To my knowledge, no studies have investigated the combined effects of multiple, 

simultaneously operating agricultural stressors on a comprehensive set of stream algal traits. 

Most previous algal studies have considered only a restricted set of traits and were conducted 

in mesocosms (Magbanua et al., 2013a; Wagenhoff et al., 2013; Piggott et al., 2014) while field 

studies are scarce (but see Passy, 2007a; Berthon, Bouchez & Rimet, 2011; Law et al., 2014). 

Thus, I designed a ‘natural experiment’ to investigate the relationships of ten algal traits along 

pre-defined gradients of agricultural land use and hydrological alteration at multiple sites in a 

single river catchment. In particular I wished to (1) prove the applicability of my conceptual 

model by testing the hypotheses shown in Table 4.1, (2) determine which traits showed the 

strongest relationships to stressor gradients, and (3) investigate whether these traits can help 

unravel the mechanisms that drive the development of algal communities exposed to multiple 

stressors. 

4.3 Methods  

4.3.1 Study sites 

I selected sites in the Manuherikia River catchment in Central Otago, which is one of the driest 

in New Zealand. About half of the catchment area has been converted from tussock grasslands 

to high-intensity sheep/beef farming, especially at lower elevations (Chapter 2). My measure 
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of farming intensity was the percentage of each sub-catchment in the category ‘high-producing 

exotic grassland’ (spatial distribution of land cover types available from the Land Cover 

Database II, Ministry for the Environment, 2008; and detailed delineation of stream reaches 

and sub-catchments from the River Environmental Classification, Ministry for the 

Environment, 2010). The % farming intensity index ranged from 0 to 95% in the studied sub-

catchments. Because data on the amount of water diverted from each stream site were not 

available, I used modelled streamflows for the Manuherikia catchment under different land-use 

scenarios to estimate water abstraction intensity at each site (Chapter 2). These streamflows 

were simulated by Kienzle & Schmidt (2008) using the ACRU model (Agricultural Catchments 

Research Unit; University of Natal, South Africa). For each sub-catchment, % water abstraction 

was calculated as the percentage of streamflow reduction from the Dryland Scenario (no water 

abstracted) to the Current Scenario. This index (range 0-92% in the studied sub-catchments) 

was based on mean streamflow across five irrigation seasons (1 October – 31 April) from 

1999/2000 to 2004/2005. 

My 43 stream sites covered the gradients of both % farming intensity and % water abstraction 

as evenly as possible. Because several sites with high abstraction rates were located in areas of 

low farming intensity and vice versa (often water is diverted into irrigation races and transported 

to other sub-catchments), % farming intensity and % water abstraction of the sites were 

uncorrelated (R2 = 0.005). Stream reaches ranged from 3rd to 5th order and were mainly 

unshaded (five sites were partially shaded). All sites were sampled once in early autumn, 

between 21 March and 4 April 2011. 

4.3.2 Field sampling and sample processing 

In Chapter 3, the concentration of total nitrogen in stream water and the amount of suspendable 

inorganic sediment deposited on the stream bed were the two in-stream variables most strongly 

related to my landscape-scale stressors. Hence I focus on the same two physicochemical 

variables here. At each site, total nitrogen was determined from three unfiltered water samples 

using standard methods (APHA, 1998). The amount of suspendable inorganic sediment 

(particles ≤ 2 mm) was determined from five samples using the Quorer method (Clapcott et al., 

2011).  

I sampled benthic algae from the streambed surface by taking five samples at random within 

riffle habitats following standard quantitative methods (Biggs & Kilroy, 2000). Samples were 

either scraped from rocks using a toothbrush or obtained by cutting a core from filamentous 

algal mats floating in the current, at sites dominated by filamentous algae, which occurred at 
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15 of the 43 sites. Both types of samples were collected inside a plastic cylinder (25 mm high, 

inner diameter 27 mm) to standardise the surface area sampled. Samples were pooled for each 

site after collection and placed on ice in the field and frozen at -20°C until further analysis.  

Sample preparation involved homogenization of the algal slurry with a blender (Omni Mixer; 

Ivan Sorval Inc., Newton, CT, USA) for 30 seconds and then preservation of a 15-mL aliquot 

in 3% formalin for taxonomic identifications. I identified and enumerated at least 300 algal cells 

from each sample (for filamentous cyanobacteria with small cells, 10-µm-long units were 

counted and referred to as ‘cells’ henceforth) at 400× magnification to the lowest practical 

taxonomic levels using an inverted microscope (Zeiss Axiovert 25, Jena, Germany) and 

standard keys (Prescott, 1962; Cox, 1996; Biggs & Kilroy, 2000; Bellinger & Sigee, 2011). 

4.3.3 Trait database 

I undertook an extensive literature search of biological traits for the freshwater algal species 

found in my samples and assigned 95 taxa (Table A. 1) to 10 traits with 35 trait categories 

(Table 4.2). Algae were mostly classified according to their genus-level identifications but 

species-specific trait information was used where necessary (for cell size, growth form and 

resistance to physical disturbance). Table 4.2 includes the references used to assign each taxon 

to a specific trait category.  



CHAPTER 4 Stream Algae   71 

Table 4.2 Biological stream algal traits and their categories. 

Functional traits Trait categories Abbreviation 

(1) Cell size 

Berthon et al. 

(2011), USGS 

(2002) 

(1) nano (5 ≤ 100 µm3) 

(2) micro (100 ≤ 300 µm3) 

(3) meso (300 ≤ 600 µm3) 

(4) macro (600 ≤ 1500 µm3) 

(5) very large (> 1500 µm3) 

BIOVOLUME_c1 

BIOVOLUME_c2 

BIOVOLUME_c3 

BIOVOLUME_c4 

BIOVOLUME_c5 

(2) Cell shape 

Hillebrand et al. 

(1999) 

(1) prism 

(2) cylinder 

(3) sphere 

(4) box 

(5) cymbelloid 

(6) gomphonemoid 

SHAPE_prism 

SHAPE_cylinder 

SHAPE_sphere  

SHAPE_box 

SHAPE_cymbelloid 

SHAPE_gomphonemoid 

(3) Growth form 

Schneck, 

Schwarzbold & 

Melo (2011) 

(1) low: adnate or prostrate 

(2) erect: tall statue or with mucilaginous stalks 

(3) filamentous 

(4) motile 

(5) metaphyton: algae without fixation structure 

GROWTH_low 

GROWTH_erect 

GROWTH_filament 

GROWTH_motile  

GROWTH_meta 

(4) Attachment 

to 

 substratum 

Biggs et al. 

(1998b) 

(1) no fixation structure: entangled filaments, motile 

and filamentous diatoms; 

(2) attached: some filamentous algae, erect diatoms 

with pad/stalk 

(3) tightly attached: adnate and prostrate diatoms 

ATTACHMENT_low 

 

ATTACHMENT_med 

 

ATTACHMENT_high 

(5) Nitrogen 

fixation 

Stancheva et al. 

(2013)  

(0) no 

(1) yes 

 

NITROGENFIX_1 

(6) Pigmentation 

Bellinger & Sigee 

(2011) 

(0) without phycobilisomes (accessory pigments) 

(1) with phycobilisomes 

 

PIGMENT_1 

(7) Motility 

Round (1984) 

(1) attached 

(2) gliding 

(3) drift 

MOTILE_attached 

MOTILE_gliding  

MOTILE_drift 

(8) Habitat 

Porter (2008); 

Round (1984) 

(0) benthic (on stream bed) 

(1) seston (floating) 

 

 

HABITAT_seston 

(9) Reproductive 

technique 

Biggs et al. 

(1998b); Prescott 

(1962) 

(0) fission (mitosis) 

(1) fragmentation (breaking of filaments) 

 

 

REPRO_frag 

(10) Spore 

formation 

Prescott (1962); 

Agrawal (2009); 

Souffreau et al. 

(2010) 

(1) not forming spores 

(2) zoospores (no dormancy, asexual) 

(3) akinetes (thick cell wall, dormancy possible, 

asexual) 

(4) oospores and zygospores (thick cell wall, 

dormancy, sexual) 

SPORES_none 

SPORES_zoos  

SPORES_akinetes 

 

SPORES_oos.zygs 
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4.3.4 Data analysis 

I investigated how the relative abundances of algal traits were associated with my landscape-

scale and in-stream predictor variables. First, I investigated how the traits were related to the 

landscape variables % farming intensity and % water abstraction. I then used the two ln-

transformed in-stream variables nutrients and fine sediment to determine the best trait models 

in relation to these physicochemical predictors. 

I used general linear models and an information-theoretic model-selection approach, following 

Johnson & Omland (2004) (for details see Chapter 2). All analyses were run using R (version 

3.0, R Development Core Team, 2014). For the landscape-scale analysis, I considered the global 

model (intercept plus four predictor terms: the first-order terms % farming intensity (FI) and % 

water abstraction (WA), the second-order term FI×FI to describe unimodal relationships and 

the interaction FI×WA), nested versions of the global model with one or more predictor terms 

removed, and the null model (intercept only) (resulting in 8 competing models). For the in-

stream analysis, I considered models with a maximum of five predictors: first-order terms for 

fine sediment (SED) and nutrients (NUT), the second-order terms SED×SED and NUT×NUT 

to describe unimodal relationships, and the interaction SED×NUT (resulting in 13 competing 

models). 

Response and predictor variables were centred by subtracting the sample mean from each value 

and scaled with two standard deviations to allow the use of regression estimates as effect sizes 

(Schielzeth, 2010). The full model sets were generated using the dredge function implemented 

in the MuMIn package (Bartoń, 2013). The top model set was obtained by selecting all models 

within AICc ≤ 2 of the best one and then applying the ‘nesting rule’ where selected models 

cannot be more complex than the highest ranked model (Richards et al., 2011). If more than 

one top model was chosen, model averaging produced one final model for each response 

variable, with regression estimates and their 95% Confidence Intervals (CIs) calculated as 

weighted averages using Burnham & Anderson’s (2002) ‘zero-method’. Standardized partial 

regression coefficients represent effect size measures (categories: weak > 0.1, moderate > 0.3, 

strong > 0.5) and their 95% CIs are measures of precision and uncertainty (Nakagawa & Cuthill, 

2007). I only considered effect sizes ≥ 0.1 as biologically relevant but terms with coefficients 

of < 0.1 were kept in cases where the interaction term was retained in the final model. For 

comparison of stressor strengths, I calculated overall effect sizes and their respective standard 

errors for landscape and in-stream predictors from the variance-weighted absolute values of the 

effect sizes in the final models. 



CHAPTER 4 Stream Algae   73 

4.4 Results 

In the landscape-scale analysis, 18 of the 30 trait categories showed a relationship to % farming 

intensity, six of these categories were also related to % water abstraction, and four retained an 

interaction term (Table 4.3, at end of Results section). All interactions were classified as 

antagonisms (after Matthaei & Lange, in press) where the combined effects were smaller than 

expected based on the individual effects involved. The overall mean effect size of farming 

intensity (0.38) was double of that of water abstraction (0.18). The strongest individual response 

pattern was for cymbelloid-shaped algal cells (R2 = 0.38), which showed a negative relationship 

with farming intensity (Figure 4.1). Next came the relationships for cells lacking the ability to 

form spores and gliding cells (R2 = 0.29 and 0.22), best modelled as negative relationships with 

farming intensity combined with overall positive relationships with water abstraction and 

following an antagonistic response pattern. The patterns shown by the erect growth form, 

attached algae and nitrogen-fixing cells (R2 = 0.26, 0.21 and 0.20) were all best modelled by a 

negative relationship with farming intensity.  

In the in-stream analysis, 16 of the 30 trait categories included either nutrients (12) or fine 

sediment (4) in the final model (Table 4.4). The overall mean effect size of nutrients (0.40) was 

stronger than that of sediment (0.30). The strongest individual response patterns (in decreasing 

order) were for algae with phycobilisomes, cymbelloid-shaped cells, nitrogen-fixing algae, 

algae not forming spores, erect growth forms, attached algae, medium biovolumes and prism-

shaped cells (with R2–values ranging from 0.36 to 0.10). All these were best modelled by 

medium to strong negative relationships with total nitrogen concentrations (Figure 4.2). Weak 

response patterns (R2 = 0.07-0.10) for metaphyton and gliding algae were best described by 

negative unimodal relationships with fine sediment, and formation of zoospores and large 

biovolume by positive relationships with fine sediment. 
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Figure 4.1 Examples of relationships between the algal trait categories (a) cymbelloid shape, (b) no 

spore formation, (c) erect growth form, (d) gliding motility, (e) attached algae and (f) nitrogen fixation 

and the landscape-scale predictor variables farming intensity and water abstraction (those with the 

highest R2 values, see Table 4.3). The final models are shown with three-dimensional response surfaces. 
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Figure 4.2 Examples of relationships between the algal trait categories (a) phycobilisomes, (b) 

cymbelloid-shaped cells, (c) nitrogen fixation, (d) no spore formation, (e) erect growth form and (f) 

attached algae and the in-stream variables total nitrogen and fine sediment (those with the highest R2 

values, see Table 4.4). The final models are shown with three-dimensional response surfaces. 



 

Table 4.3 Partial standardized regression estimates (effect sizes), 95% CIs and R2 values of the final models for the relationships between algal traits and landscape-

scale predictor variables. FI = % farming intensity, WA = % water abstraction, FI×FI = second-order polynomial terms and FI×WA = interaction terms. Significant 

predictor variables are printed in bold. For abbreviations see Table 4.2. 

Response Transformation FI FI×FI WA FI×WA R2 Interaction 

BIOVOLUME_c1 ln(x) -0.33 (-0.62; -0.03)    0.10  

BIOVOLUME_c2 ln(x) -0.45 (-0.96; 0.06) 0.74 (0.05; 1.42) 0.3 (-0.07; 0.67) 0.48 (-0.13; 1.08) 0.20 antagonism 

BIOVOLUME_c3 ln(x) -0.23 (-0.54; 0.08)    0.05  

BIOVOLUME_c4 ln(x)       

BIOVOLUME_c5 ln(x)       

SHAPE_box ln(x)       

SHAPE_cylinder ln(x)       

SHAPE_cymbelloid ln(x) -0.82 (-1.16; -0.48) 0.58 (0.09; 1.08)   0.38  

SHAPE_gomphonemoid ln(x)       

SHAPE_prism ln(x)       

SHAPE_sphere ln(x)       

GROWTH_erect ln(x) -0.52 (-0.79; -0.25)    0.26  

GROWTH_filament  0.32 (0.02; 0.62)    0.10  

GROWTH_low square-root        

GROWTH_meta square-root        

GROWTH_motile ln(x) -0.16 (-0.47; 0.16)  0.14 (-0.16; 0.45) 0.67 (0.06; 1.28) 0.15 antagonism 

ATTACHMENT_high ln(x)       

ATTACHMENT_low  0.29 (-0.01; 0.60)  -0.24 (-0.54; 0.06)  0.12  

ATTACHMENT_medium  -0.30 (-0.61; 0.00)  0.23 (-0.07; 0.53)  0.13  

NITROGENFIX_1 ln(x) -0.61 (-1.00; -0.23) 0.61 (0.05; 1.17)   0.20  

PIGMENT_1 ln(x) -0.32 (-0.62; -0.02)    0.10  

MOTILE_attached  -0.46 (-0.74; -0.18)    0.21  

MOTILE_drift ln(x) 0.33 (0.03; 0.63)    0.11  

MOTILE_gliding ln(x) -0.26 (-0.57; 0.05)  0.05 (-0.24; 0.34) 0.74 (0.16; 1.32) 0.22 antagonism 

HABITAT_seston ln(x)       

REPRO_frag  0.31 (0.01; 0.61)    0.10  

SPORES_akinetes ln(x)       

SPORES_none  -0.45 (-0.85; -0.05) 0.49 (-0.11; 1.1) 0.15 (-0.17; 0.47) 0.67 (0.1; 1.24) 0.29 antagonism 



 

Response Transformation FI FI×FI WA FI×WA R2 Interaction 

SPORES_oos.zygs square-root        

SPORES_zos square-root  0.31 (0.01; 0.61)    0.09  

 

Table 4.4 Partial standardized regression estimates (effect sizes), 95% CIs and R2 values of the final models for the relationships between algal traits and in-stream 

predictor variables . SED = ln-transformed amount of suspendable fine sediment on the stream bed, NUT = ln-transformed total nitrogen concentrations in the 

stream water, SED×SED and NUT×NUT = second-order terms, and SED×NUT = interaction terms. For more details see Table 4.3. 

Response Transformation SED SED×SED NUT NUT×NUT SED×NUT R2 

BIOVOLUME_c1 ln(x)   -0.28 (-0.59; 0.02)   0.08 

BIOVOLUME_c2 ln(x)       

BIOVOLUME_c3 ln(x)   -0.39 (-0.68; -0.10)   0.15 

BIOVOLUME_c4 ln(x) 0.28 (-0.03; 0.58)     0.07 

BIOVOLUME_c5 ln(x)       

SHAPE_box ln(x)       

SHAPE_cylinder ln(x)       

SHAPE_cymbelloid ln(x)   -0.59 (-0.85; -0.34)   0.35 

SHAPE_gomphonemoid ln(x)       

SHAPE_prism ln(x)   -0.32 (-0.62; -0.02)   0.10 

SHAPE_sphere ln(x)       

GROWTH_erect ln(x)   -0.42 (-0.71; -0.14)   0.18 

GROWTH_filament        

GROWTH_low square-root        

GROWTH_meta square-root  -0.3 (-0.71; 0.12) -0.65 (-1.31; 0.01)    0.10 

GROWTH_motile ln(x)       

ATTACHMENT_high ln(x)       

ATTACHMENT_low    0.29 (-0.01; 0.59)   0.08 

ATTACHMENT_medium    -0.30 (-0.6; 0.00)   0.09 

NITROGENFIX_1 ln(x)   -0.44 (-0.73; -0.16)   0.19 

PIGMENT_1 ln(x)   -0.60 (-0.86; -0.35)   0.36 

MOTILE_attached    -0.42 (-0.71; -0.13)   0.17 

MOTILE_drift ln(x)   0.28 (-0.02; 0.58)   0.08 

MOTILE_gliding ln(x) -0.33 (-0.72; 0.07) -0.55 (-1.21; 0.11)    0.10 



 

Response Transformation SED SED×SED NUT NUT×NUT SED×NUT R2 

HABITAT_seston ln(x)       

REPRO_frag ln(x)       

SPORES_akinetes ln(x)       

SPORES_none    -0.44 (-0.72; -0.15)   0.19 

SPORES_oos.zygs square-root        

SPORES_zoos square-root  0.29 (-0.01; 0.59)     0.08 
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4.5 Discussion 

4.5.1 Mechanisms driving the composition of algal communities – testing the 

conceptual framework 

I tested my conceptual framework according to the 14 specific hypotheses shown in Table 4.1. 

My predictions were mostly supported by my findings (7 hypotheses supported, 5 rejected and 

2 could not be tested). Moreover, in cases where hypotheses were not supported I gained new 

insights into processes governing algal communities in agricultural catchments. Farming 

intensity shaped algal communities by increasing resource supply (nutrients and light), resulting 

in a community composition that favoured large, non-attached, filamentous algae after several 

weeks of low flow conditions. On the other hand, water abstraction – which I also consider to 

have reduced the probability of flood-induced periods of high shear stress – enhanced the 

severity of low flows, caused depositional conditions and increased the probability of stream 

drying, resulting in a community composition that favoured small, resilient and motile algae at 

high levels of farming intensity. 

Morphological traits. Cell size and shape are key traits that influence growth rates, metabolism 

and access to the resources needed by benthic algae (Passy, 2007b) and phytoplankton 

(Litchman & Klausmeier, 2008; Kruk et al., 2010). Morphological traits showed frequent and 

strong relationships to my gradient of farming intensity whereas relationships with water 

abstraction intensity were less pronounced. The proportion of small cell sizes decreased at 

higher levels of farming intensity, implying that increased nutrient supply supported the growth 

of larger cell sizes with a smaller surface to volume ratio (confirming hypothesis MR1). Cell 

shape can be another influential trait affecting nutrient acquisition and susceptibility to grazing 

(Litchman & Klausmeier, 2008); therefore, I predicted that spherical cells with a lower surface 

to volume ratio would have an advantage under nutrient-limiting conditions. However, this cell 

shape was largely absent from my dataset (hypotheses MR2 and MD2 could not be tested). 

Instead I observed a significant decline in cymbelloid cells (diatoms of the genera Cymbella 

and Encyonema). A similar decrease in cymbelloid cells along a wide gradient of nutrient 

enrichment was also observed in a stream-side channel experiment (Wagenhoff et al., 2013).  

Position within a three-dimensional matrix determines an alga’s access to nutrients and light, 

with improved access in algae that can elevate themselves over others, either by active 

movement or tall growth (Passy, 2007a; Lange et al., 2011). Thus, filamentous algae were the 

dominant growth form at high levels of farming intensity in my study (supporting hypothesis 

MR3). A New Zealand-wide study of 78 streams also reported that low flows and total nitrogen 
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concentrations were the two key variables predicting the growth of filamentous algae (Snelder 

et al., 2014). 

The same morphological traits may be related to disturbance. In the context of my study, I 

regard a disturbance as any extreme event including severe low flows or stream drying but also 

including extreme fluctuations in temperature and oxygen conditions. Cell size is a key trait for 

determining a species’ ability to recover after disturbance because smaller cells have higher 

growth rates that confer greater resilience (Passy, 2007b; Litchman & Klausmeier, 2008). I 

observed that small cells were favoured with increasing water abstraction at high farming 

intensity, thus showing greater resilience to the higher risk of stream drying at increased water 

abstraction intensities (supporting hypothesis MD1).  

Growth form is important in relation to an alga’s ability to gather resources and also its ability 

to withstand disturbance by high shear stress or grazing. I predicted in hypothesis MD3 that the 

metaphyton (algae without fixation structures) would increase at low shear stress (which should 

occur more often at high water abstraction intensities). Instead I observed an increase in motile 

taxa with water abstraction at high farming intensity (rejecting hypothesis MD3 and supporting 

hypothesis BD1 – see related discussion below). Mobility is a known advantage under 

depositional conditions with increased sedimentation (Wagenhoff et al., 2013) but may also be 

an advantage during stream drying, enhancing the ability to find crevices between substratum 

particles or move towards deeper layers the biofilm. Paralleling my finding, mobile taxa such 

as Navicula were also more common downstream of sites with water abstraction in a survey of 

10 Hong Kong streams (Tang, Niu & Dudgeon, 2013). Directional flow is the most prominent 

feature of stream ecosystems and some algae have developed specific attachment mechanisms 

to maintain their position. Therefore I predicted that attachment strength would be positively 

related to flow disturbance. However, I found that flow reduction disfavoured non-attached 

algae (while the proportion of algae closely but not tightly associated with the substratum 

increased) (rejecting hypothesis MD4) and that non-attached, ‘floating’ forms dominated at 

higher levels of farming intensity. Floating filamentous algae, often entangled within 

macrophytes, were a prominent feature of streams at high farming intensities and, at the in-

stream, ‘floating’ was positively related to nitrogen concentrations but not to fine sediment 

levels. Therefore I conclude that ‘floating’ is also an advantageous strategy for gathering light 

and nutrients under stable flow conditions.  

Physiological traits. Light and nutrients are essential resources for benthic algae. The former 

can be reduced by riparian vegetation, attenuation through the water column or in lower layers 
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of the biofilm matrix (Hill, 1996). Formation of accessory pigments such as phycobilisomes 

can provide advantages under light-limiting (Stal, 2012) and nitrogen fixation under nutrient-

limiting conditions (Stancheva et al., 2013). These two key algal traits showed strong negative 

relationships in my study to farming intensity and stream water nitrogen concentrations but no 

relationships to water abstraction or fine sediment (supporting my hypotheses PR1 and PR2). 

Overall, this indicates that farming intensity exerted strong effects on algal communities 

through an altered supply of light and nutrients.  

Behavioural traits. I predicted an increase in actively motile organisms with increasing 

resource supply but observed a decrease in attached organisms and an increase in floating 

organisms with farming intensity (rejecting hypothesis BR1). These findings imply that floating 

filamentous forms have an advantage in gathering nutrients under stable flow conditions. For 

motile organisms I found an increase with water abstraction (at high farming intensity) and a 

unimodal relationship with fine sediment deposition (an initial increase followed by a decrease) 

(supporting hypothesis BD1). Similar positive relationships for this trait were reported in a field 

experiment exposing rough and smooth artificial substrates for algal colonization (Schneck et 

al., 2011) and in stream channel experiments manipulating fine sediment cover (Piggott et al., 

2012; Piggott et al., 2014). These patterns suggest that increased habitat heterogeneity afforded 

by low levels of sediment inputs provides suitable habitat for species that lie loosely on 

sediment or move through and live within crevices (Schneck et al., 2011), but that this initial 

subsidy is followed by a decline of these growth forms at high sediment levels. It is not 

surprising that mobile growth forms and gliding motility showed similar patterns because 

mobile growth forms incorporate the ‘faster-moving’ motile taxa (Passy, 2007a). Habitat 

preference for the benthos (a trait potentially indicating adaptation to disturbance due to high 

shear stress) was not related to stressors at the landscape or in-stream scale (rejecting hypothesis 

BD2). However, neither farming intensity nor water abstraction were strongly related to the 

snapshot current velocities recorded in the Manuherikia River catchment (Chapter 3), therefore 

I may have not been able to detect a relationship of this trait with these predictors in my survey. 

Nevertheless, motility traits (including the trait category drift) and growth form traits (including 

metaphyton) did show relationships to my gradients. Therefore it is likely that the binary trait 

habitat (which has only two possible categories: benthic or seston) is less suited to describe 

relationships of stream algae along gradients of environmental variables than motility or growth 

form traits. 

Life-history traits. Vegetative reproduction and dispersal by fragmentation increased at higher 

levels of farming intensity but showed no relationship with water abstraction intensity (rejecting 
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hypothesis LHD1). Overall, dispersal by fragmentation is slower than dispersal by fission 

(Blinn et al., 1998). Reproduction by fragmentation is typical of filamentous forms that have 

an advantage under resource-rich conditions. Spore formation may provide taxa that reproduce 

by fragmentation with the ability to tolerate unfavourable conditions instead of relying on 

recolonization from undisturbed habitats. 

In my study, the proportion of algae that do not form spores (zoospores, akinetes, oospores or 

zygospores) showed an antagonistic response pattern with a negative relationship to farming 

intensity and a positive relationship to water abstraction. The cell structures of akinetes, 

oospores and zygospores in comparison to vegetative cells gives them the advantage of being 

able to tolerate unfavourable conditions and remain viable for long periods (Agrawal, 2009). 

Spore formation might therefore be an advantageous strategy (increasing resilience) for large-

celled filamentous algae at high farming intensities since these organisms usually also have 

limited dispersal abilities (De Bie et al., 2012) (the positive relationship of the prevalence of 

spore-forming algae with farming intensity is in support of hypothesis LHD2). To my 

knowledge, spore formation has not been investigated together with other traits such as cell size 

and growth forms but could be an important trait to consider in future. Furthermore, spore 

formation might be analogous to resistant forms (Dolédec et al., 2006) or diapausing or 

otherwise protected egg stages (Williams, 1996) often investigated in stream invertebrates in 

conjunction with environmental stress and community resilience. 

4.5.2 Which traits showed the strongest relationships to environmental gradients? 

Morphological, physiological, behavioural and life-history traits all showed similarly strong 

relationships to my gradients of anthropogenic stressors at both the landscape and the in-stream 

scale. In agreement with this overall result, diatom size classes, growth forms and life-forms 

(mobile, colonial, tube-forming, stalked and pioneer) all provided a similar degree of 

discrimination along a gradient of organic pollution in a survey of 328 sites from 212 rivers in 

South-West France (Berthon et al., 2011). In the past, growth form traits were often the only 

ones considered to detect algal or diatom responses to environmental conditions in stream 

surveys/large-scale field experiments (for diatoms only: Pringle, 1990; Passy, 2007a; Berthon 

et al., 2011; Stenger-Kovács et al., 2013; Goldenberg Vilar et al., 2014) (including all algae: 

Schneck et al., 2011; Schneck & Melo, 2012) or mesocosm experiments (for diatoms only: 

Lange et al., 2011; Passy & Larson, 2011; Rimet & Bouchez, 2011) (including all algae: Piggott 

et al., 2012; Magbanua et al., 2013a; Wagenhoff et al., 2013; Piggott et al., 2014). In my study, 

however, growth form traits showed less consistent relationships to landscape-scale predictors 
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than cell shape and spore formation. They also showed less consistent relationships to in-stream 

predictors than cell shape, spore formation and physiological traits. Consequently, I recommend 

that future trait-based assessments of algal communities should include physiological, life-

history and morphological traits other than just those related to growth form. 

The presence of phycobilisomes (a light harvesting apparatus in cyanobacteria and red algae), 

nitrogen fixation and spore formation showed stronger relationships to environmental gradients 

(higher R2 values and effect sizes) than growth forms at the in-stream scale. Note that diatoms 

cannot form spores (Souffreau et al., 2010), few of them can host nitrogen-fixing 

endosymbionts (Epithemia and Rhopalidoa) and none produce phycobilisomes (Bellinger & 

Sigee, 2011). Therefore, I recommend that the assessment of stream ecosystem functioning in 

future trait-based studies should be extended to include cyanobacteria and other algal groups, 

not just diatoms. I concur with Kelly (2013) that researchers should move away from “admiring 

empty diatom frustules” and extend their scope to include soft-bodied algae. Paralleling my 

findings, nitrogen fixation was also the trait that provided the best differentiation along a 

gradient of nutrient enrichment in field experiments in Californian streams (Nelson, Bennett & 

Cardinale, 2012). Traits such as nitrogen fixation and pigment composition, which relate to 

resource availability, may therefore turn out to be important in detecting alterations to energy 

and matter fluxes caused by increasing nitrogen deposition and climate change. 

I did not include several other potential algal traits in my study for a number of reasons. 

Maximum linear dimension and surface to volume ratio (Law et al., 2014) were excluded 

because I was unable to gather this information from the literature; both traits, however, are 

strongly related to cell biovolume which was readily available (USGS, 2002). Other traits 

proposed for ecological assessment include saprobic and trophic indices, and tolerances to 

pollution, salinity and pH (Kelly et al., 2008; Porter, 2008; Schmidt-Kloiber & Hering, 2011). 

Nevertheless, these are all defined by relating trait abundance to environmental variables and 

therefore do not conform with the concept that biological traits should be easily measurable 

without reference to the environment (Poff, 1997; Weithoff, 2003; Kruk et al., 2010). 

The relatively large amount of unexplained variation for algal trait response variables in my 

study compared to others (experimental studies in particular) could be due to the fact that I 

sampled stream algae along a wide gradient of land use intensities and there may have been 

other factors influencing the algal communities that I did not include in my survey (see also 

Nelson et al., 2012; Algarte et al., 2014). For example stressors such as stream water 

temperature (Piggott et al., 2014), invertebrate grazing (Steinman, 1996) and pesticide 
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concentrations (Rimet & Bouchez, 2011), which are all rarely measured in field surveys, might 

have affected algal communities as well. 

4.5.3 Can algal traits help disentangle multiple-stressor effects? 

In my landscape-scale analysis, algal traits were unable to distinguish between the gradients of 

farming intensity and water abstraction intensity. All final models included farming intensity 

as a predictor and none of the traits solely showed a relationship to water abstraction. This result 

implies that farming intensity had more pronounced and diverse effects on algae than water 

abstraction. Farming activities (e.g. application of fertilizer and manure, choice of stock density 

and stock access to waterways) determine, among other variables, the amount of nutrients and 

fine sediment reaching the streams in agricultural catchments. Water abstraction, by reducing 

flows and creating depositional conditions, can then enhance sedimentation and organic matter 

processing. In support of my findings, nutrient regime but not flood frequency had an effect on 

algal taxon richness in a 15-month study of 12 New Zealand streams (Biggs & Smith, 2002) 

and algal community composition was more affected by nutrient supply than by hydrology in 

three New Zealand rivers (Biggs, Kilroy & Lowe, 1998a). My findings for algal traits are 

similar to those for the distribution of invertebrate traits in the Manuherikia River catchment 

(Chapter 3) where farming intensity had more severe effects on invertebrate communities than 

water abstraction.  

At the in-stream scale, the relationships of algal traits with nutrient concentrations were more 

frequent and stronger than for fine sediment, but their overall effect sizes imply that both 

physicochemical variables are important for stream algae. This finding suggests that algal 

communities in the Manuherikia catchment are more responsive to changes in stream nutrient 

supply than to changes in substratum characteristics. In contrast to the landscape-scale analysis, 

at the in-stream scale I only identified single-stressor models and no interactions among 

stressors. A stream channel experiment that investigated algal community composition and 

growth forms (high, low and motile guilds) along wide gradients of nutrients and fine sediment 

also reported that interactions between these two stressors were either very weak or non-

significant (Wagenhoff et al., 2013). Nevertheless, another experiment that investigated the 

effects of nutrient and sediment addition on stream algal communities and growth forms (the 

same five growth forms as in my study) along a gradient of increased water temperatures, found 

frequent interactions between nutrients and fine sediment (Piggott et al., 2014). However, both 

these experiments only considered one or two algal traits. These contrasting findings imply that 

(1) we should investigate non-additive responses of algal communities with a comprehensive 
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set of traits, and (2) algal traits may be suitable to differentiate between the effects of multiple 

stressors at the in-stream scale (e.g. nitrogen fixation to detect nutrient enrichment and motility 

to detect fine sediment inputs). 

4.5.4 Conclusions 

My conceptual framework based on a comprehensive set of algal traits allowed me to gain 

insights into the mechanisms by which farming intensity and water abstraction affect stream 

algal communities. I found that farming intensity mainly acted through increased inputs of light 

and nutrients, reflected in a decrease in small, nitrogen-fixing cells with/without accessory 

pigments. Increased farming intensity facilitated the success of large, non-attached filamentous 

algae that have limited dispersal abilities. 

Recently, considerable literature has highlighted that sediment is the ‘master stressor’ for 

stream invertebrate and fish communities (reviews by Jones et al., 2011; Kemp et al., 2011). 

By contrast, in my stream survey nutrient and light availability were more important for the 

architecture of the algal community than fine sediment inputs.  

Future studies should apply comprehensive trait-based approaches to gain a better 

understanding of the mechanisms by which resource supply (nutrients, light), disturbance (low 

flows, floods, grazing) and/or substratum composition (fine sediment) shape algal communities 

in field studies and experiments. The greatest challenge for the applicability of this type of trait-

based approach is the availability of detailed taxon-specific trait data. The development of trait 

databases for freshwater algal communities has already begun (Porter, 2008; Schmidt-Kloiber 

& Hering, 2011) but these need to be extended to include a more comprehensive list of algal 

traits. 

Lastly, to my knowledge this is the first study to investigate the interactive effects of 

hydrological alteration (stream flow reduction and increased intermittency) and eutrophication 

on stream algal communities, even though both stressors are among the main five known threats 

for freshwater ecosystems (Dudgeon et al., 2006). This knowledge gap and the interplay of 

these stressors with stressors arising from global change also need to be addressed by future 

studies.
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CHAPTER Five 

Primary consumer stable isotope ratios as indicators  

of multiple anthropogenic stressors in streams 

 

Stream under very high water abstraction intensity in the  

Ida Burn catchment, a tributary of the Manuherikia River. 

  

Chapter 5 is a modified version of a manuscript submitted to Ecological Indicators: Lange, K., 

Townsend, C.R. & Matthaei, C.D. Primary consumer stable isotope ratios as indicators of multiple 

anthropogenic stressors in streams, submitted 11 November 2014. 
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5.1 Summary 

Stable isotope ratios of primary consumers have been proposed as indicators of human impacts 

on nitrogen dynamics across multiple spatial and temporal scales and ecosystems. Until now 

these ratios in stream ecology have been related only to single-stressor gradients of land-use 

intensity or nutrient enrichment while potential interactive effects of multiple stressors are 

unknown. It also remains to be tested whether stable isotope ratios for different primary 

consumers show similar relationships along gradients of stressor intensities. I sampled three 

dominant invertebrate grazers along gradients of farming intensity (0 – 95% of the catchment 

in intensively managed pasture) and water abstraction (0 – 92% stream flow reduction). I used 

general linear models and model selection to determine the relationships between primary 

consumer δ15N values and landscape and in-stream variables. The δ15N ratios of the three 

primary consumers differed substantially along stressor gradients. Consumer stable isotope 

ratios responded to previously unstudied variables such as water abstraction intensity and in-

stream levels of fine sediment. Non-additive, antagonistic multiple-stressor interactions were 

common. Delta-15N ratios were positively related to farming intensity, showing a saturation 

curve, and linearly positively to water abstraction intensity. My findings imply that δ15N ratios 

of primary consumers can be suitable indicators of anthropogenic N inputs but focal consumer 

taxa need to be selected with care because their δ15N ratios may follow different response 

patterns. Further, scientists and resource managers should be aware that stable isotope ratios, 

similar to structural attributes of ecosystems, can show non-linear and non-additive responses 

to multiple stressors.  

5.2 Introduction 

The availability of nitrogen, a key driver of ecosystem functioning and productivity, has been 

increased by a multitude of human actions (Vitousek et al., 1997). Excess nitrogen can lead to 

changes in community structure (including species loss and invader establishment) and 

ecosystem processes such as organic matter breakdown, primary production and nutrient 

spiralling (Rabalais, 2002). Resource managers try to control the amount of nitrogen reaching 

aquatic ecosystems but success can be highly variable and difficult to document; therefore, it is 

crucial to develop tools for tracking nitrogen flows across multiple spatial and temporal scales 

(Atkinson et al., 2014). This task is all the more challenging because most ecosystems are 

exposed to multiple environmental stressors acting simultaneously (Vinebrooke et al., 2004; 

Ormerod et al., 2010), an aspect that has not been investigated for stable isotope ratios. Such 
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effects can be difficult to predict because combined stressor effects can be larger or smaller 

than expected based on the effects of the individual stressors involved (Folt et al., 1999). 

The use of stable isotope ratios as indicators of anthropogenic disturbances was first proposed 

by Peterson & Fry (1987). In aquatic environments, utilizing δ15N isotopes as potential 

indicators of land-use intensification and nitrogen enrichment has been suggested for streams 

and rivers (Anderson & Cabana, 2006; Clapcott et al., 2010; Larson et al., 2013), ponds and 

lakes (Cabana & Rasmussen, 1996; Lake et al., 2001), estuaries (McClelland & Valiela, 1998) 

and coastal waters (Vermeulen et al., 2011; Barr et al., 2013). Agricultural land use can impose 

a variety of stressors on stream ecosystems, including nutrient enrichment, increased sediment 

load (Allan, 2004), higher light availability and augmented water temperatures due to removal 

of riparian vegetation (Davies-Colley et al., 2009). Another important stressor at the landscape 

scale is water abstraction for irrigation (Dewson et al., 2007b). Water abstraction commonly 

reduces stream discharge and flow velocities, which, in turn, can alter ecological processes. 

Overall, a comprehensive understanding of factors driving the variability of stable isotope ratios 

is still lacking (Bergfur et al., 2009; Peipoch, Marti & Gacia, 2012).  

Delta 15N ratios differ between nitrogen sourced from precipitation, fertilizer and sewage 

(Mayer et al., 2002; Anderson & Cabana, 2005) and as a result of subsequent fractionation 

during assimilation by plants and other nitrogen transformation processes (Kellman & Hillaire-

Marcel, 1998; Sebilo et al., 2003; Diebel & Vander Zanden, 2009). Gaseous nitrogen losses 

through denitrification and ammonia volatilisation can fractionate N isotopes and thus lead to 

elevated δ15N ratios for nitrogen derived from both inorganic fertilizer and manure (Kendall, 

1998). Catchment land-use intensity has been related to δ15N ratios of stream water (Mayer et 

al., 2002; Voss et al., 2006; Barnes & Raymond, 2010), sediment (Udy et al., 2006), aquatic 

plants (Udy & Bunn, 2001), primary consumers (Anderson & Cabana, 2006; Clapcott et al., 

2010; Atkinson et al., 2014) and fish (Anderson & Cabana, 2006).  

Among stream primary consumers, grazing animals that feed on periphyton are especially well-

suited as bioindicators. They are widely distributed in running waters (Udy et al., 2006; 

Anderson & Cabana, 2007; Clapcott et al., 2010) and represent an important link for nutrient 

and energy transfer from primary producers to all higher tropic levels (Jardine et al., 2005). 

Stable isotope ratios of these primary consumers should reflect the isotope signature of nitrogen 

incorporated into body mass over their life duration (Peterson & Fry, 1987), thus providing a 

time-integrated measure of nitrogen sources and transformation processes. Most stream studies 

have reported positive linear relationships between δ15N ratios and catchment land-use 
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intensity, although Larson et al. (2013) reported a saturation curve along a wide gradient of 

% agriculture.  

To my knowledge, no stream studies have investigated the combined effects of multiple, 

simultaneously operating agricultural stressors on stable isotope ratios, nor have they focused 

on multiple primary consumers. Most have investigated the relationship between a single 

primary consumer taxon or calculated δ15N ratios from several taxa combined where the focal 

consumer taxon was not present at all sites (Clapcott et al., 2010; Larson et al., 2013). We do 

not know whether different taxa show similar relationships along gradients of anthropogenic 

disturbance. Logistic constraints have ruled out manipulative experiments to study the large-

scale temporal and spatial mechanisms underlying variability in stable isotope ratios. Thus, I 

conducted a ‘natural experiment’ (Townsend et al., 2008) to investigate stable isotopes from 

primary consumers along pre-defined gradients of agricultural land-use and hydrological 

alteration. I tested the following hypotheses: (1) Common primary consumers will show similar 

patterns along the gradients of catchment land-use (given the strong relationships between 

stable isotope signatures of primary consumer body tissue and their food resources; Jardine et 

al. 2005); (2) δ15N ratios will generally show positive relationships with increasing farming 

intensity and water abstraction intensity (due to increased rates of nitrogen transformation 

processes) and will show a curvilinear relationship to farming intensity; and (3) δ15N ratios will 

show positive relationships with nutrient enrichment and increased deposited fine sediment but 

will follow non-additive response patterns along multiple-stressor gradients (as has been 

documented in stream-side mesocosm experiments for other ecosystem processes such as leaf 

decay and for benthic algae; Matthaei, Piggott & Townsend 2010).  

5.3 Methods  

5.3.1 Study sites 

I selected sites within a single catchment, the Manuherikia River in Central Otago, which is 

among the driest in New Zealand. My 43 study sites included 3rd, 4th and 5th order streams 

selected to provide wide gradients of both % farming intensity and % water abstraction that 

included sites of high water abstraction in areas of low farming intensity and vice versa. 

Strategic selection of sites along the two land-use gradients ensured that % farming intensity 

and % water abstraction were uncorrelated (R2 = 0.03). My measure of farming intensity was 

the percentage of each sub-catchment covered in ‘intensively managed high-producing exotic 

grassland’, assuming that this land use would impose the strongest effects on nitrogen 

dynamics. Water abstraction intensity was calculated as the percentage of streamflow reduction 
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from the Dryland Scenario (no water abstracted) to the Current Scenario based on modelled 

streamflows by Kienzle & Schmidt (2008) (for details see Chapter 2). In the studied sub-

catchments, farming intensity ranged from 0 to 95% and that for water abstraction from 0 to 

92% (Chapter 3). Each site was visited once between 21 March and 4 April 2011 to collect in-

stream physicochemical and invertebrate samples. 

5.3.2 Physicochemistry 

Based on previous studies, total nitrogen and suspendable inorganic sediment were most 

strongly related to the gradient of farming intensity so I used these as my land use related 

physicochemical variables (Chapter 3). A short distance upstream of each riffle/pool unit 

sampled for invertebrates (see below), concentrations of total nitrogen were determined from 

three unfiltered water samples using standard methods (APHA, 1998). The amount of 

suspendable inorganic sediment (SIS, particles ≤ 2 mm) was determined using standard 

methods (‘Quorer’ technique, see Chapter 2 for details), after Clapcott et al. (2011). SIS was 

measured at five random locations in riffles and three in pools and averaged for each habitat 

and site. 

5.3.3 Biological sampling and sample processing 

Benthic stream invertebrates were sampled using a 500-µm mesh kick-net in pool and riffle 

habitats following standard methods for semi-quantitative collections, after Stark et al. (2001). 

Invertebrates were preserved in 70% ethanol. Although preservatives such as ethanol can affect 

δ15N values, the effects of ethanol on benthic macroinvertebrate stable isotope composition 

were found to be minor and non-significant compared to non-preserved material (Syväranta et 

al., 2008; Lau, Leung & Dudgeon, 2012). 

The three grazers with the highest relative abundance in my samples were the snails 

Potamopygrus antipodarum (present at 39 of 43 sites) and Physella acuta (37 sites), and larvae 

of the mayfly Deleatidium spp. (21 sites). For stable isotope analysis, I selected ten similar-

sized individuals per taxon and sample (mean body length 3.8 mm for Deleatidium, mean shell 

lengths 2.3 mm for Potamopyrgus and 2.9 mm for Physella; measured to the nearest 0.1 mm 

under a dissecting microscope; Olympus SZ51, Olympus, Tokyo, Japan) and stored them in 

90% ethanol in 5-mL glass vials. Snail shells and detritus were removed by soaking 

invertebrates in 1 mL 1M HCl overnight and rinsing with deionized water. Gut contents were 

not removed due to the small body sizes and because of strong relationships between stable 

isotope signatures of primary consumer tissue and gut contents (Jardine et al., 2005).  
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Grazers were dried at 60 °C for 48 h and subsampled (0.8 mg) into tin foil capsules. Nitrogen 

isotopes were measured by combusting all material to N2 gas in an elemental analyser (Carlo 

Erba Instruments model NC2500, Milan, Italy). Gases were separated on a packed molecular 

sieve GC column and sequentially sent to an isotope ratio mass spectrometer (‘20/20 Hydra’, 

Europa Scientific, UK). Isotope ratios are reported as δ values (parts per thousand deviations 

from atmospheric N2 standards): δ ‰ = (
𝑅 𝑠𝑎𝑚𝑝𝑙𝑒

𝑅 𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
− 1) ∗ 1000 where R is the heavy-to-light 

ratio of the isotope. A subset of samples was analysed in duplicate and showed a mean standard 

deviation of 0.15‰ for 24 pairs. 

5.3.4 Data analysis 

I investigated relationships of δ15N values of the three grazers to my landscape-scale and in-

stream predictor variables using general linear models combined with information-theoretic 

model selection after Johnson & Omland (2004) and Wagenhoff et al. (2011) (see Chapter 2 

for more details). All analyses were computed in R (version 2.15; R Development Core Team, 

2014). 

For the landscape-scale variables, I examined 16 models including the global model (intercept 

plus five predictors: the first-order terms % farming intensity (FI) and % water abstraction 

(WA), habitat (riffle/pool), the second-order term FI×FI and the interaction FI×WA), nested 

versions of the global model with one or more predictors removed, and the null model (intercept 

only). If the interaction or the second-order term were retained, the lower-order terms were also 

retained. For the in-stream variables, I tested 26 competing models with up to five predictors: 

first-order terms for fine sediment (SED) and nutrients (NUT), habitat (riffle/pool), the second-

order term for nutrients (NUT×NUT) and the interaction term (SED×NUT). Variables were 

transformed where necessary, centred by subtracting the sample mean from each value (to 

improve interpretability of regression coefficients), and scaled with two standard deviations (to 

allow use of regression estimates as effect sizes) (Schielzeth, 2010).  

All models were ranked according to their AICc values (small sample unbiased Akaike 

Information Criterion; Burnham & Anderson, 2002). Where the Akaike weight (the probability 

that a model is the best one) of the highest ranked model was less than 0.9, model averaging 

was performed to account for selection uncertainty. The top model set was chosen by selecting 

all models within ΔAICc ≤ 2 of the best model and by applying the ‘nesting rule’ where more 

complex versions of the model ranked most highly were omitted (Richards et al., 2011). If more 

than one top model was retained, model averaging produced one final model for each response 

variable, with regression estimates and their 95% Confidence Intervals (CIs) calculated as 
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weighted averages using the ‘zero-method’ after Burnham & Anderson (2002). If a CI 

overlapped zero, the regression parameter was not significant (at α = 0.05) under the framework 

of conventional null-hypothesis testing (Nakagawa & Cuthill, 2007). 

5.4 Results 

Primary consumer δ15N values covered a large range from 1 to 14.7‰ with Deleatidium 

showing the lowest values and Physella showing the highest (Table 5.1). 

Table 5.1 Summary statistics for the three primary consumers 

Variable Mean Min Max 

Relative abundance at sites (%)    

Deleatidium 12 0 79 

Potamopyrgus 23 0 87 

Physella 2 0 24 

Delta 15N ratio (‰)    

Deleatidium 5.0 1.0 9.9 

Potamopyrgus 7.4 1.8 13.2 

Physella 8.0 4.3 14.7 

 

5.4.1 Do common primary consumers show similar relationships along stressor 

gradients? 

Deleatidium δ15N values showed a strong positive relationship with % farming intensity (Figure 

5.1). The pattern for Potamopyrgus was unimodal but much weaker, and Physella showed a 

weak negative linear relationship. Along the gradient of % water abstraction, δ15N values for 

all consumers showed similar positive linear relationships, but again this pattern was strongest 

for Deleatidium.  
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Figure 5.1 Patterns of primary consumer δ15N ratios along the gradients of % farming intensity or % 

water abstraction (regression lines included for all significant linear and unimodal relationships). 

5.4.2 Landscape-scale predictors and multiple-stressor patterns 

Deleatidium δ15N ratios were best modelled by a complex multiple stressor model with an 

antagonistic interaction between the stressors, in which the relationship with one stressor 

gradient depended on the intensity of the second stressor. This model explained 82% of the 

variation in the data, with strong effect sizes for farming intensity and the interaction term, plus 

weak effects for the remaining two model parameters (Table 5.2; effect size categories after 

Nakagawa & Cuthill, 2007: weak > 0.10, moderate > 0.30, strong > 0.50). Overall, Deleatidium 

δ15N values were positively related to rising farming intensity (best described by a saturation 

curve) and showed a linear positive relationship to water abstraction intensity (Figure 5.2), but 

these patterns were weaker at high water abstraction (across the farming intensity gradient) and 

at high farming intensity (across the abstraction gradient). Potamopyrgus δ15N ratios (Figure 

5.2) were moderately positively related with abstraction intensity but unrelated to farming 

intensity. Physella δ15N ratios (Figure 5.2) were weakly related to both farming intensity 

(negatively linear) and abstraction (positively), but without interaction. The predictor ‘habitat 
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type’ (riffle versus pool) was not retained in any of the final models. This implies that habitat 

type was unimportant for explaining the variation in stable isotope ratios of the three taxa. 

5.4.3 In-stream predictors and multiple-stressor patterns  

As at the landscape scale, the in-stream analysis yielded different response shapes for the three 

primary consumers (Table 5.3, Figure 5.2). Again, the predictor ‘habitat type’ (riffle versus 

pool) was not retained in any of the final models. Deleatidium δ15N values were strongly 

positively related to rising total nitrogen concentrations (a small initial decline followed by a 

steep increase; Figure 5.2), and unrelated to fine sediment levels. Potamopyrgus δ15N ratios 

(Figure 5.2) showed an antagonistic multiple-stressor pattern, with a moderate effect for total 

nitrogen, a small effect for sediment and a strong antagonistic interaction. Ratios generally 

increased with rising sediment levels and also with total nitrogen concentrations at low levels 

of fine sediment, but the latter pattern disappeared at high sediment levels. Physella δ15N ratios 

(not shown) were related to none of the studied in-stream variables. 
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Figure 5.2 Relationships between primary consumer δ15N values and landscape-scale (left) and in-

stream variables (right). Response surfaces were plotted for the range of stressor values found across 

the 43 study sites and riffle/pool habitats. The two axes are plotted with non-centred and non-scaled 

values for ease of interpretation.



 

Table 5.2 Regression estimates (effect sizes), 95% CIs and R2 values of the final models for the relationships of δ15N with the landscape-scale variables. 

Estimates in bold indicate where predictors had a significant effect on the response variable (95% CIs not overlapping zero). FI = farming intensity, 

WA = water abstraction, FI×FI = second-order polynomial terms and FI×WA = interaction terms. 

Response FI  FI×FI  WA  FI×WA  R2 

Delta 15N          

   Deleatidium 0.96 (0.56, 1.35) -0.27 (-0.55, 0.02) 0.20 (-0.05, 0.44) -0.63 (-1.27, 0.01) 0.82 

   Potamopyrgus     0.40 (0.16, 0.63)   0.16 

   Physella -0.27 (-0.51, -0.02)   0.23 (-0.02, 0.48)   0.13 

 

 

Table 5.3 Regression estimates (effect sizes), 95% CI and multiple R2 values of the final models for the relationship of δ15N with the in-stream 

variables . Estimates in bold indicate where predictors had a significant effect on response variable (95% CIs not overlapping zero). SED = 

ln(suspendable inorganic sediment), NUT = ln(total nitrogen), NUT×NUT = second-order polynomial terms and NUT×SED = interaction terms. 

Response SED   NUT   NUT×NUT   SED×NUT   R2 

Delta 15N                   

   Deleatidium   0.74 (0.45, 1.03) 0.85 (0.36, 1.34)   0.5 

   Potamopyrgus 0.06 (-0.22, 0.34) 0.32 (0.05, 0.59)     -0.79 (-1.42, -0.15) 0.2 

   Physella         - 
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5.5 Discussion 

5.5.1 Do common primary consumers show similar relationships along stressor 

gradients? 

Although grazer-scrapers have shown strong relationships with the stable isotope ratios of their 

respective food sources in other studies (Jardine et al., 2005), our three taxa followed markedly 

different patterns (direction and strength of the relationships) along gradients of stressor 

intensity (rejecting hypothesis 1: primary consumers show similar patterns along stressor 

gradients). I observed less variation in δ15N ratios for Deleatidium than for Potamopyrgus. 

These tighter relationships between Deleatidium δ15N and farming intensity and water 

abstraction may arise because of Deleatidium’s absence from sites with high % farming 

intensity and especially from sites that combine high nitrogen concentrations and sediment 

levels. The latter may provide unsuitable habitat for the mayfly Deleatidium, which cannot feed 

on thick layers of filamentous green algae and biofilm attached to fine sediment (Broekhuizen, 

Parkyn & Miller, 2001; Finlay, 2001), but it may suit snails like Potamopyrgus that can exploit 

filamentous greens as well as the episammic biofilms (Hicks, 1997; Broekhuizen et al., 2001). 

Thus, Deleatidium with its sweep-like mouthparts feeds preferentially on erect, tall-growing 

benthic diatoms (epilithon) and long filamentous algae are rarely ingested (Rounick & 

Winterbourn, 1983; Holomuzki & Biggs, 2006). By contrast, Potamopyrgus possesses a radula 

that can scrape off tightly attached biofilms, enabling them to remove biofilm from surface and 

subsurface sediments (Broekhuizen et al., 2001) and even from fine or coarse particulate 

organic matter (Parkyn et al., 2005). Filamentous greens have higher δ15N ratios than epilithic 

diatoms (Hicks, 1997); therefore, my observation of higher δ15N ratios for Potamopyrgus than 

Deleatidium at sites where both grazers occurred together also suggests that Potamopyrgus 

consumed filamentous greens. It is likely that Potamopyrgus can access a larger range of 

resources than Deleatidium, helping to explain the snail’s success in so many different habitats 

and as an invader (Holomuzki & Biggs, 2006). The snail Physella also has a radula and its 

primary feeding mode is likely to be similar to Potamopyrgus. In support of this, I note the 

correlation between the δ15N ratios of the two snails from the same sites was higher than their 

correlations with Deleatidium (R2 is 0.77 for correlation between Potamopyrgus and Physella 

δ15N ratios and 0.64 and 0.51 for correlations with Deleatidium). However, information on δ15N 

signatures of basal resources such as benthic algae, floating filamentous green algae, detritus, 

leaf material from the same stream reach, could have helped me to explain the drivers in behind 

the observed differences among taxa. 
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Another possible explanation for differences in δ15N ratios between Deleatidium and the two 

snails might relate to habitat preferences. In general, when found in the same stream reach, 

Potamopyrgus prefers slightly slower-flowing habitats than Deleatidium (Jowett et al., 1991). 

This might affect isotope composition of the available periphyton because algal δ15N ratios can 

be lower in faster-flowing habitats (Peipoch et al., 2012). 

5.5.2 Multiple-stressor patterns of primary consumer stable isotope ratios 

Although survey-based studies such as mine are less suitable for explaining cause-and-effect 

relationships than manipulative experiments (Townsend et al., 2008), the observed 

relationships between stable isotope ratios and landscape-scale or in-stream stressors can be 

regarded as robust, as I was often able to explain a large proportion of the variation in the data. 

Landscape scale. For δ15N ratios of Deleatidium, which showed by far the strongest patterns 

of the three consumers at this scale (but only occurred at 21 of the 43 sites), the best model was 

an antagonistic one in which the response pattern along one stressor gradient depended on the 

intensity of the second stressor. Overall, Deleatidium δ15N values were positively related to 

rising farming intensity and also to water abstraction (in agreement with hypothesis 2), but these 

respective patterns were weaker at high water abstraction or high farming intensity.  

Four processes probably contributed to the increase in δ15N ratios in Deleatidium with rising 

farming intensity: inputs of industrial fertilizer (δ15N ratios ~0 ‰), animal waste products (δ15N 

ratios initially around +5 ‰) and nitrogen transformation processes in agricultural soils and 

streams (Anderson & Cabana, 2005). The latter, such as denitrification and ammonia 

volatilization, can lead to a further increase in δ15N ratios (Finlay & Kendall, 2007) with an 

average of +8.8‰ for nitrogen derived from fertilizer and +10 to +25‰ from animal manure 

(Anderson & Cabana, 2005).  

The curved relationship of Deleatidium δ15N values with farming intensity contrasts with the 

positive linear relationships reported in several previous studies in New Zealand (Clapcott et 

al., 2010) and elsewhere (Anderson & Cabana, 2006). In these related studies of primary 

consumer δ15N, Anderson & Cabana (2006) focused on nitrogen load from manure, Clapcott et 

al. (2010) studied agriculture, forestry and urban areas, and I examined the percentage of high-

intensity farming in an agricultural catchment. Anderson & Cabana (2006) also analysed 

agricultural prevalence as a land use gradient but this only extended to a maximum of 52% of 

the catchment area. My detection of a positive relationship approximating a saturations curve, 

missed by others, may be because my sites covered a wider gradient of land-use intensity. Like 

here, Larson et al. (2013) reported a non-linear relationship between δ15N and catchment land-
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use intensity (% agriculture) that was best explained by a saturation curve, suggesting non-

linearity was caused by biotic nitrogen accumulation itself being non-linear (e.g. phosphorus 

might have been limiting and further nitrogen inputs had no effect, or the bioavailability of 

nitrogen from some sources was different to others). 

The predominantly positive relationship of δ15N ratios with water abstraction intensity in my 

study could be due to streams subjected to high water abstraction experiencing higher 

denitrification rates because of reduced stream flows. Denitrification in streams mainly occurs 

in oxygen-depleted zones of bed sediments, and denitrification rates can be increased by high 

rates of respiration and anoxic conditions following excess rates of primary production related 

to increased water retention times (Seitzinger et al., 2006). 

For Deleatidium, the intensity of agricultural farming was more important in determining stable 

isotope ratios than hydrological alteration. For biological invertebrate traits in the same river 

catchment, I also found that farming intensity had stronger effects on habitat availability and 

flows of matter and energy (Chapter 3). Paralleling my finding, Larson et al. (2013) reported 

higher effects sizes for % agriculture than the percentage of the catchment in lotic habitats 

(lakes, ponds and wetlands). It is likely that agriculture imposes more direct stressors on stream 

environments (sediment and nutrient inputs, reduced shading) than hydrological alteration 

(increased retention time and organic matter processing) (Chapter 3). 

In-stream scale. Deleatidium showed the strongest pattern of the three consumers at this scale, 

paralleling my landscape-scale findings. The single-stressor response patterns for Deleatidium 

and Potamopyrgus largely supported the first part of my third hypothesis. Thus, Deleatidium 

δ15N ratios were positively related to total nitrogen concentrations and unrelated to fine 

sediment levels, while Potamopyrgus δ15N ratios were generally positively related to both 

stressors. In addition, the latter followed a complex multiple-stressor pattern, in agreement with 

the second part of the hypothesis, with ratios increasing markedly with rising sediment at low 

nitrogen but this relationship disappearing at high nitrogen concentrations.  

As discussed above for farming intensity at the landscape scale, the generally positive 

relationships of δ15N ratios with total nitrogen concentrations suggest the main source of 

nitrogen was animal waste products, and that in-stream nitrogen processing rates were high. 

Delta 15N ratios have been used successfully to detect anthropogenic nitrogen enrichment in 

benthic sediment, filamentous algae, macrophytes (Cole et al., 2004; Udy et al., 2006), 

invertebrates and fish (Bergfur et al., 2009; Peipoch et al., 2012), and for zooplankton (Xu & 

Zhang, 2012).  
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In my study, δ15N ratios of Potamopyrgus also increased with the amount of deposited fine 

sediment at low nutrient levels. It is likely that surplus sediment reduced oxygen concentrations 

in the top layers of the stream bed and consequently increased denitrification rates. For instance, 

Solomon et al. (2009) found that denitrification rates in a tropical stream were positively related 

to the proportion of fine sediment in streambed substrata, and that experimentally simulated 

anthropogenic sediment inputs from soils resulted in even higher denitrification rates. 

Deleatidium were generally less common at sites with high sediment levels (compared to snails, 

Figure 5.2); therefore, I was only able to observe this relationship for Potamopyrgus. 

Antagonistic interactions. Interaction terms were retained in two of the final models and 

classified as antagonisms because the combined effects on stable isotope ratios were weaker 

than one would have expected based on their respective individual effects. At first glance this 

might sound like good news for resource managers. However, it is difficult to find evidence for 

synergisms if both stressors have large individual effects and the sum of the individual effects 

exceeds 100% (Folt et al., 1999), as it was the case in my study where individual stressors 

effects already caused a strong increase in δ15N ratios. Moreover, antagonisms can pose 

significant management challenges since all stressor intensities may need to be reduced to 

achieve substantial recovery (Crain et al., 2008). 

5.5.3 Conclusions 

Primary consumer δ15N ratios were able to detect the effects of multiple anthropogenic stressors 

on nitrogen dynamics at the landscape scale (for agricultural land use and hydrological 

alteration) and in-stream scale (for nutrient enrichment and fine sediment inputs). Water 

abstraction and fine sediment featured in several of the highest-ranked models, indicating that 

these stressors have an effect on aquatic stable isotope ratios. Overall, I believe that the mayfly 

Deleatidium and the snail Potamopyrgus were well-suited as bioindicators in my study due to 

several reasons. They provide a time-integrated measure (both produce 1-2 generations per 

year, Huryn, 1996; Dybdahl & Kane, 2005), and they were the most common grazers in the 

Manuherikia catchment (Chapter 3) and probably also throughout New Zealand (Broekhuizen 

et al., 2002; Holomuzki & Biggs, 2006). Further, sampling these grazers in the field is easy 

because they often occur in high densities, and the analytical techniques are well established. 

In terms of explaining the existing variation in my field survey data, δ15N ratios of Deleatidium 

(R2 = 0.82) performed better than structural measures of invertebrate community composition 

when detecting impacts at the landscape scale (EPT richness, R2 = 0.42) but not at the in-stream 

scale (% EPT, R2 = 0.76) (Chapter 3). 
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In surveys or experiments aimed at detecting land-use effects, the same primary consumers are 

unlikely to be present at all study sites or in all experimental units, especially if these sites/units 

span broad gradients of stressor intensities. My findings imply that caution should be used when 

extrapolating ‘missing’ values for one taxon with data from other taxa (as done in Clapcott et 

al. 2010 and Larson et al. 2013). Instead, I recommend establishing baseline values for several 

primary consumer taxa and gaining a deeper mechanistic understanding of how multiple 

stressors affect the δ15N ratios of individual primary consumer taxa. 

Finally, I observed complex interactions between paired stressors at both spatial scales of my 

analysis. Such non-additive response patterns have been found for structural and other 

functional metrics in aquatic (Townsend et al., 2008; Ormerod et al., 2010), terrestrial (Potts et 

al., 2010; Aebi & Neumann, 2011) and marine environments (Crain et al., 2008; McLeod et 

al., 2013). Scientists and resource managers should be aware that stable isotope ratios of 

primary consumers can also show non-linear and non-additive responses to multiple stressors. 
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CHAPTER Six 

Comparison of multiple stressor effects 

 

Rainstorm in the Manuherikia catchment, seen from Thomson’s Gorge. 

  



CHAPTER 6 General Discussion  103 

6.1 Comparison of multiple stressor effects: a meta-analysis 

Agricultural land use and hydrological alteration are among the key stressors affecting 

freshwater biodiversity and ecosystem processes (Dudgeon et al., 2006). A stressor is defined 

as a variable that exceeds its range of normal variation and affects ecosystem structure and 

function (Chapter 1). However, no studies have addressed the interactive effects of farming 

intensity and water abstraction, and my thesis presents the first investigation of the combined 

effects of farming intensity and water abstraction at the landscape scale and in relation to their 

related physicochemical variables at the reach scale. Managers, researchers and 

conservationists need to be aware of the interactive effects among multiple anthropogenic 

stressors. Moreover, because time and resources are limited, it is crucial to know which 

organism group and what kind of indicators provide the strongest and most consistent 

distinction along different gradients of stressor intensities. In my thesis I investigate the 

suitability of a suite of structural and indirect functional indicators for differentiating the effects 

of multiple stressors in running waters across multiple categories of biological responses (algae, 

invertebrates, fish, ecosystem; the latter using primary consumer δ15N ratios as a proxy of an 

ecosystem process). In this final chapter, I compare individual and interactive stressor effects 

among multiple response categories. I then examine whether there are differences in response 

strength to the individual stressors among taxa, community and trait metrics of algal and 

invertebrate communities and aim to generalize the mechanisms driving these communities 

based on their biological trait responses. Finally, I examine potential thresholds for the stressors 

farming intensity and water abstraction among the four categories of biological responses and 

outline future research challenges. 

6.1.1 Methods for meta-analysis 

I applied quantitative methods to compare the general stressor response patterns in my four data 

sets (algae, invertebrates, fish and primary consumer δ15N ratios). Model selection allowed me 

to confront the patterns in my individual data sets with multiple competing hypotheses, for 

example ‘is trout presence linearly or unimodally related to farming intensity’, and to identify 

a single best (final) model using an information-theoretic approach (see ‘Methods’ section in 

Chapter 2). I therefore assumed that only predictor terms retained in the final models were 

biologically relevant and have extracted only their effect sizes. Further, to account for 

differences in variances among effect sizes, I considered also standard errors and sample sizes 

(N, number of samples included for response variables). Fish communities were sampled at 36 

sites (30-m reach), algal and invertebrate communities at 43 sites (riffles only), and primary 
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consumer δ15N stable isotopes ratios were determined from 35 (Deleatidium), 62 

(Potamopyrgus) and 64 (Physella) samples (riffles and pools). For algae and invertebrates, I 

calculated similar response variables for taxa, community metrics and traits based on riffle 

samples taken from the same 43 stream sites (note that the invertebrate data in Chapter 3 

included samples from pool and riffle habitats, 86 samples). These datasets are quantitatively 

comparable because algal and invertebrate samples were taken on the same day, from the same 

riffle, and were processed by the same investigator and identified to a similar taxonomic 

resolution. 

Calculation of effect sizes. The use of general linear models (as opposed to generalized linear 

models) allowed the calculation of partial standardized regression coefficients from centered 

and scaled response and predictor variables. These coefficients can be interpreted as measures 

of effect sizes (categories: not biologically relevant: < 0.1; weak: > 0.1; moderate: > 0.3; 

strong: > 0.5) so that a direct comparison of relative stressor effects can be made (Nakagawa & 

Cuthill, 2007). Overall, I included 125 response variables (46 for algae, 74 for invertebrates, 2 

for fish and 3 for ecosystem measures) in the comparison of stressor effects at the two spatial 

scales (landscape and reach scale). Since stressors can create less favourable conditions for one 

taxon and at the same time improve conditions for another, I accounted for positive and negative 

directions of effects by using their absolute values representing the magnitude of change from 

the final models for the comparison of the individual stressor effects. 

For stream algae, I used the following response variables in the meta-analysis: (1) the relative 

abundances of eight common taxa that contributed at least 1% of the total number of algal cells 

counted and occurred at least at 10 sites: Gomphonema spp. (18% of the total count, 39 sites), 

Gomphonema parvulum (8.5%, 25), Nitzschia palea (4.2%, 23), Tribonema spp. (3.7%, 22), 

Encyonema minuta (3.7%, 19), Audiouinella spp. (3.1%, 14), Oedogonium spp. (2.8%, 13) and 

Mougetia spp. (2.7%, 11); (2) nine algal community metrics: three metrics based on taxonomic 

information: rarefied species richness (minimum count of 300 cells per sample), Simpson’s 

diversity and community evenness (based on Simpson’s diversity, R package vegan), three 

metrics based on trait information: functional richness, Rao’s Q for functional diversity and 

functional evenness (R package FD), and the relative abundance of three taxonomic groups: 

diatoms, Cyanobacteria and Chlorophyta; and (3) the relative abundances of 29 biological trait 

categories (see Chapter 4 for details). 

For stream invertebrates, I included the following response variables: (1) relative abundance of 

13 common taxa (≥ 1% total abundance); (2) nine community metrics: three metrics based on 
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taxonomic information: rarefied species richness, Simpson’s diversity and community evenness 

(R package vegan), three metrics based on trait information: functional richness, Rao’s Q for 

functional diversity and functional evenness (R package FD), EPT richness, % EPT and the 

MCI; and (3) the relative trait abundance of 52 trait categories (Chapter 3). 

For stream fish, I calculated effect sizes for log10-transformed brown trout and upland bully 

densities using a general linear model (note that I used generalized linear models with a negative 

binomial error and log-link function in Chapter 2).  

For stream ecosystem processes, I used the three primary consumer δ15N ratios (for the 

dominant grazers Deleatidium, Potamopyrgus and Physella) from Chapter 5. 

Classification of interactive effects. In the following analysis, I investigated whether 

interactive effects differed in strength, direction (synergisms or antagonisms) and frequency 

among the four categories of response variables (algae, invertebrates, fish and ecosystem 

measures). For this comparison, I used actual, not absolute, effect size values to be able to 

identify the overall direction of the interactive effects. The interactive effects were classified as 

synergistic if the combined effect was larger than expected based on the effects of the single 

stressors, and as antagonistic if the combined effect was smaller than expected (Folt et al., 

1999). Therefore, in cases where individual stressor effects were both negative, a negative 

interaction effect size indicated a synergism and a positive one an antagonism, and vice versa 

if individual effects were both positive (Crain et al., 2008). To allow for direct comparison of 

interactive effects, I inverted the interaction effect size in cases where both individual stressor 

effects were negative and where individual stressor effects were opposing and the negative 

effect had a higher absolute value (Matthaei & Lange, in press). By doing this, negative 

interactions indicated antagonisms and positive synergisms. 

Comparison of effect sizes. The mean weighted effect sizes were calculated with the inverse of 

the variances to weight the response variables so that variables with a higher sample size and/or 

a lower variance were considered more precise and weighted higher (Hedges & Olkin, 1985). I 

reported mean weighted effect sizes and their 95% CIs for the qualitative comparison of stressor 

effects among the four response categories because of the low number of data points included 

in this analysis for fish and ecosystem processes. To test for differences between the effect sizes 

of structural (taxa and community) and functional (trait) metrics, I used a linear model with 

‘category’ (2 levels: algae and invertebrates), ‘response type’ (3 levels: taxa, community and 

traits) and the interaction ‘category × response type’ as fixed effects. Pairwise comparisons with 
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Tukey’s post hoc tests were performed in cases where I detected significant effects of ‘response 

type’. Statistical differences were only reported when significant. 

6.1.2 Comparison of individual stressor effects among multiple response categories 

Algae, invertebrates and fish are all routinely assessed in biological monitoring programs and 

used to define the ecological state of freshwater systems (Hering et al., 2006). Nevertheless, it 

is crucial for managers and conservationists to know which type of bioindicator is more 

sensitive to stressors acting at different scales. For fish community and ecosystem-level 

responses, I was only able to include a small number of response variables; therefore, it was not 

possible to compare these effect sizes using rigorous statistical tests. However, these effect sizes 

have been included in Figures 1 & 2 to allow the examination of general trends across the four 

categories of response variables.  

  

Figure 6.1 Comparison of mean effect sizes (with 95% CIs) for farming intensity (left) and water 

abstraction (right) among the four response categories (sample sizes N in brackets, note that only 

significant effects were used to calculate effect sizes). Effect size categories: not biologically relevant: 

< 0.1; weak: > 0.1; moderate: > 0.3; strong: > 0.5 (Nakagawa & Cuthill, 2007). 

Landscape scale. At this scale the effect sizes of farming intensity were almost twice as large 

as those of water abstraction, and this pattern was consistent across the four response categories 

(Figure 6.1). This implies that the effects of farming are potentially more severe and/or that 

farming is a more ‘direct’ stressor for stream communities than water abstraction. It is possible 

that farming (e.g. inputs of fine sediment from trampling, soil erosion and stream bank 
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collapses, and nutrients from manure and fertilizer) has more pronounced consequences for 

stream habitats than water abstraction, which reduces discharges, current velocities and habitat 

size. On the other hand, during my fieldwork I observed that many streams in the Manuherikia 

River catchment which were classified with water abstraction intensities of > 70% dried up 

completely during the summer months, including major tributaries such as the Idaburn and Pool 

Burn. Therefore, the stronger effects of farming intensity compared to water abstraction may at 

least partly reflect the lack of data from streams with very high water abstraction. Consequently, 

my study may have underestimated the effects of water abstraction. Another reason for this 

difference could be that % farming intensity was defined on a finer scale, for every stream reach 

(% of upstream catchment covered in intensively managed pasture), whereas % water 

abstraction was defined for larger hydrological units from modelled streamflow data.  

The mean effect size for farming intensity was 26% higher for invertebrates than for algae in 

my study, implying that, overall, invertebrates were better suited for detecting effects of farming 

intensity. Contrasting with this result, a study of 185 streams across Europe reported that diatom 

saprobic/trophic indices showed stronger and more frequent relationships to an index of land-

use intensity (which included pasture but also forestry, urban and cropland cover) than 

invertebrate metrics (Hering et al., 2006). However, this European study only encompassed 

saprobic/trophic metrics for diatoms specifically developed for detecting eutrophication in 

streams, thus increasing the change of detecting stronger relationships, and results for single 

algal taxa or biological traits were not considered. Invertebrates are a diverse group with limited 

mobility compared to fish and relatively long generation times (up to several years) compared 

to algae (Resh, 2008). This may explain why I observed stronger relationships with farming 

intensity for invertebrates than for algae or fish. Fish, due to being able to move over longer 

distances, can escape unfavourable conditions, and algae, having short generation times and 

high dispersal abilities, can rapidly adapt to changing environmental conditions (Resh, 2008). 

Fish populations showed a stronger relationship to water abstraction compared to algal and 

invertebrate communities (53% and 32% larger effect size for fish than for algae and for 

invertebrates). Similarly, Leprieur et al. (2006) also reported strong negative effects of 

hydrological alteration on trout communities in the Manuherikia catchment.  

Reach scale. At this spatial scale, the sizes of nutrient enrichment effects were fairly similar 

for algae and fish but weaker for invertebrates and stronger for ecosystem-level responses. 

Nitrogen availability is a key driver of ecosystem processes (Vitousek et al., 1997), and δ15N 

ratios have long been proposed as indicators of anthropogenic impacts on nitrogen dynamics 
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(Peterson & Fry, 1987; Atkinson et al., 2014). Primary consumer δ15N ratios reflect changes in 

nitrogen sources (e.g. increased manure or fertilizer inputs) and transformation processes (e.g. 

increased denitrification rates). Therefore, it is not surprising that this ecosystem-level variable 

showed the strongest relationship to nutrient concentrations in my study (Figure 6.2). Further, 

algae showed stronger relationships to nitrogen concentrations than invertebrates (effect size 

11% larger). One reason for this result could be that nutrient enrichment directly affects algal 

communities (increased growth/productivity), whereas it only indirectly affects invertebrate 

communities (via food-web interactions) (Allan, 2004; Townsend et al., 2008). 

 

Figure 6.2 Comparison of mean effect sizes (with 95% CIs) for dissolved nutrients (left) and deposited 

fine sediment (right) among the four response categories. For more details see Fig. 1. 

Recently, it has been proposed that fine sediment is the ‘master stressor’ in agricultural streams 

and that it has more pervasive and stronger effects on stream biota than nutrient enrichment 

(e.g. Townsend et al., 2008; Matthaei et al., 2010; Wagenhoff et al., 2012b). For stream 

invertebrates, the results of my in-stream analysis from the Manuherikia River catchment add 

further weight to this conclusion, because deposited fine sediment had a 30% stronger effect 

size on invertebrate communities than nutrient enrichment (Figure 6.2). However, stream algal 

communities showed the opposite pattern; here I observed a 41% stronger effect size of nutrient 

enrichment. A related study predicting the presence of periphyton mats and filamentous algae 

across 78 stream sites in New Zealand over 22 years also found that nutrient-related variables 

(total nitrogen, dissolved reactive phosphorous, dissolved inorganic N:P ratio) were more 

important predictors of algal responses (stronger effects and more frequently retained in final 
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models) than a substratum index (Snelder et al., 2014). Similarly, nutrient enrichment showed 

stronger and more frequent effects on algal response variables than repeated sediment additions 

in a in-stream experiment in New Zealand (Riddle, Matthaei & Townsend, 2009), even though 

the added sediment was washed out by spates not very long after each addition, which probably 

reduced its impact. By contrast, the effect sizes and frequencies of fine sediment inputs on algal 

response variables appeared to be similar to those of nutrient enrichment in a stream mesocosm 

experiment where both stressors were manipulated across wide gradients (Wagenhoff et al., 

2013). Overall, it appears that the impact of deposited fine sediment on algal communities is 

understudied, especially under field conditions.  

In summary, I found in this qualitative comparison based on data from all ecological categories 

collected in the Manuherikia River catchment that both stream algae and invertebrates generally 

showed stronger relationships with the respective stressor more directly affecting their 

physiology and behaviour (dissolved nutrients for algae and deposited fine sediment for 

invertebrates).  

6.1.3 Comparison of interactive effects among multiple response categories 

Interactions between stressors can lead to ecological surprises (Christensen et al., 2006; 

Lindenmayer et al., 2010). Therefore, it is important to know whether multiple stressors are 

more likely to act synergistically (where the combined effect is larger based on the knowledge 

of individual effects) or antagonistically, where the combined effect is smaller than expected. 

Landscape scale. At the landscape scale, interactions between paired stressors were relatively 

rare in the combined Manuherika data set. Interactions terms were retained in the final models 

of 17 out of 125 response variables. The mean strength of these interactive effects was similar 

for algae and invertebrates (no interactive effects were detected for the two fish response 

variables and only one interaction term was retained for the three ecosystem-level variables). 

Both algal and invertebrate communities showed strong antagonistic effects (negative effect 

sizes, Figure 6.3), and these overall interactive effects were significant (95% CIs excluded 

zero). 
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Figure 6.3 Comparison of mean effect sizes (with 95% CIs) of the interactive effects retained in the final 

models among three different response categories. 

The overall occurrence of antagonistic multiple-stressor effects might at first sound reassuring 

for aquatic resource managers, because the combined effect of the two landscape-scale stressors 

farming intensity and water abstraction intensity is smaller than expected based on the single-

stressor effects involved. Nevertheless, antagonisms can pose serious management challenges 

in situations where both focal stressors need to be reduced substantially to achieve a significant 

recovery (Crain et al., 2008). For the algal response variables in my study, for example, I 

observed a strong antagonistic response pattern for species richness, with negative relationships 

to both farming intensity and water abstraction. The antagonism here indicates that a recovery 

of an algal community impacted by both stressors would only be possible if the intensity of 

both stressors was reduced considerably (Figure 6.4). In a similar example for the invertebrate 

response variables, EPT richness also showed an antagonistic response pattern, with a strong 

negative relationship to farming intensity and a moderately negative relationship to water 

abstraction (Figure 6.4). As for algal species richness, the intensity of both stressors would need 

to be mitigated to achieve a significant recovery of EPT richness in streams affected by both 

stressors. 
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Figure 6.4 Response surfaces for the relationship between algal species richness (left, R2 = 0.27) and 

EPT richness (right, R2 = 0.48) and the landscape-scale predictor variables. 

Reach scale. At the reach scale, I observed fewer interactions than at the landscape scale. This 

is partly because no interactions were detected for the relationships of algal or fish response 

variables with nutrients and sediment. For invertebrates, antagonisms were more common than 

synergisms at the reach scale but the mean interactive effect (effect size = 0.64, tendency 

towards antagonisms) was not significant (95% CIs included zero). At the ecosystem level, 

Potamopyrgus δ15N ratios showed an antagonistic response pattern with positive relationships 

along the gradients of nutrient enrichment and fine sediment. Such non-additive effects have 

not been reported for primary consumer δ15N ratios before (Peipoch et al., 2012) and indicate 

that stable isotope ratios are not stressor-specific to nutrient enrichment, but that other factors 

previously not considered affected this indicator.  

To summarize this section: Common structural measures of stream health, such as algal richness 

and diversity, the invertebrate indices MCI, EPT richness, % EPT, and primary consumer δ15N 

ratios all showed antagonistic response patterns to stressors at the landscape scale in my study. 

This overall finding implies that none of these measures is suited for differentiating between 

the effects of the focal multiple stressors at the landscape scale.  

6.2 Comparison of structural vs indirect functional indicators: a meta-

analysis 

Most methods for ecological assessments are based on structural measures of stream health, 

including species richness and metrics based o19n the presence of pollution-sensitive taxa 

(Barbour et al., 1999; Hering et al., 2006). However, these structural measures are often not 
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stressor-specific (see above) whereas indirect functional measures, such as biological traits, 

may have greater potential to differentiate among multiple stressors (Poff, 1997; Statzner & 

Bêche, 2010; Vandewalle et al., 2010). The study of biological traits may also provide insights 

into the mechanisms shaping communities (Statzner & Bêche, 2010). 

In the present meta-analysis, I compare the sensitivity of structural versus functional metrics of 

stream algal and invertebrate communities to stressors operating both at the landscape scale and 

at the stream reach scale. 

Landscape scale. At the landscape scale, invertebrate response variables generally showed 

stronger relationships to farming intensity than algal variables (P = 0.057), whereas there was 

no significant difference among the three response types (community, taxon, trait) or no 

category by response type interaction, perhaps because the variation of the effect sizes within 

each group was relatively high (Figure 6.5). The difference between invertebrate and algal 

variables may have occurred because algae have much shorter generation times and can respond 

much faster to environmental change (Resh, 2008). Longer-lived organisms might have 

therefore provided a ‘more averaged’ response and thus provide better differentiation along the 

gradient of farming intensity (Townsend & Hildrew, 1994; Resh, 2008; Lainé, Morin & Tison-

Rosebery, 2014). For water abstraction, I generally observed weaker relationships than for 

farming intensity (Figure 6.5) and there was no difference between response categories or 

response types and no interaction between the two.  

  

Figure 6.5 Comparison of the effect sizes (with 95% CIs) of community, taxon and biological trait 

metrics for the landscape-scale variables among algal and invertebrate communities. 
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In summary, indirect functional measures (based on trait relative abundances) were as well 

suited as structural measures (relative taxon abundance and community metrics) for detecting 

stressor effects at the landscape scale in my study sites. Therefore, I recommend continuing 

research efforts aimed at developing trait-based approaches to detect stressor effects, because 

biological traits are independent of geographical scales and they may give insights into the 

mechanisms shaping communities (Townsend & Hildrew, 1994; Poff, 1997; Statzner & Bêche, 

2010; Vandewalle et al., 2010). 

Reach scale. At the reach scale, there was no statistically significant difference between algal 

and invertebrate responses. Moreover, algal variables showed no difference between the three 

types of response variables (Figure 6.6). This result contrasts with findings from an earlier study 

of algal taxa, functional groups and community metrics along a gradient of nutrient enrichment 

in 30 Californian streams (Nelson et al., 2012), where the authors concluded that community-

level metrics (chlorophyll a, biovolume, species richness, evenness) performed better than taxa 

or functional groups (nitrogen-fixation, diatom nutrient affinity, cell size and growth form). In 

their study, chlorophyll a and species evenness provided the strongest differentiation in relation 

to nutrients. Findings from my study may be different because I investigated a larger set of 

response variables for the community metrics and ten instead of three biological traits (note that 

diatom nutrient affinity as defined by Nelson et al., 2012 should be regarded as an ‘ecological 

preference’ and not as a trait; see discussion of Chapter 4). My results are also different to 

findings from a study of the effects of chemical contaminants at three sites from a small stream 

in southwest France where the authors concluded taxonomic metrics indicated stressor intensity 

whereas biological traits indicated stressor origin (Lainé et al., 2014) (note, however, that 

sample size was very low in that study; N = 3). 
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Figure 6.6 Comparison of the effect sizes (with 95% CIs) of community, taxa and trait metrics for the 

in-stream variables among algal and invertebrate communities. None of the algal community metrics 

showed a relationship to deposited fine sediment (data not shown). 

For invertebrate response variables in my study, taxon and community metrics performed 

significantly better (P = 0.005 and 0.004, respectively) than traits in differentiating along the 

gradient of nutrient enrichment. This is an example where traditional measures of ‘stream 

health’ (also % EPT and MCI) performed better than the trait-based approach (see discussion 

Chapter 3) in detecting effects of nutrient enrichment. By contrast, in a survey of structural and 

functional metrics in 32 grassland streams in New Zealand, both types of metrics were equally 

suited to detect nutrient effects (Dolédec et al., 2006). Another survey of 43 streams in a 

different region of New Zealand also revealed that structural measures (% EPT, EPT richness 

and MCI) showed stronger relationships to nutrient enrichment than indirect functional 

measures (traits) (Wagenhoff et al., 2011). The latter study also found that the effects of 

sediment were stronger than the effects of nutrients on structural and functional measures of 

invertebrate communities, whereas I found no difference between the overall effect sizes of 

nutrient and sediment effects on invertebrate communities. This difference may also be due to 

my choice of predictor variables: I used total nitrogen concentrations instead of dissolved 

inorganic nitrogen concentrations, because total nitrogen concentrations were most strongly 

related to farming intensity and because they include all forms of dissolved inorganic and 

organic nitrogen and nitrogen bound to particles (also see related discussion of Chapter 3). 
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6.3 What mechanisms drive the response of communities to multiple 

stressors? 

My quantitative approach in this chapter revealed that indirect functional indicators generally 

performed as well as structural indicators (with the exception for relationships of invertebrates 

to nutrient enrichment) to detect stressor effects at both spatial scales in the Manuherikia 

catchment. Further, my newly proposed trait-based system for stream algae performed as well 

as the already established invertebrate trait-based approach when differentiating along gradients 

of stressor intensities. 

Landscape scale. Studying the distribution of functional traits may help scientists gain an 

understanding of the underlying processes shaping stream algal and invertebrate communities. 

Farming intensity exerted the strongest effects on organism communities at the landscape scale 

where invertebrate and algal life-history and resistance/resilience traits (see Chapter 3) showed 

the strongest differentiation along the gradient of farming intensities. I found similarities among 

the response patterns of comparable traits for algae and invertebrates (e.g. body size, attachment 

strength, Table 6.1). Overall, larger, relatively slowly-reproducing, non-attached algae and 

invertebrates with limited dispersal abilities were favoured under high farming intensity (Table 

6.1). However, invertebrate communities also showed increased relative abundances of 

asexually/ hermaphrodically reproducing organisms with more than two reproductive cycles 

per individual (a trait characteristic of freshwater snails such as Potamopyrgus and Physella) at 

high farming intensities. The strong response of life-history and resistance/resilience traits to 

farming intensity implies that farming intensity mainly affected organisms via reduced habitat 

availability and by increasing the probability of disturbances (extremes in flow, O2 and 

temperatures fluctuations). Further, the reduction of algal and invertebrate functional richness 

(number of co-occurring traits) and functional diversity (Rao’s index of trait diversity, an index 

similar to Simpson’s diversity index) (Weithoff, 2003; Mouchet et al., 2010; Vandewalle et al., 

2010), which are important measures of ecosystem stability and ecosystem functioning 

(Tilman, 2001), varied along the farming intensity gradient (effect sizes for algal functional 

richness = -0.29 and invertebrate functional richness = -0.35). This further indicates not only a 

reduction in available habitat but also of habitat heterogeneity since more homogenous habitats 

can harbour less functionally-diverse species.  
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Table 6.1 Comparison of algal and invertebrate trait responses to increasing farming intensity 

(▲ denotes an overall increase and ▼an overall decrease). 

Trait Algae Invertebrates 

Body size ▲ ▲ 

Reproductive rate ▼ (semivoltine ↑) ▼ (fragmentation ↑) 

Attachment ▼↓ (attachment ↓) ▼ (attachment strength ↓) 

Disperal ▼ (low dissemination ↑) ▼ (larger filamentous organisms) 

Resistance stages  ▲ (organisms with spores ↑) 

 

Responses of algal and invertebrate traits along the gradient of water abstraction intensity were 

weaker and less consistent than those to farming intensity in my study. Nevertheless, burrowing 

invertebrates (an indicator of abundant fine sediment) and motile algae (indicator of 

siltation/epipelon) both responded positively to increasing water abstraction. This result implies 

that water abstraction affected communities via increasing sedimentation. Moreover, both algal 

and invertebrate functional richness and functional diversity (Mouchet et al., 2010) remained 

the same with increasing water abstraction, indicating that there might have been a gradual 

replacement of biological traits along the gradient of water abstraction (Feld et al., 2014). 

Reach scale. Invertebrate functional diversity showed a strong negative relationship to fine 

sediment levels but not to nutrient concentrations, whereas algal functional diversity remained 

the same along both stressor gradients. Fine sediment levels were strongly correlated with 

farming intensity in my study catchment. Fine sediment probably affected invertebrate 

communities mainly via decreased habitat availability, by reducing heterogeneity (resulting in 

fewer ecological ‘niches’ to support diversity of traits/taxa) and by altering algal food resources 

(via changes in the dominant algal growth forms).  

6.4 Comparing thresholds for farming intensity and water abstraction 

effects among multiple response categories 

There has been a growing interest to define thresholds of harm for several key stressors 

affecting freshwater ecosystems, including dissolved nutrients and deposited fine sediment 

(King & Baker, 2010; Wagenhoff, Clapcott & Goodwin, 2012a; Wagenhoff et al., 2012b; 

Burdon et al., 2013; Wagenhoff et al., 2013). Ecological thresholds are defined as the stressor-

intensities where sudden changes in species composition or ecosystem functioning occur, or 

where small increases in stressor intensity cause a large ecological response (Wagenhoff et al., 

2012a).  
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In my PhD research, non-additive interactions were common among farming intensity and 

water abstraction. In other words, the relationship of structural or functional measures of 

ecosystem integrity along the gradient of one stressor depended on the intensity of the other 

stressor. There has been a recent interest in defining thresholds in situations where multiple 

stressors interact, but researchers have barely begun to develop suitable methods for defining 

threshold for multiple-stressor scenarios (e.g. see Wagenhoff et al., 2012a). Therefore, in the 

present section of my thesis I chose to investigate and compare potential threshold responses of 

algae, invertebrates, fish and ecosystem measures along single-stressor gradients (without 

interactions) of farming intensity and water abstraction (Baker & King, 2010; King & Baker, 

2010). 

6.4.1 Threshold responses along the farming intensity gradient  

Ecosystem measures. Deleatidium ∂15N values showed a saturation point at 45% farming 

intensity (because they reached a maximum; Deleatidium were absent from stream reaches with 

>60% farming intensity).  

Fish. The probability of trout presence showed a strong decline once a threshold of 20% 

farming intensity was surpassed, and trout was predicted to be absent from stream reaches with 

more than 40% farming intensity (Chapter 2). 

Invertebrates. Strong changes in invertebrate community composition along the gradient of 

farming intensity were identified using Threshold Indicator Taxa Analysis (TITAN) which 

identifies community thresholds based on taxon-specific change points (Baker & King, 2010; 

King & Baker, 2010). In brief, TITAN finds a value of stressor intensity that produces the 

greatest change in the abundance and occurrence of species showing significant relationships 

along the gradient of stressor intensity (bootstrapping estimates of confidence intervals and the 

location of the change point/threshold). For invertebrate community composition (based on 17 

out of the 35 taxa that occurred at least at 10 sites and showed a significant relationship to the 

stressor gradient, these 17 taxa contributed 45.8% of the total invertebrate count), I identified a 

threshold of 7% (95% CIs 0.0-16.5%) for 12 taxa showing negative relationships to the gradient 

of farming intensity and a threshold at 17% (95% CIs 3.4-21.0%) for five taxa showing positive 

relationships (Figure 6.7).  
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Figure 6.7 Threshold Indicator Taxa Analysis (TITAN) summary plot of change points for 17 

invertebrate taxa along the gradient of farming intensity. Symbols correspond to change points of taxa 

that either responded negatively (black, taxon names on the left) or positively (grey, taxon names on the 

right) to increasing farming intensity. Horizontal lines overlapping each symbol represent the 95% CIs 

among 500 bootstrap replicates. 

Algae. For algal community composition (based on 11 out of the 45 taxa that occurred at least 

at 10 sites and showed a significant relationship to the stressor gradient, these 11 taxa made up 

17.6% of the total algal count), a second TITAN analysis identified a threshold of 16% for nine 

algal taxa showing negative relationships along the gradient of farming intensity (95% CI 0.0-

16.0%), and 17.5% for two taxa showing positive relationships (95% CI 16.5-68.0%, Figure 

6.8).  
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Figure 6.8 Threshold Indicator Taxa Analysis (TITAN) summary plot of change points for 11 algal taxa 

change points along the gradient of farming intensity. For more details see Figure 6.7. 

When combining all threshold-related results for farming intensity, changes in invertebrate 

community composition showed the lowest threshold (7%), indicating that the invertebrate 

community was more sensitive than the algal community (16%) at detecting changes in farming 

intensity and also more sensitive than fish (threshold at 20-40%). As discussed previously, a 

possible explanation for this result is that invertebrates are more sedentary than fish and have 

shorter generation times than algae. Invertebrate communities were therefore more likely to 

integrate changes of environmental conditions at a given location and might therefore serve as 

a more accurate indicator of farming intensity. 

6.4.2 Threshold responses along the water abstraction gradient 

Ecosystem measures. Deleatidium, Physella and Potamopyrgus ∂15N values were all positively 

related to water abstraction intensity but I was unable to detect any obvious thresholds based 

on the shapes of their response graphs (see Chapter 5). 

Fish. Trout presence was related to water abstraction intensity, with an overall negative effect 

of abstraction, but no obvious threshold occurred for this metric. 

Invertebrates. Invertebrate community composition showed the strongest changes at water 

abstraction intensities of 21.6% (TITAN, 95% CIs 20.0-54.0%) for seven taxa showing 

negative and at 71.9% (95% CIs 53.4-92.1%, Figure 6.9) for five taxa showing positive 

relationships along the gradient of water abstraction (these 12 taxa made up 14.4% of the total 

invertebrate count).  
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Figure 6.9 Threshold Indicator Taxa Analysis (TITAN) summary plot of invertebrate taxa change points 

of 12 invertebrate taxa along the gradient of water abstraction. For more details see Figure 6.7. 

Algae. For algal community composition, TITAN analysis (based on 10 taxa, which contributed 

41.3% of the overall algal count) detected a threshold of 54.1% for five common taxa 

responding negatively along the gradient of water abstraction (95% CIs 20.1-54.1%) and 71.9% 

for five taxa responding positively (95% CIs 71.9-92.1%, Figure 6.10).  

  

Figure 6.10 Threshold Indicator Taxa Analysis (TITAN) summary plot of change points of 10 algal taxa 

along the gradient of water abstraction. For more details see Figure 6.7. 

When combining all threshold-related results for water abstraction, I found that the stream 

invertebrates showed a lower threshold, at 21.6%, for taxa with negative relationships to water 
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abstraction, and therefore served as a better bioindicator of the impact of this stressor than the 

stream algae, which only indicated a threshold at 54.1%. Fish and ecosystem processes did not 

show any response patterns that indicated a threshold. 

6.5 Management implications 

Interactions between two key landscape-scale stressors for freshwater biodiversity and 

ecosystem functioning, farming intensity and water abstraction, on stream algal, invertebrate 

and fish communities as well as ecosystem functioning were common in my PhD research. 

Consequently, such interactive effects need to be considered in freshwater conservation and 

resource management, for example when setting minimum flows (i.e. water abstraction 

intensities) for river catchments already subject to farming and when assessing or predicting 

the impacts of global climate change on freshwater ecosystems. When averaged across all 

categories or biological organization in my PhD research, I also found that the effects of farming 

intensity were stronger than the effects of water abstraction. However, this result needs be 

viewed with some caution because I have probably underestimated the effect of water 

abstraction since many streams with high water abstraction intensities were dried out at the time 

of sampling which precluded the assessment of their aquatic communities.  

My findings have also shown that my newly developed, trait-based approach for stream algae 

performed similarly well as the already established trait-based approach for stream 

invertebrates. Studying changes in algal and invertebrate trait compositions helps improve our 

understanding of the mechanisms by which stressors affect stream communities. 

Findings from my thesis also suggest that functional measures perform as well as structural 

measures in detecting community responses along stressor gradients (with the exception of 

invertebrate responses to nutrient enrichment) and that including functional metrics into 

traditional biomonitoring schemes may provide managers with valuable insights of the 

mechanisms driving community responses. Further, invertebrates showed the lowest thresholds 

for the two stressors on the landscape-scale and indicate that 7% farming intensity and 21.6% 

water abstraction resulted in the strongest changes in the distribution of taxa that showed 

negative relationships to these stressors. 

6.6 Future research directions 

1. Recently, structural-equation modelling techniques have been used to confirm the pathways 

by which landscape-scale stressors affect in-stream physicochemical variables which in turn 

can have direct and indirect effects on invertebrate communities (Maloney & Weller, 2011; 
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Burdon et al., 2013). Structural equation models should be applied to confirm the direct and 

indirect effects of nutrients and sediment on invertebrate but also algal and fish communities  

2. Enhance the mechanistic understanding of how farming intensity and water abstraction shape 

the in-stream habitat. More detailed studies are needed on the effect of water abstraction (in 

conjunction with eutrophication) on discharge regime, sedimentation, temperatures and organic 

matter processing.  

3. The responses of algal and fish communities to multiple stressors are poorly understood, 

especially for the combined effects of flow reduction and farming intensity. There is a lack of 

studies investigating multiple stressor effects under field conditions, in particular large-scale 

manipulative experiments (conducted at the stream reach scale and above), but well-designed 

field surveys are also needed to address this knowledge gap. 

4. A comprehensive set of fish biological traits (Blanck & Lamouroux, 2007; Frimpong & 

Angermeier, 2009) should be evaluated for their ability to differentiate between stressors in 

regions where fish assemblages are more diverse than the ones that I sampled in the 

Manuherikia River catchment. 

5. Invertebrate responses to multiple stressors are better studied but to date ecologists still lack 

a mechanistic understanding of how nutrients and sediment affect populations often resulting 

in non-additive effects (Lemly, 1982). 

6. My newly developed comprehensive set of algal biological traits needs to be tested in 

experiments manipulating multiple agricultural stressors but also in experiments manipulating 

resource supply (nutrients/light) and disturbance (grazing/flow-related disturbances). 

7. The impact of single stressors on food-web dynamics has been studied in the field and in 

experimental setups by either tracking changes in biomass (Shurin et al., 2012) or by studying 

stable isotopes (Vander Zanden, Casselman & Rasmussen, 1999; Layman et al., 2007). 

Nevertheless, experimental studies in lotic systems and studies including multiple stressors are 

rare (for a rare exception see Kratina et al., 2012). Therefore, it would be of interest to design 

stream channel experiments for investigating the effects of multiple stressors on food-web 

dynamics. This may also provide an opportunity for unravelling the mechanisms underlying the 

non-additive responses that have been observed on population and community levels in other 

studies (e.g. see Wagenhoff et al., 2012b; Wagenhoff et al., 2013; Piggott et al., 2014).
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Appendix 

Table A. 1. Species list for fish, invertebrate and algae taxa identified from samples taken 

taken in the Manuherikia Catchment, March 2011. 

Fish 

Anguilla dieffenbachia 

Gobiomorphus breviceps 

Onchorynchus mykiss 

Perca fluviatilis 

Salmo trutta 

 

Invertebrates 

Ephemeroptera 

Coloburiscus humeralis 

Deleatidium spp. 

Nesameletus ornatus 

Zephlebia sp. 

Trichoptera 

Aoteapsyche sp. 

Costachorema psaropterum 

Costachorema xanthopterum 

Hudsonema alienum 

Hudsonema amabile 

Hydrobiosis chalcodes 

Hydrobiosis charadraea 

Hydrobiosis clavigera 

Hydrobiosis frater 

Hydrobiosis harpidiosa 

Hydrobiosis johnsi 

Hydrobiosis spatulata 

Hydrobiosis umbripennis 

Hydrochorema tenuicaudatum 

Neurochorema confusum 

Neurochorema forsteri 

Oeconesus sp. 

Olinga feredayi 

Oxyethira albiceps 

Paraoxyethira hendersoni 

Plectocnemia maclachlani 

Polyplectropus sp. 

Psilochorema bidens 

Psilochorema cheriodes 

Psilochorema embersoni 

Psilochorema leptoharpax 
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Psilochorema macroharpax 

Psilochorema mataura 

Psilochorema nemorale 

Pycnocentria gunni 

Pycnocentria spp. 

Pycnocentrodes spp. 

Triplectides oboletus 

Plecoptera 

Stenoperla prasina 

Zelandobius spp. 

Zelandoperla spp. 

Diptera 

Aphrophila 

Austrosimulium sp. 

Ceratopogonidae 

Chironominae 

Chironomus zealandicus 

Corynoneura scutellata 

Culicidae 

Diamesinae 

Empididae 

Ephydridae (Ephydrella sp.) 

Eriopterini (Rhabdomastix sp.) 

Hexatomini 

Maoridiamesa 

Muscidae 

Nothodixa campbelli 

Orthocladiinae 

Paradixa sp. 

Paralimnophila skusei 

Sciomyzidae (Neolimna sp.) 

Stratiomyidae 

Tabanidae 

Tanyderidae 

Tanypodinae 

Tanytarsini 

Zelandotipula sp. 

Cloeloptera 

Antiporus sp. 

Berosus sp. 

Copelatus australis 

Elmidae (Hydrora sp.) 

Hydraena 

Hydrophilidae 

Enochrus sp. 
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Liodessus deflectus 

Liodessus plicatus 

Rhantus suturalis 

Scirtidae 

Crustacea 

Cladocerean (Chydoridae sp.) 

Cladocerean (Simeocephalus sp.) 

Copepods (Calanoida) 

Copepods (Cyclopoida) 

Ostracods 

Paracalliope sp. 

Paraleptamphopus sp. 

Molluscs 

Gyraulus corinna 

Lymnea spp. 

Physella sp. 

Potamopyrgus antipodarum 

Sphaerium nova-zealandica 

Collembola 

Hypurogastruridae 

Isotomidae 

Sminthuridae 

Odonata 

Antipodochlora brauneri 

Austrolestes colensonis 

Xanthocnemis zealandica 

Hemiptera 

Anisops sp. 

Microvelia sp. 

Sigara sp. 

Corixidae 

Others 

Megaloptera (Archichauloides diversus) 

Dugesiidae (Neppia sp.) 

Nemertea (Proboscis sp.) 

Oligochaeta 

Nematoda 

Lepidoptera (Hygraula nitens) 

Hydroids 

Mite 

Plathelminthes 

Glossiphonia 

 

Algae 

Bacillariophyceae 
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Achnanthidium spp. 

Cocconeis placentula 

Cyclotella spp. 

Cymbella aspersa 

Cymbella cristula 

Cymbella kappii 

Diatoma hiemale 

Diatoma tenuis 

Didymsphenia germinata 

Encyonema minuta 

Epithemia adnata 

Epithemia sorex 

Eunotia spp. 

Fragilaria capucina 

Fragilaria ungeriana 

Fragilaria vaucheriae 

Fragilariaformia sp. 

Frustulia spp. 

Gomphoneis herculeana 

Gomphonema acuminatum 

Gomphonema angustatum 

Gomphonema clavatum 

Gomphonema lanceolatum 

Gomphonema parvulum 

Gomphonema spp 

Gomphonema truncatum 

Hantzschia amphioxys 

Karayeria sp. 

Melosira varians 

Meridion circulare 

Navicula avenaceae 

Navicula capitoradiata 

Navicula cryptocephala 

Navicula cryptotenella 

Navicula miniscula 

Navicula radiosa 

Navicula spp. 

Nitzschia acicularis 

Nitzschia amphibia 

Nitzschia dissipata 

Nitzschia gracilis 

Nitzschia linearis 

Nitzschia palea 

Pinnularia cf subcapitata 

Pinnularia gibba 
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Pinnularia spp. 

Pinnularia viridis 

Planothidium spp. 

Rhoicosphenia abbreviata 

Rhopalodia nova-zealandica 

Rossithidium spp. 

Sellaphora sp. 

Surirella angusta 

Surirella cf brebissonii 

Synedra arcus 

Synedra biceps 

Synedra ulna 

Tabellaria flocculosa 

Chlorophyceae 

Ankistrodesmus sp. 

Bulbochaetae sp. 

Cladophora sp. 

Closterium spp. 

Cosmarium spp. 

Draparnaldia sp. 

Gloeocystis spp. 

Kichneriella sp. 

Microspora spp. 

Mougetia spp. 

Oedogonium spp. 

Oocystis spp. 

Pediastrum sp. 

Rhizocloniumm sp. 

Scenedesmus spp. 

Spirogyra spp. 

Staurastrum sp. 

Stauroneis sp. 

Stigeocolonium spp. 

Trachelomonas sp. 

Ulothrix sp. 

Vaucheria spp. 

Xantophyta 

Tribonema spp. 

Rhodophyta 

Audiouinella sp. 

Cyanophyceae 

Anabaena spp. 

Aphanocapsa spp. 

Chamaesiphon spp. 

Coleodesmium spp. 
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Cylindrospermum sp. 

Lyngbya sp. 

Nostoc spp. 

Parallelia sp. 

Phormidium sp. 

 


