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Abstract 

 

This thesis examines the geochemistry of polycyclic aromatic hydrocarbons (PAHs) in urban 

stormwater.  The manner in which PAHs partition between the particulate, colloidal and truly 

dissolved phases is likely to affect their transport and fate in the environment and the degree 

to which they exhibit toxicity to aquatic organisms. 

 

Stormwater samples were collected from an urban catchment during eight rainfall events and 

from a river draining a largely rural catchment.  During rainfall, the levels of PAHs and the 

heavy metals Pb, Cu and Zn (also important contaminants in stormwater) rose significantly 

and were correlated with the suspended sediment (SS) concentrations.  PAH fingerprint ratios 

confirmed the debris collecting on urban streets as the principal source of the contaminants, 

which exhibited a signature typical of combustion-derived particles and motor vehicle 

crankcase oil.  An old gasworks was an additional source of PAHs in the urban catchment.  

The quantities of PAHs and heavy metals discharged into the local harbour were much higher 

from the urban catchment, whereas the rural catchment contributed more SS. 

 

The partitioning of the PAHs between the SS and the water was similar to that previously 

reported for other aquatic systems.  However, particulate organic carbon exerted little 

influence, suggesting that combustion-derived soot particles may play an important role.  This 

study is the first to have investigated the in-situ partitioning of PAHs between the truly 

dissolved and colloidal phases (that bound to dissolved organic carbon (DOC)) in urban 

stormwater.  The separation of the two phases, using a new C18 disk-based method, showed a 

small percentage of the total concentration of each PAH was bound to DOC.    Differences in 

the partitioning between the urban and rural catchments were not explained by estimating the 

degree of aromaticity of the DOC, suggesting that aliphatic groups may also be involved in 

the PAH binding.  Naphthalene bound to the DOC more strongly than expected, possibly 

because this smallest PAH was binding to sites inaccessible to the larger PAHs. 

 

The influence of the hydrophobicity of the PAHs was clearly evident when considering the 

partitioning between all three phases.  The truly dissolved phase was dominated by the soluble 

low molecular weight (LMW) PAHs, whereas the particulate phase was enriched in the less 

soluble high molecular weight (HMW) PAHs.  Contrary to what was expected based on the 
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hydrophobicity of the PAHs, the importance of the colloidal phase decreased for the HMW 

PAHs because the particulate phase was a better sorbent. 

 

While the contaminant concentrations in the stormwater frequently exceeded relevant water 

quality guidelines, the levels in the bioavailable truly dissolved phase indicated that acute 

toxic impacts were unlikely.  However, PAHs and zinc may lead to chronic effects in some 

organisms.  The presence of moderate amounts of LMW PAHs in the truly dissolved and 

colloidal phases is likely to result in the addition of moderate quantities of PAHs to the 

harbour water column.  Those bound to SS settle out rapidly once discharged into the harbour, 

resulting in localised sediment contamination which is likely to be exhibiting chronic effects 

on benthic organisms. 
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Chapter 1 Introduction 

 

1.1 Background 

 

The contamination of aquatic environments by persistent organic pollutants is a major 

environmental issue that has been the subject of intense research in the past three decades.  

Considerable research effort is still being given to chlorine-containing compounds such as 

insecticides, other pesticides and polychlorinated biphenyls.  However, there is now an 

increased realisation that there are also potentially significant environmental issues involved 

with other groups of organic chemicals that, while not being produced for any specific 

purpose, are by-products of many urban and industrial activities.  

 

Polycyclic aromatic hydrocarbons (PAHs) are one such group of compounds.  While PAHs 

do occur naturally as a result of oil diagenesis (Yunker et al., 1996) and forest fires (Neff, 

1979), their emissions to the environment have increased dramatically in the last 200 years as 

a consequence of the increasing use of fossil fuels, and a variety of industrial processes.  

PAHs enter the aquatic environment via a number of pathways and have been documented to 

be present in the water column and sediments of both fresh water and marine systems (Dachs 

et al., 1997; Zeng and Vista, 1997; Gevao et al., 1998; Means, 1998; Zhou et al., 1999; Yang, 

2000).  Due to their low reactivity, they are very persistent, particularly in sediments where 

they have been measured at levels of up to 760 µg/g (Zakaria et al., 2002 and references 

therein).  PAHs in aquatic environments are of concern because many exhibit significant 

acute toxicity to aquatic species (Boxall and Maltby, 1997; Boese et al., 2000) and a number 

have been reported to be potential carcinogens (U.S. Department of Health and Human 

Services, 1995; Kennish, 1997). 

 

1.2 Structure, Chemical Properties and Toxicity of PAHs 

 
The simplest PAH, naphthalene, consists of two benzene rings fused together.  Because of the 

rigidity of the benzene sub-units, naphthalene and all higher molecular weight PAHs are 

planar molecules.  The PAHs of environmental significance range from naphthalene (C10H8) 

to coronene (C24H12) (Manoli and Samara, 1999).  Within this range, there are a great number 

of PAHs differing in the number and alignment of the aromatic rings, and in the degree and 

position of alkyl group substitution.   
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FIGURE 1.1  Structures of the 16 PAHs designated as “Priority Pollutants” by the 
USEPA 

 

 

Much research has been conducted on the 16 unsubstituted (parent) PAHs (Figure 1.1) that 

have been designated as “Priority Pollutants” by the United States Environmental Protection 

Agency (USEPA), although it is recognised that many more are present in environmental 

samples (Means, 1998), some of which have equal or greater toxicity than the 16 parent PAHs 

(Onuska, 1989).  Some of the major physical and chemical properties of environmental 

significance of these 16 PAHs are shown in Table 1.1.   

 



 

TABLE 1.1  Physical and chemical properties of the 16 PAHs designated as “Priority Pollutants” by the USEPA 
 
Name  Abbreviation Mr MPa 

(oC) 
BPb 
(oC) 

Vapour Pressurec 
(Torr, 20oC) 

Aqueous 
Solubilityd 

(µg/L) 

Log Kow
e Aquatic LC50

f 
(µg/L) 

Carcinogenicity 
Indexg 

Naphthalene  NAP 128 81 218 0.05 30900e 3.37 3800 - 
Acenaphthylene  ACY 154 93 270 10-3 – 10-2 3930e 4.00  - 
Acenaphthene  ACE 154 96 279 10-3 – 10-2 3400e 3.92  - 
Fluorene  FL 166 117 294 10-3 – 10-2 800 4.18 1000 - 
Phenanthrene  PHEN 178 101 338 6.8x10-4 435 4.57 600 - 
Anthracene  ANT 178 216 340 2x10-4 59 4.54  - 
Fluoranthene  FLR 202 111 383 10-6 – 10-4 260 5.22 500 - 
Pyrene  PYR 202 156 393 6.9x10-9 133 5.18  - 
Benzo[a]anthracene  BaA 228 162 435 5x10-9 11.0 5.91  <+ 
Chrysene  CHY 228 256 441 10-11 – 10-6 1.9 5.86 NAT <+ 
Benzo[b]fluoranthene  BbF 252 168 481 10-11 – 10-6 2.4 5.80  ++ 
Benzo[k]fluoranthene  BkF 252 217 481 9.6x10-7 0.8e 6.00  - 
Benzo[a]pyrene  BaP 252 177 496 5x10-9 3.8 6.04 NAT ++++ 
Dibenz[a,h]anthracene  DBA 276 270 - ~10-10 0.5e 6.75 NAT +++ 
Benzo[g,h,i]perylene BPY 276 278 - ~10-10 0.3 6.50  - 
Indeno[1,2,3-cd]pyrene INP 276 - - ~10-10 - 7.04  + 
a  Melting Point 
b  Boiling Point 
c  Values from Manoli and Samara (1999) 
d  Values from Onuska (1989), Salinity 32‰ @ 22 oC 
e  Values from Mackay et al. (1992) 
f  Values from Neff (1985),  96 hour LC50 for a marine polychaete, NAT = not acutely toxic in 96 hours 
g  Values from Kennish (1997), - = inactive or unknown,  < = less than, + = weakly active, ++ = moderately active, +++ = active, ++++ = very active 

 



 4

 

When present in a pure state, PAHs are crystalline solids with high melting points, low vapour 

pressures, low aqueous solubilities and are often coloured.  As the molecular weight of the 

PAHs increases from NAP through to INP, their chemical and physical characteristics change 

in an almost regular manner.  Both vapour pressure and aqueous solubility decrease as 

molecular mass increases.  The log of the octanol-water partition coefficient (log Kow), which 

is a measure of the hydrophobicity of the molecules, increases as the molecular weight of the 

PAHs increases.  Due to these physical and chemical differences, PAH of varying molecular 

weight differ in their distribution in the environment and the effects that they have on 

organisms.  Several authors have suggested that the 16 PAHs can be divided into two 

molecular weight classes on the basis of their physical, chemical and biological properties 

(Readman et al., 1982; Neff, 1985; Kennish, 1997).  The low molecular weight (LMW) 2-3 

ring PAHs NAP through to ANT belong to one class and are acutely toxic to many aquatic 

organisms (high LC50 values, Table 1.1), but they are not carcinogenic.  The remaining high 

molecular weight (HMW) 4-6 ring PAHs FLR through to INP are less acutely toxic, largely 

due to their limited aqueous solubilities, but a number of this group are strongly carcinogenic, 

in particular, BaP (Table 1.1). 

 

1.3 Sources of PAHs 

 

PAHs may be generated through biosynthesis by microbes and plants, the diagenesis of 

organic matter at low to moderate temperatures to form fossil fuels and through the high 

temperature pyrolysis of organic materials.  One way for the biosynthesis of PAHs to occur is 

via the reduction of polycyclic quinones, for example the production of perylene by microbes 

in anaerobic sediments (Neff, 1985).  Crude oil contains significant quantities of PAHs, as do 

refined petroleum products.  For example, a typical crude oil may contain 0.2 to 7% by weight 

of PAHs, whereas shale oil or coal-derived synthetic crude may contain up to 15% PAHs by 

weight (Neff, 1985).  Refined petroleum may contain significant quantities of PAHs and 

diesels have been reported to contain up to 4% by weight of PAHs (Marr et al., 1999).  In 

contrast, unused refined lubricating oils contain negligible concentrations of PAHs (Pruell and 

Quinn, 1988; Paschke et al., 1992).  The PAH assemblage of these diagenetically-produced 

PAHs is dominated by the LMW PAHs, in particular naphthalenes, and significant quantities 

of alkylated PAHs are also present (Neff, 1985).  Coal tars, bitumens, asphalts, and creosote 

also contain significant quantities of PAHs (Wise et al., 1988; Kennish, 1997). 
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The third source of PAHs involves the pyrolysis of organic matter during combustion 

processes.  Optimal conditions for PAH production are a high fuel-to-air ratio, which 

promotes incomplete combustion, and temperatures greater than 500oC (Neff, 1985).  The 

PAHs generated by pyrolysis are emitted into the air, where a large percentage of them are 

associated with the particulate fraction (soots) produced during combustion (Schnelle et al., 

1996; Reilly et al., 1998).  The assemblage of the PAHs generated from pyrolysis processes is 

dominated by the non-alkylated or “parent” HMW species, particularly as the combustion 

temperature rises above 1 000oC (Neff, 1979). 

 

Significant quantities of PAHs are generated during natural forest fires and through the 

burning of biomass in agriculture (Howsam and Jones, 1998).  During the past 200 years, 

particularly once Western economies became dependent on oil as their principal source of 

energy, the anthropogenic emissions of combustion-generated PAHs have increased 

dramatically (Howsam and Jones, 1998).  Many domestic activities generate PAHs, for 

example the burning of wood, oil and coal for domestic heating (Oanh, 1999), cigarette 

smoking, broiling and smoking of foods, and the incineration of waste materials (U.S. 

Department of Health and Human Services, 1995).  In petrol driven internal combustion 

engines, the majority of the PAHs present in the fuel are destroyed, only to reform slightly 

later in the combustion cycle, resulting in significant amounts of PAHs being released in the 

exhaust gases (Westerholm et al., 1988).  For diesel engines, a significant proportion of the 

PAHs present in the fuel are thought to survive the combustion process and be emitted in the 

exhaust gases (Howsam and Jones, 1998).  The engine lubricating oil comes into contact with 

the PAHs in the engine cylinders and after an oil change, can become highly contaminated 

with PAHs in a relatively short time (Wang et al., 2000).  Leaks, spills, and the deliberate 

dumping of used crankcase oil are other major sources of PAHs (Zakaria et al., 2002).  Many 

industrial activities such as commercial waste incineration, coal coking, aluminium smelting, 

production of gas and tars from coal, petroleum refining and asphalt production are significant 

point source emissions of PAHs (Neff, 1985; Naes et al., 1998).   

 

Estimates of the atmospheric emissions of total PAH by source type for the USA are shown in 

Figure 1.2.  From the figure, it is clear that the burning of coal and wood for residential 

heating is the single largest anthropogenic source (36%) of the total of 11 030 tonnes of PAHs 

estimated to be emitted per year in the USA.  The second most important anthropogenic 

source of PAHs is petrol engines.  The emissions from industrial processes, commercial 
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incineration and power generation, while they will be significant point sources of PAHs to 

their local environment, contribute only 8% of the total annual PAH emission. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 
FIGURE 1.2  Estimated atmospheric emissions of total PAH in the USA by source type 
(tonnes per year, data from Howsam and Jones, 1998) 

 

 

1.4 The Routes and Rates of PAHs Entering the Aquatic Environment 

 

The estimated annual inputs of BaP and total PAHs into the aquatic environment from the 

various sources discussed above are listed in Table 1.2.  Biosynthetic PAHs, generated by 

microbes in anaerobic sediments, are a relatively minor source and are thought to be relatively 

immobile (Neff, 1985).  Natural seeps of oils and tars will contribute PAHs to the aquatic 

environment, but their contribution is likely to be small in comparison to the amounts of oil 

released into the environment through the drilling for crude oil, its subsequent extraction, and 

through deliberate oil discharges e.g. ballast water discharges from oil tankers (Neff, 1979).  

Accidental oil spills can also result in large amounts of PAHs entering the aquatic 

environment and result in significant, yet potentially short-lived, contamination of large areas 

(Boehm et al., 1998). 

agricultural fires 

forest fires 

other 
fires 

oil and gas heating 

Coal and wood 
heating 

power generation 

petrol 
engines 

coke 
manufacture 

other 
industrial 

commercial 
incineration 

diesel engines 



 7

 

TABLE 1.2  Estimated annual inputs of BaP and total PAH to the aquatic 
environment world wide from various sources (Source: Neff (1979)) 
 
Source BaP 

(metric tonnes/yr) 

Total PAH 

(metric tonnes/yr) 

Biosynthesis 25 2 700 

Petroleum and crude oil spillage 25 170 000 

Fallout and rainout from air 500 50 000 

Surface runoff from land 118 2 940 

Domestic and industrial wastes 29 4 400 

Total 697 230 040 

 

 

The majority of the PAHs that are produced through combustion process are emitted into the 

air and are stable enough to be transported significant distances (Manoli and Samara, 1999).  

They are removed from the atmosphere by dry fallout, vapour phase deposition, and rain-out.  

This long-range transport is believed to be the principal source of PAH contamination in 

remote environments (Yunker et al., 1996).  Large quantities of the more volatile PAHs may 

be absorbed directly from the air into water bodies.  For example, Nelson et al. (1998) 

reported that the direct gas absorption of FL and PHEN into Chesapeake Bay, resulted in up 

to three times the combined loadings of these two PAHs from rain-out, dry aerosol deposition 

and from land runoff.  In urban environments, where atmospheric concentrations of PAHs 

may reach 190 µg/m3 (Kavouras et al., 2001), rainfall removes large quantities of PAHs from 

the air.  For example, Grynkiewicz et al. (2002) reported concentrations for the sum of the 16 

priority PAHs of up to 900 ng/L in the rain collected at a number of sites in Poland.  These 

concentrations were highest during winter and exhibited a strong correlation with the amount 

of coal being burnt for residential heating.  Rainfall also mobilises PAH-containing soots that 

have collected on roofs and other surfaces by dry fallout (Takada et al., 1990; Gonzalez et al., 

2000), resulting in highly contaminated stormwater runoff that is often discharged directly 

into aquatic systems (Hoffman et al., 1984; Gonzalez et al., 2000).  In many countries, urban 

stormwater runoff is collected and treated together with sewage and thus treated sewage 

discharges can be significant sources of PAHs, particularly during periods of rainfall 

(Blanchard et al., 2001). 

 

As noted later in Section 1.3, certain industrial processes such as aluminium smelting and 

coke manufacture are significant point sources of PAHs.  In many instances, air pollution 



 8

regulations require the scrubbing of the exhaust gases resulting in a contaminated water 

stream that, even with subsequent treatment, can result in the discharge of significant 

quantities of PAHs into water bodies (Naes et al., 1998).  Contaminated groundwater can also 

be another route by which PAHs may enter surface waters.  Historic gasworks sites, where 

gas was produced by the partial pyrolysis of coal, are often highly contaminated with coal tars 

that contain PAHs at concentrations of up to 68 000 µg/g (Mahjoub et al., 2000).  Rainwater 

infiltration and groundwater percolation through the contaminated soil results in the leaching 

of the more soluble PAHs from the tars, which can then be transported to surface waters 

(MacKay and Gschwend, 2001; Zamfirescu and Grathwohl, 2001). 

 

Dated sediment cores, from sites without any significant point sources nearby, can provide a 

good indication of changes in the environmental fluxes of PAHs with time.  Pereira et al. 

(1999) reported that a dated sediment core from San Francisco Bay, California, showed a 

steady increase in pyrogenic PAHs from low background levels (5 ng/g for individual PAHs) 

around 1900 to much higher values (140 ng/g for individual PAHs) around 1960, after which 

the flux of PAHs to the sediment appeared to decline.  The pre-industrial (pre-1900) sources 

of PAHs were attributed to the burning of wood or coal, and from forest fires.  The rapid 

increase in PAH fluxes after 1900 coincided with the rapid growth in urbanisation and 

industry around the Bay.  The decline in PAH fluxes to the sediments post-1960 was reported 

to be the result of wide spread switching from coal to oil and gas as fuels for home heating.  

The same pattern has been identified in the sediments from a rural lake in the English Lake 

District by Gevao et al. (1998), who cite improvements in combustion technologies and the 

implementation of emission control devices on industrial emissions, in addition to the switch 

away from coal, as reasons for the decline in PAH fluxes to the lake sediments post-1970.  

Recent work by Van Metre et al. (2000), analysing the sediments from 10 lakes in the USA, 

has shown that the post-1960’s downward trend in PAH fluxes to sediments has been 

reversed.  The increases in the PAH fluxes to the lakes closely tracked reported  increases in 

automobile use, even in the water catchments than had not seen major changes in urban land 

use levels since the 1970’s. 
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1.5 The Geochemistry of PAHs in Aquatic Systems 
 
1.5.1 Introduction 

 

The physical and chemical properties of the PAHs govern their fate once they have entered 

the aquatic environment as summarised in Figure 1.3.  

 

 

 

FIGURE 1.3  The geochemical cycling of PAHs in aquatic systems (adapted from 
Schwarzenbach (1993)) 
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Volatilisation, photolysis, uptake by organisms, biodegradation, dissolution, adsorption to 

suspended solids and subsequent sedimentation, are all processes affecting their distribution.  

Due to their hydrophobic nature and low solubilities, the PAHs have a strong affinity for 

particulate surfaces (Zhou et al., 1999).  Upon entering water bodies, they rapidly adsorb to 

particulate matter suspended in the water column, the majority of which then settles out and is 

incorporated into bottom sediments.  For the majority of the PAHs, these two processes 

dominate and govern their distribution within the aquatic system (Mackay et al., 1992). 

 

1.5.2 The Solid – Water Partition Coefficient (Kp) 

 

The partitioning of organic contaminants between water and particulate matter suspended in 

the water column, or sediments and their porewaters, is well described by the Freundlich 

isotherm: 

 

where Cs is the concentration in the solid phase, K is the Freundlich constant, Cw the 

concentration in the water and n is an experimentally-determined exponent.  In the case of 

organic pollutants partitioning between water and a solid phase, the organic sorbate is 

generally present in very low concentrations in comparison to the solid sorbent.  It has been 

experimentally verified that in these cases n=1, implying that the sorption is linear 

(Karickhoff et al., 1979).  This implies that all sites responsible for the retention of the sorbate 

molecules are similar and that the molecules already adsorbed to the surface neither enhance 

nor inhibit further sorption (Schwarzenbach et al., 1993).  Linear sorption also implies that the 

sorption is non-competitive, i.e. the sorption of one type of sorbent molecule does not effect 

the sorption of a different type of molecule.  For example, the sorption of ANT would not be 

affected by the sorption of the much larger BaP, or even organic contaminants from a 

completely different chemical class such as polychlorinated biphenyls (Karickhoff et al., 

1979). 

 

Given linear sorption, the equilibrium partitioning of a PAH between the solid and liquid 

phases may be represented by the simplified equation: 

 

n
wCKsC =

w

s
p C

C
K =
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where Kp (mL/g or L/kg) is the solid-water partition coefficient, Cs is the equilibrium PAH 

concentration adsorbed to particles (ng/g dry weight) and Cw  is the equilibrium PAH 

concentration in the dissolved phase (ng/mL).  The values of Kp are dependent on the 

properties of the PAH, on the structure and chemical nature of the solid phase, and other 

environmental properties such as salinity and temperature (Schwarzenbach et al., 1993; Shen 

and Jaffe, 2000; Turner and Rawling, 2001).  For soils and sediments, laboratory studies have 

shown that the degree of partitioning is largely a function of the amount of organic carbon 

present in the solid phase (Karickhoff et al., 1979; Ghosh et al., 2000), which leads to the 

carbon-normalised partition coefficient (Koc): 

 

where ƒoc  is the particulate fraction of organic carbon.  Provided ƒoc is greater than 0.002, i.e. 

the sediment contains greater than 0.2% organic carbon by weight, the sorption is totally 

governed by the organic carbon and the contribution to the sorption from any “bare” mineral 

surfaces is negligible (Schwarzenbach et al., 1993). 

 

Values for Koc (L/kg C) have been found in laboratory studies to be reasonably uniform for a 

particular compound for a wide range of sediments and soils (Karickhoff, 1981).  The 

mechanism of sorption is thought to be via the relatively small nonpolar PAHs penetrating the 

porous macromolecular organic matter and thus effectively “dissolving” in the non-aqueous 

interior of the organic matter (Schwarzenbach et al., 1993).  Recent work by Ghosh et al. 

(2000), showed that the penetration of PAHs into organic matter is very limited.  Using a laser 

desorption/ laser ionisation mass spectrometry technique to examine the variations in PAH 

concentrations across transects of large particles (200-1000 µm) from PAH contaminated 

sediments, they determined that the dominant sorption mechanism was near-surface sorption, 

with the possible shallow penetration of some of the PAHs not more than 5 µm into the 

organic matter.   

 

Measuring the partitioning coefficients for a wide range of organic contaminants, to a wide 

range of sediments and soils, would be very time consuming.  Therefore, relating Koc to a 

more readily measurable chemical or physical property of the contaminants would be 

advantageous.  One of the earliest, and potentially the most successful approaches (Macalady 

and Ranville, 1998), has been the correlation of log Koc with the log of the octanol-water 

oc
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partition coefficients (log Kow) of organic contaminants as proposed by Karickhoff et al. 

(1979): 

 

log Koc  = 1.00 log Kow - 0.21 

 

Using this equation, or variations based on data sets for a greater number of chemicals than 

that used by Karickhoff et al. (1979), the partitioning of an organic contaminant between 

water and soils, sediments or suspended sediments in the water column, may be estimated by 

knowing the Kow value and measuring the percentage of organic carbon in the sediment. 

 

Laboratory sorption studies have determined that the partitioning of PAHs, and other 

hydrophobic organic contaminants, between the particulate and dissolved phases is linear 

until high concentrations of particulate matter are reached, where it has been observed that the 

partition coefficients decrease (Voice et al., 1983; Gschwend and Wu, 1985; Turner et al., 

1999).  This phenomenon has been termed the "solids effect" and has been explained in terms 

of a three-phase system consisting of water, particulate matter and a third phase which is not 

separated from the water during filtration.  This third phase may bind contaminants in a 

similar manner to the particulate phase (Gschwend and Wu, 1985).  Voice et al. (1983) 

theorise that this third phase is composed of non-filterable microparticles and organic 

macromolecules that are rich in organic carbon and whose concentration increases as the 

concentration of particulate matter increases.  Dissolved organic matter (DOM) is the term 

often applied to this material (McCarthy and Jimenez, 1985; Schlautman and Morgan, 1993; 

Guo and Santschi, 1997). 

 

The influence of this third phase on the partitioning of PAHs has also been detected in several 

field studies.  Kayal and Connell (1990) reported that for the partitioning of PAHs between 

sediments and water in the Brisbane River, Australia, the plot of log Koc versus log Kow was 

initially linear but then showed significant downwards curvature for the PAHs with log Kow 

values of 5.5 and above (BaA to INP) as shown schematically in Figure 1.4.  The reason for 

the deviation from linearity was cited as the presence of a third phase, namely DOM, which 

binds PAHs and is present in the water filtrate.  Given their lower solubilities, the HMW 

PAHs will bind to the DOM to a greater extent than the LMW PAHs.  This leads to reduced 

log Koc values for the HMW PAHs and hence the curvature in the log Koc versus log Kow plot 

(open symbols in Figure 1.4). 
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FIGURE 1.4  Relationship between log Koc and log Kow showing the effects of the third 
phase on the observed partition coefficients (data from Kayal and Connell (1990)) 

 

 

Mitra and Dickhut (1999) observed the same effect for the partitioning of PAHs between 

sediments and their porewaters for sediments collected from the Elizabeth River, Virginia, 

USA.  The influence of the third phase was again evident for the PAHs with log Kow values of 

5.5 and above.  Both groups proposed that the third phase is DOM (Kayal and Connell, 1990; 

Mitra and Dickhut, 1999). 

 

1.5.3 The Dissolved Organic Carbon – Water Partition Coefficient (Kdoc) 

 

DOM in surface waters is generated through the degradation of plant material (vascular 

plants, macro-algae and phytoplankton) and also micro-organisms (bacteria, fungi and 

viruses) that are formed within the surface waters themselves or enter via land runoff, 

groundwater, or directly via rainfall (Thurman, 1985; Santschi et al., 1997).  Dissolved 

organic carbon (DOC) is usually measured rather than DOM, as it is easily measured by the 

oxidation of the carbon to carbon dioxide and subsequent measurement by infrared 

spectrometry, gas chromatography or coulometry (Thurman, 1985).  DOM is typically 

comprised of approximately 50% organic carbon and therefore, if required, DOC values can 

be converted to DOM values by multiplying by a factor of 2 (Macalady and Ranville, 1998).  

Aquatic humic substances have been shown to comprise 50-75% of the DOC present in 

terrestrial waters (Thurman, 1985) and it is predominately these species that are believed to be 

involved in the adsorption of PAHs (Landrum et al., 1984; McCarthy and Jimenez, 1985). 
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The partitioning of a PAH between DOC and water is expressed in a similar manner to that 

for the partitioning between the particulate and “dissolved” phases.  The DOC-water partition 

coefficient (Kdoc) can be calculated as follows: 

 

 

where Cdoc is the concentration of the PAH (ng/L) sorbed to the DOC, Cw is the concentration 

of the PAH in the water (ng/L), [DOC] is the concentration of dissolved organic carbon 

(kg C/L) (Landrum et al., 1984; Caron and Suffet, 1989; Servos and Muir, 1989).  Kdoc has 

the unit of L/kg C.   

 

The partitioning of PAHs between water and DOC has been verified to be linear with respect 

to changes in the concentrations of the PAHs over several orders of magnitude (Landrum et 

al., 1984; McCarthy and Jimenez, 1985; Brannon et al., 1995).  In laboratory-based studies, 

the values of Kdoc have been shown to be correlated with a number of physical and chemical 

parameters of the PAHs, including Kow, aqueous solubility, molar volume and total surface 

area (Burkhard, 2000; Li and Lee, 2000; Krop et al., 2001).  However, for individual PAHs 

the Kdoc values may vary by up to several orders of magnitude depending on the source of the 

DOC (Morehead et al., 1986).  For example, Landrum et al. (1984) reported that the 

partitioning of ANT between water and DOC was found to be seven times higher in the 

Huron River than it was in Lake Erie, USA.  Molecular characteristics of the DOC such as the 

degree of aromaticity, molecular size and hydrophobic acid content have been shown to affect 

the degree of PAH sorption to DOC (Chin et al., 1997; De Paolis and Kukkonen, 1997; 

Perminova, 1999; Peuravuori, 2001).  An effect analogous to the “solids effect”, though less 

pronounced, has also been observed at high DOC concentrations (Landrum et al., 1984; 

Ozretich et al., 1995). 

 

It should be noted here that DOC is generally defined operationally as that fraction arising 

from filtration using glass microfibre or membrane filters with pore sizes in the range of 

0.45-0.70 µm.  As a result, DOC < 0.45-0.70 µm contains both organic carbon that is truly 

dissolved (defined here as TDOC) and organic carbon that fits within the definition of 

colloidal substances (defined here as colloidal organic carbon, COC) i.e. 

DOC = TDOC + COC (Thurman, 1985; Macalady and Ranville, 1998; Gustafsson et al., 

[DOC]C
C

K
w
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doc ×
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2001).  Colloids are microparticles or macromolecular matter ranging in size from 1 nm to 

1 µm (Ranville and Schmiermund, 1998).  Often the upper limit of the range is described as 

being between 0.2-0.7 µm, depending on the pore size of the filters used to remove the 

particulate material (Guo and Santschi, 1997).  The colloidal size range may also be expressed 

in terms of molecular weight (MW) or Daltons (Da).  Many authors consider the lower limit 

of the colloidal range to be 1 000 Da and any species below this size are considered to be truly 

dissolved (Wen et al., 1996; Greenamoyer and Moran, 1997; Guo and Santschi, 1997; 

Santschi et al., 1997; Macalady and Ranville, 1998; Gustafsson et al., 2001).  The lower limit 

of 1 nm based on particle size, equates to a molecular weight of approximately 

1 000-2 000 Da (Thurman, 1985; Ranville and Schmiermund, 1998).  Humic acids, which 

have been shown to be the principal sorbing species for PAHs (Landrum et al., 1984; 

Peuravuori, 2001), typically have molecular weights in the range of 1 000-5 000 Da 

(Thurman, 1985). 

 

The most common practice when investigating the sorption of hydrophobic organic 

compounds to DOM, is to normalise the partition coefficient to the DOC concentration of the 

water as detailed above (Landrum et al., 1984; Gauthier et al., 1986; Caron and Suffet, 1989; 

Servos and Muir, 1989; Eadie et al., 1992; Schwarzenbach et al., 1993; Ozretich et al., 1995; 

Burkhard, 2000).  In this manner, it is the unbound or truly dissolved contaminants that are of 

principal interest, because research has suggested that it is this fraction that is responsible for 

the toxicity of the contaminants to aquatic organisms (Landrum et al., 1985; Haitzer et al., 

1998).  It is also the truly dissolved phase that is primarily involved in degradation/loss 

mechanisms such as volatilisation or photodegradation (Baker and Eisenreich, 1990).  

Calculating the partition coefficient normalised to COC may result in some bound 

contaminants being present in the TDOC phase, resulting in an effect similar to the “solids 

effect” described earlier. 

 

For the purposes of the present study, the partition coefficient will be normalised to the 

concentration of DOC (<0.70 µm).  However, the fraction of PAHs bound to the DOC will be 

called the “colloidal” fraction or phase.  A number of recent studies have also used the 

concentration of DOC as a surrogate for the COC (>1 000 Da) concentration (Gschwend and 

Wu, 1985; Brownawell and Farrington, 1986; Baker and Eisenreich, 1990).  In oceanic 

waters, COC may comprise on average 10-45% of DOC but this figure may rise to 50-60% 

for estuarine waters (Guo and Santschi, 1997).  In sediment porewaters and terrestrial surface 

waters, the percentage of COC is higher still.  For example, Johnson and Amy (1995) reported 
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that for solutions of Suwannee River humic acid (used for modelling PAH sorption to natural 

NOM), the COC fraction >1 000 Da contained 93% of the measured DOC.  For a soil humic 

acid, the percentage >1 000 Da was 97%.  Burgess et al. (1996) reported that the COC 

>1 000 Da measured in the porewater of a New Bedford Harbour sediment, USA, was 90% of 

the DOC measured.  Peuravuori (2001) conducted ultrafiltration on the water from a Finish 

lake and determined that only about 7.5% of the DOC was present in the <1 000 Da fraction.  

The binding of pyrene to this fraction was considerably less than that to the higher molecular 

weight fractions.  It would therefore appear that measuring DOC in filtered terrestrial water 

samples and using this to normalise the partition coefficient, will result in similar values for 

the coefficient that would be obtained by normalising it to the COC concentration.  Thus for 

terrestrial waters, it is realistic to use the terms “bound” and “colloidal” interchangeably when 

considering the fraction of organic contaminants that are associated with NOM in the “third 

phase”.  

 

1.5.4 Three-Phase Partitioning in Aquatic Systems 

 

The relationships between PAHs in the particulate, colloidal (or DOC-bound), and the truly 

dissolved phases, and the associated partitioning constants, are shown in Figure 1.5.  As 

mentioned earlier, provided ƒoc is greater than 0.002, the direct adsorption of the PAHs to the 

mineral surfaces of the suspended sediment (Ks) is negligible.  

 

It is also possible that the PAH-DOC complex is adsorbed to the suspended sediments.  This 

introduces another partitioning constant Ks DOC which describes the partitioning of the DOC 

between the water and the suspended solids.  Several authors consider that the sorption 

coefficient for the PAHs to the DOC in solution (Kdoc) is equal to that for the DOC adsorbed 

to the surface of the suspended solids (Koc), e.g. Kayal and Connell (1990) and Brownawell 

and Farrington (1986).  This may be the case for experimental systems where the effects of 

salinity on the partitioning coefficients are being investigated e.g. Brunk et al. (1997).   
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FIGURE 1.5  The three-phase partitioning of PAHs in aquatic environments between 
the particulate, colloidal and truly dissolved phases at equilibrium.  Provided the 
fraction of organic carbon is greater than 0.2% (ƒoc>0.002) Ks, which relates to the 
direct sorption of the PAHs to mineral surfaces, is negligible.  Ks

DOC shows the ancillary 
equilibrium of DOC absorbing to the suspended sediment (adapted from Brunk et al. 
(1997)) 

 

 

However, Kdoc should not be confused with Koc as a number of studies of the in-situ 

partitioning of PAHs have shown that Koc does not equal Kdoc implying that the organic 

carbon in the suspended sediments to which the PAHs are adsorbed is not solely DOC that 

has been adsorbed to mineral surfaces (Eadie et al., 1990; Brannon et al., 1995; Burkhard, 

2000).  This is likely to result from the fact that when determining the sorption of PAHs to 

suspended sediments, either in-situ or via laboratory-based studies where PAHs are added to 

solutions of estuarine sediments or soils, the suspended sediments are comprised of organic 

carbon rich coal/wood derived particles and clays/silts to which DOC has adsorbed.  Thus the 

particulate phase may contain at least two quite different forms of organic carbon.  Recent 

work by Ghosh et al. (2000) has shown that the majority of the PAHs contained in a 

contaminated Milwaukee Harbour sediment were strongly sorbed to coal/wood derived 

particles, whereas 38% were associated with clays or organic matter adsorbed to the clays and 

were not strongly sorbed. 
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1.6 The Fate of PAHs in Aquatic Environments 

 

The geochemical cycling of PAHs has been shown in Figure 1.1.  Mechanisms for the 

removal of PAHs from the water column include volatilisation from the water surface, the 

abiotic degradation in the water column via photolysis or photooxidation, uptake and 

metabolism by bacteria, fungi and other biota, and the settling out of PAHs sorbed to the 

suspended sediment.  The processes occurring in the water column are responsible for the loss 

of a considerable portion of the more soluble LMW PAHs, whereas the majority of the HMW 

PAHs end up in the bottom sediments.  Interestingly, HMW PAHs in the water column are 

more sensitive to photolysis than are the LMW species due to the absorption spectra of the 

HMW PAHs overlapping the solar spectrum to a greater extent (Kochany and Maguire, 1994; 

Chen et al., 2001).   

 

Once PAHs are incorporated into bottom sediments, the rate of photolysis is minimal due to 

low light levels, but biological uptake and degradation may still occur (MacRae, 1998). 

However, in general the rate of breakdown in the often oxygen-depleted (anoxic) sediments is 

low and instead they become reservoirs for PAHs.  Concentrations of PAHs in sediments are 

often greater than those in the water column by a factor of as much as 1 000 (Neff, 1985).   

 

It has been known for some time that PAHs adsorb to colloidal organic matter.  For example, 

Wijayaratne and Means (1984) determined that natural estuarine colloids isolated via 

ultrafiltration were ten times more efficient at sorbing PAHs than sediment and soil organic 

matter.  The effects that this association have on the geochemistry and fate of PAHs in aquatic 

environments is a subject that is receiving a great deal of current attention.  Colloids have 

been shown to facilitate the transport of PAHs in groundwater from old gas works sites 

contaminated with coal tar (Johnson and Amy, 1995; MacKay and Gschwend, 2001).  They 

will also facilitate the movement of PAHs from sediments back into the water column (Chin 

and Gschwend, 1992).  In the water column, the concentrations of PAHs will be enhanced by 

binding to colloidal matter where they will also be more stable because their ability to be 

removed by partitioning to settling solids is reduced (McCarthy and Jimenez, 1985; Jaffe, 

1991).  This will result in longer residence times in the water column, allowing them to be 

transported greater distances.  Binding to colloids has been shown to reduce the rate of 

volatilisation of PAHs from surface waters (Baker and Eisenreich, 1990).  The rate of 

photolysis may also be reduced through a combination of light screening and quenching 
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effects (Kochany and Maguire, 1994, and references therein).  Fortunately (for aquatic 

organisms) the binding of PAHs to colloidal organic matter greatly reduces their 

bioavailabilty, resulting in lower rates of bioaccumulation and reducing the toxicity of the 

PAHs (Landrum et al., 1985; McCarthy et al., 1985; Haitzer et al., 1998). 

 

Given the various “pools” of PAHs present in aquatic systems, the interactions between these 

pools and the numerous loss/degradation mechanisms, quoting an overall residence time for 

PAHs in the aquatic environment is probably more meaningful than the half-lives (t½) in an 

individual compartment.  Mackay et al. (1992) provide very comprehensive estimates of the 

expected residence times for various PAHs in various environmental compartments (air, soil, 

water, sediments) when discharged into any one or more of these compartments.  The 

residence times are conveniently summarised in Mackay and Callcott (1998), who give mean 

half-lives for groups of PAHs based on their molecular weight.  NAP has a mean t½ of 7 days 

in water and 230 days in sediments.  The less volatile group involving ACY through to ANT 

has a mean t½ value of 23 days in water and 2 years in sediments.  The HMW PAHs from 

PYR upwards are more persistent, having a mean t½ value of 71 days in water and 6 years in 

surface sediments. 

 

1.7 Urban Stormwater as a Source of PAHs to Aquatic Environments 

 

A significant proportion of the PAHs emitted into the air from combustion sources are 

adsorbed to soot particles, which in urban areas deposit onto roofs and other surfaces 

(Gonzalez et al., 2000), or are incorporated into road dust (Takada et al., 1990).  Drips of 

crankcase oil, which may contain PAHs at levels of up to 10 000 µg/g or 1% of the oil (Pruell 

and Quinn, 1988), can also incorporated into road dust and/or reside on the surfaces of roads, 

carparks, etc.  Wear of vehicle tyres and asphalts also produces particles that are rich in PAHs 

(Brandt and De Groot, 2001; Zakaria et al., 2002).   

 

During rainfall, much of the PAH-containing material is washed from the roofs, roads, and 

other surfaces, resulting in stormwater runoff that is highly contaminated with PAHs.  For 

example, in the study by Grynkiewicz et al. (2002) undertaken in Poland, the concentrations 

of the 16 “priority” PAHs in the runoff were approximately 10-fold higher than those 

measured in the rainfall.  The 3-4 ring PAHs PHEN, ANT, FLR and PYR are frequently 

reported as being the most abundant PAHs present in stormwater.  For example, Gonzalez et 

al. (2000) reported that these four PAHs comprised 85% of the concentration of the 16 PAHs 
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detected in stormwater runoff in Paris.  The concentrations of total (particulate + “dissolved”) 

PAHs in stormwater runoff may reach values as high as 18 mg/L (Gavens et al., 1982; 

Makepeace et al., 1995). 

 

Little research appears to have been conducted to monitor the types and levels of PAH in 

urban stormwater during baseflow (dry weather) conditions.  The closest work is that from 

several studies looking at PAH levels in urban streams.  Foster et al. (2000) reported that the 

concentration of particulate CHY of 12 ng/L during baseflows was 50 times lower than that 

measured during stormflows in the Anacostia River, Washington DC, USA.  There was an 

even greater difference for particulate BaP, which was measured at 0.4 ng/L during baseflows 

and 900 ng/L during stormflows.  Novotny and White (1997) reported that the concentrations 

of total FLR and PYR in an urban creek in Wisconsin, USA, were approximately 150 ng/L 

during baseflows and 1 500 ng/L during storm events.  Yamane (1990) reported low levels of 

HMW PAHs in a stream draining an urban area during periods of low flow.  Significant 

proportions were in the dissolved phase, which may reflect that "grey water" from residential 

areas without sewerage systems in the river basin was a significant source of PAHs.  Periods 

of baseflow predominate over periods of stormflow.  Thus, while the concentrations (and 

fluxes) of contaminants are generally lower during baseflows, the actual influence of baseflow 

conditions on the total PAH contaminant load may be significant. 

 

Urban runoff is often discharged without treatment directly into aquatic systems (Hoffman et 

al., 1984; Gonzalez et al., 2000).  Despite surface runoff being estimated to only contribute 

2 940 tonnes of PAHs to the world aquatic environment each year, compared to 

170 000 tonnes/yr from petroleum and crude oil spillage and 50 000 tonnes/yr directly from 

the air (Table 1.2), stormwater is often considered the principal cause of elevated levels of 

PAHs in the water column and sediments of inland waterways, harbours and estuaries 

(Herrman and Hubner, 1982; Hoffman et al., 1984; Readman et al., 1984; Sicre et al., 1993; 

Zeng and Vista, 1997; Zakaria et al., 2002).   
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1.8 Partitioning of PAHs in Urban Stormwater 

 

The phase distribution of PAHs in urban stormwater appears to be largely controlled by the 

solubility of the PAHs.  Typically, 60-95% of the less soluble HMW PAHs are associated 

with particulate matter (Hoffman et al., 1984; Gonzalez et al., 2000; Kumata et al., 2000).   

 

The concentrations of PAHs present in the “dissolved” phase have been reported to be highly 

variable, but may contribute as much as 60% of the total concentration of individual PAHs 

(Hoffman et al., 1984; Fam et al., 1987; Yamane et al., 1990; Striebel et al., 1994; Wuest et 

al., 1994; Crunkilton and DeVita, 1997).  The results of studies investigating the partitioning 

of PAHs between water and suspended particles suggest that the “dissolved phase” would be 

enriched in the more soluble LMW PAHs (Karickhoff et al., 1979; Schwarzenbach et al., 

1993).  Most studies do not however analyse or report results for the 2-3 ring PAHs NAP 

through to FL.  This may be due to analytical difficulties, since these PAHs have high vapour 

pressures and can exhibit low analyte recovery rates (Bedding et al., 1988; Kayal and 

Connell, 1990), or it may be due to the fact that the predominant PAHs present in stormwater 

are the 3-4 ring species PHEN, ANT, FLR and PYR.  However, Smith et al. (2000) reported 

that NAP and ACE were the most frequently detected PAHs in the runoff from two parking 

lots, a highway off-ramp and a petrol station site in Virginia, USA.  Grynkiewicz et al. (2002) 

reported concentrations of total NAP of up to 1 000 ng/L and concentrations of 10-30 ng/L for 

total (particulate + dissolved) ACE, ACY and FL in Polish urban stormwater runoff.  The 

results of these two studies suggest that the LMW PAHs NAP to FL should not be 

overlooked, particularly as these PAHs may exhibit the highest acute toxicities to aquatic 

species (see Table 1.1). 

 

Few studies appear to have been undertaken to investigate the partitioning of PAHs in urban 

stormwater beyond simply quantifying the particulate and “dissolved” fractions.  Those 

studies that have been conducted on PAH partitioning in stormwater, have focussed on large 

urban rivers receiving stormwater inputs.  Kumata et al. (2000) report a value of 

approximately log Koc = 6.20 for PYR in the Nogawa River, Tokyo.  Foster et al. (2000) 

report a similar value for PYR of log Koc = 6.15 in the Anacostia River, Washington DC, 

USA.  These values are within the range of those reported elsewhere in the literature 

(log Koc = 5.1 to 6.5) for the partitioning of PYR between water and suspended sediment, or 

sediments and their porewaters, in estuarine systems (Means, 1995; Maruya et al., 1996; 
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Fernandes et al., 1997).  It is interesting to note that urban stormwater may contain particulate 

organic carbon at levels of up to 30% i.e. ƒoc = 0.3 (Kari and Herrmann, 1989; Wuest et al., 

1994).  This is considerably higher than the 0.4-6% often measured in river, estuarine or 

marine sediments (Kayal and Connell, 1990; Krein and Schorer, 2000; Yang, 2000) and may 

influence the partitioning of the PAHs.  

 

A lack of a correlation between the particulate and dissolved PAH concentrations in urban 

stormwater has been reported in a number of studies and may indicate differing transport 

mechanisms for each phase (Eganhouse and Kaplan, 1981; Hoffman et al., 1984; Wuest et al., 

1994; Smith et al., 2000).  Striebel et al. (1994) also reported this and noted that the variations 

in the concentrations of dissolved PAHs during runoff followed that of dissolved organic 

carbon (DOC), indicating that colloidal species may be involved in the partitioning of the 

dissolved PAHs.  Typical concentrations of DOC in stormwater range from 5 to 20 mg C/L, 

however concentrations of up to 40 mg C/L have been reported (Kari and Herrmann, 1989; 

Wuest et al., 1994).   These were an order of magnitude higher than those typically measured 

in the water column of estuarine environments (Readman et al., 1984; Kayal and Connell, 

1990; Macalady and Ranville, 1998), suggesting that a large pool of DOC is available in 

stormwater to sorb PAHs.  Smith et al. (2000) and Eganhouse and Kaplan (1981), also noted 

that colloids may influence the concentrations of dissolved phase PAHs in stormwater.   

 

The best evidence to date of the influence of colloids on the partitioning of PAHs in urban 

stormwater has been provided by the recent work of Kumata et al. (2000) on an urban river 

receiving stormwater inputs.  Using sequential filtration, they measured appreciable quantities 

of PHEN, FLR and PYR in the “macro-colloidal” 0.1-0.7 µm size fraction of the river water.  

However, 10-50% of the total concentration of these PAHs was present in the “dissolved” 

<0.1 µm fraction.  This fraction would likely contain appreciable amounts of DOC greater 

than 1 000 Da that may adsorb PAHs and therefore the bioavailable truly dissolved phase was 

not quantified. 

 

There appear to be few reports of the partitioning of PAHs in urban stormwater, particularly 

between the colloidal and truly dissolved phases.  During storm events, the composition of 

stormwater has been shown to change dramatically with respect to the concentrations of SS, 

POC, DOC, cations and trace metals (Williamson, 1986; Striebel et al., 1994; Mosley and 

Peake, 2001).  Changes in these parameters, in particular SS, POC, and DOC, are likely to 

influence the partitioning of PAHs in stormwater.  This may influence the fate of these 
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contaminants once they are discharged into estuarine environments and also the potential 

effectiveness of any mitigation measures such as stormwater treatment via detention basins.   

 

The partitioning of PAHs between the phases may also be different during baseflow 

conditions which predominate over periods of stormflow.  Therefore, while the concentrations 

of PAHs are generally lower during baseflow conditions (Foster et al., 2000), any change in 

the partitioning may significantly influence the exposure of aquatic organisms to the truly 

dissolved fraction.   

 

1.9 Heavy Metal Contamination of Urban Stormwater 

 

Heavy metals, in particular lead, copper and zinc, are present in urban stormwater in 

significant concentrations (Makepeace et al., 1995).  Lead enters the urban environment 

through vehicle exhausts (although lead has been removed from petrol since the mid-1990’s 

in New Zealand), lead roofing materials e.g. flashings on galvanised iron roofs, and some 

paints (Walker et al., 1999).  High concentrations of zinc have been measured in the runoff 

from zinc based or zinc galvanised roofing materials (Pitt et al., 1995; Gromaire-Mertz et al., 

1999).  Other sources of zinc include the wear of tyres and asphalt, vehicle exhausts, and 

paints (Walker et al., 1999).  Copper can arise from the corrosion of copper roofing materials 

and water pipes, the wear of vehicle tyres and brake linings, some fungicides and pesticides, 

and industry such as electroplating (Walker et al., 1999).  All these metals have been reported 

to distribute themselves between the particulate, colloidal and truly dissolved phases in urban 

stormwater, with the distribution being influenced by changes in pH and the concentrations of 

SS and DOC (Makepeace et al., 1995; Grout et al., 1999; Mosley and Peake, 2001).  These 

heavy metals, in particular dissolved zinc, contribute to the observed toxicity of urban runoff 

(Field and Pitt, 1990).  As a result, many studies investigating the environment loadings, 

toxicity and treatment options for urban stormwater measure the levels of these heavy metals 

(amongst others) in addition to those of the PAHs (Gjessing et al., 1984; Pitt et al., 1995; 

Estebe et al., 1997; Marsalek et al., 1997; Shinya et al., 2000). 
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1.10 Aims and Objectives of the Present Study 

 

The partitioning behaviour of PAHs has been shown to significantly influence the transport, 

fate and toxicity of these chemicals in aquatic systems.  Discharges of urban stormwater are 

significant sources of PAH contamination to rivers, estuaries and harbours that are close to 

urban settlements.  Despite this, little detailed research appears to have reported on the phase 

partitioning of PAHs in the stormwater end-member. 

 

Therefore, the aim of the present study was to investigate the partitioning of PAHs between 

the particulate, colloidal and truly dissolved phases in urban stormwater.  

 

Within the broad overall aim of the study, the following specific objectives were identified: 

 

1. To determine the concentrations and loadings of the 16 “Priority Pollutant” PAHs in 

urban stormwater from a number of locations. 

 

2. To develop a method to separate the PAHs bound to colloids from those that are 

present in the truly dissolved phase in urban stormwater.  

 

3. To examine the transport and partitioning of PAHs in urban stormwater between the 

particulate, colloidal and truly dissolved phases, with an emphasis on the behaviour 

of the LMW compared to that of the HMW PAHs. 

 

4. To investigate factors which that the phase distribution of the PAHs, differences in 

this distribution between baseflow and stormflow conditions, and differences 

between catchments. 

 

5. To investigate any relationships between PAHs and the heavy metals lead, copper 

and zinc in urban stormwater. 

 

The catchment areas chosen for this study were within the Dunedin City Council (DCC) 

district where the runoff from these areas constitutes a major proportion of the total urban 

stormwater runoff from the whole Dunedin City area.  The Waste Water section of the DCC 

was interested in the levels of PAHs and selected heavy metals in this stormwater runoff in 
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order to ascertain any need to collect and treat the stormwater before discharging it into 

natural water bodies such as the Otago Harbour.  The relative distribution of PAHs between 

the particulate, colloidal and truly dissolved phases of the stormwater could also influence 

their environmental fate and toxicity, as well as any treatment methods that might be needed. 

 

1.11 Structure of this Thesis 

 

Chapter 2 describes the sites at which the samples for the present study were collected, the 

methods by which they were collected and the methods that were used to analyse them. 

 

Chapter 3 outlines the theory behind the solid phase extraction method developed to separate 

the colloidally-bound PAHs from those that were truly dissolved, and then the development 

and verification of the method. 

 

In Chapter 4, the results from the stormwater monitoring at a number of sites are presented, 

together with the calculated loadings and correlations between the various parameters.  In 

addition, the results for the sampling of road debris, a source material for the contaminants 

present in the stormwater, are presented. 

 

In Chapter 5, the results are examined in terms of “fingerprint” indices to determine 

differences in the relative contributions from various sources to the PAHs present in the 

stormwater at the sites investigated.  The transport of the contaminants within the stormwater 

system is then discussed by drawing on the data for the road debris and correlations between 

the stormwater concentrations and parameters such as the length of dry period prior to a storm 

event occurring.  Following this, the partitioning of the contaminants in the stormwater is 

discussed in detail and inferences drawn from the partitioning results on the potential 

environmental effects of the stormwater discharges.  Finally, the implications of the results 

with respect to potential management options for the stormwater discharges are briefly 

discussed . 

 

Chapter 6 presents the overall conclusions arising from this research and recommendations 

are made for further research. 
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Chapter 2 General Methods 

 
2.1 Stormwater Sampling 
 
2.1.1 Sampling Strategy 

 

When sampling stormwater for the purpose of detecting the “first flush” of contaminants from 

a catchment during rainfall, and examining concentration variations during the storm event, it 

is important to gain as complete a sampling coverage of the entire storm event as possible 

(Cole et al., 1984; Hoffman et al., 1984; Deletic, 1998).  This is often difficult to achieve 

given the unpredictable nature of the flow in the stormwater drains, which is governed by the 

intensity and duration of rainfall events.  After the onset of rainfall, and once the flow in the 

drain begins to rise in response, sampling is typically conducted on a time or flow proportional 

basis.  Time proportional sampling involves sampling at equal time periods e.g. every 30 

minutes throughout the storm, or the sampling period may be varied.  Often two or three 

samples are taken within the first hour after the onset of rainfall to sample the “first flush”, 

and the sampling period is then increased to once per hour for the remainder of the event 

(Hoffman et al., 1984; Williamson, 1985; Shinya et al., 2000).  Sampling may be conducted 

using either manual and/or automatic sampling equipment. 

 

Flow proportional sampling is usually conducted by automatic sampling equipment in 

conjunction with a rain gauge and flow meter.  After rain begins, the rain gauge sends an 

activation signal to the sampling equipment.  Samples are then taken every time a 

predetermined volume of stormwater passes the measuring point.  The individual samples 

may be placed into separate containers for individual analysis or bulked in a single container 

to provide a composite sample over the entire storm (Cole et al., 1984; Boyd and Collins, 

1989; Marsalek et al., 1997). 

 

Time proportional sampling was chosen for the present study for a number of reasons.  

Firstly, for equipment security reasons, it was not possible to locate a rain gauge at the main 

sample site because it was located on a main road subject to extensive vehicular and 

pedestrian traffic.  Secondly, sampling was to be conducted using a combination of both 

manual and automatic techniques.  Thirdly, time proportional sampling is the usual technique 

by which contaminant mass-loadings for storm events are calculated (Herrmann, 1981; 

Hoffman et al., 1984; Williamson, 1986; Striebel et al., 1994).  Finally, time proportional 
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sampling is more effective for measuring a number of small rainfall events that occur over a 

relatively short period of time e.g. several days.  Using the rate of water flow in the drain to 

act as the sampling trigger, the system can be more easily programmed to suspend sampling if 

the flow in the drain drops below a predetermined level as a result of rainfall ceasing.  Once 

rainfall resumes, and the flow trigger level is exceeded, the sampling programme 

recommences.   

 

At each of the two main sampling sites (see below) sampling was conducted by a combination 

of both manual and automatic methods.  The frequency of sampling during a storm event was 

generally two samples within the first hour after rainfall and then decreased to hourly 

sampling thereafter. 

 

Baseflow samples were collected periodically throughout the year to assess the background 

contaminant concentrations during periods of dry weather flow.  In addition, samples were 

often collected a few days prior to a storm event being sampled, as predicted by the local 

short-range weather forecast. 

 

2.1.2 Sampling Locations 

 

Sampling was conducted in two catchments within the City of Dunedin from which 

stormwater is discharged into the Otago Harbour.  The catchments were chosen after 

consultation with Mr Darrel Robinson, Drainage Manager for the Dunedin City Council 

(DCC) and were considered to be representative of the twelve major stormwater outlets 

flowing into the head of the Otago Harbour (Figure 2.1) and likely to give a good estimate of 

the total amount of contaminants being discharged from them.  The areas in hectares of the 

catchments sampled were supplied by Mr Otto Schmid of the DCC. 
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FIGURE 2.1  Catchment areas from which stormwater is discharged into the Upper 
Harbour Basin of the Otago Harbour.  The stormwater drain discharge points are 
marked (!) 
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2.1.2.1 Portobello Road Stormwater Drain 

The Portobello Road stormwater drain discharges stormwater from a large catchment (486 ha) 

that comprises the entire area of South Dunedin (northwest as far as South Road) and also 

includes the suburbs of St Kilda (southwest to Forbury Road) and Tainui.  The land use 

composition is estimated at 15% commercial, 15% industrial, 10% grassed area and 60% 

residential housing (Stevenson, 1998).  The majority of the catchment is very low-lying (1 m 

above sea level) and as a result it is necessary to pump the stormwater using equipment 

located at the Tainui and Musselburgh Pumping Stations into the harbour at the beginning of 

the causeway across Andersons Bay Inlet (Grid Reference NZMS260 I44:173-764) 

(Figures 2.2 and 2.3).  This catchment was chosen because monitoring of the harbour 

sediments by the Otago Regional Council (Stevenson, 1998) had shown a large localised area 

of heavy metal and PAH contamination around the drain outlet.   

 

Sampling was conducted within the drain, using an access-hole in the footpath, 100 m “up-

stream” from the Musselburgh Pumping Station on Portobello Road.  Salt water enters the 

drain at the outlet during high tides, but due to the presence of the pumping station and the 

slope of the drain, any such intrusion of marine water should not have occurred at the 

sampling site.  This was confirmed by visual observations of the flow in the drain which was 

always in the direction of the pumping station even at high tide.  The sampling site was 50 m 

“down-stream” from a large sump, which contains metal grills to stop floating debris from 

entering the pumping station.  The drain at the sampling point was comprised of two 

rectangular (2 m width) concrete channels which originate at the sump and continue to the 

pumping station.  There should be no differences in flow or contaminant levels between the 

two channels as the sump was very large which should not result in uneven flows in the two 

channels.   
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FIGURE 2.2  Map of Portobello Road catchment.  The stormwater drain discharge 
point is marked (!) and the symbol     indicates the position of the old DCC gasworks 
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FIGURE 2.3  Portobello Road stormwater drain outlet as seen from the causeway 
 

 

2.1.2.2 Water of Leith 

The second catchment was that of the Water of Leith (Figure 2.4).  This is a much larger 

catchment (4 555 ha) that drains the entire northern end of the city, along with a substantial 

amount of rural farmland, into the Otago Harbour at a location some 2.5 km further down the 

harbour than the Portobello Road drain.  The land use within the catchment is approximately 

17% urban (predominately residential) and 83% rural farmland plus nature reserve (Schmid, 

2002).  Samples were taken from the Water of Leith riverbank outside the Chemistry 

Department at the University of Otago (Grid Reference NZMS260 I44:168-796) which is 

approximately 500 m upstream from the highest reach of the harbour waters during high tide.  

During the monitored storm event in March 2001 (Section 4.4.2), a single grab sample 

(labelled ST DAV) was taken from the St David Street sub-catchment (Figure A-1, 

Appendix A) where the drain enters the Leith beside the St David Street pedestrian bridge 

(Grid Reference NZMS260 I44:169-797).  A further sample (labelled UL) was taken half way 

up the river almost at the uppermost limit of the urban area (Grid 

Reference NZMS260 I44:156-825). 
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FIGURE 2.4  Water of Leith catchment.  The principal stormwater sampling site is 
shown, together with that for the Upper Leith 
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2.1.2.3 Mosgiel 

A series of four grab samples were collected in two catchments in the township of Mosgiel 

during a single storm event on 3 April 2001.  The Reid Avenue catchment of 82 ha (Figure A-

2, Appendix A) is on the western side of Mosgiel and has a mix of residential plus 

commercial land uses.  It also contains the now disused Mosgiel Woollen Mills industrial site.  

Samples were taken in an access-hole adjacent to Reid Avenue 100 m “upstream” (sample 

M1A, Grid Reference NZMS260 I44:040-788) of the discharge point into the Silver Stream.  

A further sample was taken in the Silver Stream itself 100 m downstream of the stormwater 

discharge (sample M1B, Grid Reference NZMS260 I44:039-789).  The second catchment 

sampled (Figure A-2, Appendix A) was the Parkland catchment on the eastern side of 

Mosgiel.  This small catchment (5.5 ha) is a recently developed area of residential housing.  

The sample was taken through an access-hole on Hagart-Alexander Drive (sample M2A, Grid 

Reference NZMS260 I44:052-776) and a second sample taken 30 m downstream of the 

discharge point into a tributary of Owhiro Stream (sample M2B, Grid Reference 

NZMS260 I44:052-775). 

 

2.1.3 Flow and Rainfall Data 

 

Flow data at the Portobello Road site was collected by a Sigma 950 flow meter.  The water 

flow in the drain was too low for accurate readings during dry weather conditions.  A single 

determination of the baseflow in the drain was therefore made by entering the drain, 

measuring the depth of water and then measuring the time taken for a float to travel between 

two points to estimate the velocity.  Rainfall data was collected using a Hydrological Services 

Pty. Ltd. tipping bucket rain gauge (0.5 mm tip) located on a Dunedin City Council (DCC) 

owned property at 10 Midland Street some 500 m away. 

 

Flow measurements are made on a permanent basis in the Water of Leith by the Otago 

Regional Council at the St David Street footbridge (Grid Reference NZMS260 I44:169-797) 

and data were supplied by the Council.  Rainfall data were also provided from a site in the 

suburb of Pine Hill, which is the closest rain gauge to this site. 

 

Neither flow nor rainfall data were available for the sampling sites in Mosgiel.   
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2.1.4 Manual and Automatic Sampling 

 

Manual samples for the analysis of PAHs together with suspended sediment, dissolved and 

particulate organic carbon, and pH were collected by lowering a 3 L solvent-rinsed stainless 

steel jug into the flow.  The jug was dipped in the water several times to rinse it prior to the 

sample being collected and the sample tipped into a 2.5 L brown glass bottle.  The sample 

bottles had been exhaustively cleaned by rinsing with dichloromethane, soaking overnight 

with warm detergent, hot water and distilled water rinses (3 times each), followed by rinsing 

with acetonitrile, a further 4 distilled water rinses, followed by a rinse with 5% HCl and 

finally rinsing with Milli-Q water.  Manual samples for heavy metals were collected by 

lowering acid-cleaned (25% aqua regia) and Milli-Q rinsed 1 L polypropylene bottles in a 

metal-free sample holder (Mosley, 1999) into the flow.  After rinsing and sample collection, 

the samples were resealed into double polyethylene bags for transport to the laboratory for 

further processing.  Samples were handled using clean polyethylene gloves.  Once back at the 

laboratory, the samples were stored refrigerated at 4oC and the initial processing, i.e. filtering 

and preserving, was completed within 24 hours of the samples being collected. 

 

Automated sampling was conducted at the Portobello Road site using an ISCO 6700 Compact 

Portable Sampler (Isco Inc, Environmental Division, Lincoln, USA) connected to the 

Sigma 950 flow meter (Figure 2.5).  Considerable difficulty was initially encountered getting 

the two pieces of equipment from different manufacturers communicating with each other due 

to the activation signal from the flow meter being 180 degrees out of phase with that expected 

by the autosampler.  This was circumvented by using the set-point sample low-flow trigger on 

the Sigma 950, which due to the signal inversion, acted as an inhibiting signal to the 

autosampler.  Once the flow in the drain exceeded the pre-set trigger point, the flow meter 

sent out an “inhibit” signal, which the autosampler interpreted as an “activate” signal.  This 

scheme worked well unless the battery in the flow meter went flat, after which the 

autosampler would take 12 unwanted baseflow samples.  
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FIGURE 2.5  Automated sampling equipment at the Portobello Road sampling site 

 

 

The sampler contained a carousel of twelve 375 mL glass bottles with screw top teflon-lined 

lids.  The bottles and lids were solvent and distilled water rinsed prior to being soaked in a 

25% aqua regia acid bath for at least a week, rinsed with Milli-Q and dried in a clean room.  

They were then capped and loaded into the sample carousel, which was removed from the 

clean room, placed into the pre-cleaned sampler, the bottle lids quickly removed and placed 

into clean double plastic bags, and the sampler quickly sealed.  The sampler was deployed by 

first connecting the flow meter and the 4 m teflon inlet hose which had a cylindrical stainless 

steel inlet screen attached.  The sampler was then lowered into the access-hole until it came to 

rest on the support platform suspended in the hole on wire cables.  Within 12 hours of 

sampling being completed, the autosampler was removed from the drain, the bottles quickly 

capped in the field using clean gloves and placed into an acid-washed 20 L plastic container 

for transport back to the laboratory.  Samples were refrigerated at 4oC and the initial 

processing completed within 24 hours of the samples being collected. 

 

Using twelve 375 mL glass sample bottles in the sample carousel allowed the simultaneous 

sampling of both heavy metals and PAHs but it did restrict the number of samples that could 

be taken per storm event.  Due to methodological requirements in the processing of the 
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samples, i.e. solvent rinsing of sample bottles for PAHs and the in-bottle acidification for total 

heavy metals, separate sample bottles were required for the metal and PAH samples.  Thus 

each sample taken at a specific time in a storm event required that two bottles be filled, 

restricting the total number of samples collected by the automatic sampler to six per storm 

event.  Carousels of twenty four 500 mL plastic sample bottles are available for the 

ISCO 6700 Compact Sampler but their use is not permitted in USEPA METHOD 610 – 

Polynuclear Aromatic Hydrocarbons (USEPA, 1984) because the PAHs might be absorbed 

into the plastic and will not be removed by either acid-washing and/or solvent rinsing.  The 

ISCO 6700 Standard Sampler allows greater numbers of sample bottles but would not fit 

down the standard access-holes used by the DCC.  Any contamination of the samples destined 

for heavy metal analysis by the glass sample bottles and the several stainless steel fittings in 

the sample inlet line was investigated by means of the analysis of field blanks 

(Sections 2.4.3.3 and 4.3.1). 

 

The sampler utilised a large peristaltic pump and had a short length (400 mm) of internal 

tygon tubing.  It was rigorously cleaned after each sampling event by the following procedure: 

 

• Triple acetone rinse of teflon inlet line. 

• Sequential two minute rinses of inlet line and internal sample tubing with hot 

water, 10% HCl, hot water followed by a rinse with Milli-Q water. 

• Washing of sampler and carousel in hot detergent, and rinses with distilled water 

and air drying. 

• Scrubbing of the inlet screen under the hot tap, soaking in detergent and then 

rinses with acetone and finally Milli-Q.  

 

The inlet screen and teflon inlet line were stored in clean plastic bags while the internal hoses 

of the autosampler were sealed with parafilm and the autosampler closed for storage.  The 

sampler was programmed to purge (and evacuate) the inlet line and sample tubing twice, 

immediately prior to each sample being taken, in order to minimise losses due to any 

adsorption of contaminants in the inlet line and any carry over between samples. 



 37

 

2.2 Roadside Debris Sampling 

 

This exercise was undertaken in two stages by the author for ChemSearch (Chemical and 

Environmental Analysis, Consulting and Research – a New Zealand accredited laboratory 

facility based within the Chemistry Department of the University of Otago) in conjunction 

with the Roading Division of the DCC. 

 

2.2.1 Sampling Strategy 

 

The aim of the first stage of the sampling programme was to characterise the contaminant 

concentrations present in the debris that is washed off paved surfaces during rainfall and 

captured in the mudtanks, or sumps, that lie under all roadside stormwater grates.  It was also of 

interest to determine if there were any significant differences between the sediments collected 

from mudtanks in different areas of the city.  Composite samples were required in order to allow 

accurate comparisons between areas without significant interference from “hot spots” i.e. 

mudtanks with extremely high concentrations due to spills or the deliberate dumping of 

materials such a waste oil down the stormwater grates. 

 

The aim of the second stage was to determine the contaminant concentrations in the material 

swept off the streets by DCC contractors and the liquid collected during the removal of the 

sediment from the mudtanks.  This liquid is drained back into the mudtanks once a significant 

amount has collected in the tankers.  Composite samples were again used to avoid significant 

interference from “hot spots”. 

 

2.2.2 Sampling Locations and Sample Collection 

 

Dunedin City is divided into twelve zones for the collection of mudtank sediments by suction 

trucks under contract to the DCC (Figure A-3 and A-4, Appendix A).  Six zones were sampled 

which covered primarily residential to mixed residential/commercial/industrial land uses.  

Within each zone 20-30 mudtanks, spread throughout the zone, were sampled to ensure a 

representative composite sample.   

 

Samples were collected from the mudtanks by a suction tanker in the period 6-11 October 1999.  

The procedures followed by the suction tanker were identical to those normally followed by the 
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contractors.  Briefly, the water overlying the sediments was pumped away and the sediments 

collected.  The majority of the water collecting in the tanker was also pumped off periodically to 

allow more sediment to be collected.  Once the tanker was full with sediment, the sediment was 

dumped in a yard to allow excess water to drain away.  The sediment pile was then sub-sampled 

in 15 locations and the sub-samples bulked in a clean container.  

 

Street sweepings were collected from three areas in the city (Table 2.1).  Samples were 

collected from the sweeping trucks after they had completed their assigned area and the material 

sampled once it was tipped out of the truck using the procedure above.  Care was taken to not 

contaminate the samples with other material present in the tipping area.   

 

The suction tanker effluent was collected from two separate areas in the city (Table 2.1) once 

the trucks had cleaned 10-25 mudtanks and required the effluent to be drained away.  Samples 

were taken (1 L acid-cleaned containers for heavy metals and 2 L solvent rinsed containers for 

PAHs) from the water discharged out of the tanker through a hose.   

 
TABLE 2.1  Roadside debris sampling locations 
 
Sample Date Locations 

Street Sweepings   

STSWP 1 7 August 2000 Musselburgh Rise and Tainui  

STSWP 2 8 August 2000 Central Business District, Andersons Bay Rd,

Hillside Rd and John Wilson Drive 

STSWP 3 14 August 2000 One Way Street Systems, Central Business 

District and Carisbrook 

Suction Tanker Effluent  

DCC 1 7 August 2000 Concord 

DCC 2 14 August 2000 Green Island 
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2.3 Chemical Analysis – Metals and Bulk Water Properties 
 

2.3.1 Metals 
 

2.3.1.1 Stormwater 

The preparation of the stormwater samples for metal analysis was conducted according to 

USEPA Method 200.9 “Determination of Trace Elements by Stabilised Temperature Graphite 

Furnace Atomic Absorption Spectrometry” (USEPA, 1992).  Each sample was removed from 

its plastic bags in the clean room and a 50 mL portion vacuum filtered through an 

acid-cleaned 0.4 µm Nucleopore filter (47 mm diameter) into an acid-cleaned 50 mL 

polypropylene vial to give the “dissolved” metal fraction.  This filtrate was acidified with 

quartz-distilled nitric acid (Q-HNO3) to a level of 1% and stored prior to analysis. 

 

The remaining unfiltered sample was acidified with Q-HNO3 to a level of 0.2% and stored for 

greater than 16 hours prior to acid digestion.  A 100 mL aliquot was placed into an acid-

cleaned teflon beaker and acidified with 1 mL Q-HNO3 and 0.5 mL Q-HCl.  The samples 

were then digested by placing on a hot-plate and concentrated by sub-boiling evaporation at 

85oC until a volume of 20-25 mL was reached.  A watch-glass was then placed over each 

sample, the heat turned down to avoid boiling of the sample while still maintaining refluxing 

for 30 minutes.  The sample was then cooled, quantitatively transferred to an acid-cleaned 

50 mL polypropylene vial and made up to volume with Milli-Q water.  The final extract had a 

pre-concentration factor of two and contained 2% Q-HNO3 and 1% Q-HCl.  This digestion by 

hot dilute mineral acids yields the “total recoverable” metals, hereafter called the “total” metal 

fraction. 

 

The metals Cu, Pb, As, Cd, Ni, and Cr were analysed using a Perkin-Elmer ZL4100 graphite 

furnace atomic absorption spectrometer with Zeeman background correction.  The 

“dissolved” and “total” sample extracts were determined separately because of their different 

acid compositions.  Laboratory blanks for both the “dissolved” and “total” fractions were 

conducted for each run of samples by processing the appropriate volume of Milli-Q water 

through the entire sample extraction methodology.  The blanks for both fractions gave metal 

levels less than 0.1 µg/L for Cu, Pb, As, Ni, and Cr, and less than 0.01 µg/L for Cd.  A field 

blank, involving a 1 L sample of Milli-Q water that was opened in the field, was used to show 

that the manual sampling procedures were not resulting in any contamination of the samples.  
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Standard addition measurements using the instrument were conducted to determine if matrix 

interferences were occurring.  These were not evident given average recoveries of 98% for 

Cu, 97% for Pb, 103% for As, 98% for Cd, 86% for Ni and 105% for Cr.  Spikes of Milli-Q 

water plus select samples were also conducted and subjected to the entire sample digestion 

procedure.  Recoveries for all metals from Milli-Q water, and the sample matrix, were greater 

than 94%.  Analysis of replicate samples, one pair for each storm event sampled, yielded 

relative standards deviations (RSD) of less than 10%.  Analysis of in-house quality control 

standards (ChemSearch Laboratory, University of Otago) during each measurement session 

gave results within 10% of the certified values.  Due to their higher concentrations, the metals 

Zn, Fe, Mn, Ca, Na and Mg could be analysed by inductively coupled plasma-atomic 

emission spectrometry (ICP-AES) using a Thermo Jarrel Ash Atomscan 25 model.  Spiking 

of Milli-Q water and selected samples gave recoveries of greater than 90%.  Flame atomic 

absorption spectroscopy on a Perkin Elmer 3100 instrument was used for the determination of 

K as this element exhibited poor detection limits when measured by ICP-AES. 

 

2.3.1.2 Roadside Debris 

On return to the laboratory, the samples of the mudtank sediments were mixed by stirring with a 

glass rod and then sub-sampled for metals and PAHs.  ChemSearch undertook the extraction 

and analysis of the heavy metals.  The metals As, Cd, Cr, Cu, Fe, Pb, Mn, Ni and Zn were 

analysed by ICP-AES after extraction from 5 g of sediment using concentrated Q-HNO3 

followed by a hydrogen peroxide digestion (Stevenson, 1998). 

 

The street sweeping samples contained a significant proportion of coarse rock grit that is spread 

on the roads during winter periods.  This material was screened out of the samples prior to 

analysis using a 2 mm plastic sieve.  Extraction and analysis of the heavy metals was again 

conducted by ChemSearch by the above method. 

 

On return to the laboratory the suction tanker effluent was allowed to settle for three days under 

refrigeration and in the dark.  The samples were very turbid and hence a considerable amount of 

material settled out during this period.  The sediment was digested and analysed by ChemSearch 

as above.  The effluent supernatant samples were analysed by the same technique after digestion 

of a 200 mL aliquot using concentrated hydrochloric acid (Total Recoverable Metals, Method 

3030F(b)) (APHA, 1998). 
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2.3.1.3 Calculation of Sample Concentration 

Given the low blanks and high spike recoveries the results were not blank or recovery 

corrected.  The particulate metal concentrations were calculated by subtracting the dissolved 

metal concentration from the total metal concentration.  When the particulate metal 

concentration is expressed in units of µg/g dry wt., the particulate PAH concentration in µg/L 

has been divided by the SS concentration (mg/L) after conducting the appropriate unit 

conversions.  The reported concentrations of PAHs in the roadside debris in units of 

µg/g dry wt were calculated by dividing their extract masses by the dry weight of the 

sediment extracted.  As with the SS determination, the dry weight of the sediment was 

determined gravimetrically by drying sub-samples of the sediment in an oven at 105oC to 

constant weight. 

 

2.3.2 pH, Suspended Sediment and Particulate Organic Carbon 

 

The pH of the stormwater samples was measured using a Mettler Toledo 320 pH meter 

calibrated using pH 4.01, 7.00 and 9.21 standard buffer solutions. 

 

Volumes of 100–300 mL of the stormwater samples were taken for suspended sediment (SS) 

analysis and filtered through a pre-weighed ashed (450oC, > 12hrs) Advantec GF75 glass 

microfibre filter (nominal pore space 0.7 µm, 47 mm diameter, Tokyo Roshi Kaisha Ltd, 

Japan).  The volume chosen depended upon the source being sampled and the available 

sample volume (smaller for 375 mL autosampler bottles).  Filters were dried at 105oC 

overnight, stored in a desiccator and then re-weighed to determine the suspended sediment 

captured.  Blanks of Milli-Q water gave a reading of 0 mg/L suspended sediment.  Analysis of 

replicate samples gave rise to an average RSD of 6%. 

 

The filters were then placed in glass vials, capped and stored in a desiccator to await analysis 

for particulate organic carbon (POC).  The first step in this analysis was to destroy any 

inorganic carbon by exposure to an atmosphere of HCl vapour overnight.  The filters were 

then dried (40oC, 4 hrs) and returned to the desiccator.  Each filter was ground in a glass 

mortar and pestle, V2O5 catalyst added, and then packed into 2-6 tin capsules (12 x 6 mm) for 

analysis by a Carlo Erba EA1108 elemental analyser.  Analysis of the tin capsules, catalyst, 

and filter blanks showed that an average of 0.048 mg of carbon (n = 11, RSD = 12%) was 

attributable to the ashed filters.  This represented no more than 15% of the measured sample 
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organic carbon and so this value was subtracted from the results prior to the percentage 

organic carbon in the suspended sediment being calculated.  Analysis of replicate samples 

gave rise to an average RSD of 10%. 

 

2.3.3 Dissolved Organic Carbon  

 

In the present study, dissolved organic carbon (DOC) is defined as the fraction of organic 

carbon that passes through a filter with a nominal pore size of 0.7 µm.  Glass microfibre filters 

of this pore size are often used for marine, estuarine and stormwater samples when PAH and 

DOC analyses are to be undertaken on the same filtered sample (Kayal and Connell, 1990; 

Zhou et al., 1996; Naes et al., 1998; Foster et al., 2000).  The stormwater samples were 

vacuum filtered through Advantec GF75 filters using an all glass filtration system and then 

50 mL aliquots for DOC analysis taken and placed into 125 mL brown glass bottles that were 

sealed with aluminium foil and capped.  The filters, all glassware and the foil were cleaned by 

ashing at 450oC (>12 hrs).  Measurements were conducted following Method 5310 B (APHA, 

1998) using a Shimadzu TOC 5000 analyser utilising high temperature catalytic oxidation 

(HTCO, 680oC).  Calibration standards of potassium hydrogen phthalate for total carbon (TC) 

and sodium carbonate plus sodium bicarbonate for inorganic carbon (IC) were made from 

1000 mg C/L stock standards diluted with Milli-Q water.  Four point calibration curves in the 

range of 0-40 mg C/L were measured for TC and IC each measurement session.  For sample 

measurement, the DOC concentration is calculated by the instrument software as the 

difference between the TC and IC concentrations i.e. DOC = TC – IC.  Quality assurance 

standards of Aldrich Humic Acid (used as received) dissolved in Milli-Q water at 10 mg C/L 

were used to verify the calibration curves and check for instrument drift during a 

measurement session.  Method blanks gave values in the range of 0.0 to 0.2 mg C/L.  Analysis 

of replicate samples gave rise to RSD values of less than 10%. 

 

2.3.4 Scanning Electron Microscopy 

 

Scanning Electron Microscopy (SEM) was used to examine the particle size of the material 

retained on, and passing through the Advantec GF75 filters.  Sections of dried filters were 

mounted on aluminium stubs with double-sided carbon tape.  The stubs were sputter-coated 

with gold film in a Biorad Coating System and viewed on a Cambridge Stereoscan S-360 

instrument (voltage=10 kV). 
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2.4 Chemical Analysis - Polycyclic Aromatic Hydrocarbons 
 
2.4.1 Extraction Methodologies – General 

 

The general methodologies used for the extraction of PAHs from the stormwater and roadside 

debris samples, together with the techniques used for the drying and clean-up of the sample 

extracts are described in the following sections.  Samples taken using the ISCO 6700 

autosampler were not of sufficient volume to allow the detection of PAHs in the colloidal 

phase, and so these samples were fractionated by filtration into the particulate and “dissolved” 

(truly dissolved + colloidal) phases.  Specific details of the methodology used for the full 

phase separation of the stormwater samples into the particulate, colloidal and truly dissolved 

phases are given in Chapter 3. 

 

2.4.1.1 Materials and Glassware 

A Millipore® Milli-Q® system supplied contaminant free water (Milli-Q).  Solvents were 

supplied by BDH Laboratory Supplies Ltd, Poole, England.  HiPerSolv grade hexane, acetone 

and “Far UV” HiPerSolv acetonitrile were determined to be free from interferences by high 

performance liquid chromatography (HPLC, Section 2.4.2) and were used directly without 

any further purification.  Under the gradient elution programme detailed below, a contaminant 

that co-eluted with naphthalene was found to be present in even the highest available purity 

“Pesticide Grade” dichloromethane.  This was tentatively identified as 2-methyl-2-butene, a 

stabiliser added by the manufacturers to the dichloromethane (2000/2001 Catalogue, BDH 

Laboratory Supplies Ltd) based on a matching retention time for a solution of 

dichloromethane with 0.05% (v/v) 2-methyl-2-butene added.  Slow fractional distillation 

(3 hours) of 2.5 L batches of LR grade solvent using a 600 x 25 mm Vigreux column was 

used to remove this contaminant as shown by reducing 100 mL of the purified solvent in 

volume on a rotary evaporator, solvent exchanging into acetonitrile and analysis by HPLC.  

Often a second fractional distillation was required to completely remove the interference. 

 

Anhydrous sodium sulfate was purified by ashing at 450oC for greater than 16 hours. 

Advantec GF75 filters, Soxhlet extraction thimbles, filtration glassware, glass wool, 100 mL 

screw top amber glass bottles, 125 mL flasks with ground glass joint, and aluminium foil were 

cleaned in the same fashion.  Silica gel (70-230 mesh) was activated at 130oC for greater than 

12 hours.  All other glassware required extensive cleaning by solvent rinsing followed by 

rinses in hot water, soaking in an alkaline detergent bath, further hot water and distilled water 
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rinses, and finally air-drying.  Immediately prior to use, the glassware was solvent rinsed once 

with acetone and then twice with distilled dichloromethane (USEPA, 1984). 

 

2.4.1.2 Soxhlet Extraction of Roadside Debris 

Once returned to the laboratory, the samples of mudtank sediments, street sweepings and the 

sediment settled from the suction tanker supernatant liquid, were well mixed using a glass 

rod.  The street sweepings contained a lot of coarse roadside grit, which is applied to the roads 

during winter, and woody material plus leaves.  This was removed with a 2 mm sieve.  Two 

grams of each sample were dried by mixing with 10 g of anhydrous sodium sulfate and then 

quantitatively transferred to a Soxhlet extraction thimble and placed into the solvent-cleaned 

Soxhlet extraction apparatus.  A heating mantle allowed the operation of six extractors at 

once.  The material was extracted for 12 hours (5-6 cycles/hr) with 300 mL dichloromethane 

(Holoubek et al., 1990; Simpson et al., 1995).  The final extract was concentrated to 

approximately 100 mL on a rotary evaporator prior to further processing.  

 

2.4.1.3 Separation of the Particulate and Dissolved Phases – 350 mL Autosampler 

Samples 

The water level on the sample bottle was marked for later volume determination and the 

sample then vacuum filtered through an Advantec GF75 filter into a 500 mL conical flask 

with a ground glass joint onto which the filtration apparatus fitted.  For samples with very 

high suspended sediment concentrations, 2-3 filters were required. The sample bottle was 

rinsed twice with 20 mL of Milli-Q water to ensure the transfer of any remaining particles and 

colloids into the filtration reservoir, which was also rinsed at the end of the filtration with 

10 mL of Milli-Q.  The filter(s) were then removed and placed in a 100 mL amber glass screw 

cap bottle (sealed with aluminium foil) with 30 mL dichloromethane and stored in a fridge 

prior to ultrasonic extraction (Section 2.4.1.5).  Any dissolved PAHs adsorbed onto the walls 

of the sample bottle were removed by two 15 mL rinses of dichloromethane.  The solvent 

rinses were put through the filtration apparatus, together with a 5 mL dichloromethane rinse 

of the filtration reservoir into the 500 mL conical flask and the sample refrigerated until any 

extraction was undertaken. 

 

2.4.1.4 Liquid/liquid Extraction of Stormwater “Dissolved” and Colloidal Phases 

The samples were placed in 500 mL separatory funnels (glass with teflon tap) and extracted 

(shaking for 2 min.) using the 35 mL of dichloromethane used to preserve the sample.  After 

allowing 10 minutes for the layers to separate, the lower dichloromethane layer was run out 



 45

into a 250 mL round bottom glass flask.  The 500 mL conical flask was rinsed and the 

extraction repeated with two further 30 mL volumes of dichloromethane (USEPA, 1984). 

 

The same procedure was used for the 2.5 L samples of C18 disk filtrate that contain the 

colloidally-bound PAHs (Chapter 3) except 60 mL of dichloromethane was used for each 

extraction in a 3 L separatory funnel. 

 

2.4.1.5 Ultrasonic Extraction of Stormwater Particulate Phase 

The use of ultrasonic solvent extraction of organic contaminants from waterborne suspended 

particulate matter is commonplace for both fresh water and marine samples (Leppard et al., 

1998; Wolska et al., 1999; Shinya et al., 2000; Wang et al., 2001).  It is generally less time 

consuming, uses smaller volumes of solvents and has been found to be just as effective in the 

extraction of particulate-bound PAHs as the more traditional Soxhlet extraction method 

(Holoubek et al., 1990; Kayali-Sayadi et al., 2000; Shu et al., 2000).  The particulate-bound 

PAHs retained on the Advantec GF75 filters were extracted for 15 minutes at room 

temperature using an Elma Transsonic T890/H ultrasonic bath.  The initial 30 mL of 

dichloromethane was tipped into a 250 mL glass round bottom flask and the procedure 

repeated with two further 30 mL volumes of the solvent.  

 

2.4.1.6 Sample Extract Drying 

All the dichloromethane sample extracts required drying using 15 g of anhydrous sodium 

sulfate held in a glass funnel by a small plug of glass-wool.  Two 20 mL volumes of 

dichloromethane were used to rinse the 250 mL flask that contained the extract and ensure no 

PAHs were retained within the anhydrous sodium sulfate.  All dried sample extracts were then 

reduced in volume on a rotary evaporator (operating at 20oC to minimise losses of the more 

volatile 2-3 ring PAHs).  The extracts were solvent swapped into hexane (8 mL) which was 

then reduced in volume to 2 mL for the subsequent clean-up step.   

 

2.4.1.7 Sample Extract Clean-up 

As well as PAHs, sample extracts contained aliphatic hydrocarbons plus 

dichloromethane-soluble pigments and tannins, amongst other unidentified compounds, which 

needed to be removed prior to their analysis for PAHs by HPLC.  The extracts were purified 

using silica gel column chromatography, using a modified version of the method reported by 

Hoffman (1983).  Three grams of activated silica gel were dry packed into a 250 mm long by 

10 mm ID chromatographic column with glass wool at the bottom and a teflon tap.  This was 
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topped with 2 g of anhydrous sodium sulfate.  The column was then eluted with 10 mL 

dichloromethane to clean the silica gel, followed by 20 mL hexane to condition the column.  

The 2 mL sample extract was loaded onto the column and two 2 mL hexane rinses of the 

extract flask ensured complete transfer of the sample extract onto the silica gel.   

 

Initially, the aliphatic hydrocarbons were eluted with 15 mL of hexane (Fraction 1 or F1), and 

then the PAHs eluted with 20 mL of 20% dichloromethane in hexane (Fraction 2 or F2).  The 

“elution window” of the PAHs (Simpson et al., 1995) was checked by adding known amounts 

of PAHs to 2 mL of hexane, loading onto a column and then collecting both F1 and F2 in 5 mL 

portions as they eluted from the column.  Each 5 mL portion was analysed separately for 

PAHs.  Complete elution off the column was checked by calculating the cumulative percent 

recovery of the PAHs and confirmed using a final elution of the column with 15 mL of DCM 

(F3).  Using this technique it was found that moderate amounts of the PAHs were eluting in 

F1, the relative amounts being proportional to the molecular weights of the PAHs.  Figure 2.6 

shows the elution profile for the three PAHs naphthalene (NAP), anthracene (ANT) and 

benzo(a)anthracene (BaA) which cover a range of molecular weights.  No PAHs were present 

in F3 (not all data shown on graph).   

 

Reducing the volume of the F1 fraction to 5 mL of hexane allowed sufficient elution of the 

aliphatic hydrocarbons and resulted in all the PAHs being eluted in F2 (changed to 25 mL 

20% dichloromethane in hexane) as shown in Figure 2.7.   

 

The processing of a stormwater sample extract spiked with PAHs through the modified 

elution procedure confirmed that the sample matrix did not interfere with the elution window.  

The adequacy of using 3 g of silica was checked by cleaning another sample extract and 

splitting the F2 fraction.  The first half of the extract was simply analysed while the second 

was solvent exchanged into hexane and then passed through a second SiO2 column.  The PAH 

concentrations in each half of the extract were equal and the second portion processed through 

the two clean-up columns was not noticeably cleaner i.e. did not contain any fewer peaks in 

addition to the 16 PAHs determined.  The elution window was checked periodically, 

particularly when dealing with samples suspected to be very high in PAHs, by simply 

collecting and analysing F1, F2 and F3.   

 

The cleaned extracts were reduced in volume by rotary evaporation to approximately 5 mL, 

and then 3 mL of acetonitrile added, followed by reduction to a final volume of approximately 
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1 mL for analysis.  The final extract was transferred to a 1.5 mL HPLC sample vial and the 

volume determined by weight.  This was necessary, rather than using the more common 

procedure of reducing in volume to “almost dryness” followed by adding 1 mL of solvent 

(Brown et al., 2000), because substantial losses of the more volatile 2-3 ring PAHs occur 

when the extract volume is reduced below 0.5 mL. 

 

 

FIGURE 2.6  Elution window of silica gel clean-up columns based on F1 = 15 mL of 
hexane (+ 6 mL loading solvent) and F2 = 20 mL of 20% dichloromethane in hexane.  
26% of naphthalene (NAP), 9% of anthracene (ANT) and 3% of benzo(a)anthracene 
(BaA) elute in F1 

 

 

 

FIGURE 2.7  Modified elution window using F1 = 5 mL of hexane (+ 6 mL loading 
solvent) and F2 = 25 mL of 20% dichloromethane in hexane.  No PAHs were detected in 
F3 
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2.4.2 High Performance Liquid Chromatography (HPLC) Analysis Technique 

 

PAHs were analysed according to a modified version of the HPLC technique detailed in 

Method 610 - Polynuclear Aromatic Hydrocarbons (USEPA, 1984).  The modifications 

outlined in the sections below were necessary in order to achieve the very sensitive detection 

limits required to analyse PAHs in the particulate, colloidal and truly dissolved phases of 

stormwater (Chapter 3) at very low concentrations using conventional low volume (0.2-2 L) 

sampling techniques. 

 

2.4.2.1 Analytical Standards 

Vials (1 mL) of a commercial standard (ULTRA Scientific PM-611) containing each of the 

16 PAHs at 100 mg/L in dichloromethane were diluted to 50 mL with acetonitrile to create 

stock standards of 2 000 µg/L.  Standards for calibration of the HPLC were made by the serial 

dilution of this stock with acetonitrile.  

 

For the determination of the method detection limits (Section 3.5), and the spiking of 

stormwater samples with the additional low molecular weight PAHs azulene and biphenyl 

(Section 2.4.2.3), individual stock solutions of each PAH were made by accurately weighing 

milligram quantities of the pure analytical standards (>99% purity) and diluting to 100 mL 

with acetonitrile containing 2% dichloromethane (v/v).  Composite stock standards were then 

made containing the required PAHs at different concentrations according to their expected 

detection limits.  These composite stock standards were diluted and analysed by HPLC to 

verify the calculated concentrations.  

 

2.4.2.2 HPLC Equipment 

An Alltech 570 autosampler (20 µL injection loop) was used to control the overall analytical 

system by initiating time programmes in the other components by electronic contact closure.  

The PAHs were separated using a reverse-phase octadecylsilane (Si-C18H37 or simply C18) 

Shandon Hypersil Green PAH column (150 x 4.6 mm, 5 µm particle size) with a guard 

column of C18 packing placed in-line prior to the analytical column.  Gradient elution was 

provided by two Jasco PU-980 pumps and a high pressure mixing unit.  The mobile phase 

flow rate was 1.5 mL/min and the column was maintained at a constant temperature of 30oC 

by a column heater.  The PAH compounds were detected by a programmable wavelength 
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Jasco UV-975 UV/Vis detector and a Hitachi F-1050 fluorescence detector.  Data collection 

and integration was undertaken using a PE Nelson Model 1020 integrator. 

 

2.4.2.3 Development and Optimisation of Method 

PAHs can be determined by HPLC using both isocratic and gradient elution.  Initially, the 

more convenient isocratic method was trialled using an Alltech Adsorbosphere UHS C18 

(100 x 4.6 mm, 5 µm particle size) column.  Isocratic elution can provide short analysis times 

and requires only a single pump.  Various mobile phase compositions of acetonitrile (ACN) 

and Milli-Q water in the range of 70/30 to 85/15 were tried but complete resolution of the 

16 PAHs was not possible. 

 

Various gradient elution programmes, involving differing initial mobile phase compositions, 

ramping times to get to 100% ACN and flow rates, were then tested but complete baseline 

resolution of all of the 16 PAHs could still not be achieved.  Wise et al. (1993) note that 

monomeric columns, such as the Alltech column which involve only single bond linkages 

between the silica and each C18H37 group, are inferior to the more expensive “polymeric” 

C18 columns in which the C18H37 groups are cross-linked to several silica atoms.  The 

polymeric Shandon Hypersil Green PAH column, specifically made for PAH analysis, was 

trialled and complete baseline resolution of all PAHs was achieved with the gradient 

programme detailed in Table 2.2 (optimal flow rate = 1.5 mL/min).  The maintenance of the 

initial conditions (50% ACN/50% H20) for 10 minutes is longer than that used in many other 

gradient elution programmes (typically 5 minutes) (Noordkamp et al., 1997; Kayali-Sayadi et 

al., 2000).  This was found to be necessary in the present study (due to the changing mobile 

phase composition) in order to avoid significant slopes in the baseline of the UV detector 

when operating in the far UV range (<250 nm). 

 

TABLE 2.2  HPLC Analytical Parameters 
 

Gradient Elution Programme (Flow rate = 1.5 mL/min) 

Time (min) 0.0 10.0 30.0 40.0 41.0 50.0 

% Water 50 50 0 0 50 50 

% Acetonitrile 50 50 100 100 50 50 

UV Detector Time Programme 

Time (min) 0.0 10.0 14.5    

Wavelength (nm) 221 262 254    
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When analysing samples by HPLC, the first four of the USEPA priority 16 PAHs are usually 

detected by a UV detector operating at 254 nm and the remaining 12 by fluorescence 

(USEPA, 1984).  However, naphthalene (NAP), acenaphthylene (ACY), acenaphthene (ACE) 

and fluorene (FL) gave very small peaks at 254 nm.  Absorption scans of the pure compounds 

in ACN (Figure 2.8) were conducted to determine their maximum absorption wavelengths in 

the UV region in an effort to improve their detection limits. 

 

 

 

 

 

 

 

 

 

 

 

 

FIGURE 2.8  UV/Vis scans of naphthalene (NAP, 8 mg/L), acenaphthylene (ACY, 
20 mg/L), acenaphthene (ACE, 34 mg/L) and fluorene (FL, 23 mg/L) in acetonitrile 
with 2% dichloromethane (v/v) 

 

 

The UV/Vis detector was programmed for the maximum absorption wavelength of each 

compound.  However, problems were experienced with the peak tails being “cut-off” as there 

was insufficient time between the NAP and ACY peaks, and ACE and FL peaks, to allow the 

necessary re-zeroing of the detector at each wavelength change.  A compromise wavelength 

of 221 nm provided a good response for both NAP and ACY.  ACE and FL gave large peaks 

at 210 nm but the change in solvent composition due to the gradient elution programme 

resulted in an unacceptable degree of slope in the baseline at their retention times (12.2 and 

13.5 min respectively).  Extending the initial phase of the gradient elution programme until 

after FL eluted eliminated this slope, but resulted in pronounced increases in the retention 

times of the later eluting PAHs.  A change to “Far UV” HPLC grade ACN (94% transmission 

at 210 nm, 96% at 220 nm, and 99% > 250 nm), and using a wavelength of 262 nm, reduced 

this slope sufficiently to allow a good response from FL and adequate integration of the peak.  
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ACE gave a very poor response at this wavelength, but fortunately an acceptable response on 

the fluorescence detector. The fluorescence detector did not allow wavelength programming 

during an analysis run.  The excitation and emission wavelengths of 280 nm and 400 nm 

respectively (USEPA, 1984) were chosen after trialling a number of different wavelength 

pairs (Law et al., 1997), in order to maximise the average response of the 10 PAHs identified 

by this detector.  All of the 2-3 ring PAHs (excluding ACE), and indeno[1,2,3-cd]pyrene, had 

greater signal-to-noise ratios on the UV detector. 

 

Adequate de-gassing of the HPLC mobile phase was critical to achieving reliable results with 

the fluorescence detector for the PAHs studied.  Law (1994) notes that singlet oxygen 

dissolved in the mobile phase can partially quench the response of pyrene when detected by 

fluorescence.  Using a dissolved oxygen probe the level of oxygen in the Milli-Q water that 

was being prepared by different de-gassing procedures was monitored (the acetonitrile was 

not monitored as the solvent may have damaged the electrode).  Fresh Milli-Q contained 

9.2 parts per million (ppm) dissolved oxygen, whereas vacuum-filtered (Alltech, 0.45 µm, 

47 mm nylon filter) Milli-Q contained 6.0 ppm and Milli-Q that had been placed in an 

ultrasonic bath for 15 minutes contained 9.2 ppm of dissolved oxygen.  Vacuum-filtered 

Milli-Q that had then been sparged for 30 minutes with Zero Grade helium (<5 ppm O2) had 

by far the lowest dissolved oxygen content at 1.8 ppm.  Use of Milli-Q treated in this manner 

resulted in a greater fluorescence response from the high molecular weight PAHs compared to 

that with Milli-Q that had not been sparged.  Vacuum-filtration combined with helium 

sparging of the acetonitrile reservoir resulted in an even greater increase in fluorescence 

response (>100% for pyrene) compared to not using helium sparging at all.  This is consistent 

with the fact that oxygen is more soluble in acetonitrile than in water (Danielsen et al., 1995 

and references therein).  Vacuum-filtration, followed by helium sparging of the mobile phase 

reservoirs for one hour prior to beginning analysis was adopted as the standard procedure for 

the preparation of the mobile phase.  This yielded linear calibrations that were repeatable on 

different days.  The response from the fluorescence detector to dissolved oxygen levels was so 

sensitive that changing to Instrument Grade helium (10 ppm O2), or even replacing Instrument 

Grade helium cylinders, required that the system be re-calibrated. 

 

Compound identification was based primarily on the basis of retention time matching those 

obtained using a diluted external standard (ULTRA Scientific PM 611).  Table 2.3 details the 

PAH compounds determined, their retention times and the detector used.  The UV and 
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fluorescence detector chromatograms from the optimised HPLC assay are illustrated in 

Figure 2.9.   

 

TABLE 2.3  Analyte retention times, detection method and calibration range of the 16 PAHs 
identified as priority pollutants by the U.S. Environmental Protection Agency 
 

Compound Abbreviation Number Retention  

Time (min) 

Calibration  

Range (µg/L) 

Detector 

Naphthalene  NAP 1 6.9 0.5 - 800 UV/Vis 

Acenaphthylene  ACY 2 8.9 2 - 800 UV/Vis 

Acenaphthene  ACE 3 12.2 5 - 800 Fluorescence 

Fluorene  FL 4 13.5 2 - 800 UV/Vis 

Phenanthrene  PHEN 5 15.7 2 - 800 UV/Vis 

Anthracene  ANT 6 17.6 0.5 - 800 UV/Vis 

Fluoranthene  FLR 7 19.4 0.5 - 800 Fluorescence 

Pyrene  PYR 8 20.5 0.1 - 800 Fluorescence 

Benzo[a]anthracene  BaA 9 24.5 0.05 - 400 Fluorescence 

Chrysene  CHY 10 25.4 0.5 - 800 Fluorescence 

Benzo[b]fluoranthene  BbF 11 28.2 0.5 - 800 Fluorescence 

Benzo[k]fluoranthene  BkF 12 29.5 0.01 - 400 Fluorescence 

Benzo[a]pyrene  BaP 13 30.5 0.01 - 400 Fluorescence 

Dibenz[a,h]anthracene  DBA 14 32.3 0.05 - 400 Fluorescence 

Benzo[g,h,i]perylene BPY 15 33.0 0.05 - 400 Fluorescence 

Indeno[1,2,3-cd]pyrene INP 16 34.0 1 - 800 UV/Vis 
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FIGURE 2.9  Sample HPLC chromatograms of a 200 µg/L standard utilising the 
optimised HPLC assay. (a) UV detector chromatogram and (b) fluorescence detector 
chromatogram.  For compound identifications 1 to 16 see Table 2.3 

 

 

Quantification of sample extracts was conducted by running a series of external standards and 

developing calibration curves of peak area versus standard concentration for each PAH.  The 

calibration curves were based on 8-12 standards and were linear (R2 > 0.997) over several 

orders of magnitude (Table 2.3).  The relative standard deviations (RSD) for replicate 

injections of the same standard concentration were less than 2%.  Over the entire calibration 

range the RSD of the instrument response factor (peak area/concentration) for each compound 

was on average less than 20% (USEPA, 2002).  PAH concentrations in the stormwater 

samples were calculated by correcting the extract amount for analytical recovery (>70%, 
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Section 2.4.3.4), and then dividing by the volume of the sample.  Small concentrations of 

some analytes were found in the laboratory blanks on occasion (Section 2.4.3.3).  When 

present, they were generally less than 5% of the concentration in the sample.  Sample 

concentrations were not blank corrected, but were flagged where the blank concentration was 

greater than one half of the sample concentration (Foster et al., 2000).  The particulate PAH 

concentrations, when expressed in units of ng/g dry wt, were calculated by dividing the 

particulate PAH concentration in µg/L by the SS concentration (mg/L) after conducting the 

appropriate unit conversions.  The reported concentrations of PAHs in the roadside debris in 

units of µg/g dry wt were calculated by dividing their extract masses (corrected for analytical 

recovery) by the dry weight of the sediment extracted.  As with the SS determination, the dry 

weight of the sediment was determined gravimetrically after drying sub-samples of the 

sediment in an oven at 105oC to constant weight. 

 

A typical chromatogram for a stormwater sample extract is shown as Figure 2.10.  The peak 

identifications in environmental matrices were verified by sending several samples for 

analysis by gas chromatography-mass spectrometry (GC-MS) at the National Institute of 

Water and Atmospheric Research (NIWA) in Hamilton.  The gradient elution programme 

used in the present study, together with the specialised PAH column, allowed the 

chromatographic resolution of the isomeric BaA/CHY pair that is not always resolvable by 

HPLC (Holland et al., 1993).  In addition, the isomeric pairs of chrysene/triphenylene and 

BbF/BkF, which can be difficult to separate by gas chromatography, are able to be resolved 

by reverse-phase HPLC techniques such as that used in the present study (Wise et al., 1988; 

Law et al., 1997).  Analysis of a certified reference material SRM 2260 Aromatic 

Hydrocarbons in Toluene (National Institute of Standards and Technology, Gaithersburg, 

USA) for a quality assurance process (Section 2.4.3.1) did however show that 

1-methylphenanthrene was perfectly co-eluting with fluoranthene.  Even more interesting was 

the fact that these latter two PAH compounds had identical response factors for the excitation 

and emission wavelengths used for the fluorescence detector.  Thus any fluoranthene 

concentration reported in the present study is the sum of the concentrations of fluoranthene 

and 1-methylphenanthrene.  The GC-MS technique used for the samples sent to the external 

laboratory was able to resolve this pair and showed that 1-methylphenanthrene may comprise 

up to a maximum of 28% of the fluoranthene concentration reported in the present study. 
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FIGURE 2.10  Sample HPLC chromatograms of a stormwater sample extract utilising 
the optimised HPLC assay. (a) UV detector chromatogram and (b) fluorescence 
detector chromatogram.  For compound identifications 1 to 16 see Table 2.3 

 

 

Towards the end of the present study, it was decided to add several additional PAHs with 

molecular weights similar to that of naphthalene (Mr = 128.19 g/mol) to the HPLC assay.  

Azulene (Mr = 128.19 g/mol), biphenyl (Mr = 154.21 g/mol), 1-methylnaphthalene and 

2-methylnaphthalene (for both Mr = 142.20 g/mol) were trialled but only azulene and 

biphenyl were easily detectable (no co-elution and sufficient response factors) via the 

optimised HPLC assay.  Their retention times, detection method and calibration ranges are 

given in Table 2.4. 
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TABLE 2.4  HPLC retention times, detection method and calibration range for azulene and 
biphenyl 
 
Compound Abbreviation Retention  

Time (min) 

Calibration 

Range (µg/L) 

Detector 

Azulene AZ 6.3 5 - 600 Fluorescence 

Biphenyl BP 10.5 10 - 600 UV/Vis 

 

 

2.4.3 Quality Assurance  

 

Quality assurance is an essential part of any analytical programme (Taylor and Stanley, 1985).  

It is especially important when monitoring organic contaminants because of the number and 

complexity of the sample processing and analysis procedures which may result in either the 

loss of analytes or contamination of the samples through unclean reagents or glassware.  

Quality assurance procedures used in the present study involved the verification of the HPLC 

analysis technique, assessments of blank contamination, and the accuracy of the sample 

extraction techniques as described in the following sections.  A detailed investigation into the 

detection limits of the methods used is described in Chapter 3.   

 

2.4.3.1 Analyte Peak Identification and Verification of Calibration Curves 

Prior to the commencement of each analysis session, after every 10 samples, and at the end of 

each analysis run, a mid-range standard was analysed to verify that the instrument response 

was within ± 15% of the stored calibration values (USEPA, 1984).  These standards also 

allowed the detection of any small shifts (0.1-0.3 min) in analyte retention times during an 

analysis run due to changes (1-2oC) in the temperature of the room in which the equipment 

was located.   

 

External verification of the calibration curves was initially conducted by exchanging stock 

standards with an external laboratory (AgriQuality New Zealand, Lower Hutt) where GC-MS 

was used as the analytical technique.  Agreement between the two techniques was excellent.  

The average relative percent difference or RPD (difference x 100/mean) between the two 

laboratories was 9%.  A second verification of the HPLC calibration curves was conducted 

using the certified reference material SRM 2260.  The standard was diluted with acetonitrile 

in a volumetric flask and then diluted further to fit within the calibration range of the HPLC 
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instrumentation.  The standard was analysed four times split over two separate analysis 

sessions.  The results are shown in Table 2.5. 

 

TABLE 2.5  Analysis of quality assurance standard SRM 2260  
 
Compound SRM 2260 Certified 

Concentration (µg/mL) 

Mean Concentration  

(n=4) (µg/mL) 

RSDa  

(%) 

% 

Difference 

NAP 66 72 6 9 

ACY 63 69 3 9 

ACE 68 68 3 1 

FL 65 63 2 4 

PHEN 66 60 1 8 

ANT 50 43 1 15 

FLR 66 124b 1 88b 

PYR 66 62 12 6 

BaA 57 51 1 11 

CHY 66 71 10 7 

BbF 66 61 1 7 

BkF 65 57 3 12 

BaP 59 59 0 1 

DBA 49 46 2 6 

BPY 59 54 3 8 

INP 58 52 1 10 

Mean   3 8c 
a  Relative Standard Deviation = standard deviation x 100/mean (equivalent to the co-efficient of variation, CV) 
b  Due to co-elution of 1-methylphenanthrene 
c  Mean excludes value for fluoranthene (+1-methylphenanthrene) 
 

 

The results show good precision (mean RSD = 3%) and are within 8% (on average) of the 

certified value.  This is well within the bounds found by Law (1997) when testing the 

accuracy of the analysis of a standard solution of PAHs by 25 laboratories participating in a 

laboratory performance study. 

 

2.4.3.2 USEPA Initial Demonstration of Proficiency  

An initial assessment of the precision and accuracy of the extraction, clean-up and analysis 

procedures was conducted along the lines of the Initial Demonstration of Proficiency outlined 

in Method 610 (USEPA, 1984).  Three 1 L samples of Milli-Q water were spiked with the 

16 PAHs at a concentration of 2 µg/L and then processed through the entire methodology 
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beginning with liquid/liquid extraction.  The spiking concentrations were 2 to 50 times lower 

than those recommended (5-100 µg/L).  This was done to avoid the need for dilution of the 

sample extracts prior to HPLC analysis and to be at a concentration more comparable those 

likely to be found in stormwater.  Average recoveries ranged from 59% for NAP to 98% for 

INP.  The average RSD for the sample concentrations was 10% which indicates an acceptable 

precision. 

 

The recovery of the analytes from a real sample matrix was also tested using a sample of 

stormwater collected from the Portobello Road site.  A 2.5 L sample was taken and split into 4 

equal 350 mL portions without filtering.  Three of the samples were then spiked with PAHs at 

a concentration of 143 ng/L, a level which was expected to be 1-5 times (USEPA, 1984) 

greater than the background concentration.  Once again the procedure began with liquid/liquid 

extraction.  The results are shown in Table 2.6.  

 

TABLE 2.6  Analyte recovery and precision from triplicate 350 mL stormwater samples spiked 
at 143 ng/L 
 
Compound Background 

Sample 

Concentration 

(ng/L) 

Mean Spiked Sample 

Concentration  

(n=3)  

(ng/L) 

RSD  

 

(%) 

Mean 

Recovery  

(%) 

NAP 508 657 5 104 

ACY 255 380 4 88 

ACE 399 532 2 93 

FL 246 378 1 92 

PHEN 473 610 1 95 

ANT 198 359 12 112 

FLR 430 569 4 97 

PYR 541 682 3 99 

BaA 144 274 4 91 

CHY 140 235 3 67 

BbF 96 194 5 69 

BkF 35 155 2 84 

BaP 106 225 4 84 

DBA 32 157 3 88 

BPY 55 147 5 65 

INP 59 164 3 73 

Mean   4 88 
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After correction for the background concentrations present in the sample, the recoveries of the 

spiked PAHs ranged from 65 to 112%, demonstrating that good accuracy could be achieved.  

The precision of the spiked sample concentrations was also good, with an average RSD of 

4%.  

 

2.4.3.3 Laboratory and Field Blanks 

In initial trials it was discovered that the plastic ring around the top of Schott bottles lead to 

the trapping of PAHs between the plastic pouring ring and the bottle screw thread.  

Subsequent attempts to remove this contamination by the cleaning protocol were 

unsuccessful.  Replacement of the Schott bottles with alternative glassware solved this 

problem.   

 

A laboratory blank, consisting of a sample of Milli-Q water of appropriate volume, was 

processed with every group of samples to assess whether or not there were any contributions 

to the PAH levels arising from reagents or glassware used for processing the samples.  

Laboratory blanks were processed through the same phase separation, extraction and clean-up 

methodologies used for real samples.  PAHs were rarely detected in the blanks for the 

particulate and colloidal phases, and if present, were generally less than the often-quoted 

acceptable value of 5% of the sample concentration (Ko and Baker, 1995; Dachs et al., 1997; 

USEPA, 2002).  Low concentrations of PAHs (NAP, ANT, FLR and PYR) were detectable in 

the truly dissolved phase blanks on occasions at levels greater than 5% of the sample 

concentration.  It is thought that these PAHs are present in the Milli-Q water itself.  Milli-Q 

water can contain up to 0.2 mg C/L dissolved organic carbon (Mosley, 1999) and thus, despite 

the extensive purification procedures it undergoes to remove metals and salts, Milli-Q may 

still contain trace amounts of the more soluble PAHs.  Sample concentrations were not blank 

corrected, but are flagged (*) where the blank concentration is greater than one half of the 

sample concentration (Foster et al., 2000). 

 

A field blank was used to assess potential contamination of samples taken manually.  The 

cleaned sampling vessel was rinsed with 2.5 L of fresh Milli-Q water, which was then 

returned to its glass bottle.  The sample was subjected to the full phase separation and 

extraction procedures.  Minor amounts of PAHs were found at levels similar to those 

periodically found in the laboratory blanks, indicating that the sampling practices were not 

resulting in contamination of the samples.   
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A detailed examination of field blanks from the ISCO 6700 autosampler, which was placed 

within the Portobello Road stormwater drain for up to six days, is presented in Section 4.3.1. 

 

2.4.3.4 Assessment of Analytical Recovery – Laboratory Control And Matrix Spikes 

A laboratory control spike (LCS), consisting of Milli-Q water spiked with PAHs, and a 

replicate sample spiked with PAHs (matrix spike or MSPK) were prepared with each batch of 

samples processed in order to assess the recovery of the analytes from the sample matrix .  

These samples were spiked after the phase separation steps (filtration and C18) were 

completed, but before the extractions of the analytes.  This was necessary to avoid 

partitioning of the spiked PAHs amongst the phases which would have rendered the recovery 

measurements from each phase unusable.  The results for the matrix spikes are detailed in 

Table 2.7.  The spiking amount was chosen to be one to five times the expected background 

concentration of the source being sampled (USEPA, 1984).  The spiking amount was typically 

0.15 µg, but on occasion ranged from 0.05 to 2.5 µg.  No significant variation in spike 

recovery as a function of the amount spiked into the sample was evident.  The results for the 

LCSs (not shown) were similar with the average recovery being 90% and an RSD less than 

9% which indicated that good recovery of the spiked analytes from the sample matrix was 

being achieved.  The recoveries and their RSD values are within the range reported in the 

literature for PAHs and other organic contaminants from seawater, stormwater and sediments 

(Ko and Baker, 1995; McMillin and Means, 1996; Wolska et al., 1999; Foster et al., 2000). 

 

2.4.3.5 Assessment of the Efficiency of the Sample Extraction Methods 

The recoveries of spiked analytes from Milli-Q water and real samples indicated that the 

efficiency of the various extraction methods was adequate.  However, it must be noted that 

when dealing with hydrophobic organic contaminants such as PAHs, high recovery values for 

spikes does not necessarily mean that in-situ PAHs are extracted with the same efficiency.  

The in-situ PAHs may be sequestered into soot-carbon making them much harder to extract 

from sample matrices, particularly aged sediments (Burford et al., 1993; Simpson et al., 1995; 

Naes et al., 1998). 
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TABLE 2.7  Mean recoveries of PAHs from matrix spikes. Numbers in parenthesis are the RSD 
 
Compound Stormwater Roadside 

 Dissolveda 

 

(%) 

Truly 

Dissolvedb 

(%) 

Colloidalc 

 

(%) 

Particulated 

 

(%) 

Debrise 

 

(%) 

NAP 79 (41) 106 (28) 54 (28) 73 (26) 73 (15) 

ACY 80 (17) 92 (25) 70 (12) 76   (8) 88 (22) 

ACE 82 (16) 152 (67) 77 (14) 81 (13) 78   (9) 

FL 81 (20) 111 (38) 89 (25) 91 (33) 91   (8) 

PHEN 87 (18) 101 (50) 93 (22) 86 (17) 96   (2) 

ANT 94 (31) 95 (23) 90   (9) 85   (3) 83   (4) 

FLR 88 (19) 127 (29) 106 (27) 104 (15) 109 (19) 

PYR 96 (15) 124 (33) 117 (37) 111 (17) 107 (21) 

BaA 87   (9) 101 (16) 104 (18) 109 (20) 84 (14) 

CHY 76 (20) 91 (17) 100 (12) 107 (10) 93   (2) 

BbF 73 (15) 84   (5) 107 (24) 109 (23) 96   (5) 

BkF 81 (14) 78 (28) 118 (40) 116 (30) 90   (5) 

BaP 80 (10) 89 (19) 96   (1) 105 (24) 89   (3) 

DBA 84   (8) 93   (8) 99 (13) 99   (9) 98   (6) 

BPY 73 (15) 91 (13) 103 (17) 105 (16) 113 (22) 

INP 76 (13) 88 (13) 91   (4) 90 (23) 94   (5) 

Mean 82 (18) 99 (27) 95 (19) 97 (17) 93 (10) 
a  Liquid-liquid extraction 350  mL sample (n=6) 
b  Elution from C18 disk (see Section 3.2.2.8) (n=4) 
c  Liquid-liquid extraction 2.5 L sample (n=5) 
d  Ultrasonic extraction (n=8) 
e  Soxhlet extraction (n=3) 

 

 

To verify that the residual amounts of PAHs in the samples after one extraction were 

negligible, second extractions were made on select samples.  No PAHs were detectable in the 

secondary liquid-liquid extraction of a filtered 2.5 L sample of stormwater.  Secondary 

extractions of the glass microfibre filters with particulate PAHs by the ultrasonic extraction 

technique contained on average less than 2% of the total amount extracted.  Secondary 

Soxhlet extractions of roadside debris samples increased the total amounts extracted by less 

than 5%. 
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The overall effectiveness of the extraction and analytical procedures were also evaluated by 

analysing the certified reference material SRM 1941a Organics in Marine Sediment (National 

Institute of Standards and Technology, Gaithersburg, USA).  Extraction via both the Soxhlet 

(n=2) and ultrasonic methods (n=4) yielded concentrations whose average difference from the 

certified values was less than 18%.  This is in the range reported by other groups analysing 

this or other similar reference materials (Ko and Baker, 1995; Baumard et al., 1998; Gevao et 

al., 1998; Means, 1998; Ashley and Baker, 1999).  The precision of the measurements was 

good, with an average RSD of 9%. 

 

2.4.3.6 Replicate Samples 

The precision of the phase separation, extraction and analysis techniques was checked for real 

samples of stormwater by the routine analysis of a duplicate sample pair for every batch of 

samples.  The average RSD across all the 16 PAHs for all the duplicate samples was less than 

12% showing that good precision could be achieved (Means, 1998; Zhou et al., 2000). 
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Chapter 3 Isolation of Colloidal PAHs using Solid Phase Extraction 

 
3.1 Introduction 

 

Three laboratory-based approaches are often used to study the partitioning of hydrophobic 

organic micropollutants between the truly dissolved phase (<1 nm) and macromolecular 

dissolved organic matter (DOM) in the colloidal size range (1 nm to 1 µm).  The first involves 

distilled or de-ionised water samples containing a surrogate DOM compound, such as Aldrich 

Humic Acid (AHA), to which the micropollutants are added.  The partitioning of these 

micropollutants between the surrogate DOM and the truly dissolved phase is then investigated 

by indirect techniques (those that do not disturb the equilibrium between the phases) such as 

fluorescence quenching and solubility enhancement (Gauthier et al., 1986; Chefetz et al., 

2000; Peuravuori, 2001), or separation of the phases is undertaken using techniques such as 

solid phase extraction (SPE), dialysis, or ultrafiltration (Kukkonen and Pellinen, 1994; 

Burgess et al., 1996).  A disadvantage of this approach is that the model DOM compound 

may bind the micropollutants to a much greater degree than the in-situ natural DOM 

compounds (Landrum et al., 1984; Chin et al., 1997).  This is thought to be due to changes 

induced in the surrogate DOM during the extraction procedures which often involve extreme 

pH values (Caron and Suffet, 1989; Sigleo and Means, 1990).  The second approach involves 

the use of less invasive techniques, such as ultrafiltration, to isolate natural aquatic DOM 

which is then used to make solutions for partitioning studies (Wijayaratne and Means, 1984).  

Thirdly, unfiltered or filtered natural DOM containing waters may be used directly (Eadie et 

al., 1990; Kulovaara, 1993).  The micropollutants are again spiked into the solutions and the 

partitioning investigated using the techniques mentioned above. 

 

The results from such laboratory-based studies may not however fully reflect the partitioning 

behaviour of these contaminants in the environment (Morehead et al., 1986; Eadie et al., 

1990; Naes and Oug, 1998).  In order to exceed the detection limits of the relevant analytical 

techniques using small samples (<100 mL), the compounds are added at concentrations that 

are often several orders of magnitude higher than those naturally present in the environment 

(Landrum et al., 1984; Kayal and Connell, 1990; Ozretich et al., 1995).  In the case of the 

partitioning of micropollutants between sediments and their porewaters, research has shown 

that the partitioning observed in sediments that have been spiked and equilibrated in the 

laboratory may be different than the in-situ partitioning in contaminated sediments in the 
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environment.  This has been linked to strong binding to soot particles (Gustafsson et al., 1997; 

Naes et al., 1998) and conformational changes in the sedimentary organic matter as it ages 

(Kan et al., 1998).  Although research has shown that binding to aquatic DOM is rapid 

(several minutes to less than 48 hours) (McCarthy and Jimenez, 1985; Morehead et al., 1986; 

Patterson et al., 1996; Krop et al., 2001), longer term time-dependent effects may still exist 

(Kopinke et al., 2000).  Given these various differences between laboratory-based studies and 

the actual conditions found in the environment, the validation of laboratory-generated 

partitioning data with field observations seemed prudent. 

 

When investigating the in-situ partitioning of contaminants in environmental samples, the 

traditional techniques used to isolate contaminants associated with the colloidal phase, such as 

ultrafiltration for heavy metals in seawater (Greenamoyer and Moran, 1997), do not generally 

provide an adequate phase separation for many organic micropollutants.  This has been linked 

to the hydrophobic nature of many of these micropollutants, which cause them to bind to the 

organic carbon rich ultrafiltration membrane, resulting in low mass balances, or the elution of 

the micropollutants from the membrane with suitable organic solvents is required.  For 

example, Villholth (1999) pre-equilibrated the ultrafiltration membrane with fresh samples of 

PAH contaminated groundwater for three consecutive 24 hour periods prior to conducting the 

ultrafiltration of the actual sample aliquot to be analysed for PAHs.  Despite this extensive 

pre-equilibration period, losses of radioactively labelled pyrene to the membrane were 

estimated to be as much as 17%.  Burgess (1996) reported the almost complete adsorption of 

dissolved phase fluoranthene and tetrachlorobiphenyl onto several different ultrafiltration 

membranes.  Many of the techniques used for laboratory-based partitioning studies, e.g. 

fluorescence quenching and solubility enhancement, require the progressive addition of the 

compounds to the sample as part of the method in order to observe the adsorption isotherm 

(Gauthier et al., 1986; Chefetz et al., 2000).  Such techniques are therefore not able to be 

applied to studies of the in-situ partitioning of contaminants because the compounds added 

would mask the response of those already present in the original samples. 

Reverse-phase octadecyl (C18) SPE cartridges have been frequently used in laboratory-based 

partitioning studies of PAHs (Landrum et al., 1984; Baker et al., 1991; Kukkonen and 

Pellinen, 1994).  The basis upon which they work is that the truly dissolved micropollutants 

are adsorbed onto the C18 media, while those adsorbed to DOC (a common surrogate for 

DOM, (Macalady and Ranville, 1998)) pass through and may be collected (Landrum et al., 

1984).  Their application to in-situ partitioning work is problematic because the cartridges are 
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typically only used with sample volumes of less than 20 mL (Landrum et al., 1984; Baker et 

al., 1991; Kulovaara et al., 1992; Kukkonen and Pellinen, 1994).  Because the contaminant 

concentrations are often much lower in the environment compared to those used in 

laboratory-based studies, significantly larger sample volumes (1-2 L) must be extracted and 

can lead to excessive extraction times (>100 minutes) (Zhou et al., 1996).  Quantitative 

elution of the truly dissolved contaminants from the cartridges may also be difficult to achieve 

(Landrum et al., 1984; Ozretich et al., 1995).  Other solid phase extraction media, for 

example, XAD-2 resin and polyurethane foam, are successful for the separation of the 

colloidal phase for in-situ samples, but require extensive clean-up and contaminant desorption 

steps (Baker and Eisenreich, 1990; Ko and Baker, 1995; Dachs and Bayona, 1997; Naes et al., 

1998).   

 

The use of reverse-phase C18 disks is a relatively new development in methods to extract trace 

levels of dissolved organic micropollutants from large volume water samples.  The C18 media 

is impregnated into a teflon or glass microfibre filter, which can be used in traditional 

filtration apparatus.  Recent papers have outlined their use for the extraction of dissolved 

micropollutants from seawater where they show distinct advantages over other solid phase 

extraction (SPE) technologies in that they allow higher filtration rates, improved blanks and 

elimination of channelling effects (McMillin and Means, 1996; Michor et al., 1996; Dachs 

and Bayona, 1997; Means, 1998; Thurman and Snavely, 2000).  They also remove the need 

for liquid/liquid extractions of large water samples, hence reducing solvent consumption 

(Hagen et al., 1990).   

 

The extraction efficiency of the C18 disks for dissolved micropollutants from water samples 

has been found to be impaired by the presence of DOC which complexes many of the more 

hydrophobic species and allows them to pass through the disk (Senseman et al., 1995; Ridal et 

al., 1997; Sturm et al., 1998).  It is therefore potentially possible to use C18 disks to determine 

the in-situ partitioning of contaminants between the truly dissolved and colloidal (DOC 

bound) phases in water samples in the same manner as C18 cartridges are used for laboratory-

based partitioning studies (Ridal et al., 1997; Sturm et al., 1998).  A potential complication to 

this application is the retention of minor amounts of DOC on the C18 disk  (Senseman et al., 

1995; Dachs and Bayona, 1997; Ridal et al., 1997) which is also known to occur for 

C18 cartridges in some circumstances (Ozretich et al., 1995; Li and Lee, 2000).  This retained 

DOC may have contaminants bound to it which would lead to a systematic negative error in 

the calculated partitioning coefficients unless corrected (Li and Lee, 2000). 
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This chapter reports the development of a C18 disk-based method to separate the colloidal 

(DOC bound) and truly dissolved phases of PAHs present in urban stormwater.  The 

magnitude of DOC retention on the C18 disks is determined and the effects of this 

phenomenon on the calculated partitioning coefficients are examined.  Finally, the method is 

tested by examining the partitioning of the PAHs between de-ionised water and the commonly 

used model DOC compound AHA.  The limits of detection for the method are also 

established for environmental samples. 

 

3.2 Experimental Methods 

 

3.2.1 Solvents, Filters and Cleaning of Glassware 

 

All solvents, glass microfibre filters, and glassware were prepared as described in Section 2.4. 

 

3.2.2 C18 Extraction Disks 

 

The C18 disks (ENVI-18 DSK) were supplied by Supelco (Sigma-Aldrich Ltd).  The disks 

are 47 mm in diameter (0.6 mm thick) and consist of a glass microfibre filter embedded with 

C18 material.  The material is stated to consist of irregular particles with a mean diameter of 

30 µm and a mean pore size of 7 nm with the mean flow-through porosity rated at 5 µm 

(Supelco, Bellefonte, PA).  In comparison to teflon backed C18 disks, the C18 glass microfibre 

backed disks used in the present study allow faster flow rates (50-150 mL/min), exhibit less 

clogging  and are less expensive (McMillin and Means, 1996; Supelco, 1998). 

 

3.2.3 Collection, Preparation and Spiking of Water Samples 

 

3.2.3.1 Blank Samples 

Samples (0.35-2.5 L) of Milli-Q water (0.2 µm in-line filter) were used directly, without 

further filtration for the assessment of PAH and DOC blank contamination during sample 

processing.  The pH of the samples was adjusted to 7.4 by the addition of small volumes of 

0.1 M sodium hydroxide solution. 
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3.2.3.2 Determination of Retention Efficiency 

Milli-Q water was used for the determination of the retention efficiency of the C18 disks for 

truly dissolved PAHs.  The pH of the samples was adjusted to 7.4 by the addition of small 

volumes of 0.1 M sodium hydroxide solution, and were then spiked with the 16 USEPA 

priority PAHs and equilibrated for two hours prior to extraction using the C18 disks. 

 

3.2.3.3 Determination of Method Detection Limits 

Samples of natural water used in the determination of the method detection limits were taken 

from Morrisons Creek, a tributary of the Water of Leith, by submerging pre-cleaned 2.5 L 

amber glass bottles and allowing them to fill.  The catchment area is in native forest and is a 

water supply area for the city of Dunedin.  The only potential anthropogenic inputs of PAHs 

into the area will be from atmospheric deposition and are likely to be very low (Herrman, 

1987; Ministry for the Environment, 1997).  For this exercise, the samples were processed 

through the entire phase separation procedure (Figure 3.1 and detailed in Section 3.2.2.7) 

prior to being spiked in order to avoid any partitioning of the spiked PAHs into the particulate 

and colloidal phases which would clearly have affected the results.  A separate sample was 

analysed and found to be free of any background levels of PAHs. 

 

3.2.3.4 Stormwater Samples 

During the development of the method, stormwater samples were taken from the Portobello 

Road stormwater drain during baseflow conditions using the manual sampling procedure 

outlined in Section 2.1.4.  The samples used for the laboratory-based partitioning study were 

filtered, the “dissolved” filtrate spiked and then left to equilibrate for 24 hours prior to the 

separation of the truly dissolved and colloidal phases using the C18 disks.  Samples used for 

the determination of the in-situ PAH partitioning were processed through the entire phase 

separation procedure within 24 hours of being collected in order to minimise any potential 

changes in the partitioning as a function of sample age. 

 

3.2.3.5 Aldrich Humic Acid Solutions 

Solutions of the common DOC surrogate AHA (41.09% organic carbon) were used to 

demonstrate that the C18 disk technique yielded partitioning coefficients comparable to those 

obtained using other techniques.  Two litre samples containing 9.8 mg C/L were prepared by 

diluting a known volume of a stock solution of AHA (1000 mg C/L) with Milli-Q water.  The 

solutions were glass microfibre filtered to ensure they were free of particles >0.7 µm, their pH 
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adjusted to 7.4 by the addition of small volumes of 0.1 M HCl, spiked with PAHs, and then 

equilibrated for 24 hours prior to extraction using the C18 disks.   

 

3.2.3.6 Sample Spiking Procedure 

All spiking of the sample solutions with PAHs was conducted by directly injecting a known 

volume of a separate spiking standard, prepared independently of the HPLC calibration 

standards, under the surface of the water.  To ensure that the acetonitrile carrier solvent did 

alter the partitioning of the PAHs, the volume of spiking solution added was always less than 

0.03% of the volume of the sample solution (Ozretich et al., 1995).  For the determination of 

the retention efficiency of the C18 disks for truly dissolved PAHs, a low (60 ng/L) and a high 

spiking level (730 ng/L) were used.  The high spiking level exceeded the water solubility of 

three of the compounds (DBA, BPY and INP) by a factor of two.  For all the other samples 

the resulting PAH concentrations in the spiked samples were a factor of 5 or more lower than 

the lowest PAH solubility (300 ng/L for DBA) (Onuska, 1989).  

 

In line with a number of recent studies of contaminant sorption (Eadie et al., 1990; Harkey et 

al., 1994) and in order to be as representative as possible of the real stormwater samples, the 

laboratory derived samples spiked with PAHs did not have any bactericide added.  In a test of 

the efficacy of the common bactericide sodium azide, Chen and Buffle (1996; 1996a) noted 

no noticeable effect on bacterial activity even with their highest sodium azide concentration of 

51 mM.  Mercuric chloride may be a more efficient bactericide but cannot be used when DOC 

is measured by the HTCO method as it poisons the gold catalyst and may form colloidal 

mercuric hydroxide precipitates.  Chen and Buffle (1996; 1996a) recommend that chemical 

preservatives should be avoided if possible as they may interfere with the partitioning 

processes and that storage of colloid samples for 2-3 days in the dark at low temperatures is 

sufficient to avoid any appreciable bacterial activity which might affect the coagulation of 

colloids.   

 

3.2.4 Particulate/Colloidal/Truly Dissolved PAH Phase Separation Procedure 

 

3.2.4.1 Phase Separation Procedure 

The phase separation procedure developed in the present study is summarised in Figure 3.1 

and involves a number of steps.  Upon return to the laboratory, each sample in a 2.5 L amber 

glass bottle (bottle #1) was shaken to obtain a uniform sample as much as possible and a 

100 mL aliquot taken for suspended solids and pH determination.  The remaining sample 
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volume was noted and then filtered (Advantec GF75) into a second pre-cleaned 2.5 L amber 

glass bottle (bottle #2) using a standard glass filtration system involving a 500 mL reservoir 

and a fritted glass base which screwed on to the top of the bottle (Figure 3.2).  Generally, only 

2-3 filters were required for this filtration step, except for the stormflow samples that at times 

required 5-8 filters due to their much higher suspended solids concentration.  The original 

2.5 L sample bottle (bottle #1) was rinsed twice with 45 mL of Milli-Q water to ensure the 

transfer of any remaining particles and colloids into the filtration reservoir (Eadie et al., 

1990), which was also rinsed at the end of the filtration with 10 mL of Milli-Q.  A 50 mL 

sub-sample of the filtrate was taken at this stage for DOC analysis.  The filter(s), upon which 

any particulate PAHs were retained, were then removed and placed in a 100 mL amber glass 

screw cap bottle (sealed with pre-combusted aluminium foil) with 30 mL dichloromethane 

and stored in a refrigerator prior to extraction (Section 2.4.1.5).   

 

FIGURE 3.1  Schematic diagram of phase separation procedure 
 

 

Any truly dissolved PAHs adsorbed onto the walls of the original 2.5 L sample bottle (bottle 

#1) were removed using two 20 mL rinses of dichloromethane (Eadie et al., 1990; Law et al., 

1997).  The fritted glass support base of the filtration apparatus was fitted with a ground glass 

joint that allowed it to fit directly onto a 125 mL glass flask (Figure 3.2).  The solvent rinses 
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were passed through the filtration apparatus, together with a 5 mL dichloromethane rinse of 

the filtration reservoir and collected in the 125 mL glass flask.   

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

FIGURE 3.2  (a) Glass filtration apparatus on 2.5 L amber glass bottle and (b) on 
125 mL glass flask. 

 

 

Prior to beginning the phase separation of the truly dissolved and colloidally-bound PAHs 

using the C18 disk, the filtration apparatus was fitted onto a 2.5 L bottle for waste solvents, 

cleaned with acetone, and then dried by drawing air through it under vacuum for 5 minutes.  

The C18 disk was then placed in the filtration apparatus and eluted under low vacuum with 

10 mL of acetone, followed by 10 mL of dichloromethane, in order to remove any possible 

contaminants on the disk.  The C18 disk was then dried by drawing air through it under low 

vacuum for 5 minutes.   

 

Unlike the situation for C18 cartridges, in order for C18 disks to pass water they must be 

pre-conditioned with a water miscible organic solvent (Michor et al., 1996; Dachs and 

Bayona, 1997) or alternatively a water miscible organic solvent must be added to the sample 

(typically 0.5% v/v methanol) before passing it through the C18 disk (Means, 1998; Pujadas et 

al., 2001).  The former method was used in the present study as the addition of an organic 

(a) (b) 
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co-solvent may have affected the partitioning of the contaminants (Ozretich et al., 1995) as 

well as invalidating any subsequent DOC measurements.  A volume of 10 mL of acetonitrile 

was used to pre-condition the C18 disk, which was followed immediately by washing with 

500 mL of Milli-Q water to completely rinse away the acetonitrile.  Immediately prior to the 

disk running dry of Milli-Q water, the vacuum was reduced and approximately 20 mL of the 

sample was introduced into the filtration reservoir.  The filtration apparatus was then rapidly 

transferred from the 2.5 L bottle for waste solvents to a clean 2.5 L amber glass sample bottle 

(bottle #3).  With the reservoir full, the vacuum was increased and the sample processed with 

replenishment of the sample in the reservoir as required in order to avoid the C18 disk running 

dry.  Typical times of 30-45 minutes were required to extract a 2.5 L sample (50-80 mL/min).   

 

At the end of the C18 disk extraction, two 45 mL Milli-Q rinses of the sample bottle (bottle 

#2) were undertaken to rinse any colloidally-bound PAHs from it into the filter reservoir.  

Once this rinse material had passed through the disk, the disk was then air dried for a period 

of 30 seconds prior to the vacuum being released.  With the filtration apparatus removed, a 

50 mL aliquot of the C18 disk filtrate was taken for DOC analysis and the remaining filtrate 

preserved prior to liquid/liquid extraction (Section 2.4.1.4) by the addition of 60 mL of 

dichloromethane. 

 

3.2.4.2 Elution of Truly Dissolved PAHs from the C18 disk  

The final step in the phase separation procedure was the elution of the truly dissolved PAHs 

from the C18 disk.  The filtration apparatus including the C18 disk was placed on the 125 mL 

glass flask (used to collect the dichloromethane rinses of the original 2.5 L sample bottle #1).   

The PAHs were eluted under low vacuum by a two-solvent regime beginning with 10 mL of 

acetone.  The use of a water miscible solvent as the first eluant enhances the recovery of 

analytes by penetrating the water-filled pores between the C18 particles (Mayer and Poole, 

1994; Michor et al., 1996).  Acetone was chosen because initial work using acetonitrile as per 

the manufacturer’s instructions (Supelco, 1998) resulted in the acetonitrile interfering with the 

subsequent silica gel column clean-up procedure.  Following the acetone, three 20 mL 

volumes of dichloromethane were used to rinse any truly dissolved PAHs from the walls of 

the 2.5 L bottle (bottle #2) and continue the elution of the C18 disk.  A 5 mL dichloromethane 

rinse of the filtration reservoir completed the elution procedure. 
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3.3 Method Development 

 

3.3.1 Introduction 

 

C18 disks were designed to replace liquid/liquid extractions for the isolation of organic 

contaminants from water samples (Hagen et al., 1990).  They differ from the C18 cartridges 

commonly used for colloidally-bound PAH separation in that they use a supporting matrix 

and the particle size is generally smaller i.e., 10-30 µm spheres rather than 40-80 µm spheres 

(Thurman and Snavely, 2000).   

 

The use of C18 disks for the separation of truly dissolved PAHs from colloidally-bound PAHs 

does not appear to have been reported before in the literature.  However, as noted by several 

authors (Kukkonen and Pellinen, 1994; Ozretich et al., 1995; Li and Lee, 2000) who used 

C18 cartridges for partitioning studies, potential artifacts of the C18 reverse-phase separation 

technique could arise from: (a) incomplete retention of truly dissolved PAHs on the C18 

media; (b) retention of DOC on the C18, and (c) the dissociation of the PAH-DOC species in 

the presence of the C18 (acting as a competing adsorbent).  Therefore, for the present method 

to be successful it was considered that it must meet the following criteria: 

 

1. No contamination of laboratory blanks from the C18 disks for either PAHs or DOC. 

2. Retention of 100% of the truly dissolved PAHs on the C18 disks. 

3. Complete elution of the truly dissolved PAHs from the C18 disks. 

4. Accurate and reproducible separation of the truly dissolved PAHs from the 

colloidally-bound PAH phase as assessed by the retention of DOC by the C18 disks. 

5. For the model DOC compound AHA, determination of partitioning coefficients that 

were proportional to the octanol-water partition coefficients (Kow) of the PAHs and 

in agreement with published values obtained by other C18-based methodologies and 

other techniques. 
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3.3.2 Blank Contamination, Retention and Elution of Truly Dissolved PAHs 

 

Analysis of blanks of Milli-Q water subjected to the present full phase separation and analysis 

procedure indicated that no contamination from either PAHs or DOC was originating from the 

C18 disks.   

 

The retention of truly dissolved PAHs on the disks was evaluated by passing Milli-Q water 

spiked with PAHs through the C18 disks.  The results (Table 3.1) showed that the retention of 

the truly dissolved PAHs was 99 to 100% at all spiking levels and volumes. Therefore, what 

was measured as colloidally-bound PAHs in the disk filtrate, will not be artificially enhanced 

by the breakthrough of any truly dissolved PAHs.   

 

The quantitative solvent elution of the truly dissolved PAHs from the C18 disks was verified 

using the same samples as above by mass balance after analysis of the extracts by HPLC.  A 

secondary, more rigorous extraction of the disks using dichloromethane and an ultrasonic bath 

confirmed the eluted disks retained no residual PAHs.   

 

TABLE 3.1  Method Evaluation of C18 Disks – Retention and Elution of Truly Dissolved 
PAHs 
 

Sample Volume 

(mL) 

Spiking Level 

(ng/L) 

%Retention  

on C18 (%RSD) 

%Elution from 

C18 Disks 

350 (n=3) 60 100 (5) 100 

350 (n=3) 730 100 (2) 100 

2250 (n=1) 60 99  100 

2250 (n=1) 730 99  100 

 

 

3.3.3 Assessment of the Accuracy of the Phase Separation Procedure 

 

3.3.3.1 Introduction 

In order to derive accurate measurements of the PAH concentrations in each of the three 

phases, and reliable estimates of the partitioning coefficients, it is necessary that the phase 

separation procedure does not significantly change the distribution between the phases.  It is 

however acknowledged that the very definition of each of these phases is always an 
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operational one based on the type of procedure used and that the use of different techniques 

could provide slightly different results (Laxen and Chandler, 1982; Ranville and 

Schmiermund, 1998).  Potential artefacts caused by the initial filtration to remove the 

particulate phase, and the C18 disk extraction procedure, are discussed in the following 

sections. 

 

3.3.3.2 Potential Influence of the Initial Filtration to Remove the Particulate PAH 

Phase 

The initial filtration to remove the particulate phase PAHs has the potential to influence the 

C18 disk separation, if the filters do not provide at least a partially accurate division of the 

phases at the stated pore size of the filters.  Glass microfibre filters with a nominal pore size 

of 0.7 µm are a common means by which to remove particulate-bound PAHs from water 

samples taken from stormwater systems, industrial waste discharges, rivers, lakes and from 

the marine environment (Kayal and Connell, 1990; Eadie et al., 1992; Naes et al., 1998; Roe 

Utvik et al., 1999; Foster et al., 2000).  They are easily pre-combusted to remove 

contaminants, and allow high flow rates, making them very convenient to use when dealing 

with large volumes of water (Zhou et al., 1996; Law et al., 1997). 

 

If the filters allow particles larger than 0.7 µm to pass through, this may artificially enhance 

the colloidal phase at the expense of the particulate phase.  It is also possible that during the 

C18 disk separation, any particles greater than 0.7 µm that may have passed through the initial 

filter could be caught on the C18 disk (despite its rated mean flow through porosity of 5 µm) 

and therefore artificially enhance the truly dissolved phase at the expense of the colloidal 

phase.   

 

The glass microfibre filters may also remove particles smaller than 0.7 µm.  This is in fact 

highly probable because they are depth filters i.e. they rely on the depth on the filter matrix to 

achieve the stated nominal pore size (Laxen and Chandler, 1982).  The manufacturers’ claims 

relate only to the efficiency of the filters for retaining particles greater than the stated pore 

size, rather than to what size of particle may pass through the filter (Laxen and Chandler, 

1982).  Also, as the filter begins to block, the effective pore size will decrease below the 

stated value.  For example, Laxen and Chandler (1982) determined that glass microfibre 

Whatman GF/F depth filters (to which the Advantec GF75 filters used in the present study are 

equivalent) with a rated pore size of 0.7 µm had a “Nucleopore equivalent” pore size of 

0.4-0.5 µm.  As a consequence, Laxen and Chandler (1982) showed that the 0.7 µm Whatman 
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GF/F depth filters produced similar results to 0.4 µm Nucleopore filters when used for 

determining dissolved iron levels in lake waters. 

 

The particle retention characteristics of the present Advantec GF75 filters were examined in 

three experiments by a combination of heavy metal analysis, scanning electron microscopy 

(SEM), and measurements of DOC passing through the filters as determined by both high 

temperature catalytic oxidation (HTOC) and spectroscopic techniques.  In the first 

experiment, 200 mL stormwater baseflow samples were filtered in a laminar flow hood 

through the Advantec GF75 filters followed by filtration through 0.22 µm GS Millipore 

mixed cellulose ester (acetate and nitrate) membrane filters.  Subsequent SEM analysis of the 

Advantec GF75 filters showed that some particles less than 0.7 µm were being caught by the 

interwoven strands of glass microfibres as shown in the scanning electromicrograph in 

Figure 3.3.   

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

FIGURE 3.3  Retention of particles less than 0.7 µm on the Advantec GF75 filters 
(nominal pore size = 0.7 µm).  The particle circled is approximately 0.6 µm in diameter 
and many smaller particles are evident on the filter 
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Small numbers of particles greater than 0.7 µm were visible on the 0.22 µm membrane filters 

and appeared to be large (1-5 µm) angular mineral grains.  It is thought that these were 

trapped on the filters through dust contamination of the sample bottle, filtration reservoir 

and/or the plastic petri dishes used to store the filters, despite the precautions taken to avoid 

these sources of contamination.  It is considered highly unlikely that such large particles 

would be able to penetrate the glass microfibre filters.  

 

If sample volumes of greater than 200 mL were filtered, the number of particles <0.7 µm 

being captured would increase, particularly when the filter began to block.  A second 

experiment was conducted in which stormwater baseflow samples were filtered through 

Advantec GF75 filters until they blocked.  SEM imaging of the blocked Advantec GF75 

filters showed a large number of semi-spherical particles in the size range of 0.2-0.7 µm.  

These particles are most likely to be colloidal iron oxide particles (Laxen and Chandler, 1982; 

Ranville and Schmiermund, 1998) that were caught between glass microfibres or had 

impacted and adhered to other larger particles already trapped on the filter.   

 

A third experiment was conducted to determine whether the <0.7 µm particles being trapped 

on the Advantec GF75 filters were colloidal iron oxide particles, and to examine if DOC in 

the colloidal size range was also being trapped (and potentially PAHs bound to the DOC).  To 

this end stormwater baseflow samples were filtered in successive 100 mL aliquots through 

Advantec GF75 filters until the filters blocked.  The aliquots of filtrate were analysed for Fe, 

Mn and Zn by ICP-AES, and for DOC by HTCO and UV/Vis spectroscopy.  The optical 

absorbance of filtered natural waters at a wavelength of 280 nm (Abs 280) is a commonly 

used surrogate measurement for DOC and is correlated to the ability of the DOC to bind 

PAHs (Kukkonen and Pellinen, 1994; Peuravuori and Pihlaja, 1997; Perminova, 1999).  The 

results are shown in Figure 3.4. 

 

For the sample from the Water of Leith, the entire sample (2 100 mL) was able to be filtered 

without completely blocking the filter as the SS content in this sample was relatively low 

(2.0 mg/L).  The Fe concentration remained relatively constant and began to decrease only 

after 1 900 mL of the sample had been filtered.  Abs 280 values were relatively constant 

throughout the filtration despite the flow through the filter beginning to slow after 1 000 mL 

of sample had been processed, indicating that the passage of DOC through the filter was 

unaffected.  For this sample, Mn and Zn concentrations were below the detection limit of the 
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ICP-AES instrument and a malfunction on the HTCO analyser prevented the analysis of the 

samples for DOC. 

 

 

FIGURE 3.4  Passage of iron, zinc, manganese and DOC through Advantec GF75 glass 
microfibre filters as a function of filtration volume for baseflow samples from (a) the 
Leith and (b) Portobello Road.  The typical volume of sample filtered where the filter 
would be changed (based on a significant decrease in flow rate) is shown by the vertical 
dashed line 

 

 

It was possible to measure all parameters in the sample from the Portobello Road drain 

(29 mg/L SS) which exhibited a dramatic decrease in Fe concentration as the flow rate started 

to drop once 600 mL had been filtered.  Despite the Fe concentrations dropping below the 

ICP-AES detection limit (40 µg/L) by the time the filter blocked (900 mL), the Abs 280 

values and concentrations of DOC, Zn and Mn remained relatively constant.  These results are 
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consistent with those reported by Laxen and Chandler (1983) who found that for a variety of 

freshwater samples, iron was predominately present as particles > 0.1 µm and manganese was 

present essentially all in the < 0.015 µm fraction. 

 

The results of this exercise show that a gradual decrease in the effective pore size occurs as 

the filters were partially blocked by the SS and iron colloids, but that the other species were 

not affected.  The size of DOC is on the boundary between truly dissolved and colloidal 

materials (0.7-10 kDa or up to 0.02 µm) (Thurman, 1985), and hence a major reduction in the 

pore size of the filter would need to occur before it is retarded by the blocking filter.  It would 

therefore appear that the partial blocking of the filters will not affect the phase distribution of 

the PAHs, particularly since the filters were changed as soon as any major reduction in the 

flow rate was detected (typical volumes shown in Figure 3.4) rather than when they were 

completely blocked.  

 

Another way in which the initial filtration may affect the phase distribution is if either the 

truly dissolved PAHs, or the PAHs bound to colloidal DOC, are adsorbed to the glass 

microfibre strands of the filter.  This is a distinct possibility given the hydrophobic nature of 

the PAHs (Schults et al., 1992).  Triplicate stormwater baseflow samples (400 mL) from both 

the Portobello Road and Water of Leith sites that were filtered to remove the SS, and then 

immediately filtered again with a new filter, showed that there was a 5% reduction of Abs 280 

after the second filtration (significant p<0.05, paired Students t-test).  There was no 

significant difference in DOC concentration between the first and second filtrations when 

measured by HTCO.  If it is assumed that the amounts of PAHs or DOC adsorbed by the 

second filter are the same as that by the first filter (Harkey et al., 1994), the results indicate 

that a relatively small amount of truly dissolved and/or colloidal material is being removed by 

the initial filtration.  The percentage adsorbed is likely to be smaller for the typical sample 

volume of 2 500 mL as it is likely that there would be a limited number of sorption sites 

available on the filters.  Also, the results from the filter blocking experiments (Figure 3.4) 

show that the Abs 280 values remain constant after 100-200 mL of sample was processed.   

 

To investigate if these slight reductions in Abs 280 values were also resulting in the retention 

of truly dissolved and/or colloidally-bound PAHs on the Advantec GF75 filters, a further 

experiment was conducted using natural water from Morrisons Creek.  A 400 mL sample was 

first filtered through a 0.7 µm Advantec GF75 filters to remove the SS, spiked with PAHs at a 

concentration of 23 ng/L and then allowed to equilibrate for two hours.  The sample was then 
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re-filtered through two filters placed one on top of the other.  The two filters and the filtrate 

were extracted and analysed separately.  This work was conducted in the open laboratory and 

it appears that the sample was accidentally contaminated with particles (or a small amount of 

coagulation occurred in the sample) to which 20-40% of the high molecular weight PAHs 

bound and these particles were subsequently caught on the uppermost filter.  The filtrate 

contained the remaining 60-80% of the spiked PAHs.  No PAHs were detected on the lower 

filter indicating that it had not adsorbed any of the PAHs. 

 

In a repeat of the experiment in a clean-room using Milli-Q water spiked at 23 ng/L 

(equilibrated for two hours), only 10-20% of DBA and BPY were detected on the uppermost 

filter indicating that the source of particulate contamination had now been largely removed.  

Again, no PAHs were detected on the second filter, indicating that the remaining 80-90% of 

DBA and BPY and 100% of the other PAHs had passed into the filtrate without any 

adsorption to the second filter.  The absence of any PAHs on the second filters in these 

experiments demonstrated that the PAHs were able to pass through them without adsorption 

occurring.  While what could initially be considered as the fraction containing the truly 

dissolved PAHs (actually spiked PAHs that have adsorbed to particles) may be retained on the 

uppermost filter in laboratory spiking studies, this phenomenon is irrelevant to in-situ 

partitioning studies.  This is because suspended sediments which are known to bind PAHs 

will always be present and will be retained on the first filter (Baker, 1999).  This was 

confirmed periodically in the present study by using two filters for the initial filtration of 

stormwater samples.  No PAHs were detected on the underlying filter (in agreement with the 

results for the earlier laboratory-spiked samples). 

 

In conclusion, it can be demonstrated that the Advantec GF75 filters used for the removal of 

the particulate-bound PAHs begin to clog after 600 to 1000 mL of raw sample has been 

filtered, thereby reducing the effective pore size.  Also, minor amounts of DOC are adsorbed 

by the filters.  However, neither of these phenomena would appear to effect the separation of 

the particulate-bound PAHs from those in the colloidal and truly dissolved phases.  

 

3.3.3.3 C18 Disk Separation of the Colloidal and Truly Dissolved Phases 

When studying the partitioning of hydrophobic organic contaminants in natural waters DOC 

is commonly used to represent the dissolved organic matter (DOM) to which the pollutants 

may bind.  This is because it is easily measured by HTCO or other similar techniques and is 

thought to be the principal water quality parameter influencing the partitioning (Eadie et al., 
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1990; Schlautman and Morgan, 1993; Burgess et al., 1996).  A factor of two has been 

suggested by Macalady (1998) to covert DOC values to DOM values. 

 

If reverse-phase C18 solid phase extraction is the method by which the truly dissolved and 

colloidally-bound contaminants are to be separated, there is potential for some of the DOC, 

and possibly bound contaminants, to be trapped by the C18 medium (Kukkonen and Pellinen, 

1994; Li and Lee, 2000).  When the C18 medium is eluted to get the truly dissolved species, 

this would lead to a positive bias in the truly dissolved phase, and a subsequent negative bias 

in the colloidal phase, leading to a negative error in the calculated partition coefficient.  For 

freshwater samples, the quantitative passage (>95%) of DOC is generally achieved through 

C18 cartridges provided the pH of the solutions is greater than 5 (Landrum et al., 1984; Servos 

and Muir, 1989).  However, high values for DOC retention in C18 cartridges (10-65%) have 

been reported for saline samples (Ozretich et al., 1995; Sturm et al., 1998).  For C18 disks, 

retention of DOC has been detected in a number of studies as shown by a visible staining of 

the upper surface of the disk (Senseman et al., 1995; Ridal et al., 1997), although no 

measurements of the percentage of the DOC retained have been reported.  This retention has 

been attributed to uncapped hydrated silanol groups on the surface of the C18 particles 

adsorbing high molecular weight DOC (Dachs and Bayona, 1997). 

 

The adsorption of DOC on the C18 disks used in the present study was assessed by passing 

solutions of known DOC concentration through the C18 disks and measuring the DOC 

concentrations in the filtrate by HTCO.  This was conducted for samples of stormwater from 

three sources and solutions of AHA to give the results shown in Table 3.2. 

 
TABLE 3.2  Method Evaluation of C18 Disks – Retention of Dissolved Organic Carbon (DOC) 
 

Sample Volume 

(mL) 

DOC (mg C/L)  

(RSD) 

% DOC Retention 

(RSD) 

AHA in Milli-Q (n=3) 2500 18.0 (2) 5 (25) 

AHA in Milli-Q (n=1) 2500 9.8  6  

St David St stormflow (n=3) 350 4.6 (14) 42 (5) 

Water of Leith stormflow (n=3) 2500 2.3 (9) 31 (13) 

Portobello Rd baseflow (n=3) 2500 10.5 (1) 37 (6) 
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The mean DOC retention value for solutions of AHA in Milli-Q of 6 ± 1% 

(mean ± 1 standard deviation, n=4) is similar to that found in previous studies using 

C18 cartridges.  For example, Landrum et al. (1984), Li and Lee (2000), and Ozretich et 

al.(1995) reported retention values of 2 ± 3% (n=8), 3% and 7 ± 2% (n=3) respectively, 

indicating that the passage of DOC through the disks is largely quantitative.   

 

The stormflow and baseflow samples exhibited much higher retention values with up to 42% 

of the DOC being retained on the C18 disks.  Although the present samples involve freshwater, 

these results are similar to those reported for saline samples by Ozretich et al. (1995) and 

Sturm (1998).  Li and Lee (2000) report considerably higher retention values for samples of 

AHA made up in tap water compared to those for AHA in Milli-Q (18% versus 3%).  They 

attribute this to minor amounts of metal cations in the tap water causing the partial 

aggregation of the humic acid leading to increased retention.  The present stormwater samples 

contain appreciable levels of dissolved metal cations (Section 4.3) and so this effect is also 

likely to be occurring for the present stormwater DOC.  A further contributing factor may be 

that the smaller C18 particles used in C18 disks (Thurman and Snavely, 2000) provide a greater 

number of adsorption sites than the larger particles used for the C18 cartridges.  Also, the DOC 

found in the stormwater may have a higher degree of hydrophobicity or have a higher 

molecular weight than the AHA and is therefore adsorbed to the C18 particles to a greater 

degree (Kukkonen and Pellinen, 1994).   

 

The high levels of DOC retention on the C18 disks indicated a potential problem with the 

method if it was to be used in the present study for in-situ partitioning studies for natural 

waters.  Humic substances in the waters, in particular humic acid, are known to bind 

hydrophobic organic contaminants including PAHs (Carter and Suffet, 1985; McCarthy and 

Jimenez, 1985; De Paolis and Kukkonen, 1997; Peuravuori, 2001).  However, an average 

river water contains approximately 50% humic substances (10% humic acid and 40% fulvic 

acid), 30% hydrophilic acids, and the remaining 20% is comprised of low molecular weight 

carbohydrates, simple carboxylic acids, free amino acids and hydrocarbons (Thurman, 1985). 

It is therefore possible that the additional DOC being retained on the C18 disks (compared to 

that for AHA) is in the truly dissolved phase, or it may be colloidal DOC that does not 

participate in binding with PAHs. 

 

A second experiment involving ultrafiltration of stormwater baseflow samples collected from 

the Portobello Road site was conducted to further examine this DOC adsorption phenomenon.  
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The retention on a C18 disk for a sample that was first filtered through 0.7 µm Advantec GF75 

filter was measured at 22% (Table 3.3).  Analysis of the permeate and retentate from the 

ultrafiltered stormwater sample (Minitan tangential-flow filtration system, 10 kDa regenerated 

cellulose membrane, Millipore Corporation) showed that 64% of the DOC was in the 

<10 kDa fraction (permeate), which is similar to that found in the nearby Kaikorai catchment 

(Mosley, 1999) and in other bodies of fresh water (Peuravuori, 2001; Egeberg et al., 2002).  If 

the DOC being retained on the C18 disks was present predominantly in the truly dissolved 

phase, then its adsorption would not effect the passage of colloidally-bound PAHs through the 

C18 disk.  Passage of the <10 kDa fraction through the C18 disk resulted in only 6% of the 

DOC in this fraction being retained, whereas the majority (37%) of the DOC retention was 

occurring in the 10 kDa - 0.7 µm fraction (retentate) (Table 3.3).  It would therefore appear 

that a fraction of the larger colloidal DOC is being absorbed or physically retained by the 

C18 disks, while virtually the entire truly dissolved and small colloidal <10 kDa fraction is 

passing through.   

 
TABLE 3.3  Dissolved Organic Carbon Retention (DOC) on the C18 Disks for Filtered and 
Ultrafiltered Stormwater Baseflow Samples 
 

Sample Treatment Size Fraction Volume 

(mL) 

DOC 

(mg C/L) 

% DOC 

Retention 

Filtered only <0.7 µm 2 100 10.1 22 

Filtered then  10 kDa - 0.7 µm 2 300a 3.6 37 

ultrafiltration <10 kDa 1 860 6.3 6 
a  Ultrafiltration retentate diluted with Milli-Q to restore original sample volume 

 

 

Research conducted by Peuravuori (2001) has shown that the binding of PYR to lake DOC 

was significantly greater for that portion of the DOC in the ultrafiltrate fractions >100 kDa 

and 10-100 kDa, than it was for DOC in the <10 kDa and <1 kDa fractions.  This result was 

attributed to the fractions >10 kDa containing more humic acids, which due to their higher 

number of aromatic moieties, bind PAHs to a greater degree than do the smaller fulvic acids.  

In addition, Kukkonen and Pellinen (1994) report lower partitioning constants for BaP in 

samples containing DOC isolated from a pulp mill effluent that were pre-treated with 

C18 cartridges, in contrast to samples that had received no pre-treatment.  They observed a 

small reduction (2.5%) in the DOC of the sample (measured by UV/Vis 

absorbance @ 272 nm) and concluded that the C18 cartridge removed a small amount of the 

DOC that was capable of binding BaP.  Chin (1992) has also observed this phenomenon, with 
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the binding of ANT to the permeate of ultrafiltered sediment porewater (3 kDa cut-off) being 

significantly less than that for the raw sample.  It was considered likely that in the present 

study the stormwater DOC in the range 10 kDa - 0.7 µm which was being retained on the 

C18 disks, would have had PAHs bound to it.  The retention of this material was likely to 

introduce a bias to the partitioning measurements that needs to be corrected. 

 

Corrections for the DOC retained on the C18 disks were undertaken as outlined in Section 

3.3.3.4 below, using the equations provided by Ozretich et al. (1995) for the retention of DOC 

on C18 cartridges.  This method of correction of the PAH concentration for the % DOC 

retention seemed to work satisfactorily until two Water of Leith samples were encountered 

which showed >60% DOC retention.  For these two samples, the correction resulted in 

partitioning constants that were greater than that measured for AHA.  Because AHA is 

regarded as binding PAHs to a much greater extent than humic substances from most natural 

sources (Landrum et al., 1984; Chin et al., 1997), it appeared that the correction procedure 

required refining. 

 

Further investigations into the retention of DOC on the C18 disks were conducted.  The 

UV/Vis absorption of samples of aquatic humic substances at wavelengths of 220 nm (Li and 

Lee, 2000) and 272 nm (Kukkonen and Pellinen, 1994) had been used to determine the 

amount of DOC retention on C18 cartridges.  In addition, measurements at 280 nm provide a 

powerful probe as to the nature of the humic substances responsible for binding PAHs (Chin 

et al., 1994; Perminova, 1999; Peuravuori, 2001).  The retention of DOC on the C18 disks in 

the present study was measured using stormwater baseflow samples utilising both the HTCO 

and UV/Vis absorption techniques to measure the DOC content.  For each sample, after an 

initial filtration (Advantec GF75 filters) to remove particles, the filtrate was passed through a 

C18 disk using the procedure outlined earlier (Section 3.2.2.7) and then immediately passed 

through a second C18 disk.  The resulting UV/Vis absorption scans (200-700 nm) are shown in 

Figure 3.5. 
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FIGURE 3.5  UV/Vis absorbance scans of stormwater baseflow samples: (a) Portobello 
Road and (b) Water of Leith.  GFF refers to the absorbance of the filtered sample prior 
to C18 disk separation, C18 I the absorbance after filtration through the first C18 disk 
and C18 II the absorbance after filtration through the second C18 disk 

 

 

The scans show a featureless increase in absorbance as the wavelength decreases as has been 

noted elsewhere by Chin (1994).  The absorbance of sample (a) was higher as it had a greater 

DOC concentration of 4.4 mg C/L compared to 2.1 mg C/L for sample (b).  A definite 

decrease in absorbance is observable after passage through the first C18 disk, but only a minor 

decrease is observable after passage through the second disk.   

 

The absorbance at 280 nm (Abs 280) was chosen to quantify the percentage of the DOC 

retained as this wavelength is close to the 272 nm value used by Kukkonen and Pellinen 

(1994), and is a wavelength commonly used to infer structural information about the DOC 

(Chin et al., 1994; Perminova, 1999; Peuravuori, 2001).  For sample (a), the percentage of 

DOC retained on the first C18 disk was 25%, and 9% for the second disk based on the Abs 280 

measurements.  Similar results were obtained for sample (b).  These values are significantly 

greater than the 2.5% retention on a single C18 cartridge reported by Kukkonen and Pellinen 

(1994) but indicate that the majority of the DOC able to be retained by the C18 disks is 

adsorbed during its first encounter with them.  Li and Lee (2000) used a two C18 cartridge 

system and reported that the ratio of DOC adsorbed on the first and second cartridges to that 

present in the eluate of the second cartridge was 3:2:95 for a solution of AHA in Milli-Q and 
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18:14:68 for a solution of AHA in tap water (both 5 mg C/L) when measured at 220 nm.  

They corrected the PAH concentrations present in the truly dissolved and colloidal phases, 

based on the DOC results, assuming that the retention of DOC-bound PAHs on the first 

cartridge will be the same as that on the second cartridge.  The ratios found in the present 

study were 25:6:69 for sample (a) using Abs 280 and 18:4:78 if the absorption at 220 nm was 

used.  Similar results were obtained for sample (b).  This type of correction, which requires 

similar levels of DOC retention on the first and second C18 cartridges, is not applicable for the 

C18 disks used in the present study. 

 

When examining the entire data set for the separation of stormwater samples into the truly 

dissolved and colloidal phase PAHs (n=33) a considerable variation (3-71%) was evident in 

the percentage of DOC retained on the C18 disks.  The very high values (67 and 71%) 

measured for two samples may have been outliers.  It was therefore considered that the 

amount of DOC retained on the disks in the present study, and hence the percentage of DOC 

adsorbed, may be a function of the DOC concentration.  The amount of DOC retained on the 

disk, calculated as milligrams of organic carbon retained, and the percentage DOC retention, 

both as a functions of the DOC concentration are shown in Figures 3.6(a) and 3.6(b).   

 

 

 

FIGURE 3.6  Retention of DOC on the C18 disks calculated as (a) milligrams of organic 
carbon retained (mg C retained), and (b) as percentage DOC retention, both as a 
function of the initial stormwater DOC concentration.  Values for the two samples with 
very high % DOC retention are marked (L) 
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There is a high degree of scatter in Figure 3.6(a) with little correlation between the two 

variables (R2=0.40).  The slope of the regression line is however significant (p<0.01) 

indicating that higher DOC concentrations result in more organic carbon being adsorbed to 

the disks.  This also indicates that the adsorption capacity of the disks, which is rated at a total 

of 20 mg for all species (Supelco, 1998), had not been exceeded in the present work.  The 

values for the two samples for which very high values of % DOC retention were measured, do 

not appear to be outliers on this graph.  Figure 3.6(b) shows that there is no correlation 

between the percentage of DOC retained and the concentration of DOC (p>0.05).  The values 

for the two samples with very high retention mentioned above, are indicated as potential 

outliers on this graph although this was not tested using statistical methods.   

 

As a part of the experiment measuring the DOC retained on the C18 disks by both the HTCO 

and UV/Vis techniques, and for the partitioning studies described in Section 5.3, seven 

stormwater baseflow samples were collected and extracted by the full phase separation 

procedure detailed above.  This data, shown in the first row of Table 3.4, allows an 

assessment of the reproducibility of the DOC retention measurements by both techniques.  

The difference in the means of the DOC and Abs 280 values before and after the C18 disk 

separation, was confirmed to be significant (p<0.01) using paired sample Students t-tests. 

 

 

 



 

TABLE 3.4  Repeat Sampling of Stormwater Baseflows for the Assessment of the Percentage of DOC Retained on the C18 Disks 
 
Sampling Location Date DOC 

(mg C/L) 
% DOC  

Retentiona 
HTCO 

Abs 280 % Abs 280 
Retentiona 

 
  GFF C18  GFF C18  
Portobello Road 13 November 2001 3.3 2.6 16 0.62 0.49 18 
  3.7 2.0 43 0.66 0.50 22 
  3.3 2.8 11 0.64 0.51 16 
  3.9 2.1 42 0.64 0.51 17 
  3.0 2.1 26 0.64 0.50 18 
  3.4 2.8 15 0.63 0.53 12 
  3.0 2.7 8 0.62 0.49 18 
        
Mean  3.4 2.5 23 0.64 0.50 17 
Standard Deviation  0.3 0.3 14 0.01 0.02 3 
RSD (%)  9 14 63 2 3 17 
Portobello Road 16 October 2001 4.4 3.9 7 0.70 0.50 25 
Water of Leith 16 October 2001 2.1 1.8 11 0.37 0.25 31 
Water of Leith 
 

13 November 2001 1.9 1.4 22 0.30 0.22 22 

Combined Datab        
Mean    16   24 
Standard Deviation    8   6 
RSD (%)    51   24 

a  In calculating the %  DOC retained, the C18 concentration is multiplied by the small dilution factor (1.045) caused by the Milli-Q  rinses of the sample bottle 
b  Uses the mean value for 13 November Portobello Road data in the calculations 
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The replicate samples show that the reproducibility of the DOC and Abs 280 measurements, 

both before and after passage of the samples through the C18 disks is reasonable (RSD<15%).  

However, the reproducibility of the % DOC retention as determined by HTCO is very poor 

for these baseflow samples (RSD>60%).  This may be due to a number of factors.  The first is 

the manner in which the instrument measures and calculates the DOC concentration.  DOC is 

calculated by the analyser as the difference between the total carbon (TC) and inorganic 

carbon (IC) concentrations i.e. DOC = TC – IC.  For stormflow samples, the measured DOC 

concentration generally comprised greater than 50% (maximum 80%) of the TC concentration 

and the reproducibility of the % DOC retention values was acceptable (RSD<18%).  

However, during baseflows the concentration of DOC may be only 10-20% of the TC 

concentration.  This results in large IC concentrations being subtracted from the TC 

concentrations and hence any small variations in either the determination of either TC or IC 

could result in large differences in the calculated DOC concentration.  Secondly, a further 

subtraction i.e. the DOC concentration post filtration minus the DOC concentration post 

C18 disk extraction, is undertaken to calculate the % DOC retention values.  Once again, small 

variations in the determination of the TC or IC concentrations for either of the samples could 

result in a large variation in the calculated % DOC retention values. 

 

Acidification followed by nitrogen sparging of the samples to remove IC, coupled with an 

increase in the injection volume of the sample, would potentially remove some of the 

variation in the determination of the % DOC retention values.  The HTCO instrument was 

however in regular use in the configuration described above and therefore any time for further 

treatment of samples using acidification and gas sparging would have been limited. 

 

The % Abs 280 retention values determined from the absorbance measurements at 280 nm for 

the seven replicate samples, showed a much improved reproducibility (RSD=17%).  

Consideration of the standard deviation of the mean indicated that it may not be statistically 

different from the mean for the % DOC retention values.  This was confirmed using a paired 

sample Students t-test (p>0.05).  There was also no statistical difference (p>0.05) between the 

mean % DOC retention and % Abs 280 retention values for the combined data shown in 

Table 3.4.  This indicates that the use of the % Abs 280 retention values may provide an 

equivalent and more precise estimate of the percentage of DOC retained on the C18 disks.  The 

mean and standard deviation of the % DOC retention values for the n=33 C18 disk extractions 

conducted in the present study is 25±16 and includes the two very high values 
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(% DOC retention >60%) mentioned earlier.  This is very similar to the mean and standard 

deviation for the seven replicate stormwater samples and combined data results shown in 

Table 3.4.  It is also similar to the mean and standard deviation for the % Abs 280 retention 

values of the combined data.  A non-paired Students t-test determined that there was no 

statistical difference between the means (p>0.05).  The use of the absorption measurements at 

280 nm would therefore appear to provide an equivalent and more precise estimate of the 

percentage of DOC retained on the C18 disks than the measurements made using the HTCO 

method. 

 

In conclusion, during the separation of the colloidal and truly dissolved phase PAHs from 

stormwater samples, moderate levels of DOC are retained on the C18 disks.  This retained 

DOC is predominately >10 kDa in molecular weight and is likely to have PAHs adsorbed to 

it. The retention of DOC on the disks will therefore lead to a negative bias in the 

concentration of colloidal phase PAHs which needs to be corrected.  Estimating the 

percentage of DOC retained, by measuring the DOC before and after the C18 disk separation 

by HTCO, shows poor reproducibility.  A much more reproducible and hence precise estimate 

can be achieved using the absorbance measurements made at 280 nm.  For the stormwater 

samples in the present study, a mean value for % Abs 280 retention of 24% will be used 

(Table 3.4) as this was found to be equivalent to the mean % DOC retention value 

(determined via HTCO measurements) for the entire data set.  

 

3.3.3.4 Effect of DOC Retention on the Calculated PAH Concentrations and 

Partitioning Constants 

Ozretich et al. (1995) have provided equations which allow for the correction of the bias in 

the truly dissolved concentration of PAHs due to the retention of DOC on the C18 media.  The 

amount of DOC retained on the C18 media (in their case, C18 cartridges) is expressed as the 

fraction retained (FR): 

 

DOC] [total
DOC]) released [C18-DOC] ([passed - DOC] [totalFR =  

(1) 

 

For the present study, no DOC was released from the C18 disks as monitored using Abs 280 

and DOC measurements using the HTCO method.  
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The partitioning of PAHs between the colloidal (DOC-bound) and the truly dissolved phases 

is expressed in a similar manner to that of the partitioning between the particulate and 

“dissolved” phases.  The apparent DOC-water partition coefficient K’doc (L/kg C) is 

calculated as follows: 

 

dissolved truly

colloidal
doc

[PAH]
[DOC]  /[PAH]K' =  

(2) 

 

This coefficient will be underestimated due to any PAHs absorbed to the DOC that is retained 

on the C18 disk and in this way, artificially enhancing the PAH content of the truly dissolved 

phase.  Ozretich et al. (1995) provide equations to correct the coefficient for this 

phenomenon.  Firstly, the measured colloidal PAH concentration ([PAH]colloidal, ng/L) is 

corrected for FR to give the real or corrected PAH concentration (c[PAH]colloidal, ng/L): 

 

FR)] - [1/(1  * [PAH] c[PAH] colloidalcolloidal =  (3) 

 

This equation assumes that the PAH partition coefficients for the DOC that is retained on the 

C18 disk is of the same magnitude as the partition coefficients for the majority of the DOC 

which passes through the disk (Ozretich et al., 1995).  This may not be strictly true given the 

findings of Kukkonen and Pellinen (1994) which showed a slight reduction in the partition 

coefficients for BaP if their natural water samples were pre-treated through C18 cartridges, 

thereby removing some DOC by adsorption to the C18 media.  However, as the present 

ultrafiltration results showed that 70% of the DOC was <10 kDa in molar mass and only 22% 

of the total DOC was retained for the raw sample, the effect of any differences in partitioning 

coefficients is likely to be small. 

 

The corrected truly dissolved PAH concentration (c[PAH]truly dissolved, ng/L) is calculated as 

follows: 

 

FR)] - [1/(1 * [PAH] - [PAH]  c[PAH] colloidaltotaldissolved truly =  (4) 

 

where [PAH]total (ng/L) is the sum of [PAH]truly dissolved and [PAH]colloidal.   
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In order to illustrate the effect of allowing for the fraction retained (FR) on the measured 

colloidal and truly dissolved PAH concentrations in the present study, the results for 

stormwater baseflow samples spiked with PAHs are shown in Figure 3.7.  

 

 

FIGURE 3.7  Colloidal and truly dissolved PAH concentrations prior to and after 
correction for the fraction of the DOC retained in the C18 disks (FR).  Naphthalene 
shows the largest change in concentration.  Values are the average of three replicate 
samples 

 

 

When correcting the colloidal PAH concentrations using equation (3), the colloidal 

concentration of each of the 16 PAHs increases by 32% which results from the calculated FR 

value of 0.24 (from % Abs 280 retention = 24, Section 4.3.3.3).  The absolute increase in 

concentration as illustrated in Figure 3.7, is however relatively small e.g. 54 to 71 ng/L for 

NAP and from 8 to 10 ng/L for BaP.   

 

The corresponding decrease in the concentration of each of the PAHs in the truly dissolved 

phase is much smaller and varies from 1 to 11%.  This variation is a result of differences in 

the background concentrations of the various PAHs in the truly dissolved phase (high in 

PHEN and FL).  It is this phase that is available for uptake by organisms, and hence it is 

primarily responsible for their toxicity (Landrum et al., 1985; Haitzer et al., 1998).  Even if 

the correction for FR was not made, the environmental significance of overestimating the 

concentrations in this phase by 1 to 11% would be minor. 
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It can be seen from Figure 3.7 that for each PAH, the concentration present in the truly 

dissolved phase is significantly greater than that in the colloidal phase.  The percentage of the 

total concentration of each PAH in each phase is shown in Figure 3.8.  This shows that, 

except for naphthalene, as the molecular weight and hydrophobicity of the PAHs increases 

(left to right in Figure 3.8), then so does the fraction of the PAHs adsorbed to the DOC.  

FIGURE 3.8  Percentage of spiked PAHs in the colloidal and truly dissolved phases for 
a stormwater baseflow sample from the Portobello Road site 

 

 

Once the quantities c[PAH]truly dissolved and c[PAH]colloidal have been calculated, substitution of 

equations (3) and (4) into (2) gives the corrected partition coefficient cK’doc (L/kg C): 

 

FR)) - 1/(1 * ([PAH] - [PAH]  

[DOC]  /FR)) - 1/(1 * ([PAH]  cK'

colloidaltotal

colloidaldoc =
 

 

(5) 

 

Figure 3.9 shows the mean values of log cK’doc for the stormwater baseflow samples spiked 

with PAHs plotted against log Kow for each PAH.  Log K’doc has also been plotted to show the 

effect of correcting for FR.  Naphthalene exhibits a higher partition coefficient than would be 

expected based on its solubility and log Kow (discussed later in Section 5.3.4).  If naphthalene 

is excluded from the data set, there is a significant trend of increasing log cK’doc values with 
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increasing log Kow (Students t-test, p<0.01) suggesting that the strengths of the PAH-DOC 

interactions are proportional to the Kow values of the PAHs .  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

FIGURE 3.9  Partitioning coefficients to DOC for a spiked stormwater baseflow sample 
from the Portobello Road site (n=3) showing the effect of correcting for FR. 

 

 

It was expected that the effect of DOC retention by the C18 disks would be more pronounced 

for the higher molecular weight PAHs due to their higher hydrophobicity and greater degree 

of binding to DOC.  As a result, the plot of log K’doc versus log Kow would show minor 

curvature at higher log Kow values.  Correction for the fraction of the DOC retained on the 

disks (FR) to give log cK’doc would then remove some of this curvature and lead to a greater 

slope for the regression line.  The regression slope and the R2 value for the log cK’doc data 

was slightly higher than that for the log K’doc data indicating that this may be the case.  

However, a students t-test showed that there was no statistically significant difference 

between the slopes of the two regression lines (p>0.05).  Therefore, the data initially suggests 

that the component of the DOC being retained on the C18 disks is not in fact altering the phase 

separation of the PAHs. 

 

Another way in which to investigate whether or not the DOC being retained on the C18 disks 

affects the measured PAH partition coefficients, is to calculate the difference between the 

log cK’doc and log K’doc values and plot this quantity against log Kow (Figure 3.10). 
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FIGURE 3.10  Difference in log cK’doc versus log K’doc as a function of log Kow  
 

 

If the DOC being retained was participating in the binding of PAHs, it would be expected that 

the difference between the log cK’doc and log K’doc values would increase as the PAHs get 

larger and their log Kow values increase.  With naphthalene excluded from the data set, the 

slope of the regression is statistically significant (p<0.01).  It would therefore appear that the 

DOC being retained on the C18 disks is involved in the partitioning of PAHs, and that the 

corrections to the measured truly dissolved and colloidal PAH concentrations are necessary. 

 

3.4 Method Validation 

 

A variety of methods are available to determine the partitioning of PAHs to DOC and each 

produces slightly different results (Kukkonen and Pellinen, 1994; Krop et al., 2001).  It was 

considered essential that the C18 disk-based method developed in the present study yielded 

results for the partition coefficients (log cK’doc) that were proportional to their Kow values and 

that were within the range of the partition coefficients quoted in the scientific literature.  The 

C18 disk method was tested using a model humic substance as outlined below. 

 

3.4.1 Partitioning Results for the Model DOC Substrate Aldrich Humic Acid 

 

The source of DOC is a principal determining factor in the magnitude of the partitioning of 

PAHs between the truly dissolved and colloidal phases (Landrum et al., 1984; Krop et al., 

2001).  For individual PAHs the reported partition coefficients frequently range over several 
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orders of magnitude for natural waters from different sources (Morehead et al., 1986; 

Burkhard, 2000).  To allow the verification of the C18 disk method, a well characterised model 

DOC substance was required.  Aldrich Humic Acid (AHA) was chosen as it had been 

previously used by a number of researchers for studying PAH-DOC interactions via a variety 

of techniques including C18 reverse-phase SPE (Landrum et al., 1985; Gauthier et al., 1987; 

Ozretich et al., 1995; Perminova, 1999; Li and Lee, 2000; Krop et al., 2001).  Samples of 

AHA in Milli-Q were spiked with the USEPA 16 priority PAHs, equilibrated for 24 hours and 

then the phases separated using the C18 disk technique to give the results shown in Table 3.5. 

 

TABLE 3.5  DOC-Water Partition Coefficients for PAHs Binding to Aldrich Humic Acida 
(spiking concentration = 70 ng/L) 
 
PAH log Kow

b cK’doc (x 104 L/kg C)  log cK’doc (L/kg C) 

  Mean (n=3) SEc  Mean (n=3) SEc 

NAP 3.37 1.94 0.19  4.28 0.04 

ACY 4.00 2.22 0.32  4.34 0.07 

ACE 3.92 1.55 0.31  4.17 0.09 

FL 4.18 -d -d  -d -d 

PHEN 4.57 1.96 0.15  4.29 0.03 

ANT 4.54 2.58 0.09  4.41 0.02 

FLR 5.22 9.87 0.49  4.99 0.02 

PYR 5.18 16.1 0.31  5.21 0.01 

BaA 5.91 24.5 0.9  5.39 0.02 

CHY 5.86 21.9 1.4  5.34 0.03 

BbF 5.80 63.6 2.6  5.80 0.02 

BkF 6.00 60.2 1.2  5.78 0.01 

BaP 6.04 69.9 5.9  5.84 0.03 

DBA 6.75 144 6.9  6.16 0.02 

BPY 6.50 132 18  6.11 0.06 

INP 7.04 356 49  6.54 0.06 
a  DOC concentration = 9.8 mg C/L 
b  Values from Mackay et al. (1992). 
c  Standard error 
d  Fluorene could not be determined in the colloidal phase due to an interfering peak which meant 
the partitioning constant could not be calculated 
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The observed partition coefficients and their standard deviations are similar to those reported 

in the literature.  For example; Landrum et al. (1985) measured a Kdoc value of 

(2.00 ± 0.07) x 104 L/kg C (mean ± SE, n=4) for ANT binding to AHA when measured using 

C18 cartridges.  Ozretich et al. (1995) report a log cK’doc value of (5.93 ± 0.01) L/kg C 

(mean ± SE, n=3) for the binding of high molecular weight BaP to AHA also determined 

using C18 cartridges. 

 

Figure 3.11 shows the log cK’doc values plotted against the log Kow values.  The values for 

log K’doc are also plotted to further examine the effect of correcting for FR with a different 

DOC substrate. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

FIGURE 3.11  Log cK’doc and log K’doc versus log Kow plot for PAH partitioning to 
AHA.  NAP (shown) is not included in the regression analysis 

 

 

NAP is less strongly bound to AHA than it was to the stormwater DOC and is closer to the 

regression line.  However, in order to allow a direct comparison between the regression lines 

in Figure 3.11 and to those in the literature which do not generally include NAP 

(Section 4.4.2), it has been removed from the calculation of the regression coefficients.  The 

slope of the log K’doc against log Kow regression line is statistically significant (p<0.01).  As 

was seen for the spiked stormwater samples in Figure 3.9, the method is generating 

partitioning constants that are proportional to the Kow values, indicating that it provides 

acceptable data.  The correction for FR to give cK’doc increases the log values of the 
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partitioning coefficients in the range of 0.03 log units for ACY to 0.50 log units for INP.  As a 

result, the slope of the regression line increases but it is not significantly different from that 

for the log K’doc values (p>0.05).  Once again, if the difference between log cK’doc and 

log K’doc is plotted against log Kow (data not shown) the slope of the regression line is 

significant (p<0.01) indicating that that the DOC being retained on the C18 disk, in this case 

AHA, has some PAHs bound to it.   

 

3.4.2 Comparison to other Studies and Techniques 

 

Many studies have examined the partitioning of PAHs to AHA (Landrum et al., 1984; 

McCarthy and Jimenez, 1985; Gauthier et al., 1987; Chin et al., 1997; Perminova et al., 

2001).  However, only the recent studies of Ozretich et al. (1995) and that of Li and Lee 

(2000) have utilised any more than nine of the USEPA 16 priority PAHs in conjunction with 

C18 reverse-phase techniques.  The linear regression equations developed in these latter two 

studies for the log of the partition coefficient versus log Kow values are shown in Table 3.6.  

Also shown is the equation for the data compiled from the literature by Krop et al. (2001) 

from various studies using C18 reverse-phase techniques but for only a limited number (<5) 

PAH compounds.  The equation used in the present study is very similar to that of Li and Lee 

(2000), and similar to that of Ozretich et al. (1995) and Krop et al. (2001). 

 

TABLE 3.6  Regression Equations for log Partition Coefficient versus log Kow for PAHs Bound 
to AHA.  FQ = fluorescence quenching and D = dialysis techniques 
 
Source Regression Equation R2 n 

C18 Reverse-Phase Methods     

Present study log cK’doc = 0.77 log Kow + 1.07 0.95 14 

Li and Lee (2000) Log Kdoc = 0.77 log Kow + 0.71 0.92 15 

Ozretich et al. (1995)a log cK’doc = 1.30 log Kow – 2.10 0.96 10 

Krop et al. (2001) log Kdoc = 1.06 log Kow - 0.74 0.88 27 

Other Methods    

FQ – Krop et al. (2001) log Kdoc = 0.88 log Kow + 0.60 0.93 15 

D – Krop et al. (2001) log Kdoc = 1.2 log Kow – 1.0 0.91 9 

All Methods (and incorporating other organics including PCBs)   

Burkhard (2000) log Kdoc = 0.85 log Kow + 0.27 0.77 269 
a  Calculated from the data presented in Ozretich et al. (1995) 
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The log cK’doc versus log Kow regression line determined in the present study, together with 

the 95% prediction interval for the regression (Zar, 1996), is plotted in Figure 3.12.  The 

majority of the individual log cK’doc values of Li and Lee (2000) together with those reported 

by Ozretich et al. (1995) fall within the bounds of the 95% prediction interval.  If the 99% 

prediction interval (not shown) is used then all the values, except those of Ozretich et al. 

(1995) for log Kow values of 3.9 and 4.0, fall within the interval.  The regression line reported 

by Krop et al. (2001) for C18 based methods is also within this prediction interval except for 

log Kow values less than 4.5.  Figure 3.12 shows that the C18 disk method used in the present 

study is capable of generating partitioning coefficients for the PAHs binding to AHA that are 

proportional to their Kow values and in agreement with published values obtained using other 

C18 reverse-phase methodologies.  The fifth criterion for the successful development of the 

method (Section 4.3.1) had therefore been achieved. 

 

FIGURE 3.12  Comparison of the regression equation for the PAH log cK’doc values 
versus log Kow for solutions of AHA determined in the present study with other 
equations reported in the literature.  Dashed lines represent the 95% prediction 
interval for the regression equation determined in the present study 
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concluded that C18 based methods often provide lower partitioning coefficients suggesting a 

methodological bias (Landrum et al., 1984; Harkey et al., 1994; Kukkonen and Pellinen, 

1994).  This (potential) methodological bias has been attributed to the retention of the 

PAH-DOC complex on the C18 media and/or desorption of some weakly bound PAHs from 

the DOC (and their subsequent adsorption to the C18) during the passage of the DOC through 

the C18 media (Landrum et al., 1984; Kukkonen and Pellinen, 1994; Ozretich et al., 1995; Li 

and Lee, 2000).  However, Krop et al. (2001) conclude that in the case of PAHs, given the 

available data, there is no statistically significant difference between the regression slopes 

(also shown in Table 3.6 and Figure 3.12) for the C18 based methods and those derived from 

either the dialysis or fluorescence quenching techniques.  It is interesting to note that the 

regression equation established for the present study is closer to that of the fluorescence 

quenching technique than it is to that for the C18 based methods reported by Krop et al. (2001) 

which suggests that there is little in the way of a methodological bias.   

 

Burkhard (2000) has provided an extensive review of the published partitioning coefficients 

for a large range of hydrophobic organic chemicals to various DOC substrates obtained by all 

possible techniques.  The regression equation for AHA (given in Table 3.6 and Figure 3.12) is 

close to that for the present study, again indicating little in the way of a methodological bias. 

 

In conclusion, it has been shown that the C18 disk method developed in the present study can 

produce results for the partitioning coefficients of the PAHs with an acceptable degree of 

precision that is comparable to that reported in the literature using data measured with other 

techniques. 

 

3.5 Three Phase (Particulate/Colloidal/Truly Dissolved) Separation Procedure – 

Determination of Method Detection Limits 

 

Detection limits for each of the 16 PAHs in each of the three phases were determined by the 

following procedure.  First, the concentration of each analyte required to give a signal to noise 

ratio of 5 was estimated by examining the HPLC chromatograms for the lower HPLC 

calibration standards.  This is defined as the instrumental detection limit (IDL) (APHA, 

1998).  The estimated method detection limit in units of ng/L was then calculated by 

multiplying the IDL by the typical extract volume (1 mL) to give the total amount of each 

PAH present and then dividing by the typical sample volume (2.5 L).  Standards for each of 
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the individual PAHs were then made using solid analytical standards (>99% purity) and a 

composite spiking solution made from these individual solutions.   

 

Five samples of Morrisons Creek water were processed through the entire phase separation 

procedure and then four were spiked at a concentration of five times the estimated method 

detection limit for each analyte.  In the case of the truly dissolved phase, the PAHs were 

spiked directly onto the C18 disk after the processing of the sample, but immediately before 

the elution of the disk.  The analytes were added to the particulate phase by directly spiking 

onto the glass microfibre filter and the colloidal phase by injection under the surface of the 

C18 disk filtrate.  The fifth sample was used to determine any existing levels of PAHs in the 

water.  The samples were then extracted, dried, cleaned-up and analysed by the same 

procedures used for the real stormwater samples as detailed in Section 3.4.  The spiking level 

and the mean analyte recoveries over the three phases are given in Table 3.7.  From a table of 

the one-sided Students t distribution the appropriate value of t for 4-1 = 3 degrees of freedom 

at the 99% level is 4.54.  The actual method detection limit (MDL, Table 3.7) for each phase 

is the standard deviation of the calculated sample concentrations multiplied by the t value 

(APHA, 1998).  It can be seen in Table 3.7 that the differences in MDL over the three phases 

are not large for most of the analytes and therefore a mean MDL applicable to all three phases 

was calculated for each PAH. 

 

The method detection limits are of the same magnitude to those reported by Means (1998) for 

the analysis of PAHs in fresh water and sea water using Empore C18 disks and GC-MS for 

analysis.  Foster et al. (2000) also gives similar limits for the detection of PCBs and PAHs in 

an urban watershed of Chesapeake Bay, USA.   

 

When measuring the PAH concentrations in the Water of Leith during baseflow conditions, 

traces of the higher molecular weight PAHs were detectable but were below the MDLs on 

several occasions.  In order to lower the detection limits for these samples, a 200 µ/L HPLC 

injection loop was used.  This only worked for the compounds BaA to DBA because the 

10-fold increase in the injection volume (100% ACN) altered the chromatography slightly, 

resulting in reduced resolution of the earlier eluting PAHs.  A separate ultra-low calibration 

curve (0.003-1.000 µg/L, R2>0.997) using just the fluorescence detector was prepared for 

each of these PAHs.  The MDL for samples analysed in this manner was calculated to be one 

tenth of the MDL values given in Table 3.7. 

 



 

TABLE 3.7  Method Detection Limits for PAHs from Spiked Stormwater Samples (n=4) 
 
PAH Spiking 

Level 
(ng/L) 

Mean Sample Concentration (SD) 
(ng/L) 

Mean 
Recovery  

(%) 

MDL 
(ng/L) 

  Truly 
Dissolved 

Colloidal Particulate  Truly 
Dissolved 

Colloidal Particulate Mean 

NAP 1.24 2.1 (0.3) 0.52 (0.46) 1.5 (0.4) 110 1.2 2.1 1.7 1.7 
ACY 4.5 3.3 (0.6) 2.9 (0.4) 3.2 (0.5) 69 2.5 1.7 2.2 2.2 
ACE 13.2 9.4 (2.4) 10.8 (1.5) 9.8 (2.0) 76 11.1 6.9 9.0 9.0 
FL 3.4 5.8 (2.5) 4.3 (1.8) 5.6 (0.6) 152 11.3 8.2 2.6 7.4 
PHEN 4.3 4.6 (0.9) 5.2 (1.3) 4.0 (0.2) 107 3.9 6.1 0.87 3.6 
ANT 1.2 1.8 (0.7) 1.2 (0.2) 1.0 (0.1) 110 3.3 0.97 0.68 1.7 
FLR 0.92 1.2 (0.1) 1.2 (0.2) 1.1 (0.3) 127 0.34 0.85 1.5 0.89 
PYR 0.16 0.25 (0.03) 0.31 (0.13) 0.23 (0.05) 160 0.14 0.57 0.24 0.32 
BaA 0.10 0.13 (0.01) 0.14 (0.01) 0.15 (0.01) 134 0.03 0.06 0.05 0.05 
CHY 0.51 0.54 (0.02) 0.61 (0.08) 0.63 (0.07) 116 0.10 0.36 0.33 0.26 
BbF 0.20 0.17 (0.01) 0.18 (0.03) 0.22 (0.02) 96 0.03 0.14 0.07 0.08 
BkF 0.03 0.01 (0.01) 0.06 (0.01) 0.05 (0.00) 146 0.04 0.04 0.01 0.03 
BaP 0.04 0.03 (0.01) 0.04 (0.01) 0.04 (0.00) 85 0.04 0.02 0.01 0.02 
DBA 0.09 0.10 (0.00) 0.10 (0.02) 0.10 (0.02) 114 0.01 0.07 0.07 0.05 
BPY 0.08 0.09 (0.02) 0.10 (0.02) 0.11 (0.01) 130 0.07 0.08 0.05 0.07 
INP 2.2 1.5 (0.4) 2.0 (0.8) 1.1 (1.0) 71 1.8 3.8 4.7 3.4 
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Chapter 4 Results of Stormwater and Road Debris Testing 

 

4.1 Introduction 

 

A total of nine rainfall events were sampled over the period November 1998 to March 2001 to 

investigate the transport and partitioning of the PAHs and heavy metals in stormwater runoff.  

The stormflow samples were predominately collected at the Portobello Road site during seven 

rainfall events.  To assess any potential effects of land use on the amount and behaviour of the 

contaminants in the stormwater, a further rainfall event was sampled in the Water of Leith 

catchment and another in the Reid Avenue and Parklands catchments in Mosgiel.  Baseflow 

samples, taken prior to rainfall events, were collected at the Portobello Road and Water of 

Leith sites on 7 and 3 occasions respectively.   

 

The results for both the baseflow and stormflow sampling at each site are detailed below.  

These are followed by an analysis of correlations between the various contaminants.  A 

comparison of the data between the sites and with that published for elsewhere in New 

Zealand and internationally is then presented.  The annual loadings of the contaminants from 

the Portobello Road and Water of Leith sites are calculated and finally, the data from the 

measurements of the material collected “at source” i.e. swept off the streets and taken from 

the stormwater drain mudtanks is presented. 

 

4.2 Calculation Procedures 

 

4.2.1 Stormwater Contaminant Concentrations 

 

Data sets for the repeated measurement of the concentrations of stormwater contaminants 

over time are often dominated by large numbers of low concentration results, with very high 

concentrations occurring less frequently and associated with the peak flows of storm events.  

The results are therefore generally log-normally distributed (Novotny and Witte, 1997; Van 

Buren et al., 1997).  The data for the stormwater testing conducted in the present study is 

summarised below in terms of the median values, as this statistic provides a more 

representative measure of central tendency than the arithmetic mean for log-normally 

distributed data (Williamson, 1985; Van Buren et al., 1997; Borden et al., 2002).  Minimum 

and maximum contaminant concentrations are also given. 
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A small number of results were at or below the method detection limit (MDL).  Where this 

situation occurred the calculated result that was below the MDL was used in the calculation of 

the median.  Results at or below the MDL are still valid results and excluding them from the 

data set would result in medians that are artificially high.  The median value is based on the 

ranking of the data values and therefore considering values less than the MDL as zero, the 

value calculated or being equal to the MDL will have little affect on the data presented 

because in the majority of cases, the median values were greater than the MDL.  This 

approach is similar to the “replacement method” outlined by Tsanis et al. (1994), and used by 

Marsalek (1986) and Bannerman et al. (1993) for stormwater samples.  When using the 

“replacement method”, results less than the detection limit can either be: (1) omitted; (2) 

treated as zero; (3) assumed to be half the detection limit; (4) assumed to be uniformly 

distributed between zero and the detection limit, or (5) assumed to be equal to the detection 

limit.  The approach used in the present study is analogous to (4) and appears to be the most 

straight forward approach when using Microsoft Excel spreadsheets.  Given the limited data 

sets involved in the present study it would be unreasonable to use the more complex 

“maximum likelihood methods” as outlined by El-Shaarawi (1989) to draw inferences about 

the distribution of values less than the method detection limit.   

 

For comparison of the results of the present study with those reported in the literature, the 

event mean concentrations (EMC) for each contaminant were calculated for each of the storm 

events sampled.  Any values below the method detection limit were used directly in the 

calculations (see above).  EMCs are flow-weighted average concentrations over a storm event 

that remove the bias in the average associated with the very high but transient contaminant 

concentrations that often occur during the peak in the hydrograph (Shinya et al., 2000).  The 

EMCs were calculated by dividing the total mass of a contaminant transported during a storm 

event by the total storm volume (Hoffman et al., 1984; Williamson, 1993).  The total 

contaminant mass that was transported by the storm event was estimated by calculating the 

mass-flow (concentration x flow) at the time each sample was taken, and assuming that this 

could be linearly interpolated between the sampling intervals, to give the mass-flow curve 

(Williamson, 1985).  Integration of the area under the mass-flow curve gave the total 

contaminant mass.  The total storm volume was obtained by linearly interpolating between the 

flow measurements (logged as 10 min average flows) and integrating the area under the 

hydrograph.  Any mass-flows associated with samples taken via the false activation of the 

autosampler e.g. certain samples taken during the 4-5 May 1999 and 3-5 December 1999 
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storm events at the Portobello Road site (Sections 4.3.3.3 and 4.3.3.5), were not included in 

the calculation of the EMCs as they did not represent an actual storm event.  The average 

EMC was calculated for each contaminant (Harremoes, 1988; Mosley and Peake, 2001) from 

the valid EMC values for the individual storms. 

 

The non-parametric Spearmans rank-order correlation coefficient (calculated using SPSS 

10.0.5, SPSS Inc.) was used to test for relationships between the various chemical parameters 

measured in the stormwater. 

 

4.2.2 Annual Contaminant Loadings 

 

Marsalek (1990; 1991) provides comprehensive reviews of the variety of methods available to 

estimate the annual contaminant loadings from stormwater sources.  To be consistent with the 

previous study undertaken in adjoining catchments by Mosley (1997), the modified 

direct-average method was used.  The calculation estimates the annual stormflow load of 

contaminant j (Lj, in kg/yr) by multiplying the number of storm events per year (N) by the 

average event-load (lj, in kg) for contaminant j i.e.  
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where Vi is the storm event runoff volume for event i, EMCij is the event mean concentration 

for contaminant j in event i, and n is the number of storm events sampled.   

 

The number of storm events (daily total rainfall >0.4 mm) was estimated using rainfall data 

from the Musselburgh Pumping Station, which is located within the Portobello Road 

catchment.  The number of storm events per year was calculated to be 129 for 1998, 123 for 

1999, 144 for 2000 and 134 for 2001.  The mean figure of 133 storm events per year was used 

to calculate the annual storm loadings.  This figure is similar to that reported by Mosley et al. 

(1997) for the nearby Kaikorai catchment.   
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The modified direct-average method produces an unbiased estimate of the mean storm event 

load in the absence of a correlation between the volume of water discharged during a storm 

and the pollutant event mean concentration (El-Shaarawi, 1989; Marsalek, 1991).  This 

method is the same as the direct-average method used in a wide variety of other studies 

(Bannerman et al., 1993; Williamson, 1993; Tsanis et al., 1994; Van Buren et al., 1997), 

except that it uses the average storm event-load directly and allows for an assessment of the 

contribution of baseflows to the total annual load (Harremoes, 1988).   

 

Multiplying the median baseflow concentrations by the median baseflow rates yielded the 

annual loadings during baseflow conditions.  For the Portobello Road site the median 

baseflow rate was 1 L/s.  The median baseflow rate for the Water of Leith was estimated at 

200 L/s from flow data provided by the Otago Regional Council.  This figure is 

approximately mid-way between the baseflow rate previously reported for the Water of Leith 

by Lian and Hunter (1986) and by Reid (1990).  The sum of the storm event and baseflow 

loadings gave the total annual loading.  Dividing the total annual loading by the catchment 

areas gave the annual yield per hectare (kg/ha/yr) for each contaminant in the Portobello Road 

and Leith catchments.   

 

It should be noted that the loadings will contain a large degree of uncertainty, given the 

sampling period was often greater than 30 minutes and due to errors in measuring the flow 

rates (Boyd and Collins, 1989; Marsalek, 1990).  The level of uncertainty will be greater for 

the Water of Leith as the annual loading calculation is based on three baseflow samples taken 

over a 12 month period and three stormflow samples taken during a single storm event.  The 

data does however allow an initial assessment of the relative loadings from each catchment.  

Loadings were not calculated for the two Mosgiel catchments given that only single grab 

samples were collected from these areas during a single storm event. 

 

4.3 Baseflow and Stormflow Contaminant Concentrations at Portobello Road  

 

4.3.1 Analysis of Field Blanks when using the ISCO 6700 Autosampler 

 

Analysis of field blanks is an important component of any quality assurance programme for 

studies of environmental contamination (Taylor and Stanley, 1985).  The analysis of field 

blanks for the manual stormwater sampling conducted in the present study confirmed that the 

sample handling procedures employed were not resulting in any significant contamination of 
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the samples (Sections 2.3.1 and 2.4.3.3).  The use of the ISCO 6700 autosampler to collect 

samples at the Portobello Road site required that special field blank investigations be carried 

out.  This was particularly important for the successful analysis of the samples for heavy 

metals because the sampler contained several small stainless steel connectors in the sample 

inlet line and had a stainless steel inlet screen.  In addition, because a principal objective of 

the present work was to investigate the levels and partitioning of PAHs, glass sample bottles 

were used which may (if not properly acid-cleaned) leach metals into the samples destined for 

metal analysis.  Also, the sampler was to be left installed within the Portobello Road 

stormwater drain for periods of 3-4 days while awaiting a storm event.  Simply reserving one 

of the twelve sample bottles to act as the field blank was not possible due to the programming 

of the sampler, nor was it feasible to install an extra (13th) bottle as the sample carousel would 

not allow this.   

 

The field blank investigation for the autosampler began with two laboratory-based studies.  

The first involved flushing the sample inlet line and inlet screen with fresh Milli-Q water and 

then collecting duplicate samples.  Analysis of these samples showed no contamination from 

heavy metals or PAHs arising from the inlet screen, sample tubing or bottles.  For the second 

experiment, Milli-Q water was placed in four sample bottles, two of which were capped, and 

then left in the autosampler for 24 hours.  Neither the sampler housing, the bottles or caps 

resulted in any heavy metal or PAH contamination of the Milli-Q. 

 

An in-situ field blank trial was then conducted.  The sample carousel was loaded with two 

empty bottles and four bottles filled with Milli-Q.  The sampler was installed in the drain 

(complete with the inlet line) and left for a 5 day period during which several storm events 

(not sampled) occurred.  Upon retrieval of the sampler, the sampler was opened in the field, 

the bottles quickly capped and then placed in a clean plastic container for transport to the 

laboratory.  At the laboratory, the two empty bottles were filled with Milli-Q and all the 

samples were then analysed.  As with the earlier studies, no contamination of the sample 

bottles was detected, indicating that the sampler was well sealed while located in the drain, 

and that opening it to quickly cap the bottles did not result in any wind blown dust entering 

the samples.  On several occasions while conducting the actual stormwater sampling, not all 

of the twelve sample bottles were filled due to the flow dropping below the flow trigger point.  

The empty bottles provided further “opportune” field blanks.  When this occurred these 

sample bottles were filled with Milli-Q once back at the laboratory and the liquid analysed.  

No contamination was detected in these “opportune” field blanks.  
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4.3.2 Baseflow Samples  

 

Baseflow samples were taken from the Portobello Road stormwater drain on the following 

dates: 20 January 1999; 26 January 1999; 8 February 1999; 16 February 1999; 2 December 

1999; 26 May 2000; 30 November 2000; 6 December 2000; 22 March 2001 and 13 November 

2001.  Not all parameters were analysed for on each occasion.  The median and range in the 

data for each parameter are shown in Tables 4.1 and 4.2. 

 

TABLE 4.1  Portobello Road stormwater drain – Summary of baseflow dataa for pH, SS, DOC, 
POC and metals 
 
Parameter   Median Minimum Maximum n 

pH   7.6 7.3 7.9 6 

SS (mg/L)  13 5 34 9 

DOC (mg C/L)  7.9 3.5 11 6 

POC (%)  15 7 25 6 

Pb (µg/l) total 3.2 3.1 34 7 

  <0.4 µm 0.7 <MDL 1.6 7 

Cu (µg/L) total 10 9.8 32 7 

  <0.4 µm 6.5 3.5 15 7 

Zn (µg/l) total 218 125 530 7 

  <0.4 µm 142 104 503 7 

Cr (µg/L) total 1.3 0.9 1.7 2 

Mn (µg/L) total 265 119 410 2 

Ni (µg/L) total 2.8 2.4 3.2 2 

Cd (µg/L) total 0.20 0.08 0.32 2 

As (µg/L) total 1.7 1.2 2.3 2 

Fe (mg/L) total 1.7 1.2 2.5 3 

Na (mg/L)  108 77 138 2 

Mg (mg/L)  17 15 19 2 

K (mg/L)  8.7 7.6 9.7 2 

Ca (mg/L)  52 46 59 2 
a  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of 
replicate samples taken during each sampling session, was on average < 10% for each analyte.  See comments 
in Chapter 2 regarding the analysis of the individual analytes for more detail. 
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All of the parameters except pH, exhibited a large degree of variability.  Numerous studies 

have been conducted on urban stormwater (Makepeace et al., 1995), but few have reported 

contaminant concentrations during baseflow conditions.  The pH and DOC content of the 

water was similar to that reported by Mosley and Peake (2001) for stormwater collected in the 

nearby urban catchment of Ellis Park during baseflow conditions.  The range in SS was 

similar to that previously reported by Williamson (1993) for six catchments in New Zealand.  

The frequency of detection (the number of results greater than the detection limit) was high 

for the heavy metals (generally 100%) in comparison to that reported for other studies (Cole 

et al., 1984; Van Buren et al., 1997), with only dissolved lead being below the detection limit 

in 30% of the samples analysed (Appendix B).  For lead, the levels reported as total and 

dissolved were similar to those found locally by Mosley and Peake (2001), elsewhere in New 

Zealand (Williamson, 1993) and in an urban creek in Wisconsin, USA, creek by Novotny and 

Witte (1997).  The concentrations of copper were 3-4 fold higher than those reported by the 

above authors for New Zealand, but were similar to those reported by Novotny and Witte 

(1997).  The concentrations of zinc were 3-4 times higher those reported elsewhere.  

Concentrations of the major cations Ca2+, Mg2+, Na+ and K+ were 2-5 fold higher than those 

found by Mosley and Peake (2001), possibly reflecting the influence of wind blown sea spray 

given the proximity of the Portobello Road catchment to the Otago Harbour and the Pacific 

Ocean (Figure 2.2). 

 

The frequency of detection was also very high for the individual PAHs (generally >80% in 

each phase).  Exceptions were the more soluble, low molecular weight PAHs ACE, ACY and 

FL which were only found at concentrations greater than the MDL (Section 4.5) in the 

particulate phase for 40% of the time, and the highly hydrophobic INP which was not often 

found in the colloidal phase.  The concentrations in each phase (Table 4.2) show a large 

degree of variability ranging over several orders of magnitude.  This was mainly due to a 

single sample (taken on 22 March 2001) having a total ∑16PAH (sum  of the concentrations 

of all 16 PAHs) of 18 244 ng/L compared to the median value of 1 984 ng/L.  The median 

total concentrations of each PAH were similar to those reported for an urban creek in 

Wisconsin, USA, by Crunkilton (1997).  However, the maximum concentrations measured in 

the present study were almost 5 times higher. 

 

The median concentrations of the 16 PAHs present in each of the three phases are depicted 

graphically in Figure 4.1.  The 3-4 ring PAHs PHEN, FLR and PYR were present in high 
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concentrations as has been reported in previous studies (Hoffman et al., 1984; Gonzalez et al., 

2000).  The 2-3 ring species NAP, ACE, ACY and Fl were also present in high 

concentrations.  The LMW PAHs comprised 52% of the total ∑16PAH concentration. 

 

The truly dissolved phase was dominated by the more soluble LMW PAHs NAP to ANT 

(Figure 4.1).  This was also the case for the colloidal phase.  The particulate phase was 

however enriched in the more hydrophobic HMW PAHs FLR through to INP.  Figure 4.2 

clearly shows the change in the distribution between the three phases as the molecular weight 

of the PAHs increases from left to right.  A detailed discussion of these results in terms of the 

partitioning of the PAHs between the three phases and the resulting partitioning coefficients 

will be presented in Section 5.3.   

 



TABLE 4.2  Portobello Road stormwater drain – Summary of baseflow dataf for PAHs (ng/L) 
 

PHASE  NAP ACY ACE FL PHEN ANT FLR PYR BaA CHY BbF BkF BaP DBA BPY INP LMWc HMWd ∑16PAHe 
                     
Totala median 265 106 183 145 242 93 260 262 71.5 67.1 51.3 19.6 62.9 17.4 43.3 20 1036 948 1984 
(n=7)                  median % LMW = 52% 
 min 94 67 <MDL 83 186 3.0 118 30 11.0 <MDL 12.5 4.09 19.0 2.30 6.82 <MDL 481 371 852 
 max 428 354 1 414 1 094 2 653 1 125 2 557 2 727 1 209 1 179 1 009 292 1 010 199 481 512 7 069 11 175 18 244 
                     
                     
Particulate median 10 3 <MDL 7 70 32 116 148 78.0 100 71.8 25.8 78.0 16.2 57.2 48 124 739 863 
(n=6) min 5 <MDL <MDL <MDL 7.9 3.8 27 30 16.3 15.2 19.2 7.22 24.8 3.80 13.1 8.8 17 166 183 
 max 55 34 164 185 782 423 1 495 1 851 993 949 842 252 890 181 444 465 1 643 8 361 10 004 
                     
"Dissolved"b median 255 107 269 226 249 106 193 255 33.6 32.5 13.4 3.81 14.7 1.85 8.54 <MDL 1 213 557 1 769 
(n=6) min 167 67 114 83 178 47 91 81 10.7 13.7 4.10 1.13 3.45 <MDL 1.26 <MDL 656 207 863 
 max 382 320 1 250 908 1 871 703 1063 876 216 231 167 39.7 120 17.7 37.6 47 5 434 2 815 8 248 
                     
                     
Truly median 138 87 163 115 176 54 117 126 14.5 22.8 10.7 2.50 8.95 1.62 5.89 <MDL 734 312 1 046 
Dissolved min 96 55 67 64 148 37 70 63 8.84 13.4 2.93 0.69 2.16 0.18 0.60 <MDL 467 161 628 
(n=5) max 186 287 1 164 826 1 710 645 971 781 175 186 114 25.2 75.0 11.4 22.1 27 4 817 2 389 7 206 
                     
Colloidal median 116 14 37 22 30 11 21 24 2.58 3.38 1.64 0.44 1.47 0.64 1.86 <MDL 228 57 285 
(n=5) min 56 7 <MDL 19 6.6 4.2 7.4 6.5 0.99 0.33 0.74 0.32 1.02 0.15 0.66 <MDL 93 18 111 
 max 220 33 86 83 162 58 92 95 40.7 44.6 53.0 14.5 44.7 6.25 15.6 20 640 426 1 066 
                     
a  Total = sum of the individual sample’s “dissolved” + particulate concentrations 

b  “Dissolved” = filtrate from the 350 mL autosampler samples, or the sum of the individual sample’s truly dissolved + colloidal concentrations for the 2.5 L samples 
c  Low Molecular Weight (LMW) = sum of the concentrations of the 2-3 ring PAHs NAP – ANT 
d  High Molecular Weight (HMW) = sum of the concentrations of the 4-6 ring PAHs FL – INP 
e  ∑16PAH = sum of the concentrations of all 16 PAHs 
f  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of replicate samples taken during each sampling session, was on average <12% 
for each PAH.  See comments in Sections 2.4.3.6 and 3.5 for more details. 
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FIGURE 4.1  Median concentrations of each of the 16 PAHs in the truly dissolved, 
colloidal and particulate phases during baseflow conditions for the Portobello Road 
stormwater drain 

 

 

 

FIGURE 4.2  Percentage of the total concentration of each PAH in the truly dissolved, 
colloidal and particulate phases for baseflow samples from the Portobello Road 
stormwater drain (median concentrations from Table 4.2) 
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4.3.3 Stormflow Samples  

 

The results of the stormflow monitoring undertaken on 7 separate occasions at the Portobello 

Road stormwater drain during the period November 1998 to December 2000 are summarised 

graphically in the following sections.  The initial three storm events were sampled for SS and 

metals only, as the methods for the extraction and analysis of the PAHs were still being 

developed at that stage.  The colloidal phase PAHs were determined for a single storm event 

on 7 December 2000.  The flow in the drain was monitored for a period of one month prior to 

the commencement of sampling, in order to assess the variations in flow rate likely to be 

encountered.  Initially, the flow rate trigger to initiate the autosampler was set at 120 L/s for 

the November 1998 event.  This was then lowered to 50 L/s to allow smaller storm events to 

be sampled.  For the later events, the flow rate trigger was reset to 120 L/s and then to 

300 L/s, in order to capture only large events as a sufficient number of small events had been 

sampled.  In the graphs, time = 0 has been set as the time at which the first sample was taken.  

This occurred when the flow rate trigger was exceeded which was typically within 20-40  

minutes of the onset of rainfall. 

 

4.3.3.1 Storm Event 1 - 30 November 1998 (SS and metals) 

The storm event of 30 November 1998 followed an antecedent dry period of three days.  The 

event was of a relatively low intensity, with NE drizzle depositing 4.5 mm of rain over 

10 hours.  An error during the down-loading of the flow meter resulted in the loss of the flow 

information. 

 

The contaminant concentration profiles with time from the taking of the first sample 

(time = 0, Figure 4.3) show an initial decrease in SS and total lead concentration as the storm 

progresses.  However, both rise in concentration towards the end of the storm.  Copper and 

zinc are present to a much greater extent in the dissolved phase and exhibit a rise in 

concentration in both the total and dissolved phases peaking at 1.5 hours into the event.  

Dissolved lead showed a similar profile to the other dissolved metals. 
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FIGURE 4.3  Contaminant concentration profiles of suspended sediment, lead, copper 
and zinc for the 30 November 1998 storm event at the Portobello Road stormwater 
drain 
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4.3.3.2 Storm Event 2 - 12 April 1999 (SS and metals) 

The storm event of 12 April 1999 followed an antecedent dry period of three days (prior to 

that 4 mm of rain fell on 8 April 1999).  A graph of the detailed flow, rainfall and sampling 

data is given in Appendix C (Figure C-1).  The flow rate trigger had been set at 50 L/s in 

anticipation of sampling a small event.  This was successful as the rainfall was just 1 mm 

resulting in a maximum flow of 300 L/s.  Good sampling coverage of the event was achieved 

with eight samples being taken prior to the flow dropping below the flow rate trigger after 

2 hours.  A further sample was taken via a manual activation of the sampler seven hours after 

commencement of the sampling. 

 

The contaminant concentration profiles (Figure 4.4) generally follow the hydrograph but 

showed a significant drop in the levels of SS, total lead, total copper and total zinc in the 

second sample as the flow continued to rise.  This was also noted in subsequent storm events 

and has been attributed to the influx of relatively “cleaner” water from the Tainui Pumping 

Station (a pumped sub-catchment) (Schmid, 2002).  This was identified by studying the time 

logs of pump activity at that station and calculating the approximate time required for the 

water to reach the sampling point.  The event was characterised by significantly higher 

contaminant concentrations (especially SS, total and dissolved lead) compared to the 

30 November 1998 event despite a smaller amount of rain falling.  The concentrations peaked 

one hour into the event indicating that a “first flush”, where the highest concentrations occur 

early in the storm event, was evident.   

 

4.3.3.3 Storm Event 3 - 4-5 May 1999 (SS and metals) 

The storm event of 4-5 May 1999 involved a southerly cold front, which resulted in a total of 

11 mm of rain falling over a 21 hour period and followed an antecedent dry period of two 

days (prior to that 1 mm of rain fell on 1 May 1999).  A graph of the detailed flow, rainfall 

and sampling data is given in Appendix C (Figure C-2).  A false activation of the sampler 

occurred on 4 May as the flow in the drain exceeded the 50 L/s trigger.  This was due to the 

pumps at the Tainui Pumping Station activating in the absence of rainfall for a unknown 

reason.  The sampler re-activated some 10 hours later with the onset of rain.  The sampler had 

been programmed to collected the first six samples at 15 minute intervals and the final six 

samples at 30 minute intervals in anticipation of providing good sampling coverage of a 

relatively small event.  Due to the false activation, and the sampler programming, all twelve 

samples had been taken within 5 hours of the rainfall starting.  At this point however, only 

2.5 mm of rain had fallen whereas the entire storm event involved 11 mm of rain falling.  
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FIGURE 4.4  Contaminant concentration profiles of flow and suspended sediment, 
lead, copper and zinc for the 12 April 1999 storm event at the Portobello Road 
stormwater drain 
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FIGURE 4.5  Contaminant concentration profiles of flow and suspended sediment, 
lead, copper and zinc for the 4-5 May 1999 storm event at the Portobello Road 
stormwater drain 
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For the contaminant concentration profiles for the 4-5 May 1999 event (Figure 4.5), the two 

samples collected at time = 0 and t = 0.25 hours arose from the false activation of the sampler 

in the absence of rainfall.  While the SS and metal levels were lower than for the samples 

taken during the actual storm event, these concentrations were 2-3 times higher than the 

median baseflow concentrations for the site.  The concentrations of total metals and SS follow 

the hydrograph and peak at 12.5 hours or approximately 3 hours after the onset of the rain.  

The concentrations in the final sample do not, however, follow the increase in the hydrograph 

and continue to decrease potentially indicating that the majority of particulate-bound 

contaminants had been washed off the streets.  In contrast, the dissolved metals continued to 

rise as the storm event progressed. 

 

4.3.3.4 Storm Event 4 - 13 September 1999 (all parameters) 

The storm event of 13 September 1999 involved light rain showers during NE winds and 

deposited 3 mm of rain over 12 hours.  The antecedent dry period was one day, but only 

0.5 mm fell on 11 September.  A large frontal system had earlier deposited 38 mm of rain on 

7 and 8 September.  Given that both PAHs and metals were to be analysed, only six samples 

were able to be taken over the storm event.   The event consisted of three main pulses in flow, 

with the first two pulses being well covered by the first five samples, and the final sample 

being taken at the beginning of the third pulse (Figure C-3, Appendix C).  The flow rate 

trigger was set at 50 L/s. 

 

For this event the SS did not follow the hydrograph closely (Figure 4.6).  The concentrations 

of SS were generally lower than during the previous events, possibly as a result of the very 

large storm event that occurred five days before which might have washed most of the 

contaminants from the catchment.  The concentration of dissolved PAHs dropped from an 

initial value of 930 ng/L to 220 ng/L and then peaked again at 770 ng/L some 5.5 hours into 

the event.  As with the previous events, the spike in flow and the decrease in contaminant 

concentrations in the second sample was tied to the influx of water from the Tainui 

sub-catchment.  The particulate PAH concentration showed a similar pattern but lagged 

behind the dissolved concentration by 1 hour.  The concentration of DOC generally decreased 

over the event due to the influx of low DOC rainwater.  As was seen for the baseflow 

samples, the dissolved phase was comprised primarily of the more soluble LMW PAHs and 

the particulate phase of the more hydrophobic HMW PAHs.  If the total PAH concentration 

(total = dissolved + particulate) is split into the LMW and HMW fractions the trace of the 
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LMW PAHs tracks that of the dissolved PAHs and the trace for the HMW fraction tracks that 

of the particulate PAHs in the preceding graph (Figure 4.6 ∑16PAH). 

 

 

 

 

 

FIGURE 4.6  Contaminant concentration profiles of flow and suspended sediment, 
∑16PAH and DOC, and total PAHs (particulate + dissolved) for the 13 September 1999 
storm event at the Portobello Road stormwater drain 
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During this storm event, the concentrations of lead, copper and zinc (Figure 4.7) were found 

to be at the lower end of the range previously measured at this site for the present study, 

possibly as a result of the large storm event five days prior to this one washing much of the 

accumulated material off the roads and other surfaces.  As with the levels of PAHs, the peak 

concentrations of total and dissolved lead, copper and zinc did not occur until 6.5 hours into 

the event, indicating that little in the way of a “first flush” occurred for this event. 

 

 

 

FIGURE 4.7  Contaminant concentration profiles of lead, copper and zinc for the 
13 September 1999 storm event at the Portobello Road stormwater drain 
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4.3.3.5 Storm Event 5 - 3-5 December 1999 (all parameters) 

The concentrations and time series profiles of the contaminants may have been different 

during larger storm events and so it was decided to capture a larger storm than those 

previously monitored.  This was achieved by changing the sampler flow rate trigger back to 

120 L/s.  The sampler, successfully installed on 2 December 1999 did not sample two very 

small events (Figure C-4, Appendix C).  However, a false activation in the absence of rainfall 

did occur and two samples were taken within 4 minutes of each other on 3 December.  The 

spike in flow was due to the activation of the Tainui Pumping Station.  The two samples were 

taken within four minutes of each other due to the flow fluctuating around the flow rate 

trigger of 120 L/s which resulted in a sample being taken each time the instantaneous flow 

(measured every 10 seconds by the flow meter) exceeded the flow rate trigger.  Rainfall 

(1 mm) occurred on 5 December and a further three samples were taken.  There was no 

influence of the Tainui Pumping Station on this occasion, however the samples were again 

closely spaced at 4 minute intervals due to the flow once more fluctuating above and below 

the 120 L/s flow rate trigger.  The final sample was triggered manually during the retrieval of  

the sampler when it was evident that not all the samples had been taken.   

 

While the 3-5 December event was small and involved the false activation of the sampler and 

a very closely spaced sampling frequency, it did however yield useful information on very 

short term fluctuations in the contaminant concentrations as shown in Figures 4.8 and 4.9.  

The two samples taken on 3 December had the highest concentrations of contaminants 

measured at the site.  The values were over 3 000 mg/L for SS, 1 500 ng/L for dissolved 

PAHs and 1x106 ng/L for particulate PAHs.  The HMW PAHs dominated the total ∑16PAH 

with 929x103 ng/L being present.  The DOC concentration of these two samples was low at 

6 mg C/L.  These samples also had very high total metal levels, with values of over 

2 000 µg/L for lead, 450 µg/L for copper and 10x103 µg/L for zinc.  The dissolved metal 

concentrations were however within the range of values measured previously at this site 

during the present study.  This appears to be an isolated event and may have been a result of 

the discharge of some waste material into the stormwater system. 
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FIGURE 4.8  Contaminant concentration profiles of flow and suspended sediment, 
∑16PAH and DOC, and total PAHs (particulate + dissolved) for the 3-5 December 1999 
storm event at the Portobello Road stormwater drain.  Arrows indicate the positions of 
samples with very high concentrations taken at the commencement of sampling (time ≈ 
0) 
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were the total and dissolved concentrations of lead, copper, and zinc.  The fourth sample 

(middle sample of the three taken on 5 December) had significantly higher concentrations of 

dissolved lead and copper (zinc to a lesser extent).  DOC showed the same trend, but the 

PAHs did not.  This suggests a “parcel” of water with a different composition, probably from 

a small sub-catchment close to the sampling point (otherwise it would be mixed significantly) 

was passing the sampler at this time.  The final sample, taken approximately 24 hours later, 

showed that the concentrations were returning to their typical baseflow levels by this time. 

 

 

FIGURE 4.9  Contaminant concentration profiles of lead, copper and zinc for the 
3-5 December 1999 storm event at the Portobello Road stormwater drain.  Arrows 
indicate the positions of samples with very high concentrations taken at or near the 
commencement of sampling (time ≈ 0 hours) and at time = 39 hours for Pb 

Pb

total = 4100

0

500

1000

1500

2000

2500

0 10 20 30 40 50 60 70

T
o

ta
l P

b
 (

µ
g

/L
)

0

2

4

6

8

10

D
is

so
lv

ed
 P

b
 (

µ
g

/L
)

total

dissolved

30

Cu
total = 823

total = 457

0

10

20

30

40

50

60

0 10 20 30 40 50 60 70

C
u

 (
µ

g
/L

)

total

dissolved

Zn
total = 18550

total = 10150

0

300

600

900

1200

1500

0 10 20 30 40 50 60 70

Time (hours)

Z
n

 (
µ

g
/L

)

total

dissolved



 123

 

4.3.3.6 Storm Event 6 - 7 December 2000 (all parameters incl. colloidal PAHs) 

The storm event of 7 December 2000 manual samples were taken for analysis of PAHs at 

periodic intervals through the storm event in order that the partitioning between the truly 

dissolved, colloidal and particulate phases could be examined for stormflow samples.  The 

autosampler was also used to collect samples for metal analysis and for smaller samples 

(350 mL) for dissolved and particulate PAH analysis.  The event followed an antecedent dry 

period of three days prior to which 16.5 mm of rain had fallen on 3-4 December.  One 

millimetre of rain fell around 8 am resulting in a small flow pulse and a further 2.5 mm fell 

approximately nine hours later resulting in two larger pulses in flow (up to 800 L/s, 

Figure C-4, Appendix C).  The flow rate trigger had been set at 300 L/s in order that only a 

moderate to large event would be sampled and false activation of the sampler would be 

avoided.  The first flow pulse was less than 300 L/s but was sampled manually.  Good 

sampling coverage of the remainder of the event was achieved with a combination of samples 

taken manually and by the autosampler.  However, not all the samples were taken as the rain 

ceased and the flow dropped below 300 L/s around 9 pm. 

 

Figure 4.10 shows the hydrograph and time series plots for SS, DOC and the PAHs.  For this 

event as with many of the others, the SS concentration closely follows the hydrograph.  The 

DOC concentration generally decreases as the storm event progresses.  The first volume of 

water washing off the catchment contained very high levels of dissolved PAHs (11 540 ng/L) 

which were primarily LMW species.  The concentration of particulate PAHs was of a similar 

magnitude to that of the dissolved PAHs at this stage in the event.  The second 1 mm of 

rainfall and the associated pulse in flow, exhibited more typical (lower) PAH concentrations.  

The third band of rainfall (1.5 mm) resulted in a very large flow of almost 800 L/s.  

Associated with this pulse in flow were higher concentrations of SS and a very high 

concentration (30 826 ng/L) of particulate PAHs, while the concentrations of dissolved PAHs 

only showed a minimal increase.  Figure 4.10 shows that approximately 75% of these 

particulate PAHs were HMW species.  Following this large pulse, the concentrations of all 

species in the final two samples were beginning to return to more typical values. 
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FIGURE 4.10  Contaminant concentration profiles of flow and suspended sediment, 
∑16PAH and DOC, and total PAHs (particulate + colloidal + truly dissolved) for the 
7 December 2000 storm event at the Portobello Road stormwater drain.  Arrows 
indicate the positions of samples with very high concentrations of PAHs taken at 
around 10.5 hours into the storm event 
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peak flow indicating that considerable amounts of contaminants were being transported from 

the catchment at this time. 

 

 

FIGURE 4.11  Contaminant concentration profiles of lead, copper and zinc for the 
7 December 2000 storm event at the Portobello Road stormwater drain 

 

 

For this event, the levels of the heavy metals chromium, cadmium, and nickel were also 

measured as were manganese, iron and arsenic as these metals have at times been reported to 

be present in stormwater at levels of environmental significance (Makepeace et al., 1995).  

Pb

0

20

40

60

80

100

0 2 4 6 8 10 12 14

T
o

ta
l P

b
 (

µ
g

/L
)

0

2

4

6

8

10

D
is

so
lv

ed
 P

b
 (

µ
g

/L
)

total

dissolved

Cu

0

10

20

30

40

50

60

0 2 4 6 8 10 12 14

C
u

 (
µ

g
/L

)

total

dissolved

Zn

0

300

600

900

1200

1500

0 2 4 6 8 10 12 14

Time (hours)

Z
n

 (
µ

g
/L

)

total

dissolved



 126

Figure 4.12 shows that all the additional metals with the exception of iron, follow the same 

pattern as lead, copper and zinc by peaking at 10.5 hours close to the peak of the hydrograph.  

 

The concentrations of the major cations Na+, K+, Mg2+, and Ca2+ were also measured for this 

storm event and were found to decrease as the storm event continued (Figure 4.12).  The pH 

values followed a similar pattern, except there was a minor increase in the final sample.  

 

 

 

FIGURE 4.12  Contaminant concentration profiles of the other metals, cations and pH 
for the 7 December 2000 storm event at the Portobello Road stormwater drain 
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4.3.3.7 Storm Event 7 - 23-29 December 2000 (total metals only) 

In an effort to examine variations in the contaminant concentrations for a large storm event, 

the autosampler was positioned in the stormwater drain late in December 2000 and a flow rate 

trigger of 300 L/s used.  It was decided to analyse for total lead, total copper and total zinc 

levels only, as this would allow twelve separate samples to be taken by the autosampler and 

provide better sampling coverage of a large event.  The sampler had been programmed to take 

the first two samples at 15 minute intervals, the next four samples at 30 minute intervals and 

the remaining 6 samples at 60 minute intervals.  Heavy rain occurred throughout the week 

beginning 22 December 2000.  A number of smaller events occurred where the flow did not 

exceed 300 L/s and did not trigger the sampler (Figure C-6(a), Appendix C).  Four large storm 

events resulted in flows greater than 300 L/s.  Four samples were taken during each of the 

first two events, while the second two events received only two samples each.  The flow in the 

drain, rainfall and the timing of the samples being taken are shown in Figures C-6(a) and 

C-6(b) (Appendix C).  The largest event, with flows of almost 4 000 L/s was not sampled as 

the 12 sample bottles had already been used during the preceding events.  Figure 4.13 shows 

the measured total metal concentrations in relation to the flow in the stormwater drain.  The 

maximum concentrations of the metals occurred at the peak of the hydrograph on each 

occasion and then dropped rapidly as the flow decreased.  The concentrations were the highest 

for the 23 December storm event.  However, those measured for the later events indicated that 

large amounts of metals were still being washed from the catchment, despite the likelihood 

that they were unable to accumulate in the catchment to any extent due to the frequent rain 

events.  A possible reason for this is discussed in Section 5.2. 
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FIGURE 4.13  Contaminant concentration profiles for the 23-29 December 2000 storm 
event at the Portobello Road stormwater drain 
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4.3.4 Summary of Stormflow Data for the Portobello Road Site 

The median, minimum and maximum values for each contaminant measured during 

stormflow conditions at the Portobello Road site are detailed in Tables 4.3 and 4.4 below.  

The average EMC values for the total concentration of each contaminant are also shown. 

 

TABLE 4.3  Portobello Road stormwater drain – Summary of stormflow dataa for pH, SS, DOC, 
POC and metals 
 
Parameter   Median Min. Max. n EMCb 

pH   7.5 6.6 7.7 30 

SS (mg/L)  28 6 6685 50 50 

DOC (mg C/L)  11 5.1 16 18 13 

POC (%)  16 3 23 12  

Pb (µg/L) total 21 5.3 4100 59 73 

  <0.4 µm 1.8 <MDL 30 41  

Cu (µg/L) total 30 10 823 59 58 

  <0.4 µm 11 2.2 33 41  

Zn (µg/L) total 895 360 18549 59 1026 

  <0.4 µm 703 277 1154 41  

Cr (µg/L) total 2.9 2.5 5.8 3 6.3 

Mn (µg/L) total 189 77 219 3 259 

Ni (µg/L) total 2.3 1.2 3.2 3 3.7 

Cd (µg/L) total 0.29 0.23 0.47 3 0.54 

As (µg/L) total 2.4 1.7 3.2 3 3.8 

Fe (mg/L) total 3.5 1.6 3.7 3 4.5 

Na (mg/L)  15 12 39 3 29 

Mg (mg/L)  3.0 2.0 8.4 3 5.8 

K (mg/L)  2.1 1.7 4.4 3 3.7 

Ca (mg/L)  10 7 29 3 19 
a  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of 
replicate samples taken during each sampling session, was on average < 10% for each analyte.  See comments 
in Chapter 2 regarding the analysis of the individual analytes for more detail. 
b  Event Mean Concentration – average of 5 events for SS, 3 events for DOC, 9 events for total Pb, total Cu 
and total Zn, 5 events for dissolved Pb, dissolved Cu and dissolved Zn, and 1 event for the other parameters. 

 

 



 130 

TABLE 4.4  Portobello Road stormwater drain – Summary of stormflow datag for PAHs (ng/L) 
 
PHASE  NAP ACY ACE FL PHEN ANT FLR PYR BaA CHY BbF BkF BaP DBA BPY INP LMWc HMWd ∑16PAHe 
                     
Totala median 312 73 90 156 486 160 503 494 139 93.9 132 46.5 161 20.8 113 76 1277 1779 3056 
(n=17)                  median % LMW = 42% 
 min <MDL <MDL <MDL <MDL 114 0.0 145 134 12.1 11.7 16.4 5.46 20.0 <MDL 31.7 <MDL 114 376 490 

 max (x103) 2.82 35.5 33 5.65 59 17 19 164 77.9 99.0 91.7 45.5 80.7 16.1 76.3 91 121 929 1050 
                     
 EMCf 689 253 479 573 2219 934 2792 2635 1074 1126 1126 370 1112 189 592 547 5147 11564 16711 
                     

Particulate median 61 3 <MDL 3 135 50 350 260 129 90.2 127 44.4 151 20.8 111 75 252 1357 1609 
(n=17) min <MDL <MDL <MDL <MDL 17 <MDL 52 47.0 12.1 9.88 16.1 5.46 20.0 <MDL 31.7 <MDL 17 194 211 

 max (x103) 2.75 3.55 33 5.07 59 17 185 164 77.8 99.0 91.7 45.5 80.7 16.1 76.3 91 120 927 1047 
                     
"Dissolved"b median 192 <MDL 29 126 158 103 173 116 8.86 9.60 4.98 <MDL 3.48 <MDL 5.93 <MDL 608 322 930 
(n=17) min <MDL <MDL <MDL <MDL 42 <MDL 42 30.0 <MDL <MDL <MDL <MDL <MDL <MDL <MDL <MDL 42 72 114 

 max 
 

1822 842 1352 1387 3475 868 928 601 78.9 75.8 38.7 12.7 41.2 7.44 23.1 9.5 9745 1815 11560 

                     
Truly  median 577 142 134 179 466 102 177 111 9.43 9.33 4.94 1.84 6.56 1.36 3.32 <MDL 1600 325 1925 
Dissolved min 339 88 60 108 288 67 113 70.7 8.53 9.27 4.19 1.09 3.33 0.92 2.72 <MDL 950 213 1163 
(n=3) max 776 632 810 1003 2669 631 641 407 51.6 52.8 18.0 6.14 21.8 4.32 8.30 2.9 6520 1214 7734 

                     
Colloidal median 322 7 11 18 20 7.7 13 7.95 0.91 0.41 0.68 0.29 0.81 0.38 1.19 <MDL 386 26 412 
(n=3) min 153 <MDL <MDL <MDL 5.5 <MDL 5.8 2.86 0.33 0.28 0.41 0.13 0.15 0.07 0.47 <MDL 159 11 170 

 max 1046 210 542 384 806 237 286 194 27.3 23.0 13.3 4.73 16.5 3.12 8.12 4.6 3225 581 3806 
                     

a  Total = sum of the individual sample’s “dissolved” + particulate concentrations 

b  “Dissolved” = filtrate of the 350 mL autosampler samples, or the sum of the individual sample’s truly dissolved + colloidal concentrations for the 2.5 L  samples 
c  Low Molecular Weight (LMW) = sum of the concentrations of the 2-3 ring PAHs NAP – ANT 
d  High Molecular Weight (HMW) = sum of the concentrations of the 4-6 ring PAHs FL – INP 
e  ∑16PAH = sum of the concentrations of all 16 PAHs 
f  Event Mean Concentration – average of 3 storm events (13 September 1999, 5 December 1999 & 7 December 2000) 
g  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of replicate samples taken during each sampling session, was on average 
<12% for each PAH.  See comments in Sections 2.4.3.6 and 3.5 for more details. 
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At the Portobello Road site the median concentrations of most of the metals during stormflow 

conditions (Table 4.3) were significantly higher than those measured during baseflow 

conditions.  For example, the median concentrations of SS and total lead were 28 mg/L and 

21 µg/L respectively during stormflow conditions, whereas their median baseflow 

concentrations were 8 mg/L and 3.2 µg/L respectively.  This was not unexpected because the 

contaminated dust that is present on the roads and other surfaces will be washed into the 

stormwater collection system during rainfall.  However, DOC, arsenic, cadmium and iron had 

slightly lower median concentrations during stormflow conditions. 

 

The median SS and median total metal concentrations during stormflow conditions for the 

present study are similar to those reported by Stevenson (1998) in the only previous report of 

monitoring of contaminants at the Portobello Road site conducted during a single rainfall 

event which occurred on 20 March 1997.  The maximum values measured in the present study 

are however several orders of magnitude greater than those found by Stevenson (1998) and 

reflect the very high concentrations measured during the storm event of 3-5 December 1999. 

 

The concentrations of PAHs (Table 4.4) were also elevated during stormflow compared to 

baseflow conditions but the differences in the median concentrations were less pronounced 

than those detected for Pb, Cu and Zn.  For example, the median total ∑16PAH concentration 

was 3 056 ng/L during stormflow conditions but was only reduced by a third to 1 984 ng/L 

during baseflow conditions.  Stevenson (1998) reported a concentration of total ∑16PAH of 

400 ng/L for a single grab sample taken approximately 1 hour into the 20 March 1997 storm 

event which is close to the minimum value of 491 ng/L measured at this site in the present 

study. 

 

There was a major difference between stormflow and baseflow conditions in the maximum 

PAH concentrations measured.  For example, the maximum total ∑16PAH concentration was 

1 050x103 ng/L and was measured in the same sample from the storm event of 3-5 December 

1999 for which the maximum concentrations of SS, total lead, total copper and total zinc were 

determined.  The maximum total ∑16PAH concentration for baseflows was 18 244  ng/L.   

 

During stormflows, as was the case for baseflows, the predominant PAHs were NAP, PHEN, 

FLR and PYR (Figure 4.14).  Despite high concentrations of NAP, there was a decrease in the 

importance of the LMW weight PAHs from 52% of the total ∑16PAH concentration during 
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baseflow conditions to 42% during stormflows.  These figures are within the range of the 

mean values of 57% LMW PAHs reported for urban stormwater in Poland by Grynkiewicz et 

al. (2002) and 27% LMW PAHs in highway bridge runoff in Ontario, Canada, by Marsalek et 

al. (1997).  This decrease in the abundance of the LMW PAHs at the Portobello Road site 

during stormflows can be attributed to the presence of higher concentrations of particulate 

phase PAHs that were enriched in the less soluble HMW PAHs (Figure 4.15).  In contrast, the 

truly dissolved and colloidal phases were dominated by the more soluble LMW PAHs. 

 

It is evident from Table 4.3 that the average EMCs for a number of the contaminants are 

higher than the median concentrations, in particular for SS, total lead and total copper.  This 

trend has been previously reported by Mosley and Peake (2001) for stormwater from a similar 

urban catchment nearby.  The same occurs for the total PAHs (Table 4.4) and is particularly 

pronounced for the HMW PAHs whose EMC values are an order of magnitude greater than 

their respective median concentrations.  This results from a number of samples with high 

concentrations of SS, which is enriched in both heavy metals and PAHs, occurring at high 

flow rates e.g. during the 5 December 1999 and 7 December 2001 storm events.  The resultant 

mass-flows are very large, thereby resulting in high EMC values for the individual storm, 

which in turn raises the average EMC. 
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FIGURE 4.14  Median concentrations of each of the 16 PAHs in the truly dissolved, 
colloidal and particulate phases during stormflow conditions for the Portobello Road 
stormwater drain (median data for 7 December 2000 storm event) 

 

 

 

FIGURE 4.15  Percentage of the total concentration of each PAH in the truly dissolved, 
colloidal and particulate phases for stormflow samples from the Portobello Road 
stormwater drain (median data for 7 December 2000 storm event) 
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4.4 Baseflow and Stormflow Contaminant Concentrations in the Water of Leith  

 

4.4.1 Baseflow Samples 

 

Baseflow samples were taken from the Water of Leith on the following dates: 30 November 

2000; 23 March 2001 and 20 November 2001.  Not all parameters were analysed for on each 

occasion due to time and budget constraints.  The median and range in the data for each 

parameter are shown in Tables 4.5 and 4.6. 

 

TABLE 4.5  Water of Leith –Summary of baseflow dataa for pH, SS, DOC, POC and metals  
 
Parameter   Median Min. Max. n 

pH   7.8 7.7 7.8 3 

SS (mg/L)  6 2 7 3 

DOC (mg C/L)  2.0 1.4 2.6 3 

POC (%)  13 12 33 3 

Pb (µg/L) total 0.8 0.5 1.7 3 

  <0.4 µm <MDL <MDL 0.8 3 

Cu (µg/L) total 1.3 1.1 4.1 3 

  <0.4 µm 1.1 0.5 2.6 3 

Zn (µg/L) total <MDL <MDL <MDL 3 

  <0.4 µm <MDL <MDL <MDL 3 

Cr (µg/L)  <MDL <MDL <MDL 2 

Mn (µg/L)  20 18 23 2 

Ni (µg/L)  <MDL <MDL <MDL 2 

Cd (µg/L)  <MDL <MDL <MDL 2 

As (µg/L)  <MDL <MDL <MDL 2 

Fe (mg/L)  0.4 0.3 0.4 2 

Na (mg/L)  14 13 15 2 

Mg (mg/L)  5.6 4.1 7.0 2 

K (mg/L)  1.5 1.5 1.5 2 

Ca (mg/L)  10 7.0 12 2 
a  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of 
replicate samples taken during each sampling session, was on average < 10% for each analyte.  See comments 
in Chapter 2 regarding the analysis of the individual analytes for more detail. 

 



TABLE 4.6  Water of Leith –Summary of baseflow dataf for PAHs (ng/L) 
 
PHASE  NAP ACY ACE FL PHEN ANT FLR PYR BaA CHY BbF BkF BaP DBA BPY INP LMWc HMWd ∑16PAHe 
                     
Total a median 17 <MDL <MDL <MDL 9.3 1.9 3.8 3.93 0.88 0.83 1.57 0.49 1.08 0.25 1.49 <MDL 34 15 49 

                  median % LMW = 69% 
 min 12 <MDL <MDL <MDL 5.3 1.8 3.1 2.75 0.62 0.59 1.32 0.42 1.00 0.03 1.06 <MDL 19 11 30 
 max 50 <MDL <MDL 14 10 2.3 7.1 4.65 1.35 2.13 2.35 0.93 2.15 0.65 3.29 <MDL 78 26 104 
                     
                     

Particulate median 2 <MDL <MDL <MDL <MDL <MDL 1.5 1.82 0.74 0.72 1.16 0.31 1.04 0.22 1.15 <MDL 4.2 9.12 13 
 min <MDL <MDL <MDL <MDL <MDL <MDL 1.1 0.95 0.35 <MDL 0.85 0.30 0.80 <MDL 0.92 <MDL 1.8 5.30 7.1 
 max 3 <MDL <MDL <MDL <MDL <MDL 2.9 2.58 1.22 1.96 2.29 0.87 2.09 0.64 3.19 <MDL 8.4 19.4 28 
                     

"Dissolved"b median 15 <MDL <MDL <MDL 7.9 1.9 2.7 2.07 0.14 0.17 0.16 0.12 0.05 0.03 0.14 <MDL 30 5.58 36 
 min 9 <MDL <MDL <MDL 3.8 <MDL 1.6 0.93 0.12 0.12 0.05 0.06 0.03 0.01 0.10 <MDL 15 2.99 18 
 max 50 <MDL <MDL 9 8.8 2.3 4.2 2.98 0.27 0.59 0.72 0.19 0.20 0.03 0.34 <MDL 72 10 82 
                     

                     
Truly median 9 <MDL <MDL <MDL 6.4 <MDL 2.7 1.71 0.12 0.17 0.16 0.06 0.04 0.01 0.08 <MDL 19 5.05 24 
Dissolved min <MDL <MDL <MDL <MDL 3.8 <MDL 1.6 0.65 0.11 0.03 0.05 0.02 0.03 <MDL 0.04 <MDL 6.7 2.52 9.2 

 max 17 <MDL <MDL <MDL 6.6 1.9 3.9 2.50 0.20 0.59 0.34 0.09 0.14 0.03 0.23 <MDL 29 8.20 37 
                     

Colloidal median 8 <MDL <MDL <MDL <MDL <MDL <MDL 0.36 0.03 <MDL <MDL 0.05 0.01 0.01 0.06 <MDL 12 0.52 13 
 min 6 <MDL <MDL <MDL <MDL <MDL <MDL <MDL 0.01 <MDL <MDL 0.04 <MDL <MDL 0.05 <MDL 6.4 0.38 6.8 
 max 33 <MDL <MDL <MDL <MDL <MDL <MDL 0.48 0.07 0.08 0.38 0.10 0.06 0.03 0.11 <MDL 43 1.58 45 
                     

a  Total = sum of the individual sample’s “dissolved” + particulate concentrations 

b  “Dissolved” = sum of the individual sample’s truly dissolved + colloidal concentrations for the 2.5 L samples 
c  Low Molecular Weight (LMW) = sum of the concentrations of the 2-3 ring PAHs NAP – ANT 
d  High Molecular Weight (HMW) = sum of the concentrations of the 4-6 ring PAHs FL – INP 
e  ∑16PAH = sum of the concentrations of all 16 PAHs 
f  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of replicate samples taken during each sampling session, was on average <12% 
for each PAH.  See comments in Sections 2.4.3.6 and 3.5 for more details. 
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The concentrations of the various contaminants were much lower in the Water of Leith during 

baseflow conditions compared to those found at the Portobello Road site.  This was reflected 

by the fact that many of the heavy metals (Table 4.5) were below the limits of detection for 

the analytical methods used.  This may be due to the fact that while this catchment is 

significantly larger, it has a predominantly rural land use pattern.  The results of the present 

study are similar to those found by Mosley (1997) in Abbotts Creek, which drains a 

predominantly rural catchment in close proximity to the Leith catchment.  The concentrations 

of cations were also significantly lower compared to the Portobello Road site, possibly 

reflecting a greater distance to the Otago Harbour and the Pacific Ocean.  The concentrations 

of SS, total lead and dissolved lead were similar to those previously reported by Reid (1990) 

at the same site in the Water of Leith a decade earlier.  

 

Concentrations of PAHs (Table 4.6) in the Water of Leith during baseflow conditions were 

significantly lower than those at the Portobello Road site during similar conditions.  A number 

of the PAHs were present at levels below their respective MDLs, particularly in the colloidal 

phase (Table 4.6 and Figure 4.17).  ACE was not detected in any of the samples.  NAP, 

PHEN, FLR and PYR were once more the dominant PAHs detected (Figure 4.16).  However, 

the median total ∑16PAH concentration of 49 ng/L for the Water of Leith was 40 times lower 

than that measured for the Portobello Road site (1 984 ng/L).  The LMW PAHs accounted for 

69% of the median total ∑16PAH concentration of 49 ng/L due to the high concentrations 

measured for NAP.  

 

The median total ∑16PAH value of 49 ng/L for the Water of Leith was high compared to the 

result for total ∑16PAH of 3.32 ng/L for a single sample taken in Morrisons Creek (results 

not shown), a tributary of the Water of Leith.  This result indicates that while small compared 

to the Portobello Road site, the urban areas in the lower reaches of the Leith catchment 

contribute significant amounts of PAHs to the Water of Leith during periods with no rainfall. 

 

The distribution of the PAHs between the truly dissolved, colloidal and particulate phases for 

baseflow samples from the Water of Leith (Figure 4.17) was similar to that measured at the 

Portobello Road site.  The truly dissolved and colloidal phases were enriched in LMW PAHs 

and the particulate phase was dominated by the HMW species. 
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FIGURE 4.16  Median concentrations of each of the 16 PAHs in the truly dissolved, 
colloidal and particulate phases during baseflow conditions for the Water of Leith 

 

 

FIGURE 4.17  Percentage of the total concentration of each PAH in the truly dissolved, 
colloidal and particulate phases for baseflow samples from the Water of Leith (median 
concentrations from Table 4.6) 
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4.4.2 Stormflow Samples 

 

4.4.2.1 Storm event 8 - 28 March 2001 (all parameters incl. colloidal PAHs) 

To provide a comparison with the results from the Portobello Road site, the Leith Catchment 

was sampled manually for both metals and PAHs during a storm event on 28 March 2001.  

 

 

FIGURE 4.18  Contaminant concentration profiles for flow and suspended sediment, 
∑16PAH and DOC, and total PAHs (particulate + colloidal + truly dissolved) for the 28 
March 2001 storm event in the Water of Leith.  UL = Upper Leith sampling site, ST 
DAV = St David Street stormwater drain 
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The storm involved 3.5 mm of rain falling over one hour and the flow peaked at 540 L/s 

(Figure C-7, Appendix C).  This is only a small to moderate flow for this catchment (Reid, 

1990).  The antecedent dry period for the storm was 3 days. 

 

The storm duration was much shorter than expected and therefore only three samples at 

approximately hourly intervals were collected.  In addition, single grab samples were taken in 

the upper catchment just at the beginning of the rural area (UL) and from the St David Street 

stormwater drain (ST DAV) which discharges into the Leith 300 m upstream of the sampling 

point.  Time series profiles for the concentrations of SS, PAH and DOC are shown in 

Figure 4.18. 

 

The SS concentration followed the hydrograph.  After 0.5 hours into the event, the sample 

taken at the upper limit of the urban area (UL) had a significantly lower SS concentration than 

for those samples taken at the main sampling location.  The sample taken from the St David 

Street outlet had very similar concentrations to those found in the Water of Leith itself, 

indicating that the urban areas discharging via the St David Street outlet were responsible for 

the majority of the SS measured under the measured rainfall and flow regime.  This may not 

be the case for large storm events when significant quantities of SS may originate from topsoil 

wash-off in the rural area of the catchment and through stream bank erosion.  

 

A similar pattern to that observed for SS levels was seen for the concentrations of particulate 

and dissolved ∑16PAH and DOC (Figure 4.18) with respect to the flow rate.  Also the levels 

for all three parameters were low for the sample collected at the upper limit of the urban area 

but were much higher in the stormwater from the St David Street drain and at the main 

sampling site in the Water of Leith.  Compared to the median values for the Portobello Road 

site, the overall concentrations were lower, but the particulate phase was more pronounced 

than that at Portobello Road and was dominated by the HMW PAHs.  

 

The profiles for the lead, copper and zinc levels also followed the hydrograph (Figure 4.19).  

The concentrations of these species in the sample collected from the upper limit of the urban 

area were considerably lower than those at the other two sampling sites, indicating that there 

is minimal input of these contaminants from the rural and scenic reserve areas.  This is 

consistent with the findings of Reid (1990) who reported a significant decrease in the 

concentrations of SS and total lead, during both low and high flows, as the head of the 

catchment was approached.  The concentrations of total zinc were noticeably lower than at the 
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Portobello Road site and in the dissolved phase were below the limit of detection of the 

ICP-AES.   

 

 

FIGURE 4.19  Contaminant concentration profiles for lead, copper and zinc for the 28 
March 2001 storm event in the Water of Leith 

 

 

The profiles of chromium, nickel, cadmium, manganese, iron, and arsenic levels followed that 

of the other contaminants (Figure 4.20).  The cations did not vary much in concentration in 

the three samples collected at the main sampling site as the storm event progressed 

(Figure 4.20).  The pH within the Leith decreased as the event continued and was lower at 
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both the upper Leith site as well as in the stormwater from the St David Street stormwater 

drain (Figure 4.20). 

 

 

 

 

FIGURE 4.20  Contaminant concentration profiles for the other metals, cations and pH 
for the 28 March  2001 storm event in the Water of Leith 
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4.4.3 Summary of Stormflow Data for the Water of Leith  

 

The median, minimum and maximum values for each parameter measured during stormflow 

conditions at the main sampling site in the Water of Leith are listed in Tables 4.7 and 4.8.  

The EMC values for the total concentration of each contaminant are also shown. 

 

 

TABLE 4.7  Water of Leith –Summary of stormflow dataa for pH, SS, DOC, POC and metals 
(n=3) 
 
Parameter   Median Min. Max. EMCb 

pH   7.3 7.2 7.4  

SS (mg/L)  83 78 154 78 

DOC (mg C/L)  4.5 1.4 6.8 4.0 

POC (%)  9 9 11  

Pb (µg/L) total 19 11 44 19 

  <0.4 µm 1.0 0.7 1.9 0.9 

Cu (µg/L) total 17 15 29 16 

  <0.4 µm 4.9 4.3 5.0 3.9 

Zn (µg/L) total 101 62 183 91 

  <0.4 µm <MDL <MDL <MDL  

Cr (µg/L)  2.9 2.3 6.5 3.0 

Mn (µg/L)  295 237 419 230 

Ni (µg/L)  2.6 1.7 4.7 2.3 

Cd (µg/L)  0.13 0.07 0.21 0.11 

As (µg/L)  1.1 <MDL 1.8 1.0 

Fe (mg/L)  2.5 2.2 5.0 2.5 

Na (mg/L)  14 13 16 14 

Mg (mg/L)  6.7 6.3 7.4 6.0 

K (mg/L)  2.5 2.3 2.9 2.2 

Ca (mg/L)  13 13 13 12 
a  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of 
replicate samples taken during each sampling session, was on average < 10% for each analyte.  See comments 
in Chapter 2 regarding the analysis of the individual analytes for more detail. 
b  Event Mean Concentration 

 



TABLE 4.8  Water of Leith –Summary of stormflow datag for PAHs (ng/L) 
 
PHASE  NAP ACY ACE FL PHEN ANT FLR PYR BaA CHY BbF BkF BaP DBA BPY INP LMWc HMWd ∑16PAHe 

                   
Total a median 38 6 <MDL <MDL 40 8.1 87 78.9 30.7 34.5 42.2 17.1 47.3 10.5 51.8 55 94 455 549 

                median % LMW = 17%
 min 21 <MDL <MDL <MDL 23 4.8 56 48.9 21.5 12.4 30.0 12.4 30.1 6.98 32.1 33 51 283 334 
 max 45 8 <MDL <MDL 94 18 189 165 61.2 105 91.7 36.7 98.0 24.6 108 126 170 1005 1175 

                     
 EMCf 32 5   43 8.5 88 77.7 29.6 34.1 42.6 17.2 46.2 11.0 50.6 56 92 452 544 

                     
Particulate median 12 2 <MDL <MDL 29 6.3 78 73.2 30.2 34.3 41.9 17.0 47.0 10.5 51.4 55 49 438 487 

 min 8 <MDL <MDL <MDL 18 4.1 53 46.6 21.4 11.7 29.9 12.4 30.0 6.95 31.9 32 30 276 306 
 max 21 4 <MDL <MDL 68 14 173 159 60.8 105 91.6 36.6 97.8 24.5 107 125 109 981 1090 
                     

"Dissolved"b median 24 4 <MDL <MDL 11 1.8 9.2 5.73 0.41 0.51 0.18 0.10 0.24 0.07 0.36 <MDL 43 17 60 
 min 13 <MDL <MDL <MDL 5.3 <MDL 2.7 2.23 0.15 0.15 0.10 0.06 0.12 0.04 0.16 <MDL 22 5.86 28 
 max 27 5 <MDL <MDL 26 4.1 16 5.98 0.44 0.70 0.24 0.13 0.27 0.08 0.40 <MDL 64 24.2 88 
                     

                     
Truly  median 12 4 <MDL <MDL 10 1.8 8.7 4.59 0.33 0.41 0.15 0.08 0.16 0.04 0.25 <MDL 30 14.9 45 
Dissolved min 6 <MDL <MDL <MDL <MDL <MDL 2.4 1.77 0.11 0.08 0.07 0.03 0.05 0.02 0.09 <MDL 13 4.70 18 

 max 18 4.8 <MDL <MDL 21 4.1 12 5.53 0.43 0.68 0.24 0.11 0.24 0.06 0.29 <MDL 50 20.3 70 
                     

Colloidal median 9 <MDL <MDL <MDL <MDL <MDL <MDL 0.46 0.04 0.07 0.03 0.02 0.07 0.02 0.07 <MDL 12 1.24 13 
 min 7 <MDL <MDL <MDL <MDL <MDL <MDL <MDL <MDL <MDL <MDL 0.02 0.03 0.02 0.07 <MDL 8.5 0.62 9.1 
 max 12 <MDL <MDL <MDL 4.9 <MDL 3.3 1.39 0.08 0.10 0.03 0.03 0.08 0.03 0.14 <MDL 17 5.27 22 
                     

a  Total = sum of the individual sample’s “dissolved” + particulate concentrations 

b  “Dissolved” = sum of the individual sample’s truly dissolved + colloidal concentrations for the 2.5 L samples 
c  Low Molecular Weight (LMW) = sum of the concentrations of the 2-3 ring PAHs NAP – ANT 
d  High Molecular Weight (HMW) = sum of the concentrations of the 4-6 ring PAHs FL – INP 
e  ∑16PAH = sum of the concentrations of all 16 PAHs 
f  Event Mean Concentration 
g  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of replicate samples taken during each sampling session, was on average <12% 
for each PAH.  See comments in Sections 2.4.3.6 and 3.5 for more details. 
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During stormflow conditions in the Water of Leith, the median concentrations of the majority 

of the parameters measured (Table 4.7) were an order of magnitude higher than during 

baseflow conditions, indicating that significant amounts of the contaminants are washed from 

the catchment during rainfall.  However, pH values were lower during stormflow conditions.   

 

The ranges in the data for SS and total lead levels are similar to those reported by Reid (1990) 

for periods of low to moderate flow in the river ten years prior to the present study.  The range 

in the data for all the parameters (metals and PAHs) was considerably less that that found for 

the Portobello Road site, but this probably reflects that fact that only one storm event was 

monitored for the Water of Leith. 

 

The concentrations of PAHs during stormflow conditions were also an order of magnitude 

higher than those measured during baseflow conditions (Table 4.8).  For example, the median 

total ∑16PAH concentration was 549 ng/L for the storm event studied, compared to a median 

of 49 ng/L during baseflow conditions.  A significant change in the relative abundances of the 

PAHs occurred during the storm event.  During baseflow conditions, NAP, PHEN, FLR and 

PYR were the predominant PAHs and the LMW PAHs comprised 69% of the total ∑16PAH 

concentration.  However, during the storm event NAP and PHEN were still present in 

moderate concentrations but the LMW PAHs comprised only 17% of the total ∑16PAH 

concentration.  This was due to significant contributions from BbF, BaP, BPY and INP, as 

well as FLR and PYR (Figure 4.21).  These PAHs were present almost exclusively in the 

particulate phase, resulting in the percentage of “dissolved” PAHs being only 11% during the 

storm event versus 72% during baseflow conditions. 
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FIGURE 4.21  Median concentrations of each of the 16 PAHs in the truly dissolved, 
colloidal and particulate phases during stormflow conditions for the Water of Leith 

 

 

 

FIGURE 4.22  Percentage of the total concentration of each PAH in the truly dissolved, 
colloidal and particulate phases for stormflow samples from the Water of Leith 
(median concentrations from Table 4.8) 
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4.5 Stormflow Contaminant Concentrations at Mosgiel 
 
A series of four grab samples were collected in the Reid Avenue and Parkland catchments in 

Mosgiel during a single storm event (Storm Event 9) on 3 April 2001.  The data for the 

samples is given in Table 4.9 and 4.10. 

 

TABLE 4.9  Mosgiel –Stormflow dataa for pH, SS, DOC, POC and metals 
 
Parameter   Reid Avenue Catchment  Parkland Catchment 

   M1A M1B  M2A M2B 

pH   6.9 6.9  7.0 7.0 

SS (mg/L)  153 163  403 9 

DOC (mg C/L)  17 16  3.8 3.3 

POC (%)  13 12  3 7 

Pb (µg/L) total 110 61.4  11.3 <MDL 

  <0.4 µm 2.9 2.5  <MDL <MDL 

Cu (µg/L) total 56 37  7.9 1.0 

  <0.4 µm 9.1 8.1  0.6 <MDL 

Zn (µg/L) total 770 520  110 <MDL 

  <0.4 µm 247 215  <MDL <MDL 

Cr (µg/L) total 8.0 4.9  12 0.5 

Mn (µg/L) total 236 179  327 39 

Ni (µg/L) total 11 7.0  9.7 1.1 

Cd (µg/L) total 0.53 0.33  0.09 <MDL 

As (µg/L) total 4.4 3.0  5.3 0.6 

Fe (mg/L) total 6.7 4.5  11 0.6 

Na (mg/L)  6.2 7.1  2.5 12 

Mg (mg/L)  2.1 2.3  1.7 3.6 

K (mg/L)  2.6 2.6  0.9 0.5 

Ca (mg/L)  8.9 8.9  6.7 8.1 
a  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of 
replicate samples taken during each sampling session, was on average < 10% for each analyte.  See comments 
in Chapter 2 regarding the analysis of the individual analytes for more detail. 

 



TABLE 4.10  Mosgiel –Stormflow dataf for PAHs (ng/L) 
 
PHASE  NAP ACY ACE FL PHEN ANT FLR PYR BaA CHY BbF BkF BaP DBA BPY INP LMWc HMWd ∑16PAHe 
Reid Avenue – M1A                    
 Total a 149 19 <MDL 58 188 35 212 152 37.3 62.0 63.3 19.2 41.8 26.5 103 101 659 818 1477 
                  % LMW = 44% 
 Particulate 36 7 <MDL 17 119 21 185 139 36.5 61.2 62.5 19.0 41.6 26.2 102 101 384 774 1158 
 "Dissolved"b 113 12 <MDL 41 69 14 27 13.4 0.88 0.75 0.80 0.16 0.21 0.26 0.80 <MDL 275 44 319 
 Truly Dissolved 72 7 <MDL 34 58 13 21 11.4 0.75 0.67 0.75 0.14 0.14 0.20 0.61 <MDL 204 36 240 
 Colloidal 42 5 <MDL 7 11 1.8 5.3 2.04 0.13 0.08 0.06 0.03 0.07 0.07 0.19 <MDL 71 7.99 79 
Reid Avenue – M1B                 % “dissolved” = 22% 
 Total a 143 11 14.9 101 248 42 281 198 46.0 74.7 74.1 22.2 50.0 28.1 112 74 840 960 1800 
                  % LMW = 47% 
 Particulate 33 5 <MDL 32 147 18 227 175 44.7 73.3 72.7 22.1 49.9 28.0 112 74 462 879 1341 
 "Dissolved"b 110 6 14.9 69 101 24 54 22.1 1.36 1.45 1.42 0.08 0.15 0.18 0.57 <MDL 378 82 459 
 Truly Dissolved 82 6 14.9 69 101 24 53 21.9 1.32 1.43 1.42 0.07 0.10 0.16 0.48 <MDL 349 80 429 
 Colloidal 28 <MDL <MDL <MDL <MDL <MDL 1.0 <MDL 0.04 <MDL <MDL 0.01 0.05 0.02 0.09 <MDL 29 1.50 31 
                  % “dissolved” = 26% 
Parklands – M2A                    
 Total a 30 21 <MDL 7.8 62 11 69 59.8 8.75 10.3 10.7 3.57 10.2 4.52 15.7 24 200 217 417 
                  48% = % LMW 
 Particulate 10 3 <MDL <MDL 33 6.4 58 55.1 8.62 9.88 10.7 3.56 10.2 4.51 15.7 24 112 201 313 
 "Dissolved"b 20 18 <MDL <MDL 29 4.3 11 4.73 0.13 0.38 <MDL 0.01 0.02 0.01 0.05 <MDL 88 16 104 
Parklands – M2B                 % “dissolved” = 25% 
 Total a 7 4 <MDL <MDL 3.7 <MDL 3.4 2.02 0.32 0.50 0.50 0.14 0.36 0.10 0.69 <MDL 18 7.98 26 
                  % LMW = 69% 
 Particulate <MDL <MDL <MDL <MDL <MDL <MDL 1.2 0.96 0.25 0.28 0.48 0.12 0.33 0.09 0.62 <MDL 4 4.28 8.3 
 "Dissolved"b 5 3 <MDL <MDL 3.7 <MDL 2.2 1.07 0.06 0.22 0.02 0.01 0.03 0.02 0.06 <MDL 14 3.70 18 
                  % “dissolved” = 69% 
a  Total = sum of the individual sample’s “dissolved” + particulate concentrations 

b  “Dissolved” = sum of the individual sample’s truly dissolved + colloidal concentrations for the 2.5 L samples 
c  Low Molecular Weight (LMW) = sum of the concentrations of the 2-3 ring PAHs NAP   – ANT 
d  High Molecular Weight (HMW) = sum of the concentrations of the 4-6 ring PAHs FL – INP 
e  ∑16PAH = sum of the concentrations of all 16 PAHs 
f  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of replicate samples taken during each sampling session, was on average <12% 
for each PAH.  See comments in Sections 2.4.3.6 and 3.5 for more details. 
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There was not a large degree of difference between the contaminant concentrations in samples 

M1A (within the stormwater drain) and M1B (100 m down stream of the discharge point) 

indicating that at the time of sampling, the discharge of stormwater was contributing the 

majority of the flow in the Silver Stream.  The concentrations and relative abundances of the 

PAHs were similar to that found at the Portobello Road site during stormflow conditions.  For 

example, the dominant PAHs were NAP, PHEN, FLR and PYR, and the LMW PAHs 

comprised 44% of the total ∑16PAH concentration of 1 477 ng/L for sample M1A.  The truly 

dissolved and colloidal phases were enriched in LMW PAHs and the particulate phase was 

dominated by the HMW species as shown for sample M1A in Figure 4.23. 

 

 

FIGURE 4.23  Concentrations of each of the 16 PAHs in the truly dissolved, colloidal 
and particulate phases for sample M1A taken in the Reid Avenue catchment during the 
3 April 2001 storm event 

 

 

The sample from the Parklands catchment (M2A) had higher concentrations of SS and iron 

compared to those measured in the Reid Avenue catchment (sample M1A), but it had 

significantly lower concentrations of DOC, total ∑16PAH, total and dissolved lead, copper 

and zinc.  This may be due to the fact that the Parkland catchment is a relatively new 

residential sub-division that may have a greater percentage of bare or recently vegetated 

0

50

100

150

200

250

C
o

n
ce

n
tr

a
ti

o
n

 (
n

g
/L

)

N
A

P

A
C

Y

A
C

E

F
L

P
H

E
N

A
N

T

F
L

R

P
Y

R

B
a

A

C
H

Y

B
b

F

B
kF

B
a

P

D
B

A

B
P

Y

IN
P

[PAH]particulate c[PAH]colloidal c[PAH]truly dissolved



 149

ground.  Being a relatively small catchment, and containing no major arterial roads, the 

Parkland catchment will not have as high traffic densities as those experienced in the Reid 

Avenue catchment and hence the build-up of PAHs, lead, copper and zinc on the roads of the 

Parkland catchment will be less.  Sample M2B, taken 30 m downstream of the discharge point 

in a tributary of the Owhiro Stream, contained very low concentrations of all contaminants 

which were similar to those measured in the Water of Leith during baseflow conditions.  The 

flow from the drain from the Parkland catchment had largely stopped by the time this sample 

was taken and therefore the sample was predominately reflecting the input of contaminants 

from the rural areas upstream of the discharge point. 

 

4.6 Correlations Between the Stormwater Parameters 

 

Correlations between the stormwater parameters were assessed using the Spearman rank-

order correlation coefficient (Section 4.2.1).  The analysis was conducted only for the data 

from the Portobello Road site because insufficient data was available for the Water of Leith 

and Mosgiel sites.  The stormflow data at the Portobello Road site was analysed separately 

from the baseflow data as the two sets of data represent quite different conditions within the 

stormwater drain.  

 

4.6.1 Stormflow Conditions 

 

The results of the correlation analysis are shown in Table 4.11 for the stormflow data.   

 

The flow rate in the drain was correlated with a number of parameters.  pH was negatively 

correlated with flow during stormflow conditions, confirming the visual trends in the time 

series graphs.  SS and the total concentrations of lead, copper and zinc were also correlated 

with the flow has been reported in previous studies (Williamson, 1985; Shinya et al., 2000; 

Mosley and Peake, 2001).  In agreement with the findings of Foster et al. (2000), the 

concentrations of particulate ∑16PAHs were correlated to the flow, but the concentrations of 

dissolved ∑16PAHs were not.   

 

SS was positively correlated with the total concentrations of lead, copper and zinc during 

stormflow conditions.  The concentrations of dissolved, particulate and total ∑16PAH were 

also correlated with SS, which suggests that SS is a major controlling variable in stormwater.  

The total concentrations of copper and zinc were positively correlated with their dissolved 
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concentrations (<0.4 µm fraction) but this was not the case for lead.  All the dissolved metal 

concentrations were correlated with each other, but they were not correlated with the 

dissolved ∑16PAH concentrations.  The concentrations of dissolved ∑16PAH were however 

correlated with the concentrations of total lead and total copper, suggesting a possible 

common source for these contaminants.  The concentrations of dissolved ∑16PAHs were 

correlated with the concentrations of particulate ∑16PAHs which is contrary to the findings of 

a number of other studies (Eganhouse and Kaplan, 1981; Striebel et al., 1994; Smith et al., 

2000). 

 

None of the parameters, with the exception of dissolved copper levels, were significantly 

correlated with DOC levels, suggesting that DOC exerts little influence on the chemistry of 

the contaminants.  The association of dissolved copper and DOC had been previously 

reported by Striebel et al. (1994).  POC exhibited a strong negative correlation with SS, which 

may be due to rainfall washing significant levels of clay minerals into the stormwater system.  

POC also exhibited a similar negative correlation with the levels of total lead, total copper and 

total zinc, and the concentrations of particulate and total ∑16PAH.  This was a particularly 

interesting result because it has been previously suggested that particulate PAHs are thought 

to be adsorbed to, or trapped within, organic carbon rich soot particles from motor vehicle 

emissions and other combustion sources (Gustafsson et al., 1997; Krein and Schorer, 2000). 

 

4.6.2 Baseflow Conditions 

 

The number of significant correlations between the parameters were fewer during baseflow 

conditions (Table 4.12).  Total copper and total lead were correlated to each other, but were 

not correlated with the levels of SS, total zinc, dissolved ∑16PAH, particulate ∑16PAH or 

total ∑16PAH.  There was a significant correlation between dissolved ∑16PAH levels and 

particulate ∑16PAH levels.  In contrast to the stormflow conditions, total zinc concentrations 

were significantly correlated with dissolved ∑16PAH, particulate ∑16PAH and total 

∑16PAH concentrations. 

 



 

TABLE 4.11  Spearman rank-order correlation coefficients between the various stormwater parameters measured at the Portobello Road 
stormwater drain – Stormflow data (only the significant correlations are reported) 
 
  SS pH DOC POC Pb Cu Zn ∑16PAH 
        <0.4 µm total <0.4 µm total <0.4 µm total dissolved particulate total 
Flow  0.42** -0.63** - - 0.53** 0.57** - 0.58** - - - 0.49** - 

SS   - - -0.95** - 0.78** - 0.77** - 0.29* 0.55* 0.91** 0.85** 
pH    - -0.75** -0.52* - -0.46* -0.48* - - - - - 
DOC      - - 0.53* - - - - - - 
POC      -0.78* -0.72* - -0.68* - -0.92** - -0.80** -0.79** 
Pb <0.4 µm      - 0.33* 0.44** 0.47** 0.60** - 0.80** 0.75** 
 total Pb       -0.41* 0.84** - 0.32** 0.68** 0.97** 0.92** 
Cu <0.4 µm        - 0.61** - - - - 
 total Cu          0.53** 0.62** 0.90** 0.85** 
Zn <0.4 µm          0.70** - - - 
 total Zn           - - - 
∑16PAH  dissolved            0.63** 0.81** 
 particulate             0.94** 

total ∑16PAH              
**  Correlation is significant at p≤0.01 (2-tailed). 
*  Correlation is significant at p≤.05 (2-tailed). 
 



 
TABLE 4.12  Spearman rank-order correlation coefficients between the various stormwater parameters measured at the Portobello Road 
stormwater drain – Baseflow data (only the significant correlations are reported) 
 

  pH DOC POC Pb Cu Zn ∑16PAH 
      <0.4 µm total <0.4 µm total <0.4 µm total dissolvedparticulate total 
SS  - - - - - - - - 0.82** .83** - - 

pH   - - - - - - -1.00** - - - - 
DOC    - - - - - - - - - - 
POC     - - - - 1.00** - - - - 
Pb <0.4 µm     - - - - - - - - 
  total Pb      - 0.89** - - - - - 
Cu <0.4 µm       - - - - - - 
  total Cu        - - - - - 
Zn <0.4 µm         0.78** - - - 
  total Zn          1.00** 1.00** 1.00** 
∑16PAH  dissolved           0.94** 0.94** 
  particulate            1.00** 

total ∑16PAH             
**  Correlation is significant at p≤0.01 (2-tailed). 
*  Correlation is significant at p≤.05 (2-tailed). 
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4.7 Comparisons Between the Sites  

 

The median values for the various contaminants for the different sites are shown in 

Table 4.13.  For the Portobello Road stormwater drain and the Water of Leith, the median 

contaminant concentrations for both baseflow and stormflow conditions are shown.  For the 

two catchments in Mosgiel, only the values for the single grab samples taken in the 

stormwater drains themselves are shown (M1A and M2A) as these will provide the best 

comparison with the data from the other two sites. 

 

TABLE 4.13  Comparison of the baseflow (BF) and stormflow (STW) median concentrationsc 
and average stormflow EMCs (STW EMC) of the contaminants measured at the Portobello 
Road, Water of Leith, and Mosgiel sites (shaded areas relate to stormflow data) 
 
   Portobello Road Water of Leith Mosgiel 

   BF STW STW

EMC 

BF STW STW

EMC 

M1A M2A 

Bulk Parameters         

pH   7.6 7.5  7.8 7.3  6.9 7.0 

SS (mg/L)  13 28 53 6.0 83 78 153 403 

DOC (mg C/L)  7.9 11 13 2.0 4.5 4.0 17 3.8 

POC (%)  15 16  13 9  13 3 

Metals         

Pb (µg/L) total 3.2 21 73 0.8 19 19 110 11 

  <0.4 µm 0.7 1.8  <MDL 1.0  2.9 <MDL 

Cu (µg/L) total 10 30 58 1.3 17 16 56 7.9 

  <0.4 µm 6.5 11  1.1 4.9  9.1 0.6 

Zn (µg/L) total 218 895 1026 <MDL 101 91 770 110 

  <0.4 µm 142 703  <MDL <MDL  247 <MDL 

Cr (µg/L) total 1.3 2.9 6.3 <MDL 2.9 3.0 8 12 

Mn (µg/L) total 265 189 259 20 295 230 236 327 

Ni (µg/L) total 2.8 2.3 3.7 <MDL 2.6 2.3 11 10 

Cd (µg/L) total 0.20 0.29 0.54 <MDL 0.13 0.11 0.53 0.09 
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TABLE 4.13  continued 
 
   Portobello Road Water of Leith Mosgiel 

   BF STW STW

EMC 

BF STW STW

EMC 

M1A M2A 

As (µg/L) total 1.7 2.4 3.8 <MDL 1.1 1.0 4.4 5.3 

Fe (mg/L) total 1.7 3.5 4.5 0.4 2.5 2.5 6.7 11 

Na (mg/L)  108 15 29 14 14 14 6.2 2.5 

Mg (mg/L)  17 3.0 5.8 5.6 6.7 6.0 2.1 1.7 

K (mg/L)  8.7 2.1 3.7 1.48 2.5 2.2 2.6 0.9 

Ca (mg/L)  52 10 19 9.7 13 12 8.9 6.7 

PAHs         

∑16PAHa  Part. 863 1609  13 487  1158 313 

 (ng/L) Diss. 1769 930  36 60  319 104 

Total PAHb LMW 1036 1277 5147 34 94 92 659 200 

 (ng/L) HMW 948 1779 11564 15 455 452 818 217 

Total ∑16PAH (ng/L) 1984 3056 16710 49 549 544 1477 417 
a  ∑16PAH sum the concentrations of all 16 PAHs 
b  Total = sum of the individual sample’s “dissolved” + particulate concentrations 
c  The precision of the measurements, as assessed by the Relative Standard Deviation (RSD) for a pair of 
replicate samples taken during each sampling session, was on average <12% for each analyte.  See comments in 
Sections 2.3, 2.4.3.6 and 3.5 for more details. 

 

 

As discussed earlier (Section 4.4.1), the median baseflow concentrations in the Water of Leith 

are considerably lower than those in the Portobello Road stormwater drain, by an order of 

magnitude for many of the metals and two or three orders of magnitude for the PAHs.  This 

contrast is likely to be due to the differences in the predominant land use of the catchments 

and the rate of flow during baseflow conditions.  The land use in the Portobello Road 

catchment is almost 100% urban and as this water (only 1 L/s) drains through the catchment, 

it will leach contaminants from sediments trapped in the stormwater system (particularly if 

these contain significant amounts of oil and grease trapped with them (Kumata et al., 2000)).  

In contrast, the Leith catchment has 83% of its land use in rural land or scenic reserve.  These 

land use types do not contribute significantly to the loadings of metals and PAHs in the Water 

of Leith as shown by the results for samples taken in the upper reaches of the catchment 

during stormflow conditions (Section 4.4.2.1).  The baseflow in the Water of Leith is much 

larger than that for Portobello Road and is most likely to originate predominately from the 

large areas of rural land and scenic reserve.  In the lower reaches of the catchment in the 

vicinity of the of sampling site, the baseflow inputs of contaminants from the urban areas will 
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be diluted significantly by the larger volumes of less contaminated water originating from 

further up in the catchment. 

 

During stormflow conditions, both the median concentration and EMC for SS were 

significantly higher in the Water of Leith than at the Portobello Road site.  Because it is 

dominated by urban land use, the Portobello Road catchment will have a much larger 

percentage of impervious area (streets, paved areas and roofs) and thus the sediment supply is 

likely to be more limited.  The median stormflow concentrations of total and dissolved lead 

were similar at both sites, but the EMC for total lead was significantly greater for the 

Portobello Road site.  A similar pattern was observed for total and dissolved copper levels.  

Zinc on the other hand, exhibited a significantly higher median stormflow concentration and 

EMC at the Portobello Road stormwater drain.  The differences between the two catchments 

in terms of the levels of these heavy metals are again likely to be a reflection of the 

predominant land use within the catchments.  While the sediment supply appears to be more 

limited in the Portobello Road catchment, due to its predominately urban land use, the 

sediment that is available is more contaminated.  For example, when the heavy metal content 

of the SS is calculated (see Section 2.3.1.3 for the calculation) the median concentrations at 

Portobello Road are 620 µg/g for lead, 546 µg/g for copper and 6 400 µg/g for zinc.  The 

corresponding concentrations for the Water of Leith are 227 µg/g for lead, 152 µg/g for 

copper and 1 190 µg/g for zinc.   

 

The differences between the two sites for the median concentrations and EMC values for the 

other metals showed the same patterns as that for lead, copper and zinc but the differences 

were less pronounced. 

 

The median stormflow concentration and EMC for total ∑16PAH were significantly higher 

for the Portobello Road stormwater drain than that for the Water of Leith.  Of particular note 

is the very high EMC for total ∑16PAH of 16 710 ng/L which was 30 times that found for the 

Water of Leith.  The SS being washed from the Portobello Road catchment during stormflows 

contained 41 µg/g of total ∑16PAH (median, data not shown) whereas that from the Leith 

catchment contained 5.7 µg/g of total ∑16PAH, once again indicating the influence of land 

use on the contaminant levels. 

 

The concentrations of the contaminants in the samples taken from the Reid Avenue (M1A) 

and Parklands (M2A) catchments in Mosgiel were generally similar to the median stormflow 
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concentrations for the Portobello Road site, except for the levels of SS, lead and copper which 

were higher for sample M1A.  The concentrations of SS, lead and copper in sample M1A 

were however within the range of those measured at the Portobello Road site.  An exception 

to these general findings was for chromium and nickel which were present in both samples 

M1A and M2A at concentrations two to three times higher than those measured at either the 

Portobello Road or Water of Leith sites.  These results were however within the range 

reported by Mosley (1999) in the nearby Kaikorai catchment.   

 

It was of interest to study the partitioning of the heavy metals and PAHs between the 

dissolved and particulate fractions in the present work as this may influence the fate and 

environmental effects of the contaminants.  The mean percentage of the total metal 

concentration that was present in the dissolved fraction (<0.4 µm) for lead, copper and zinc 

for the Portobello Road, Water of Leith and Mosgiel sites for both baseflows and stormflows 

are shown in Table 4.14.  Also shown are the mean percentages of ∑16PAH in the dissolved 

fraction (truly dissolved plus colloidal phases or <0.7 µm) for baseflows and stormflows at 

each site. 

 

TABLE 4.14  Comparison of the mean percentage of “dissolved” lead, copper, zinc and ∑16PAH 
during baseflows (BF) and stormflows (STW) at the Portobello Road, Water of Leith and 
Mosgiel sites (shaded areas relate to stormflow data) 
 
Contaminant Portobello Road Water of Leith Mosgiel 

 BF STW BF STW M1A M2A 

% Dissolved Pb 13 11 14 5 3 0 

% Dissolved Cu 51 41 64 25 16 8 

% Dissolved Zn 75 75 <MDL 0 32 0 

% Dissolved ∑16PAH  67 37 71 9 22 25 

 

There was only a slight reduction in the mean percentage of dissolved lead when moving from 

baseflow to stormflow conditions at the Portobello Road site in agreement with the findings 

of Mosley and Peake (2001).  There was no difference for dissolved zinc between the two 

flow regimes at this site.  The percentage of dissolved copper, and in particular the percentage 

of dissolved ∑16PAH, decreased during stormflows suggesting a change in partitioning had 

occurred.   

 

The mean percentages of the contaminants in the dissolved fraction for baseflow samples 

taken in the Water of Leith were similar to those during baseflows at Portobello Road, with 
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the exception of zinc whose dissolved concentrations were below the limit of detection of the 

ICP-AES.  During stormflow conditions in the Water of Leith, there was significantly less 

material in the dissolved fraction for each of the contaminants compared to that during 

baseflows.  The average figures for dissolved lead levels are similar in magnitude to those 

reported earlier for this site by Reid (1990) and show a similar level of decrease with the onset 

of stormflow conditions.  For copper and ∑16PAH, the decrease in the percentage present in 

the dissolved phase was significantly greater than that seen at the Portobello Road site, 

suggesting that a greater change in the partitioning between the particulate and dissolved 

phases had occurred with the onset of rainfall.   

 

The significance of the dissolved phase for the contaminants present in the Mosgiel stormflow 

samples was similar to that measured at the other sites. 

 

4.8 Comparisons to Stormwater Data Reported in the Literature 

 

Comparisons of the contaminant concentrations measured in the present study during 

baseflow conditions with those reported in the literature have already been discussed earlier 

for the Portobello Road and Water of Leith sites in Sections 4.3.2 and 4.4.1. 

 

The most comprehensive review of published urban stormwater stormflow data (involving a 

summary of the results of 140 studies on urban stormwater) to be reported in the last decade is 

that of Makepeace et al. (1995).  The minimum and maximum concentrations at the various 

sites monitored in the present study (presented in Tables 4.3 through to 4.10) fit within the 

lower end of the ranges reported by Makepeace et al. (1995) with two notable exceptions.  

The first concerns the levels of total zinc, whose maximum concentration of 18 549 µg/L or 

18.5 mg/L measured at the Portobello Road site is close to the upper end of the range 

(maximum 22 mg/L) reported by Makepeace et al. (1995).  In a recent study by Gromaire-

Mertz et al. (1999) undertaken in Paris, maximum zinc concentrations of up to 38 mg/L were 

reported for runoff from zinc roofing.  This suggests that the zinc galvanised roofing materials 

which are very common on New Zealand buildings (both urban and commercial/industrial) 

may be a major source of zinc in the Portobello Road catchment. 

 

The second exception is for total ∑16PAH, for which a maximum concentration of 

1 050x103 ng/L or 1 mg/L was recorded, again at the Portobello Road site.  This value was 

almost two orders of magnitude higher than the maximum value of 13x103 ng/L reported at 
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any site by Makepeace et al. (1995).  Several more recent studies have also reported high 

concentrations for total PAHs.  Kumata et al. (2000) reported a maximum total concentration 

of 20x103 ng/L for 11 PAHs (PHEN to INP) in highway runoff from Tokyo, Japan.  This was 

similar to the maximum concentration of 30x103 ng/L reported by Shinya et al. (2000) for 

urban highway runoff in Osaka, Japan, during the initial stages of a storm event.  Crunkilton 

et al. (1997) reported a maximum concentration of nearly 47x103 ng/L for 15 PAHs (ACE to 

INP) in an urban stream in Wisconsin, USA.  In a much earlier study, Gavens et al. (1982) 

reported a maximum concentration of 18 mg/L for five PAHs in urban stormwater from a 

London catchment. 

 

While the range of the stormflow data determined in the present study for PAHs was extreme, 

the median concentrations portray a different picture.  The median total ∑16PAH 

concentration of 3 056 ng/L is close to the median value of 2 379 ng/L reported by 

Grynkiewicz et al. (2002) for an urban stormwater monitoring site in Poland.  Ngabe et al. 

(2000) reported a geometric mean concentration of 3 050 ng/L for 14 PAHs in stormwater 

from an urban catchment in the city of Columbia, South Carolina, USA. 

 

The very high concentrations of total Zn and total ∑16PAHs discussed earlier were both 

recorded during the 3-5 December 1999 storm event at the Portobello Road site.  A possible 

explanation for these very high concentrations is discussed in Section 5.2.  While lower in 

magnitude compared to the levels measured on 3-5 December 1999, the total ∑16PAH 

concentration at this site was again measured at very high levels (40x103 ng/L and 

23x103 ng/L) in two samples collected during the 7 December 2000 storm event.  These 

concentrations are similar to the maximum total PAH concentrations mentioned previously in 

several recent studies (Crunkilton and DeVita, 1997; Kumata et al., 2000; Shinya et al., 2000) 

and show that such high concentrations do occur at the Portobello Road site with some 

regularity.  In contrast with the samples taken during the 3-5 December event, these 

7 December samples did not contain significantly elevated levels of zinc and other heavy 

metals. 

 

A more representative comparison between the results of the stormflow contaminant 

concentrations measured in the present study with those reported in the literature would be to 

compare the EMC values.  The mean EMC values for the principal stormwater contaminants 

(SS, total ∑16PAHs, total lead, total copper and total zinc) for both the Portobello Road site 

and the Water of Leith in comparison with the mean values reported in the literature are given 
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in Table 4.15.  For SS, total lead and total copper, the EMC values from both sites fit within 

the range of values measured elsewhere in New Zealand and around the world.  For the Water 

of Leith, the EMC values for total zinc and total ∑16PAH also fit within the range of the 

reported values.  For the Portobello Road site, the mean EMC value for total zinc was almost 

2-fold higher than the average EMC values reported in the literature.  It was however 

comparable to the maximum EMC of 1 191 µg/L measured by Shinya et al. (2000) in Osaka, 

Japan.  The mean EMC for total ∑16PAHs was also almost twice the mean values reported in 

the literature, but was within the range of individual EMC values of 2 600 to 18 900 ng/L 

reported by Marsalek (1990) for urban stormwater runoff. 

 
TABLE 4.15  Comparison of the average event mean concentrations determined in the present 
study with those reported in the literature 
 
 This Study Literature Location Reference 

 Portobello 

Road EMC 

Water of 

Leith EMC 

EMC   

SS 50 78 87 NZ A 
(mg/L)   138 NZ B 
   63 Japan C 
   93 France D 
Total ∑16PAH 16710 544 1278 Japan C 
(ng/L)   6950 Canada E 
   1000 NZ B 
   9000 USA F 
Total Lead 73 19 36 NZ A 
(µg/L)   210 NZ B 
   34 Japan C 
   155 Canada E 
   133 France D 
Total Copper 58 16 23 NZ A 
(µg/L)   66 Japan C 
   41 Canada E 
   61 France D 
Total Zinc 1026 91 279 NZ A 
(µg/L)   192 NZ B 
   645 Japan C 
   263 Canada E 
   550 France D 
A  (Mosley and Peake, 2001) 
B  (Williamson, 1985) 
C  (Shinya et al., 2000) calculated mean of four values given in paper 
D  (Gromaire-Mertz et al., 1999) 
E  (Marsalek, 1990) 
F  (Walker et al., 1999) 
 

The mean percentages of the principal contaminants in the dissolved fraction (Table 4.14) are 

generally similar to those reported in the literature.  For example, Mosley and Peake (2001) 
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reported that for baseflow conditions in a small urban New Zealand catchment, the mean 

percentages of lead, copper and zinc in the dissolved phase were, 21%, 92%, and 72% 

respectively.  During stormflow conditions, the corresponding figures were 16%, 52% and 

58%.  Wuest et al. (1994) and Harrison and Wilson (1985), reported similar percentages of 

these metals in the dissolved phase for street and highway runoff in Germany and England 

respectively.   

 

HMW PAHs in urban stormwater are often reported to be largely (80-90%) associated with 

the particulate phase (Hoffman et al., 1984; Latimer et al., 1986).  However, the contribution 

of the dissolved phase, while being extremely variable, has been reported to contribute as 

much as 40% of the total concentrations of HMW PAHs (Striebel et al., 1994; Wuest et al., 

1994).  Based on the partitioning of PAHs occurring in water-sediment suspensions in 

experimental systems, greater percentages in the dissolved phase would be expected for the 

more soluble LMW species (Karickhoff et al., 1979).   

 

No reports appear to exist where the distribution between the particulate and dissolved phases 

has been reported for the 16 PAHs as measured in the present study.  Kumata et al. (2000) 

reported that dissolved PAHs comprised 1 to 28% of the total concentration of eleven 3-6 ring 

PAHs (PHEN to INP) measured in motorway runoff in Tokyo.  Foster et al. (2000) reported 

that 6% of the total concentration of 18 PAHs measured in an urban river receiving 

stormwater inputs was present in the dissolved phase.  Crunkilton et al. (1997), using an 

equilibrium partitioning model, calculated that 56% of the total concentration of 15 PAHs 

(ACE to INP) was present in the dissolved phase during baseflows in a small urban stream in 

Wisconsin, USA.  At high flows, they calculated that 48% of the total PAHs was present in 

the dissolved phase.   

 

During stormflows, the mean percentages of dissolved PAHs for Portobello Road and the 

Mosgiel catchments (Table 4.14) were similar to, but slightly higher than that reported for 

highway runoff in Japan by Kumata et al. (2000).  The results for the Leith during stormflows 

were of the same magnitude as those reported for a similar urban stream in Wisconsin, USA, 

by Foster et al. (2000).  However, during baseflow conditions at the Portobello Road and 

Leith sites, the percentage present in the dissolved phase was significantly higher than any 

values previously reported in the literature.  This difference in the partitioning may be due to 

the increased adsorption of the PAHs to the DOC present in the stormwater.  This will be 

investigated in more detail in Section 5.3 where differences in the partitioning of the PAHs 
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(amongst the truly dissolved, colloidal and particulate phases) between baseflows and 

stormflows will be examined, and the influence of the DOC on the partitioning constants will 

be discussed. 

 

4.9 Annual Contaminant Loadings 

 

The annual contaminant loadings and the calculated annual contaminant yield per hectare for 

the Portobello Road and Leith catchments are shown in Table 4.16.  Marsalek (1990) notes 

the importance of examining any relationship between storm event volumes and event mean 

concentrations when conducting loading calculations.  If a relationship is present, methods 

more complex than the direct average method must be used.  Calculation of the Spearman 

rank-order correlation coefficient for the storm event volume and EMC data for each 

contaminant at the Portobello Road site confirmed that these parameters behaved 

independently of one another (p>0.05). 

 

TABLE 4.16  Annual contaminant loads and annual yield per hectare for the Portobello Road 
and Leith catchments. 
 
Load Contaminant 

  SS Total Pb Total Cu Total Zn Total 

∑16PAH  

Portobello Road catchment 

Baseflow load (kg/yr) 410 0.10 0.33 6.87 0.06 

Stormflow load (kg/yr) 30.7x103 98.4 71.9 1100 11.7 

Total load (kg/yr) 31.1x103 98.5 72.2 1107 11.8 

Yield/hectare based on total catchment area of 486 ha 
 (kg/ha/yr) 64.0 0.20 0.15 2.28 0.02 

Leith catchment 

Baseflow load (kg/yr) 37.8x103 5.05 8.20 0 0.31 

Stormflow load (kg/yr) 74.1x103 18.1 15.2 86.5 0.52 

Total load (kg/yr) 112x103 23.1 23.4 86.5 0.82 

Yield/hectare based on total catchment area of 4 555 ha 
 (kg/ha/yr) 24.6 0.005 0.005 0.019 2x10-4 

Yield/hectare based on urban area of approximately 774 ha 
 (kg/ha/yr) 145 0.03 0.03 0.112 1.1x10-3 

Ratio Portobello catchment yield/hectare to Leith catchment urban area yield/hectare  

  0.4 7 5 20 23 
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Despite the relatively high median baseflow concentrations at the Portobello Road site, the 

estimated annual baseflow loadings of the contaminants appear to contribute little to the total 

annual load (0.1-1% of total load).  The total load of pollutants being discharged into the 

upper Otago Harbour by this stormwater drain is quite high.  An estimated 31 tonnes of SS, 

100 kg of lead, 72 kg copper, 1 tonne of zinc and 12 kg of PAHs are discharged per year from 

this drain alone.  Williamson (1993) presents low, average and high values for the expected 

yield per hectare of contaminants from New Zealand urban areas based on local and 

international data.  The yield per hectare from the Portobello Road catchment for SS was at 

the low end of the range of yields and is representative of a mature urban catchment with little 

or no construction work occurring within it.  The yield per hectare for total lead was close to 

the average figure, while that for copper was towards the high end of the range.  The yield per 

hectare for zinc was slightly greater than the high end of the range (80th percentile) reported 

by Williamson (1993).   

 

The yield per hectare of ∑16PAH from the Portobello Road catchment was an order of 

magnitude higher than that reported by Williamson (1993) for a residential area in Hamilton, 

New Zealand.  The yield per hectare was part-way between the values of 0.006 kg/ha/yr for 

commercial land use and 0.08 kg/ha/yr for heavy industrial areas reported by Novotny (1991) 

for stormwater in the USA.  The yield for a busy highway was reported by Novotny (1991) to 

be 0.18 kg/ha/yr.  The yield per hectare of ∑16PAH from the Portobello Road catchment 

indicates that either there is a high vehicle density in this catchment and/or the contribution 

from one or more point sources of PAHs. 

 

For the Water of Leith, the total load of SS of 112 tonnes per year was three times that from 

the Portobello Road catchment.  The total loads of lead and copper were approximately one 

third those from the Portobello Road catchment, while the total loads of zinc and ∑16PAH 

were less than one tenth of those from the Portobello Road catchment.  The percentage 

contribution of the baseflow loadings to the total loading for the Water of Leith ranged from 

0% for total zinc to 37% for total ∑16PAH.  The estimated annual yields per hectare of each 

of the contaminants (including SS) were at the very low end of those reported by Williamson 

(1993).  These results again illustrate the fact that the large area of rural and scenic reserve 

land that comprises 83% of the Leith catchment contributed little in the way of contaminants 

with the possible exception of SS.   
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There was also appeared to be a pronounced difference in the contaminant loadings from the 

urban areas of the two catchments.  The Portobello Road catchment has a 100% urban land 

use, whereas the Leith catchment has approximately 17% of its area in urban land use.  

Recalculating the yield per hectare figures for the Water of Leith using the urban area of 

774 ha and assuming that all the contaminants originated from the urban area (a reasonable 

assumption for all except SS) resulted in values that were six times higher (Table 4.16).  

However, for total lead, total copper, total zinc and total ∑16PAH the recalculated annual 

yields per hectare were still 5-23 times lower (Table 4.16) than those from the Portobello 

Road catchment.  This suggests that the intensity of the urban activities is greater in the 

Portobello Road catchment than that in the urban areas of the Leith catchment or there are 

additional sources of one or more of the contaminants in the Portobello Road catchment.   

 

The observed differences in the yield per hectare of zinc for the two catchments may be 

explained by the percentage of roofed surface in the urban areas each catchment.  The 

Portobello Road catchment contains several suburbs that are amongst the most densely settled 

urban areas in New Zealand.  The mean percentage of roofed area in these suburbs is 30-35% 

whereas that in the urban areas of the Leith catchment would be expected to be closer to the 

typical value of 20-25% that is observed in most residential areas (Schmid, 2002).  Higher 

traffic densities may explain the higher yields of copper, lead and PAHs from the Portobello 

Road catchment.  However, a contribution to the yield of PAHs from an old industrial site in 

the Portobello Road catchment was suspected and will be discussed further in Section 5.1. 

 

This analysis also shows that the Water of Leith is not the major source of stormwater 

contaminants (at least not those measured in the present study) into the Upper Otago Harbour, 

particularly once all the discharges from the other urban catchments (see Figure 2.1) in 

addition to those from the Portobello Road catchment are considered. 

 

4.10 Road Debris 

 

Large mudtanks, or sumps, are located underneath all roadside stormwater grates in Dunedin.  

These mudtanks collect a considerable portion of the material that washes off the streets and 

other surfaces into the stormwater system and as a result, they require periodic cleaning.  It 

was of interest to compare the chemical content of the sediment collected from these 

mudtanks to the suspended sediment sampled in the stormwater system itself.  The effluent 
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that discharges back into the stormwater system during the cleaning of the mudtanks, and the 

material swept off the streets by sweeper trucks, was also sampled as outlined in Section 2.2. 

 

The results for the material collected from within the mudtanks themselves for six zones 

around the city are given in Table 4.17.  In general terms, the sediments from the 

residential/commercial/industrial areas had the highest metal concentrations, particularly for 

the Dunedin central business district (CBD) zone.  This finding was not unexpected given the 

higher traffic densities in this area.  The predominately residential zones generally exhibited 

the lowest levels of heavy metals.   

 

TABLE 4.17  Mudtank sediment contaminant concentrations 
 
Sample No. S1 S2 S3 S4 S5 S6 

Map Zone North 4 North 1 South 1 North 5 South 4 South 6 

Name  CBD NE Valley Green Island Mornington Sth Dunedin Waverly 

Land UseTypea R/C/I R R/C R/C R/C/I R 

Metals (µg/g dry wt)      
Lead 527 296 119 376 129 127 

Copper 464 129 188 88 116 87 

Zinc 1018 259 241 496 309 252 

Arsenic 12 11 11 12 12 10 

Chromium 24 34 11 24 12 11 

Nickel 12 12 33 12 12 11 

Cadmium 7 6 6 6 6 6 

Iron 11920 10147 10291 9267 8226 9841 

Manganese 363 410 376 337 418 347 

PAHs (ng/g dry wt)      
LMW 3030 1430 860 3040 1290 620 

HMW 7610 4430 2340 8530 4310 1650 

Total ∑16PAH  10640 5860 3190 11570 5600 2270 
a  R = Residential, C = Commercial, I = Industrial 

 

 

PHEN, FLR and PYR were the predominant PAHs measured in all the samples (data not 

shown).  The LMW PAHs were always present with a lower abundance than the HMW 

species, with the ratio LMW/HMW varying from 0.3 to 0.4.  The sediments from the CBD 

zone again contained higher contaminant concentrations than all zones except those for 

Mornington.  It is not clear why North Zone 5 Mornington (see Figure A-3, Appendix A) had 
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the highest concentrations of PAHs.  Waverly had low PAH levels, but there was less 

distinction between the other four areas based on the predominant land use. 

 

The results of the analysis of the material swept from the streets and the suction tanker 

effluent are shown in Table 4.18.  The suction tanker effluent was allowed to settle to mimic 

the potential chemical changes that would occur if retention/sedimentation ponds were used to 

treat it.  

 

TABLE 4.18  Street sweepings (<2 mm) and suction tanker effluent settled solids 
heavy metal concentrations  
 
Sample Street Sweepings Suction Tanker Effluent 

Settled Solids 

 STSWP 1 STSWP 2 STSWP 3 DCC 1 DCC 2 

Metals (µg/g dry wt)     

Lead 204 283 381 234 289 

Copper 50 128 208 132 152 

Zinc 730 535 319 1325 1051 

Arsenic <10 <10 <10 <10 <10 

Chromium 13 31 63 24 33 

Nickel 11 11 10 20 24 

Cadmium 1 1 <1 <1 <1 

Iron 13810 14200 15490 19230 22030 

Manganese 441 383 424 473 540 

PAHs (ng/g dry wt)     

LMW 690 760 620 1740 2360 

HMW 5360 3060 2710 1253 9620 

Total ∑16PAH  6050 3820 3330 1427 1198 

 
 
The concentrations of metals and PAHs measured in the street sweeping material, and the 

settled solids from the suction tanker effluent, were similar to those found in the mudtank 

sediments.  This was not unexpected as a large proportion of the material washed off the roads 

will be collected in the mudtanks.  FL and PYR were still the most abundant PAHs but INP 

was often more abundant than PHEN (data not shown).  The ratio LMW/HMW varied from 

0.1 to 0.3. 
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The results for the supernatant liquid overlying the settled solids from the suction tanker 

effluent are shown in Table 4.19.  In conjunction with the settled solids results given in 

Table 4.18, these results give an indication of the contaminant levels likely to be present in 

each fraction if a settlement pond was used to treat this effluent.  Also shown are the “total” 

concentrations present in the effluent if settlement was not used.  These later values are 

considerably higher due to the influence of the highly-contaminated settled solids being 

included in the calculation. 

 

TABLE 4.19  Suction tanker effluent contaminant concentrations 
 
Sample Suction Tanker Effluent  

 Supernatant Liquid Total Concentration 

(includes settled solids) 

 DCC 1 DCC 2 DCC 1 DCC 2 

Metals (µg/L)     
Lead 350 210 8400 26000 

Copper 180 150 4700 14000 

Zinc 2100 780 48000 95000 

Arsenic <2000 <2000 <48000 <250000 

Chromium <50 <50 <1200 <6200 

Nickel 210 20 870 2200 

Cadmium <3 <3 <70 <370 

Iron 12600 13000 675000 1900000 

Manganese 1600 1100 18000 49000 

PAHs (ng/L)     
LMW 1820 950 60000 176000 

HMW 5860 3300 456000 717000 

Total ∑16PAH  7680 4250 516000 893000 

 

 

Sufficient data were available to calculate Spearman rank-order correlation coefficients to test 

for relationships between the contaminants in the mudtank sediments (Table 4.20).  The levels 

of iron, manganese, cadmium, nickel and chromium did not shown significant correlations 

with any other variable (p>0.05) and have been excluded from the table.  The levels of LMW 

and HMW PAHs exhibited the same correlations as those for ∑16PAH and have also been 

excluded. 
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TABLE 4.20  Spearman rank-order correlation coefficients 
between lead, copper, zinc, arsenic and ∑16PAH for the 
mudtank sediments (only significant correlations are reported) 
 
 Cu Zn As ∑16PAH 

Pb - 0.94** - 0.89* 

Cu  - - - 

Zn   0.83* 0.83* 

As    - 

∑16PAH     

**  Correlation is significant at p≤0.01 (2-tailed). 
*  Correlation is significant at p≤.05 (2-tailed). 
 

The levels of lead, zinc and ∑16PAH exhibited significant correlations with each other.  In 

contrast to the results for stormflow samples collected at the Portobello Road site, copper 

levels were not correlated to those of either lead or zinc, nor were they correlated with 

∑16PAH levels.  Arsenic levels in the mudtank sediments were correlated with those of zinc. 
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Chapter 5 Discussion 

 

5.1 Contaminant Fingerprinting 
 
5.1.1 Introduction 

 

Motor vehicle emissions, drips of crankcase oil, the wear of motor vehicle tyres and the 

asphalt road surface, can all be sources of PAHs and heavy metals in urban environments 

which are washed into the stormwater system during rainfall.  Other diffuse sources of these 

contaminants can include the emissions from domestic fires, the spillage or deliberate 

dumping of waste oil, and the corrosion of roofing materials.  Specific point sources, such as 

electroplating workshops, gasworks and commercial incineration may also exist in 

catchments.  Contaminant “fingerprinting”, which involves the use of concentration data or 

ratios of specific contaminants, allows the potential sources of contaminants to be identified.  

The following section analyses the stormwater data collected in the present study in an effort 

to determine if the heavy metals and PAHs measured in the five catchments originate from a 

common source i.e. an urban environment where the principal sources are the emissions from 

home heating, motor vehicles and roofing materials.  It will by no means be a definitive study 

involving the sampling of a large number of potential sources.  Rather, the expected similarity 

between the road debris material and that collected in the stormwater drains will be examined 

and potential reasons put forward for any differences. 

 

5.1.2 Relative Particulate Contaminant Concentrations  

 

The median concentrations of the contaminants measured at the Portobello Road site were 

found to be 1-2 orders of magnitude higher than those in the Water of Leith (Section 4.7).  In 

addition, the calculated contaminant yields per hectare for the Portobello Road catchment 

were 1-2 orders of magnitude higher than those for Leith catchment as a whole, or 2-11 times 

higher then the estimated yields per hectare of the urban areas of the Leith catchment 

(Section 4.9).  This may be due to the differences in the predominant land use in the 

catchments, differences in the intensity of the urban activities (e.g. traffic densities) and/or the 

presence of point sources within the Portobello Road catchment.   
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Examination of the contaminant content of the SS collected at various sites has been found to 

be a simple yet effective tool for investigating any differences between the sites (Walker et 

al., 1999; Gonzalez et al., 2000; Naffrechoux et al., 2000).  The mean particulate 

concentrations of lead, copper and zinc for each of the catchments monitored are shown in 

Figure 5.1.  The results for the analysis of the road debris are also shown.   

 

For each catchment, the relative abundance of the metals was in the order 

zinc > lead > copper which has been reported previously by a number of authors for urban 

stormwater (Stone and Marsalek, 1996; Walker et al., 1999; Smith, 2001).  The same trend 

was evident in the road debris. 

 

For particulate lead, the concentrations present in the road debris were similar to those present 

in the SS from the Water of Leith and St David Street sampling sites, suggesting (as expected) 

that the road debris was the likely source for the particulate lead present in the stormwater.  

The concentrations of approximately 200 µg/g were similar to those reported by Smith (2001) 

for sediments in a stormwater detention basin in Texas, USA and are within the range of 

33-260 µg/g reported for Canadian street sediment by Stone and Marsalek (1996).  The SS 

collected at the Reid Avenue and Portobello Road sites had concentrations of lead in the range 

of 400-800 µg/g, which were higher than those measured at the other sites and in the road 

debris.  However, they were lower than the 1 800 µg/g reported by Gromaire-Mertz et al. 

(1999) for street runoff particles in Paris and the 900-1 650 µg/g reported by Williamson 

(1985) for stormwater sediments in Hamilton, New Zealand.  The latter study was conducted 

prior to the removal of lead from New Zealand petrol in the mid-1990’s. 

 

The concentrations of copper present in the SS from the Water of Leith and St David Street 

sites were similar to those measured in the road debris.  The concentration for the Reid 

Avenue sample was slightly higher but was still within the general range of that measured for 

the road debris.  However, as was the case with lead, the concentrations of particulate copper 

in the SS were 2-3 times higher for samples collected at the Portobello Road site during both 

baseflow and stormflow conditions.  The values for copper at all the sites sampled were 

however within the range of values reported in the literature.  For example, Gromaire-Mertz 

et al. (1999) reported a value of 500 µg/g for street runoff sediments in Paris and a range of 

20-700 µg/g was reported by Sansalone and Buchberger (1997) for highway runoff SS in 

Cincinnati, USA. 
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FIGURE 5.1  Comparison of the mean concentrations of Pb, Cu, Zn and PAHs for the 
road debris and in the SS collected at the stormwater sampling sites.  Error bars 
represent ± one standard error.  For the Portobello Road and Water of Leith sites BF = 
baseflow conditions and STW = stormflow conditions.  Also shown are the results for 
the two samples, taken in December 1999 and December 2000 at the Portobello Road 
site, which exhibited very high concentrations of total zinc and PAHs.  Data points with 
no error bars represent a single sample.  For the PAH concentrations in the road debris 
and the Water of Leith the error bars are not visible with the scale used 
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For zinc, the concentrations present in the street dust and mudtank sediments were within the 

range of 227-2 728 µg/g reported by Stone and Marsalek (1996) for street sediments in 

Canada.  The tanker effluent, which was the supernatant liquid that collected in the tanker 

during the cleaning of the mudtanks, contained a large amount of fine suspended particulate 

matter.  The results show that this fine material was enriched in zinc compared to the coarser 

street dust and mudtank sediments, which is in agreement with previous reports for urban 

runoff (Xanthopoulos and Hahn, 1990; Sansalone and Buchberger, 1997).  The concentrations 

of zinc in the SS from the Leith and St David Street sites during stormflows were similar to 

those in the tanker effluent solids and were within the range of 625-1 160 µg/g reported by 

Williamson (1985) for stormwater from a residential catchment in Hamilton, New Zealand.  

The concentrations at the Reid Avenue and Portobello Road sites were 3-6 times higher than 

those measured at the other sites and are comparable to the value of 4 100 µg/g reported for 

Paris street runoff by Gromaire-Mertz et al. (1999). 

 

A similar pattern, with respect to the concentrations in the road debris and the stormwater SS 

was also observed for the PAHs either considered as a whole i.e. ∑16PAH, or split into the 

LMW and HMW groups.  The PAH concentrations measured in the road debris closely 

resembled those in the SS collected from the Water of Leith, St David Street and Reid Avenue 

sites and were similar to the 20x103 ng/g for 11 PAHs measured in highway runoff in Canada 

by Marsalek et al. (1997).  The particulate PAH concentrations measured at the Portobello 

Road site were an order of magnitude higher than those measured at the other sites and in the 

road debris, indicating that an additional source of PAHs may be present in the Portobello 

Road catchment.  

 

During the storm events monitored in December 1999 and December 2000, very high 

concentrations of heavy metals and PAHs were measured in some samples (Sections 4.3.3.5 

and 4.3.3.6).  The contaminant content of the SS from the sample taken during the December 

1999 storm event was not higher than that measured previously at this site during the present 

study (Figure 5.1).  The high total concentrations measured in this sample appear to be due to 

a higher than usual level of SS (6 685 mg/L).  The sample from the December 2000 storm 

event that exhibited a very high concentration of total ∑16PAH was taken halfway through 

the event (see Figure 4.10) and was not associated with high levels of total lead, copper or 

zinc.  The dissolved ∑16PAH was within its typical range but the particulate ∑16PAH 

concentration reached 38 200 ng/L.  The SS concentration in this sample was not high at 
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approximately 80 mg/L.  The ∑16PAH concentration in this SS was 503x103 ng/g as shown 

in Figure 5.1, which was five times higher than the average ∑16PAH content of the SS from 

this site and was 50 times higher than that measured in the road debris or at the other 

stormwater sampling sites.  A potential source of this material may have been the old DCC 

gasworks site which is known to contain soils and tars that are very contaminated with PAHs, 

but not zinc (or the other heavy metals) (Duggan, 2002; Thomson, 2001).   

 

In summary, the contaminants in the street dust, mudtank sediments and the tanker effluent 

solids were present in similar concentrations to those found in the SS collected at the St David 

Street and Water of Leith sampling sites.  This suggests that road runoff was the principal 

source of these contaminants in these catchments.  The SS collected from the Portobello Road 

site, and (to a lesser extent) the Reid Avenue site, exhibited significantly higher 

concentrations of lead, copper and zinc when compared to the road debris and the SS from the 

other catchments.  This may be due to the occurrence of additional sources of these 

contaminants at the Portobello Road and Reid Avenue catchments.  However, as the results 

were still within the ranges previously reported in the literature for these pollutants, the 

differences between the catchments are most likely to be a result of the fact that the Reid 

Avenue and Portobello Road catchments have higher percentages of urban land use compared 

to the other catchments sampled in the present study.  The SS collected from the Portobello 

Road catchment contained significantly higher levels of PAHs than the road debris and the SS 

from the other catchments, particularly for a sample taken during the December 2000 storm 

event, indicating that an additional source of PAHs may be present in this catchment. 

 

5.1.3 Relative Abundances of PAHs 

 

Another approach which can be used to investigate any differences between the catchments in 

terms of the PAH levels in the stormwater, is to plot the relative abundances of the individual 

PAHs (McCready et al., 2000; Guinan et al., 2001).  In urban areas, the principal sources of 

PAHs arise from the combustion of fossil fuels or wood, and spilt petroleum products.  These 

sources are often called pyrogenic and petrogenic respectively (LaFlamme and Hites, 1978; 

Stout et al., 2001).   

 

Pyrogenic sources are enriched on non-alkylated or “parent” HMW PAHs that are formed 

during the combustion process.  The PAH concentration profile arising from petrogenic 

sources is dominated by LMW PAHs and significant amounts of alkylated PAHs.  Remnants 
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from the crude oil feed stock can also be evident (Neff, 1979).  Used crankcase oil is a source 

of PAHs whose PAH assemblage is intermediate between that of the pyrogenic and 

petrogenic end members.  This is because the petrogenic profile is imprinted with a pyrogenic 

signature as the oil becomes contaminated through contact with the exhaust gases in the 

engine cylinders.  The PAH profile for a used motor vehicle crankcase oil (Wang et al., 2000) 

is shown in Figure 5.2.  Also shown is the profile for asphalt, another product containing a 

mix of pyrogenic and petrogenic character (Brandt and De Groot, 2001).  The profile for the 

used crankcase oil has a high abundance of LMW PAHs, in particular NAP, PHEN and ANT.  

This situation may be represented by the ratio of the LMW species to the HMW species.  For 

the used crankcase oil this ratio LMW/HMW is equal to 1.21.  The asphalt profile contains 

less PHEN and ANT but relatively more NAP, CHY and BPY.   

 

Atmospheric dust in urban areas will contribute to the PAHs in stormwater runoff through dry 

and wet deposition (Grynkiewicz et al., 2002) and represents the pyrogenic end member.  The 

profile for an urban dust from the USA (King, 1997) is shown in Figure 5.2.  The profile is 

depleted in LMW PAHs (LMW/HMW = 0.14) compared to that for used oil and asphalt. 

 

The profiles for the road debris observed in the present study are shown in Figure 5.2 together 

with those of the potential sources.  The road dust shows a similar composition to the 

crankcase oil, although it is depleted in the LMW PAHs possibly as a result of evaporative 

losses.  The mudtank sediments show a composition that is a hybrid between the road dust, 

crankcase oil and asphalt.  Degraded asphalt has been reported to be present in stormwater 

particulate matter as particles with grain sizes in the range of 63-630 µm, whereas 

combustion-derived soots in stormwater are present largely as 2-12.5 µm particles (Hoffman 

et al., 1984; Krein and Schorer, 2000).  The larger asphalt particles are only likely to be 

mobilised during high intensity storm events and may become preferentially enriched in the 

mudtanks, while the smaller particles are washed through the mudtanks (Krein and Schorer, 

2000).  The accumulation of degraded asphalt particles may explain the higher LMW/HMW 

ratio of 0.36 for the mudtank sediments measured in the present study.  The tanker effluent 

solids contain more NAP, possibly due to adsorbed oil that resides in the top of the mudtanks 

prior to them being cleaned.  The tanker effluent solids also show a slightly higher abundance 

of HMW PAHs than the mudtank sediments, suggesting that they may contain a higher 

percentage of finer combustion-derived particles.   
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FIGURE 5.2  Relative abundances of the 16 PAHs in used crankcase oil (Wang et al., 
2000), asphalt (Brandt and De Groot, 2001), urban dust (SRM 1649a) (King, 1997) and 
the locally collected road debris.  Error bars represent ± 1 standard error.  
LMW/HMW is the ratio of the LMW to the HMW PAHs 
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A potential point source of PAHs in the Portobello Road catchment is the old DCC gasworks 

site on the corner of Hillside and Andersons Bay Road (Figure 2.2).  This site has been closed 

down since 1990 and the land subsequently redeveloped.  Quantities of tar and slightly more 

fluid sludge left over from the gas-making process, and soil contaminated with these 

materials, are still contained on the site.  Sludges and tars from such sites have been shown to 

be heavily contaminated with PAHs (MacKay and Gschwend, 2001; Zamfirescu and 

Grathwohl, 2001) and this site is no exception (Duggan, 2002).  The groundwater flowing 

underneath the site has been shown to be contaminated with PAHs at level of up to 

1 700x103 ng/L and has been detected seeping into the stormwater system at one location on 

Braemar Street (Duggan, 2002)  which is within the Portobello Road catchment.  The 

groundwater contamination has been substantially reduced in recent years through remedial 

action at the site (Duggan, 2002).  However, this remedial action involving the removal of 

contaminated material from the site may have released quantities of PAH contaminated 

material into the stormwater system.  Prior to the present study, such discharges did occur and 

PAH contaminated stormwater was detected in the Otago Harbour immediately adjacent to 

the outlet of the Portobello Road stormwater drain (Sommerville, 1990; Turner, 1991).  The 

PAH profiles for the sludge and tar from Tank 3 at the DCC gasworks site are shown in 

Figure 5.3 (Thomson, 2001).  As noted by Stout et al. (2001) such materials are dominated by 

2-ring and 3-4 ring PAHs i.e. NAP through to PYR.  In comparison with the used crankcase 

oil and road debris, this material is enriched in LMW PAHs, in particular NAP, ACE and 

ACY, and exhibits values of almost 3 for the LMW/HMW ratio. 

 

 

 

FIGURE 5.3  Relative abundances of the 16 PAHs in the tar and sludge from Tank 3 at 
the old DCC gasworks site (Thomson, 2001). LMW/HMW is the ratio of the LMW to 
the HMW PAHs 
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The relative abundances of the PAHs present in the particulates collected in the stormwater 

from the Portobello Road and Leith catchments for both baseflow and stormflow conditions 

are shown in Figure 5.4.  The results for the stormflow samples taken at the St David St and 

Reid Avenue sites were very similar to those for the Water of Leith and are not shown.  Also 

not shown are the profiles for the Parklands catchment and the Upper Leith site which were 

similar to those observed from the Water of Leith during baseflow conditions. 

 

 

FIGURE 5.4  Relative abundances of the 16 PAHs in the suspended particulate matter 
filtered from the stormflow and baseflow samples at the Portobello Road and Water of 
Leith sampling sites.  Error bars represent ± 1 standard error. LMW/HMW is the ratio 
of the LMW to the HMW PAHs 

 

 

The profile for the Portobello Road site during stormflow conditions shows a predominant 

pyrogenic character dominated by HMW PAHs.  There is also a minor petrogenic component, 

indicated by the presence of relatively minor amounts of NAP, ACY, ACE and FL.  Bomboi 

and Hernandez (1991) reported that the contribution of petroleum/oil residues to the PAHs in 

urban runoff in Madrid, Spain, was 5-25%, with the remainder coming from pyrogenic 
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sources which is similar to the results determined in the present study.  The profile is similar 

during baseflow conditions, except that less of the LMW PAHs are associated with particulate 

material which is evident from the LMW/HMW ratio being slightly lower.  Both the baseflow 

and stormflow profiles resemble those for the road dust and tanker effluent solids.  The design 

of the mudtanks is such that they capture as much coarse material as possible and reduce the 

likelihood of it being transported further into the stormwater system through having the outlet 

towards the top of the sump.  The coarser mudtank material has a slightly different profile to 

the other road debris and the stormwater suspended sediments.  It is characterised by a 

slightly higher abundance of PHEN and PYR and a higher LMW/HMW ratio, possibly due to 

the greater content of coarse asphalt particles as described earlier. 

 

The profile for the Water of Leith during stormflow conditions showed a strong pyrogenic 

character.  The profile was similar to those for the urban dust and road dust, suggesting that 

these were the main sources of particulate-bound PAHs in this catchment during stormflow 

conditions.  There was also a minor petrogenic component present.  This petrogenic 

component was lower as indicated by a value for LMW/HMW of 0.11, was lower than that 

found in the Portobello Road catchment during stormflow conditions (LMW/HMW = 0.19).  

This suggested that the contributions from sources such as used crankcase oil were lower in 

the Leith catchment.  During baseflow conditions, the profile for the Water of Leith was 

characterised by high abundances of NAP, FL and PHEN, which gave it a significantly higher 

ratio of the LMW to HMW PAHs.  There was however a significant degree of variability as 

was seen from the large error bars for these PAHs in baseflow samples.   

 

Neither the baseflow nor stormflow profiles at the Portobello Road site showed any 

resemblance to the profiles for the tar or sludge from the old DCC gasworks.  However, just 

considering the profiles of the PAHs associated with the particulate matter in the stormwater 

may not necessarily prove the existence of a contribution from the site.  This is because much 

of the content of LMW PAHs, due to their higher aqueous solubilities, may be transported in 

the truly dissolved or colloidally-bound phases, particularly if the input to the stormwater 

system is via groundwater infiltration rather than surface runoff.  A more accurate picture 

might possibly be gained by examining the profile for the total concentrations (truly 

dissolved + colloidal + particulate) of the baseflow and stormflow samples for the Portobello 

Road site as shown in Figure 5.5. 
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FIGURE 5.5  Relative abundances of the 16 PAHs in the total (truly dissolved + 
colloidal + particulate) samples from the Portobello Road sampling site during 
stormflow and baseflow conditions.  Error bars represent ± 1 standard error. 
LMW/HMW is the ratio of the LMW to the HMW PAHs 

 

 
The profiles showed a higher abundance of LMW PAHs when compared to those for the 

stormwater particulates.  This was expected as many of the LMW PAHs were found 

predominately in the truly dissolved and colloidal phases (for example see Figures 4.2 and 

4.15).  Comparing these profiles to those for the old DCC gasworks Tank 3 tar and sludge, the 

Portobello profiles were depleted in LMW PAHs, although the baseflow profile had 

approximately half the abundance of LMW PAHs compared to that of the gasworks samples, 

indicating that the gasworks may be influencing the levels at this site. 

 
Zamfirescu and Grathwohl (2001) reported that the contaminated groundwater plume from a 

former gasworks site contained appreciable concentrations of ACE, which was very resistant 

to bacteriological decay.  They note the ACE may act as a tracer for the extent of groundwater 

contamination from former gasworks sites.  During baseflow conditions at the Portobello 

Road site, the relative abundance of ACE is 9%.  It is lower (4%) during stormflow conditions 

due to the influx of more HMW PAHs associated with the road debris.  ACE was not detected 

at concentrations greater than the method detection limit at the other sampling sites except for 

the sample M1B in Mosgiel where its relative abundance was 1%.  Given the lack of 

detectable ACE at most of the other sampling sites, it appears that the presence of ACE at the 

Portobello Road site may indicate that contaminated groundwater from the gasworks site is 

infiltrating into the stormwater system and is being discharged via the Portobello Road 

stormwater drain.  The levels of groundwater infiltration (via cracks and joints in the pipes) 
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into stormwater drains are such that the DCC makes an allowance for it when calculating the 

maximum flows in a particular section of the stormwater system (Schmid, 2002).  

 

5.1.4 PAH Ratios 

 

A less subjective method by which to compare the “fingerprints” of various sources and 

contaminated environmental media to is to calculate the ratios of certain isomeric pairs of 

PAHs.  This approach reduces the effects of the large variations in the contaminant 

concentrations that are seen between individual samples, between different source materials 

and between different sampling sites.  Commonly used ratios involving the parent (non-

alkylated PAHs) are LMW/HMW (used in the previous section), PHEN/ANT, FLR/PYR, and 

BaA/CHY (Baumard et al., 1998; Soclo et al., 2000; Readman et al., 2002).  As noted earlier, 

a strong petrogenic input e.g. from crude oil or light refined petroleum products, is 

characterised by a dominance of LMW species leading to LMW/HMW ratios >1.  PHEN is 

more stable than ANT and therefore high values for the PHEN/ANT ratio are often observed 

when petrogenic inputs are high, but the ratio is lower when pyrogenic sources dominate 

(Soclo et al., 2000).  FLR and PYR are produced primarily by combustion processes (Neff, 

1979).  PYR is more stable than FLR and so pyrogenic products are often characterised by 

FLR/PYR ratios >1 (Guinan et al., 2001).  BaA and CHY are also derived from pyrogenic 

processes which are characterised by BaA/CHY ratios >1 (Soclo et al., 2000; Readman et al., 

2002).  Another useful ratio is that of methyl-phenanthrenes/phenanthrene (MP/PHEN) which 

assesses the degree of alkylation.  Values for MP/PHEN <2 are indicative of combustion 

processes (Readman et al., 2002). 

 

The values for the ratios for the particulate matter generated from a variety of combustion 

sources and for a variety of oil and petroleum products are shown in Table 5.1.  As noted 

earlier, combustion sources are dominated by pyrogenically produced HMW PAHs and so 

calculation of the LMW/HMW ratio is generally not possible.  In contrast, petrol and diesel 

fuels have very high values for this ratio.  Used crankcase oil is a mixture of both petrogenic 

and pyrogenic PAHs, which is evident from it containing an equal amount of both LMW and 

HMW PAHs (i.e. a ratio near 1).  The reference material SRM 1597, which is a coal tar 

residue arising from the manufacture of coal-gas, is often regarded as an end member which 

can be used to signify pyrogenic sources (Soclo et al., 2000; Readman et al., 2002).  It does 

however contain a significant amount of LMW PAHs, as is evident from the LMW/HMW 

ratio of approximately 1.9.  The sludge and tar from Tank 3 at the old DCC gasworks has an 
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even higher abundance of LMW species, in particular NAP, ACE, ACY and PHEN (see 

Figure 5.3), which results in LMW/HMW ratios of close to three.   

 

TABLE 5.1  PAH fingerprinting ratios arising from various sources of PAHs 
 

Material LMW/

HMW 

PHEN/ 

ANT 

FLR/ 

PYR 

BaA/ 

CHY 

Reference 

Combustion Sources      
wood smoke  2.4 2 0.93 (Oanh, 1999) 

  5.9 1.3  (Christensen et al., 1999) 

  3.4 0.95 0.69 (O'Malley et al., 1996) 

coal smoke  0.81 0.5 0.18 (Oanh, 1999) 

Petrol engine soot  1.8 0.90 0.81 (O'Malley et al., 1996) 

Petrol engine exhaust  2.6-3.5 0.54 0.91 (Westerholm et al., 1988) 

Diesel engine exhaust  0.1-0.5 0.9 0.37 (Mi et al., 2000) 

SRM 1650 –diesel exhausta 72 1.1 0.30 (King, 1997) 

Oil/ Petroleum Products      

Petrol 91 0.61 0.71 1.9 (Marr et al., 1999) 

Diesel 22 1.1 6.6 1.5 (Mi et al., 2000) 

Used crankcase oil  9 0.75 0.63 (O'Malley et al., 1996) 

 1.21 1.7 0.69 2.1 (Wang et al., 2000) 

  4.7 0.89 0.58 (Pruell and Quinn, 1988) 

Bitumen 0.52 9.0 1.0 0.29 (Brandt and De Groot, 2001) 

DCC Gasworks 

- Tank 3 sludge 

- Tank 3 tar 

 

2.95 

2.69 

 

1.4 

0.16 

 

1.0 

2.3 

 

1.4 

2.1 

 

(Thomson, 2001) 

(Thomson, 2001) 

SRM 1597 – coal tara ~1.89 4.6 1.4 1.4 (Wise et al., 1988) 
a  Standard Reference Material available from the National Institute of Standards and Technology, 
Gaithersburg, USA 

 

 

The values for the ratios for the particulate matter present in a number of environmental 

media contaminated with PAHs are shown in Table 5.2.  The reference material SRM 1649a 

is particulate matter that was filtered from the atmosphere in Washington, D.C., (King, 1997) 

and is representative of the material that may be expected to settle from the air in any 

moderate to large urban area where there a number of sources including home heating, motor 

vehicle and industrial emissions of PAHs into the air.  The PHEN/ANT and FLR/PYR ratios 

for the road debris collected in the present study are similar to those previously reported in the 



 181

literature, indicating a common source of particulate PHEN, ANT, FLR and PYR.  This 

source is likely to be mostly combustion-derived soot particles and street dust to which drips 

of crankcase oil have adsorbed.  In the present study, the mudtank sediments exhibit a slightly 

higher petrogenic signature (higher LMW/HMW ratio) than the road dust and tanker effluent 

solids which may be due to bitumen particles or drips of crankcase oil adhering to the coarser 

particulate matter trapped within them. 

 

TABLE 5.2  PAH fingerprinting ratios for various contaminated environmental media in 
comparison to the results obtained in the present study 
 

Material LMW/ 

HMW 

PHEN/ 

ANT 

FLR/ 

PYR 

BaA/ 

CHY 

Reference 

Urban Particulates      

SRM 1649a – urban dusta 0.14 11 1.0 0.74 (King, 1997) 

Street Dust  4.8 1.4  (Christensen et al., 1999) 

   1.4  (Marsalek et al., 1997) 

Mudtank sediments   0.6-0.9  (Strong, 1999) 

Present study - Road Debris  

Mudtank Sediments 0.36 4.34 0.85 1.2  

Road Dust 0.20 4.89 1.1 0.67  

Tanker Effluent Solids  0.19 3.90 1.0 0.86  

Present study – Stormwater Suspended Sediments  

Portobello Road BF 0.15 2.0 0.83 0.93  

Portobello Road STW 0.19 2.5 1.2 1.1  

Portobello Dec99 0.13 3.6 1.1 0.79  

Portobello Dec00 0.27 1.7 1.0 1.1  

Leith BF 0.55 10 1.1 0.55  

Leith STW 0.11 4.7 1.1 1.3  

ST David St 0.11 4.1 1.1 0.59  

Reid Ave 0.26 5.8 1.3 0.60  

Contaminated Estuarine and Marine Sediments  

Pyrogenic origin  <10 >1 >0.9 (Readman et al., 2002) 

Petrogenic origin  >15 <1 <0.4  
a  Standard Reference Material available from the National Institute of Standards and Technology, Gaithersburg, 
USA 
 

 

As noted earlier, the stormwater particles in all the catchments sampled in the present study 

are dominated by pyrogenic sources as is evident from low values (<1) for the LMW/HMW 
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ratio.  In addition, an analysis of a baseflow sample from the Portobello Road site by GC-MS 

for quality assurance purposes (Section 2.4.3) indicated an MP/PHEN ratio of 0.48, which is 

indicative of pyrogenic-dominated sources (Bouloubassi and Saliot, 1991; Pereira et al., 1999; 

Readman et al., 2002).  With the exception of the PHEN/ANT ratios for samples from the 

Water of Leith during baseflow conditions and for Portobello Road during both baseflow and 

stormflow conditions, the other ratios for the stormwater particulates from these catchments 

are similar to those measured for the road debris.  Values of 1-5 for the PHEN/ANT ration 

and 1-2 for the FLR/PYR ratio have been reported as being typical of the SS found in urban 

runoff (Hoffman et al., 1984; Kayal and Connell, 1989; Bomboi and Hernandez, 1991; 

Marsalek et al., 1997; Foster et al., 2000). 

 

Readman et al. (2002) report some characteristic values (shown in Table 5.2) for the 

PHEN/ANT, FLR/PYR and BaA/CHY ratios for marine or estuarine sediments contaminated 

by PAHs from pyrogenic and petrogenic origins.  Once the stormwater sediments are 

discharged into the Otago Harbour, based on the PHEN/ANT and FLR/PYR criteria, the 

predominant source of the PAHs would be considered to be pyrogenic.  The results are less 

definitive for the BaA/CHY ratio with a wide range of values (0.55-1.26) being present in the 

stormwater particulates.  A wide range of values for this ratio is also seen for the potential 

source materials in Table 5.1, indicating that this ratio is not particularly sensitive to the origin 

of the PAHs, at least for the sources likely to be encountered in urban environments. 

 

For the Leith during baseflow conditions, the mean PHEN/ANT ratio of 10 is high compared 

to that for the other catchments, while the FLR/PYR ratio is similar to those for the other 

catchments.  The closest match to any of the potential sources materials is to 

SRM 1649a-Urban Dust.  Thus during baseflow conditions, the dominant inputs of PAHs to 

the Water of Leith appear to arise from atmospheric particulate matter. 

 

The mean PHEN/ANT ratio for the SS from the Portobello Road site, during both baseflow 

and stormflow conditions, are lower than those found in the road debris and at the other 

stormwater monitoring sites.  This may indicate that another source is exerting some influence 

in this catchment.  The information provided by the ratios shown in Table 5.2 may be 

supplemented by plotting the mean values for the PHEN/ANT ratio against those for the 

FLR/PYR ratio (Baumard et al., 1998) as shown in Figure 5.6 for the road debris and 

stormwater samples.  The values for the road debris and the stormwater SS from the Leith and 

Parklands catchments and the St David Street sub-catchment, all lie within a well-defined 
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zone represented by the orange oval.  This zone is not based on a mathematical formula, 

rather the present shape was drawn to encompass the values that appeared to be typical of the 

road debris and the bulk of the stormwater SS.  This result supports the conclusions made 

above that the stormwater suspended sediments are primarily comprised of the road debris.  

The Reid Avenue catchment appears outside this zone but is represented by a single sample 

only.   

 

The mean values for the Portobello Road catchment during both baseflow and stormflow 

conditions plot some distance outside the zone characterised by the other catchments and the 

road debris.  The values for the two samples from which extremely high concentrations of 

total PAHs were measured are also shown.  The sample from the December 1999 storm event 

is within the zone of the other catchments, indicating that it is probably derived from the road 

debris.  The sample from the December 2000 storm event has a similar FLR/PYR ratio but is 

depleted in PHEN.  This gives it the lowest PHEN/ANT ratio measured in the present study of 

1.68, which is similar to that reported for the sludge from Tank 3 at the disused DCC 

gasworks. 

 

FIGURE 5.6  Plot of the fingerprint ratios PHEN/ANT versus FLR/PYR for the road 
debris (!) and stormwater suspended sediments (") collected in the present study.  
Error bars represent ± 1 standard error. Data points without error bars represent a 
single sample 
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To further investigate if the sludge from the gasworks is contributing to the higher 

concentrations of PAHs measured at the Portobello Road site, the PHEN/ANT and FLR/PYR 

values for this and other potential source materials are plotted in Figure 5.7 together with 

those for the stormwater samples and road debris.   

 

 

 

FIGURE 5.7  Plot of the fingerprint ratios PHEN/ANT versus FLR/PYR for the road 
debris (!) and stormwater suspended sediments (") collected in the present study 
together with a variety of potential source materials as follows: gasworks (4); used 
crankcase oil (#); and other sources as indicated.  Error bars represent ± 1 standard 
error.  Data points without error bars represent a single sample 

 

 

The values for the samples of wood smoke are highly variable and may reflect differences in 

the wood used and/or differences in the testing methodologies.  The value for the Tank 3 

sludge plots very close to that for the December 2000 stormflow sample from the Portobello 

Road catchment, indicating that the DCC gasworks was the probable source of a large 

percentage of the particulate material in that sample.  The gasworks is likely to contribute to 

the PAHs at the Portobello Road site on a continuous basis as shown by the low mean 

PHEN/ANT ratio for the baseflow samples.  Also, the mean PHEN/ANT ratio for the 
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stormflow samples, while being slightly higher due to the influx of more typical suspended 

sediments from the roads and other surfaces, is still somewhat lower than that measured for 

the rest of the stormwater samples and the road debris.  Several of the other source materials 

plot in the general vicinity of the baseflow samples but as the gasworks site is a known source 

of PAHs and has been shown to contribute PAHs to nearby groundwater (Duggan, 2002), it is 

considered to be the most likely source of the additional PAH loading at the Portobello Road 

site.  Remediation work to remove some of the contaminated material has been undertaken at 

the gasworks site over recent years.  This has resulted in decreasing levels of contaminants in 

the groundwater and the seepage into the curbing along Braemar Street has ceased (Duggan, 

2002).  The continuing contribution from the site may be due to contaminated sediments still 

residing in the stormwater system, but this would be expected to decrease with time.  The 

high abundance of ACE at the Portobello Road site, in particular during baseflows, indicates 

that there is still some contribution from contaminated groundwater infiltrating the stormwater 

system. 

 

5.2 Contaminant Transport 

 

This section examines the dynamics of the contaminants being washed off the catchments and 

their transport through the stormwater system as a function of meteorological conditions, 

namely the volume and intensity of rainfall and the length of the antecedent dry period 

between storm events.  Such information is useful in any decisions regarding how to best 

collect the stormwater for treatment, in the event that it is decided that treatment of the 

discharges is necessary.  The analysis will focus largely on the Portobello Road catchment as 

the greatest amount of data has been collected in the present study for that catchment.   

 

It was established in the previous section that the concentrations of contaminants present in 

the street dust and the material collected from the stormwater system mudtanks closely 

resembled those determined in the suspended sediments from the stormwater samples.  Thus, 

it was the material collecting on the streets that was the principal source of the stormwater 

contaminants.  This situation appears to hold for the two Mosgiel catchments sampled, the 

Leith catchment and the St David Street sub-catchment, and to the Portobello Road catchment 

although there was some input from the DCC gasworks during baseflows and to a lesser 

extent during stormflow conditions at the latter site. 
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It is envisaged that the deposition of heavy metals and PAHs to roads, roofs and other 

surfaces in urban environments will be relatively constant with time, in the absence of any 

major changes in land use.  For PAHs, some minor variations will occur with respect to 

climatic conditions and the patterns of fuel use (Grynkiewicz et al., 2002).  Therefore, it may 

be expected that the amount of pollutants being conveyed by the stormwater system for any 

given storm would be a function of the supply of the pollutants, in particular the length of 

time available for the accumulation of the pollutants between storms (the antecedent dry 

period).  If this held true, the longer the antecedent dry period was, the greater the expected 

pollutant load for the storm event would be.  To examine this suggestion, the Spearman rank-

order correlation coefficients of the contaminant storm event EMC and loading values versus 

the length of the antecedent dry period, the amount of rainfall, the storm event volume and the 

storm event maximum flow rate were calculated as listed in Table 5.3. 

 

TABLE 5.3  Spearman rank-order correlation coefficients between the antecedent dry 
period, rainfall, runoff volume and maximum flow versus the contaminant storm event 
EMCs and loads for the Portobello Road site (only significant correlations are reported) 
 

  Antecedent 

Dry Period 

Rainfall 

 

Runoff 

Volume 

Maximum 

Flow 

Rain   -    

Runoff Volume  -0.63* 0.85**   

Maximum Flow  - 0.74** 0.93**  

SS EMC - - - - 

 Load - - - - 

Pb EMC - - - - 

 Load - - 0.73* 0.87** 

Cu EMC - - - - 

 Load - - 0.87** 0.88** 

Zn EMC - - - - 

 Load - 0.71** 0.87** 0.78** 

Total ∑16PAH  EMC - - - - 

 Load - - - - 

**  Correlation is significant at p≤0.01 (2-tailed) 
*  Correlation is significant at p≤.05 (2-tailed) 

 

 

Examining the hydrological characteristics of the catchment first, there is a significant 

negative correlation between the antecedent dry period and the runoff volume.  This suggests 
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that a longer dry period results in a lower runoff volume due a larger percentage of the rainfall 

being required to “wet” the surface prior to runoff occurring.  Not surprisingly, there is a 

significant positive correlation between the amount of rainfall and both the runoff volume and 

the maximum flow rate measured in the drain.  There is also a significant positive correlation 

between the runoff volume and the maximum flow rate.  

 

The “first flush”, which is when the maximum pollutant concentrations occur in the initial 

stages of the storm event and then rapidly decline, is an example of the effects of 

“supply-limited” transport within a catchment (Robien et al., 1997).  Considering the time 

series profiles for the storm events monitored at the Portobello Road site, a partial “first flush” 

may have occurred for lead, and for copper and zinc to a lesser extent during the 12 April 

1999 storm event.  The 13 September 1999 storm event gives evidence of a further partial 

“first flush” and then only for the dissolved PAHs (Figure 4.6).  For this event the 

concentration of dissolved PAHs was high in the first sample, dropped away in the second 

and then rose again as further rainfall occurred.  The initial pulse of dissolved PAHs may have 

been due to PAHs easily solubilised from drips of crankcase oil on the roads being washed 

into the stormwater system (Wuest et al., 1994).  For all the other storm events, the peak 

concentrations occur some 2-10 hours after the onset of rainfall.  In the single storm event 

sampled in the Leith Catchment, a possible “first flush” occurred.  The contaminant 

concentrations rose quickly above baseflow levels to peak one hour into the event and then 

began to decrease.  Unfortunately, only three samples were taken for this storm event and so 

the rate of decrease after the third sample (taken in the tail of the storm event) could not be 

substantiated by a further sample. 

 

Returning to the Portobello Road catchment, neither the contaminant storm event EMC values 

nor their loading values were correlated with the antecedent dry period.  This suggests that the 

export of the contaminants from the catchment during storm events was not dominated by 

their amount temporarily “stored” within the catchment, i.e. it is not “supply-limited” (Robien 

et al., 1997), although partial “first flushes” were evident for some contaminants in some 

storms.  A number of other studies have also reported that there is often no correlation 

between the length of time between storms and the storm event concentrations and/or loads 

(Hunter et al., 1979; Herrmann, 1981; Hoffman et al., 1984; Hewitt and Rashed, 1992; 

Moilleron et al., 2002).   
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If the catchment is not “supply-limited”, this implies that storms generally do not remove all 

the contaminants from the catchment.  In this case, the concentrations and the loads may be a 

function of the flushing effect of the rainfall i.e. they may be “transport-limited” (Robien et 

al., 1997).  The amount of rainfall did not correlate with the EMC values.  However, there 

was a correlation between the zinc load and the amount of rainfall (Table 5.3).  This lends 

further evidence to the theory that roofs made of zinc-galvanised iron are the major source of 

zinc in the Portobello Road catchment.  It has already been discussed (Section 4.9) that the 

EMC values for the contaminants were not proportional to the runoff volumes for any storm.  

However, the loads of lead, copper and zinc were correlated to the storm event runoff volume.  

As noted earlier, the runoff volume was positively correlated to the maximum flow rate of 

water in the drain.  Thus, the maximum flows were also correlated to the loads of lead, copper 

and zinc strongly suggesting that the amount of material being exported from the catchment 

was “transport-limited”.   

 

A very good example of the “transport-limited” export of contaminants from the Portobello 

Road catchment was the series of very intense storm events that were monitored over the 

period of 23-29 December 2000.  The first storm event sampled was on 23 December and was 

preceded by two smaller events some 12 hours earlier (Figure C-6, Appendix C).  Based on 

the results for the previous storm events at this site, these two small storms which involved 

2 mm of rain falling over 5 hours, would have washed a significant amount of the material 

residing in the catchment into the stormwater system.  The storm event of 23 December 

occurred 12 hours later, thereby allowing little time for any further contaminants to 

accumulate in the catchment.  The event involved intense rain as 2.5 mm fell in less than an 

hour.  This intense rain would have been likely to have washed any remaining pollutants from 

the catchment into the stormwater system, where it resulted in flows of up to 955 L/s.  The 

peak concentrations of total lead, copper and zinc occurred at this high flow rate and then 

dropped rapidly as the flow subsequently decreased.  Over the next four days there were five 

more smaller storms (flow <300 L/s) which would have also prevented any significant further 

accumulation of contaminants in the catchment.  On 28 December, a very intense rainfall 

event occurred, which involved 6 mm of rain falling in under three hours.  The flow in the 

drain rose to a maximum of 1000 L/s and high concentrations of total lead, copper and zinc 

were again measured but they decreased rapidly as the flow rate dropped within the drain.  

This pattern of small storms (not sampled as the flow was less than 300 L/s) followed by very 

intense storms repeated itself two more times until all the 12 sample bottles in the autosampler 

were utilised.  As with the previous events, these storms exhibited high concentrations of 
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heavy metals associated with the peak flows, which dropped rapidly as the flow, and hence 

the transporting power of the storm, decreased.  In stormwater, heavy metals are 

predominately found associated with small particles (<200 um), particularly those less than 

63 µm (Xanthopoulos and Hahn, 1990; Stone and Marsalek, 1996; Roger et al., 1998).  It is 

envisaged that the rapid influx of runoff into the stormwater system, and the high flow rates 

within the drains, were scouring the fine sediments from the mudtanks and then transporting 

them down the drains.  

 

It is evident from Table 5.3 that neither the storm event EMCs or loads for total ∑16PAH are 

correlated with either the storm event volumes or the maximum flow.  Thus in contrast to the 

heavy metals at the Portobello Road site, it appears that the PAHs are not “transport-limited”.  

However, as also seen in Table 5.3 there is also no correlation to the antecedent dry period 

suggesting that they are also not “supply-limited”.  Also, as discussed above there is limited 

evidence for a “first flush” occurring for the PAHs.  These facts may lend weight to the theory 

that the DCC gasworks has a significant influence on the concentrations and hence loads of 

PAHs at the Portobello Road site.  

 

The sample with very high concentrations of total metals and total ∑16PAH taken during the 

December 1999 storm event occurred in the absence of rainfall and was due to the activation 

of the pumping station in the Tainui sub-catchment.  In the previous storm events e.g. 

4-5 May 1999 and 13 September 1999, the activation of this pumping station resulted in 

decreases in the total contaminant concentrations i.e. due to the influx of less contaminated 

water.  It is not known why this pumping station activated on this day.  However, either the 

liquid moved by the pumping station was very contaminated or the water dislodged 

contaminated sediments residing in the stormwater system and transported them to the 

sampling site.  The latter explanation is the more likely explanation as the following three 

samples, while having lower total concentrations, all contained similar metal and PAH 

concentrations in the SS to that measured for the first sample.  As noted in Section 5.1, this 

SS had a similar composition to that of the SS collected previously at the site.  Thus, the very 

high total concentrations measured on this occasion appear to be due to the remobilisation of 

material residing in the stormwater system caused by the flow of water from the pumping 

station. 

 

The sample with very high concentrations of total ∑16PAH that was taken halfway through 

the 7 December 2000 storm event was not associated with a pulse of water coming from the 
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Tainui pumping station.  It did contain extremely high levels of particulate PAHs, which the 

fingerprinting analysis suggested came from the DCC gasworks site.  This sample coincided 

with the maximum flow for the event of 700 L/s, suggesting that contaminated surface 

materials were being washed off the gasworks site into the stormwater system, or the 

maximum flow remobilised some material already resident in the stormwater system and 

transported it to the sampling site.  Work was conducted on the site in June/July 2000 to 

remove the above ground crude tar storage tanks (Duggan, 2002).  This work may have 

resulted in quantities of tar or contaminated soil entering the stormwater system, where at 

least a fraction of it resided until the 7 December 2000 storm event. 

 

5.3 The Partitioning of PAHs in Urban Stormwater 

 

It was seen in Chapter 4 (e.g. Figure 4.2) that the PAHs present in urban stormwater distribute 

themselves between the particulate, colloidal and truly dissolved phases in a manner that 

appeared to be inversely proportional to their solubilities e.g. the more insoluble HMW PAHs 

were enriched in the particulate phase.  In this section, the partitioning of the PAHs between 

the three phases and factors which may effect, this are examined in more detail.  This analysis 

begins with a discussion of the two-phase partitioning between the particulate and “dissolved” 

(colloidal + truly dissolved) phases, and is followed by discussion on the partitioning between 

the colloidal and truly dissolved phases, and finished with a discussion regarding the 

three-phase partitioning of the PAHs in stormwater. 

 

5.3.1 Partitioning between the Particulate and “Dissolved” Phases 

 

An implicit assumption regarding the partitioning of PAHs between the particulate and 

dissolved phases is that there is interaction between the two phases i.e. the concentration of 

PAHs in the dissolved phase is proportional to the PAH content of the particulate phase.  

However, in a number of previous studies conducted on PAHs in urban stormwater no 

significant correlations were reported between the PAH concentrations in the two phases 

(Eganhouse and Kaplan, 1981; Striebel et al., 1994; Smith et al., 2000).  This may be due to 

the PAHs originating from two different sources e.g. drips of crankcase oil or combustion-

derived particles, that exhibit different wash-off patterns (Wuest et al., 1994).  Contrary to 

these previous studies, a significant correlation between the concentrations of dissolved 

∑16PAH and the concentrations of particulate ∑16PAH was evident in the present study 

(Section 4.6).   
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If partitioning is occurring between the two phases, the concentration of a PAH in the 

suspended sediments should be correlated with its concentration in the dissolved phase.  

These two parameters are plotted in Figure 5.8 for four PAHs of differing molecular weight 

(NAP, PHEN, PYR, BaP) for the data collected from the Portobello Road site.   

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

FIGURE 5.8  Particulate PAH concentrations in relation to the dissolved phase 
concentrations for NAP, PHEN, FLR and BaP for the combined baseflow and 
stormflow data collected from the Portobello Road site 

 

 

The relationships shown by the linear regressions are significant (p<0.01) for PHEN, FLR and 

BaP but not for NAP.  Significant relationships between the two phases were also observed 

for the other 12 PAHs.  It is not clear why there was no significant relationship between the 

phases for NAP at the Portobello Road site, however it may be related to the high aqueous 

solubility and small molecular size of NAP. 
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At the Water of Leith site, there was a significant correlation between the levels of NAP in the 

two phases during stormflow conditions but not during baseflow conditions.  The other 

15 PAHs all exhibited significant relationships between their levels in each phase during 

stormflow conditions.  However, during baseflow conditions only half of the PAHs showed a 

significant correlation between their levels in each phase.  These relationships are tentative as 

only three samples were taken under both baseflow and stormflow conditions.  Further 

sampling might help to substantiate these observations.   

 

Considering the data from all the sites, there is a definite relationship between the PAH 

concentrations in particulate and dissolved phases, which implies that partitioning of the 

PAHs between the phases is occurring.  The log values of the solid-water partitioning 

coefficients (log Kp) for each PAH at each of the sites are listed in Table 5.4.  Values of 

log Kp for NAP have also been calculated to compare with the values for the other PAHs. 

 

There appear to have been few previous studies that have reported partitioning data for PAHs 

in stormwater.  Wuest et al. (1994) reported a range of 4.70-5.32 L/kg for the log Kp of BaP in 

German stormwater.  Herrmann (1981) reported a log Kp value of 6.73 L/kg for BaP in 

relation to the suspended sediments in another study of German stormwater.  In a similar 

study in Germany, Kari and Herrman (1989) measured average values of 5.05 L/kg for BaP 

and 4.39 L/kg for FLR.  In the present study, the values of log Kp for BaP range from 6.45 to 

7.59 L/kg whereas those for FLR range from 5.45 to 6.16 L/kg.  The higher values determined 

in the present study indicate that the PAHs for the present study sites are more strongly bound 

to the particulate phase than those reported in the three German studies. 

 

 



TABLE 5.4  Solid-water partition coefficients (log Kp, L/kg) for PAHs in urban stormwater (mean ± SE (n)) 
 

PAH Portobello Road 
Baseflow 

Portobello Road 
Stormflow 

Water of Leith 
Baseflow 

Water of Leith 
Stormflow 

St David St Upper Leith Reid Ave Parklands 

NAP 3.51±0.09 
(5) 

3.83±0.16 
(12) 

4.22±0.30 
(3) 

3.79±0.03 
(3) 

3.34 4.56 3.31 3.11 

ACY 3.46±0.13 
(3) 

3.73±0.26 
(6) 

- 3.77±0.10 
(2) 

3.37 4.58 3.60 2.68 

ACE 3.48±0.28 
 (2) 

4.08±0.25 
(4) 

- - - - - - 

FL 3.60±0.29 
(3) 

3.76±0.16 
(9) 

4.88±0.02 
(2) 

3.77 3.84 - 3.43 2.67 

PHEN 4.04±0.13 
(5) 

4.32±0.10 
(17) 

4.70±0.18 
(3) 

4.46±0.12 
(3) 

4.37 4.83 4.05 3.45 

ANT 4.19±0.14 
(5) 

4.38±0.11 
(13) 

4.61 
 

4.62±0.15 
(3) 

4.47 4.99 3.97 3.57 

FLR 4.60±0.13 
(5) 

4.86±0.08 
(17) 

5.17±0.10 
(3) 

5.09±0.15 
(3) 

4.94 5.11 4.66 4.13 

PYR 4.67±0.14 
(5) 

4.83±0.09 
(17) 

5.32±0.10 
(3) 

5.29±0.06 
(3) 

5.14 5.28 4.83 4.46 

BaA 5.18±0.10 
(5) 

5.57±0.09 
(11) 

5.96±0.10 
(3) 

6.06±0.09 
(3) 

5.87 5.88 5.43 5.21 

CHY 5.13±0.05 
(5) 

5.53±0.11 
(12) 

6.35±0.14 
(2) 

5.97±0.33 
(3) 

5.98 5.93 5.73 4.80 

BbF 5.47±0.09 
(5) 

5.91±0.09 
(12) 

6.20±0.29 
(3) 

6.48±0.06 
(3) 

6.06 6.27 5.71 - 

BkF 5.62±0.11 
(5) 

6.02±0.08 
(8) 

5.96±0.20 
(3) 

6.34±0.06 
(3) 

6.13 6.30 5.88 5.89 

BaP 5.57±0.12 
(5) 

5.97±0.06 
(11) 

6.58±0.14 
(3) 

6.42±0.03 
(3) 

6.36 6.45 6.11 6.09 

DBA 5.72±0.18 
(4) 

5.91±0.09 
(5) 

6.68±0.16 
(2) 

6.31±0.04 
(3) 

6.08 6.51 5.81 6.09 

BPY 5.66±0.14 
(5) 

5.84±0.10 
(14) 

6.30±0.18 
(3) 

6.30±0.04 
(3) 

6.09 6.47 5.92 5.91 

INP 5.73±0.09 
(2) 

6.10±0.08 
(3) 

6.44±0.27 
(2) 

6.38±0.09 
(3) 

6.44 6.59 6.75 - 

- Partition coefficient was not able to be calculated due to the concentration in the particulate or dissolved phase being less than the method detection limit 
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In laboratory studies investigating the sorption of PAHs to sediments and soil, the amount of 

organic carbon present in the solid phase has been shown to be the key variable in 

determining the concentration of PAHs present in the sediments or soil (Karickhoff, 1981).  A 

number of field studies have also found that the amount of organic carbon in estuarine and 

marine sediments can explain variations in the concentrations of PAHs between sites (Kim et 

al., 1999; Yang, 2000; Wang et al., 2001).   

 

As noted in Section 5.1, a wide variation existed in the PAH content of the SS collected at 

some of the samples sites, in particular at the Portobello Road site (see Figure 5.1).  The POC 

content of the SS also varied widely from 3 to 33%.  The median value for POC of 16% for 

the Portobello Road site during stormflow conditions, was typical of that previously reported 

for urban stormwater (Kari and Herrmann, 1989; Krein and Schorer, 2000; Kumata et al., 

2000) but is significantly higher than the 0.5-4% commonly reported for estuarine and marine 

sediments (Yang, 2000; Guinan et al., 2001).  The median POC value of 9% in the Water of 

Leith during stormflow conditions was lower than that measured at the Portobello Road and 

was higher than the 2-6% reported for other, albeit larger, river systems (Kayal and Connell, 

1989; Zhou et al., 1999).  In the present study there was no significant correlation (Spearman 

rank-order correlation coefficient, p>0.05) between the POC data (all sites) and the 

concentrations of ∑16PAH in the SS (all sites).  Thus it appears that the POC as determined 

in the present study i.e. the bulk organic carbon present in the SS, was not controlling the 

concentration of PAHs associated with the SS in stormwater.   

 

The absence of a correlation between POC and PAH levels has been reported in previous field 

studies on the distribution of PAHs in the environment.  For example, Zhou et al. (2000) 

reported no significant relationship between POC and the concentrations of PAHs for 

sediments from Xiamen Harbour, China.  Gevao et al. (1998) also reported the absence of a 

correlation between these parameters for sediments in a small rural lake in England.  Kayal 

and Connell (1989) reported a negative correlation between the levels of POC and sediment 

PAH concentrations in the Brisbane River, Australia.  High levels of POC (>4%) have been 

theorised as the reason for the lack of a correlation between the levels of sediment organic 

carbon and PAH concentrations (Kayal and Connell, 1989; Broman et al., 1990; Gevao et al., 

1998).  This implies that not all the POC has the same sorptive properties for PAHs or that the 

supply of PAHs is limited. 
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Another approach in determining if the POC is influencing the distribution of the PAHs in the 

stormwater, is to examine the relationship of the Kp values for individual PAHs with the 

fraction of organic carbon (ƒoc = POC/100).  This is shown in Figure 5.9 for the pooled data 

for both FLR and BaP from all the sites sampled. 

 

 

FIGURE 5.9  The relationship between Kp and ƒoc for FLR and BaP 
 

 

It was clear from the low R2 values obtained from the linear regression analysis, that ƒoc is 

exerting little or no influence on the partition coefficients for FLR and BaP.  The lack of a 

correlation between these two variables was also observed for the other 14 PAHs.  This was 

confirmed for all 16 of the PAHs using Spearmans correlations, which also showed that no 

relationship existed between the Kp values and ƒoc.  This finding is in contrast to the positive 

correlations between Kp and ƒoc reported by Karickhoff (1981) for laboratory-based studies of 

PAH sorption to soils and sediments.  It is however consistent with the findings of several 

recent field studies on the in-situ partitioning of PAHs.  For example, Zhou et al. (1999) 

reported that the partitioning of FLR and PYR between SS and the water in the Humber 

estuary, England, was not related to ƒoc.  A similar absence of a correlation between ƒoc and 

PAH partitioning was been reported by Ko and Baker (1995) for SS in the water column of 

Chesapeake Bay, USA.  They reported that the suspended particles in the surface waters were 

rich with “fresh” organic matter that may be being produced too quickly to allow contaminant 

sorption to reach equilibrium.  Thus in effect, this “fresh” organic matter was a poor sorbent 

for PAHs whereas the older and more refractory organic matter in the surficial sediments 

appeared to sorb more PAHs.  Maruya et al. (1996) reported that normalisation of the 
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partition coefficients to ƒoc did not explain all the variation in the partitioning constants 

between surficial sediments and their porewaters in San Francisco Bay , USA.  They also 

suggest a heterogeneity of organic carbon matrices with respect to their adsorption properties 

for PAHs and note that combustion soot particles found in the sediments may control the 

partitioning of the PAHs.  The role of soot carbon as a sorbent of PAHs in sediments has been 

proposed for several decades (Readman et al., 1984).  However, only recently have there been 

reports which have shown that soot carbon is a much stronger PAH sorbent than the natural 

organic carbon in sediments (Bucheli and Gustafsson, 2000) and that normalisation of the 

partitioning coefficient to the levels of soot carbon as well as organic carbon can explain 

variations in the in-situ PAH Kp values (Gustafsson et al., 1997).   

 

As noted in Chapter 1, combustion sources are the principal sources of PAHs in urban 

environments (Neff, 1979).  Given the present result that the values of Kp appear not to be 

correlated to ƒoc, it is considered probable that the levels of soot carbon in urban stormwater 

are likely to be the dominant factor determining the partitioning of PAHs.  The POC content 

of suspended sediments in urban stormwater is considerably higher than that commonly found 

in marine and estuarine sediments.  Much of the POC that is not soot carbon, is likely to arise 

from recently decayed vegetation and thus is likely to exhibit a low sorptive capacity for 

PAHs. 

 

In the present study, dividing Kp by ƒoc will result in the introduction of some extra error to 

the organic carbon-normalised partition coefficient (Koc).  Allowing for this additional error, 

the remaining discussion in this section will compare the computed log Koc values (Table 5.5) 

with those reported in the literature, in an attempt to examine the partitioning of PAHs in the 

present urban stormwater in relation to that previously reported for rivers, estuaries and 

marine environments.  In the concluding statements of this section, the potential magnitude of 

this additional error will be discussed.  Close inspection of the log Kp values (Table 5.4) 

revealed that for the majority of the PAHs, the values determined for the Portobello Road site 

were lower than those measured at the other sites in the present study.  In addition, the log Kp 

values determined at the Portobello Road site were lower during baseflow conditions than 

those measured during stormflow conditions.  The same trends were evident in the log Koc 

values in Table 5.5 and are presented graphically in Figure 5.10 for NAP, PHEN, PYR and 

BaP. 

 



TABLE 5.5  Organic carbon-normalised partition coefficients (log Koc, L/kg C) for PAHs in urban stormwater (mean ± SE (n)) 
 

PAH Portobello Road 
Baseflow 

Portobello Road 
Stormflow 

Water of Leith 
Baseflow 

Water of Leith 
Stormflow 

St David St Upper Leith Reid Ave Parklands 

NAP 4.34±0.11 
(6) 

4.82±0.18 
(12) 

4.98±0.43 
(3) 

4.80±0.05 
(3) 

4.32 5.60 4.18 4.61 

ACY 4.29±0.14 
(4) 

4.61±0.33 
(6) 

- 4.77±0.06 
(2) 

4.75 5.62 4.47 4.18 

ACE 4.32±0.15 
(3) 

5.06±0.37 
(4) 

- - - - - - 

FL 4.37±0.18 
(4) 

4.79±0.18 
(9) 

5.56±0.18 
(2) 

4.81 
(1) 

4.83 - 4.31 4.17 

PHEN 4.88±0.08 
(6) 

5.25±0.0.14 
(17) 

5.46±0.12 
(3) 

5.47±0.11 
(3) 

5.36 5.88 4.92 4.95 

ANT 5.03±0.06 
(6) 

5.32±0.0.14 
(13) 

5.10 
 

5.62±0.15 
(3) 

5.45 6.04 4.84 5.07 

FLR 5.45±0.06 
(6) 

5.79±0.11 
(17) 

5.93±0.08 
(3) 

6.10±0.16 
(3) 

5.93 6.16 5.53 5.63 

PYR 5.51±0.06 
(6) 

5.77±0.10 
(17) 

6.08±0.21 
(3) 

6.30±0.08 
(3) 

6.13 6.33 5.70 5.96 

BaA 6.03±0.05 
(6) 

6.57±0.0.12 
(11) 

6.72±0.23 
(3) 

7.07±0.11 
(3) 

6.86 6.93 6.30 6.71 

CHY 5.98±0.07 
(6) 

6.52±0.0.15 
(12) 

7.06±0.08 
(2) 

6.98±0.36 
(3) 

6.97 6.97 6.60 6.31 

BbF 6.33±0.12 
(6) 

6.89±0.16 
(12) 

6.97±0.41 
(3) 

7.49±0.09 
(3) 

7.05 7.32 6.58 - 

BkF 6.48±0.11 
(6) 

6.92±0.17 
(8) 

6.73±0.27 
(3) 

7.35±0.09 
(3) 

7.12 7.34 6.75 7.39 

BaP 6.45±0.13 
(6) 

6.97±0.13 
(11) 

7.34±0.28 
(3) 

7.43±0.06 
(3) 

7.35 7.50 6.98 7.59 

DBA 6.57±0.19 
(5) 

6.65±0.06 
(5) 

7.38±0.38 
(3) 

7.32±0.07 
(3) 

7.07 7.56 6.68 7.59 

BPY 6.57±0.15 
(6) 

6.80±0.14 
(14) 

7.07±0.26 
(3) 

7.31±0.06 
(3) 

7.08 7.51 6.79 7.41 

INP 6.69±0.24 
(3) 

6.87±0.06 
(3) 

7.15±0.50 
(2) 

7.39±0.07 
(3) 

7.43 7.64 7.62 - 

- Partition coefficient was not able to be calculated due to the concentration in the particulate or dissolved phase being less than the method detection limit 
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FIGURE 5.10  Variation in the log Koc values between the sampling sites for NAP, 
PHEN, PYR and BaP.  Error bars represent ± 1 standard error. Data points with no 
error bars represent a single sample 

 

 

For all except NAP, there was little difference in the log Koc values measured for the St David 

Street sub-catchment compared with those measured in the Leith catchment during both 

baseflow and stormflow conditions.  The partition coefficients were generally highest for the 

Upper Leith sample. During stormflow conditions, the partition coefficients at the Portobello 

Road site were similar to, but at the lower end of the range, of those measured in the Water of 

Leith and in the two Mosgiel catchments.   

 

The partitioning at the Portobello Road site during baseflow conditions appeared to be weaker 

(lower log Koc values) than that during stormflow conditions.  This was tested for all of the 

16 PAHs using t-tests.  NAP and the nine PAHs PHEN through to BaP exhibited lower 
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partitioning (p<0.05) during baseflow conditions.  The LMW species ACY, ACE and FLR 

did not exhibit any different partitioning between the two flow regimes, which might however 

have been a result of fewer values being available for these PAHs.  There was also no 

significant difference in partitioning between the flow regimes for DBA, BPY and INP.  

However, an alternative explanation of the similarity in partitioning constants may a the “third 

phase” effect reducing the apparent partition coefficients of these largest HMW PAHs.  This 

possibility will be investigated in more detail later.   

 

During baseflow conditions, as the PAHs are leached from the road debris residing in the 

stormwater system, more time is available for the sorption processes to achieve equilibrium 

than that during stormflow conditions which last for only a few hours.  For a 24 hour 

desorption experiment using road dust, Kumata et al. (2000) reported that the log Koc values 

were significantly lower than those measured for urban stormwater in Japan during stormflow 

conditions.  Kinetic factors of the sorption process may therefore explain the present 

difference observed in the partition coefficients between the two flow regimes at the 

Portobello Road site.  However, the same difference between the flow regimes was not 

evident in samples from the Water of Leith.  An alternative explanation for the present results 

obtained for the Portobello Road site may be the influx of contaminated groundwater from the 

DCC gasworks site.  It might be expected that much of the contamination would enter the 

stormwater system being bound to colloidal organic matter (Villholth, 1999; MacKay and 

Gschwend, 2001).  Evidence to support this theory is that the PAH content of the colloidal 

phase was greater at the Portobello Road sampling site during baseflow conditions (see 

Figure 4.2).  

 

The log Koc values measured in the present study compare well to those reported by Kumata 

et al. (2000) for highway runoff in Tokyo.  For example, the values for PYR range from 5.5 to 

7.1 L/kg C and the range for BaP was 6.0 to 7.8 L/kg C.  In the river that received the 

highway runoff, the range in values for BaA was 6.4-7.0 L/kg C which was very close to the 

range of 6.0-7.1 L/kg C measured in the present study.  The only other study found in the 

literature that reported log Koc values for PAHs in urban stormwater is that of Foster et al. 

(2000) who reported a value of 6.15 for PYR present in the Anacostia River, Washington DC, 

USA.  Based on this limited comparison, it appears that the magnitude of the PAHs 

partitioning between the dissolved and particulate phases observed in the present study is 

similar to that measured elsewhere. 

 



 200

A more thorough comparison may be gained by comparing the partitioning constants of the 

PAHs to those previously reported for a variety of terrestrial and marine environments.  This 

is most readily achieved by plotting the mean log Koc values against the log Kow values for the 

PAHs.  The log Koc versus log Kow plot for the Portobello Road stormflow data in comparison 

to some other previous studies is shown in Figure 5.11 together with the 95% prediction 

intervals for the linear regression equation.   

 

FIGURE 5.11  Comparison of the regression equation for the PAH log Koc values 
versus log Kow for the Portobello Road stormflow data with those of some previous 
studies.  Red symbols are the present results for NAP, DBA, BPY and INP. Error bars 
represent ± 1 standard error.  Dashed lines represent the 95% prediction interval for 
the linear regression line (solid black line) 

 
 

The value for NAP while plotted, is not included in the regression because a significant 

correlation between the dissolved and particulate concentrations did not exist (see Figure 5.8).  

The values for DBA, BPY and INP have also not been used in the linear regression analysis 

as it is believed that the deviation of these PAHs from the regression line is a result of the 

“solids effect”.  As discussed earlier, there are differences in the log Koc values for most of the 

individual PAHs at the Portobello Road site sampled under baseflow and stormflow 

conditions.  However, these differences were not significant when the data for the 12 PAHs 

(ACE-BaP) are plotted against log Kow.  The same situation applies for the regression 
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equations derived from the other sites sampled i.e. the slopes and intercepts are not 

significantly different (p>0.05) from that measured for the Portobello Road site during 

stormflow conditions. 

 

The in-situ log Koc values determined in the present study were higher that those predicted by 

the equation log Koc = 1.00 log Kow – 0.21 as proposed by Karickhoff et al. (1979) which 

suggests that the stormwater particles in the present study were enriched in PAHs to an extent 

greater than that predicted from the simple organic matter partitioning model.  This indicates 

that the use of laboratory-based studies to generate equations to model PAH partitioning, for 

example those of Karickhoff et al. (1979) and Baker et al. (1997), may not accurately predict 

the behaviour of PAHs in the environment.  The difference between laboratory and field 

measurements of the partitioning of PAHs between water and particles has been widely noted 

(Readman et al., 1984; McGroddy and Farrington, 1995; Naes et al., 1998; Mitra et al., 1999; 

Zhou et al., 1999; Kumata et al., 2000).  Gustafsson et al. (1997) reported that soot carbon, to 

which PAHs were significantly more strongly bound than to natural organic matter, was the 

likely cause of this discrepancy.  Enhanced pollutant trapping due to conformational changes 

within the organic carbon matrix after adsorption (Kan et al., 1998) and slow desorption 

kinetics (Karickhoff, 1984) may also result in enhanced PAH adsorption to the particulate 

phase.  

 

The linear regression equation determined for the present data was similar to that reported by 

Maruya et al. (1996) for the partitioning of PAHs between sediments and their porewaters in 

San Francisco Bay, USA.  In that study, it was noted that combustion-generated particulate 

matter from the atmosphere and from surface runoff i.e. stormwater, were the principal 

sources of PAHs to the sediments.  Maruya et al. (1996) also reported higher than expected 

concentrations of DBA, BPY and INP in the dissolved phase and excluded these PAHs from 

their regression analysis.  The regression equation reported by Kayal and Connell showed that 

the sediments in the Brisbane River, Australia, adsorb PAHs to a slightly greater extent than 

those examined in the present study.  The mean log Koc value for NAP of 4.86 ±0.18 L/kg C 

measured in the present study was similar to that of 5.00 L/kg C reported by Kayal and 

Connell (1990).  The equation of Gustafson and Dickhut (1997), for the partitioning of PAHs 

between SS and water in the York River, Chesapeake Bay, USA, was very similar to that 

determined for the present study indicating that the partitioning of PAHs was similar in these 

two environments. 
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It was noted earlier that for stormwater it may be inappropriate to calculate values for Koc 

based on ƒoc, given the high levels of POC present and the apparent lack of a correlation 

between Kp and ƒoc.  However, it is evident from the above discussion that the PAHs in the 

urban stormwater measured in the present study are in general showing partitioning between 

the dissolved and particulate phases that is similar to that reported in other field studies of 

urban stormwater, rivers and estuarine systems.  If a value for ƒoc is used to calculate Koc that 

is more typical of estuarine systems, for example ƒoc = 0.02, the log Koc value for PYR would 

increase by 0.76 log units to 6.53 L/kg C.  This is very close to the value of 6.51 L/kg C for 

PYR as reported by Kayal and Connell (1990).  Thus, normalising the partition coefficient to 

the high levels of organic carbon found in urban stormwater results in values for log Koc that 

are similar to those previously reported for field studies in rivers and estuarine systems but 

they may be slightly underestimated.  Identification of the organic carbon rich particles 

present in urban stormwater, in particular the relative amount of soot carbon, would help to 

further define this issue.   

 

5.3.2 Partitioning between the Colloidal and Truly Dissolved Phases 

 

The results from the separation of the “dissolved” phase of the stormwater runoff into the 

truly dissolved and colloidal (DOC-bound) phases using the C18 SPE disks, showed that there 

were measurable amounts of PAHs present in the colloidal phase.  The percentages of each 

PAH bound to DOC in the colloidal phase varied from 0.1 to 50% of the total concentration 

of each PAH depending on the hydrophobicity of the particular PAH (e.g. Figure 4.15).  The 

PAH concentrations present in the colloidal phase were proportional to those in the truly 

dissolved phase.  The DOC-water partition coefficients (cK’doc) for each PAH at each 

sampling site are listed as log cK’doc values in Table 5.6.   

 



TABLE 5.6  DOC-water partition coefficients (log cK’doc, L/kg C) for PAHs in urban stormwater (mean ± SE (n)) 
 

PAH Portobello Road 
Baseflow 

Portobello Road 
Stormflow 

Water of Leith 
Baseflow 

Water of Leith 
Stormflow 

St David St Reid Ave 

NAP 4.99±0.07 
(5) 

4.72±0.16 
(3) 

5.99±0.16 
(3) 

5.38±0.29 
(3) 

4.44 4.54 

ACY 4.26±0.15 
(5) 

4.03±0.32 
(2) 

- - - 4.63 

ACE 4.31±0.23 
(4) 

4.36±0.30 
(2) 

- - - - 

FL 4.31±0.08 
(5) 

4.23±0.19 
(2) 

- - - 4.07 

PHEN 4.12±0.16 
(5) 

3.68±0.36 
(3) 

- 4.54 
 

- 4.06 

ANT 4.20±0.12 
(5) 

3.75±0.42 
(3) 

- - - 3.94 

FLR 4.22±0.12 
(5) 

3.96±0.28 
(3) 

4.69 
 

4.59 
 

3.65 4.18 

PYR 4.23±0.12 
(5) 

3.93±0.32 
(3) 

5.12±0.08 
(3) 

4.96±0.31 
(2) 

3.39 4.03 

BaA 4.33±0.11 
(5) 

3.98±0.30 
(3) 

4.98±0.16 
(3) 

5.01±0.45 
(2) 

3.61 4.01 

CHY 4.11±0.21 
(5) 

3.80±0.34 
(3) 

6.13 
 

5.16±0.61 
(2) 

3.27 3.86 

BbF 4.44±0.13 
(5) 

4.21±0.24 
(3) 

5.75 
 

4.98±0.59 
(2) 

3.60 3.66 

BkF 4.61±0.13 
(5) 

4.26±0.23 
(3) 

5.78±0.19 
(3) 

5.06±0.36 
(3) 

4.13 4.10 

BaP 4.58±0.14 
(5) 

4.09±0.32 
(3) 

5.29±0.00 
(2) 

5.07±0.46 
(3) 

4.29 4.47 

DBA 4.71±0.09 
(5) 

4.27±0.24 
(3) 

6.13±0.33 
(2) 

5.19±0.28 
(3) 

4.19 4.32 

BPY 4.73±0.13 
(5) 

4.47±0.18 
(3) 

5.45±0.17 
(3) 

5.14±0.33 
(3) 

4.38 4.26 

INP 4.87±0.12 
(2) 

5.03 
 

- - - - 

- Partition coefficient was not able to be calculated due to the concentration in the particulate or dissolved phase being less than the method detection limit 
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It is evident that the log cK’doc coefficients for the Portobello Road site are lower than those 

measured for the PAHs in the Water of Leith.  In addition, there appeared to be differences 

between the two flow regimes at each site.  These trends are shown in more detail in Figure 

5.12 for NAP, PHEN, PYR and BaP.   

 

 

FIGURE 5.12  Variation in the log cK’doc values (L/kg C) between the sampling sites for 
NAP, PHEN, PYR and BaP.  Error bars represent ± 1 standard error.  Data points 
without error bars represent a single sample 

 

 

The log cK’doc values for the Reid Avenue and St David Street sites were more similar to 

those for the Portobello Road site than to those from the Leith.  Students t-tests were used to 

examine the differences between the mean log cK’doc values determined for the four PAHs at 

the Water of Leith and Portobello Road sites.  These tests will have limited statistical power 
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due to the low number of data points but they are at least useful to further confirm any visual 

trends.  At the Portobello Road and Water of Leith sites there were no significant differences 

(p>0.05) between the mean values for each of the four PAHs between the two different flow 

regimes.  This results suggests that the partitioning between the truly dissolved and colloidal 

phases did not change significantly with the onset of stormflow conditions and the associated 

changes in the concentrations of SS, DOC and POC.  However, there were significant 

differences in partitioning between the sites.  The partitioning between the phases was higher 

in the Water of Leith during baseflow conditions than that measured at Portobello Road 

during baseflow conditions (p<0.05).  A potential reason for this difference in partitioning 

will be discussed in Section 5.3.4.  This difference in partitioning was not observed between 

the Water of Leith and Portobello Road sites during stormflow conditions (p>0.05), possibly 

due to the influx of stormwater from catchments such as the St David Street catchment, which 

exhibited values for the partitioning constants that were similar to those measured at the 

Portobello Road site.   

 

A number of studies have shown that an effect analogous to the “solids effect” i.e. decreasing 

values for log cK’doc at higher DOC concentrations, may occur in laboratory-based studies 

(Landrum et al., 1984; Ozretich et al., 1995).  For the combined baseflow and stormflow data 

from the Portobello Road site, the in-situ values for log cK’doc were not correlated (p>0.05) 

with the respective DOC concentrations.  This is consistent with the findings of the review by 

Krop et al. (2001), who reported that the partition coefficients do not depend on DOC 

concentrations in the range of 0-100 mg C/L. 

 

The initial method development work (Section 3.3.3.4, Figure 3.8) where PAHs were spiked 

into stormwater taken during baseflow conditions from the Portobello Road site showed that, 

with the exception of NAP, the PAHs were exhibiting partitioning that was proportional to 

their log Kow values.  The same trend was evident for the in-situ baseflow partition 

coefficients (Figure 5.13).  Again, NAP exhibited higher values than the other PAHs and was 

not included in the regression analysis.  The equation for the linear regression line was not 

significantly different (p>0.05) from that determined in the laboratory-based study.  This 

indicates that for the laboratory-based study, the 24 hour time period was sufficient for the 

system to establish an equilibrium between the phases and that the sorption of the PAHs to the 

DOC was reversible.  The PAHs (with the exception of NAP) also exhibited in-situ 

partitioning that was proportional to their log Kow values during stormflow conditions at the 

Portobello Road, Water of Leith, and St David Street sites.  In general, the partitioning 
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coefficients increased with increasing log Kow values at the Reid Avenue site and in the Water 

of Leith during baseflow conditions but the trends were not significant (p>0.05).  

 
FIGURE 5.13  Log cK’doc versus log Kow plot for the partitioning determined in-situ at 
the Portobello Road site during baseflow conditions (mean ± SE).  NAP (red symbol) is 
not included in the linear regression analysis 

 

FIGURE 5.14  Comparison of the log cK’doc partition coefficients for Portobello Road 
stormwater (combined baseflow and stormflow data) to those measured for Aldrich 
Humic Acid and to the organic carbon-normalised partition coefficient log Koc.  Error 
bars represent ± 1 standard error.  Dashed lines are the 95% prediction intervals 
arising from the linear regression analysis  
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The plot of log cK’doc versus log Kow values for the combined stormflow and baseflow data 

from the Portobello Road site is shown in Figure 5.14.  Also shown are the linear regression 

equations for the log cK’doc values for the sorption of the PAHs to AHA and to the organic 

carbon of the suspended sediments present in the stormwater (log Koc values).  The figure 

shows that for the HMW PAHs and also PHEN and ANT, the DOC present in the stormwater 

is a relatively poor sorbent in comparison to AHA, which is widely known to be a strong 

sorbent for PAHs (Landrum et al., 1984; Chin et al., 1997).  For these PAHs, the organic 

carbon (or potentially soot carbon) of the suspended sediments appears to be the strongest 

sorbent.  However, the 2-3 ring PAHs NAP, ACY, ACE and FL exhibit a similar affinity for 

all three sorbents. 

 

The only previous study found in the literature that reported values for the PAH partitioning 

constants that were determined in-situ was that of Naes et al. (1998) for work conducted in 

Norway.  The PAHs in the water column of an estuarine bay receiving waste from an 

aluminium smelter, exhibited log Kdoc partitioning constants that were significantly correlated 

to the log Kow values of the PAHs.  The slope of the regression was 0.15, which is very 

similar to that determined for stormwater in the present study.  However, the actual partition 

coefficients were somewhat higher. For example, Naes et al. (1998) reported a value of 

6.50 L/kg C for BaP, compared to the mean value of 4.40 L/kg C for the Portobello Road site 

measured in the present study.  

 

Numerous studies have been reported in the literature where the PAH binding properties of 

the DOC from natural waters have been tested in laboratory-based studies.  The most relevant 

of these to the present study are those conducted using freshwater i.e. from rivers or lakes, but 

few studies report results for more than two PAHs.  Eadie et al. (1990) reported a partition 

coefficient of 4.57±0.03 L/kg C (SE, n=217) for BaP in surface waters from the Great Lakes 

in North America, which is close to the average value of 4.40±0.16 L/kg C (SE, n=8) 

determined in the present study.  Kulovaara (1993) reported values of log Kdoc in the range of 

4.1-4.8 L/kg C for BaP in lake surface waters in Finland.  Landrum et al. (1984) and 

Morehead et al. (1986) reported positive correlations between the partition coefficients for 

four PAHs and their log Kow and/or solubility values, but noted that these did not occur in 

every location in the Great Lakes area and appeared to depend on the source of the DOC.  In a 

New Zealand study, Mills (2000) reports values of log Kdoc for FLR in the range of 

3.9-4.4 L/kg C for DOC solutions generated from the decomposition of New Zealand plant 
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species.  These species are likely to contribute to the DOC in New Zealand urban stormwater 

and yielded partitioning coefficients that are very close to the values determined in the present 

study (Table 5.6). 

 

Krop et al. (2001) and Burkhard (2000) provide comprehensive compilations of log Kdoc 

values for a variety of hydrophobic organic chemicals and DOC substrates.  Several of the 

log Kdoc versus log Kow linear regression equations from these reviews, together with that 

derived in the present study for the Portobello Road site, are shown in Figure 5.15. 

 

 

FIGURE 5.15  Comparison of the linear regression equation for the PAH log cK’doc 
values versus log Kow for the present Portobello Road data with those in previous 
literature reports. Error bars represent ± 1 standard error.  Dashed lines represent the 
95% prediction interval for the linear regression equation determined in the present 
study 

 

 

The equation reported by Krop et al. (2001) of log Kdoc = 0.34 log Kow + 2.9 for the humic 

acids extracted from freshwater bodies is similar to that determined in the present study.  The 

equation reported for river water of log Kdoc = -0.03 log Kow + 4.9 is also similar but exhibits 

negligible slope and a higher intercept.  Both of these equations indicate that the partitioning 

of the PAHs between the truly dissolved and colloidal phases as determined for urban 

stormwater in the present study, is similar to that found for hydrophobic organic pollutants in 

a variety of other fresh water systems.  The equation recommended by Burkhard (2000) of 

Kdoc = 0.08 log Kow (or log Kdoc = 1.00 log Kow – 1.1) for all hydrophobic organic chemicals 
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for all freshwater bodies, accurately predicts the values measured in the present study for the 

PAHs with log Kow values in the range of 4.5-6.0.  However, it underestimates those with 

log Kow values less than 4.5 and overestimates those with log Kow values greater than 6.0.  

This suggests that the partitioning behaviour of the PAHs may be different to that of other 

organic contaminants with log Kow values in these two ranges. 

 

5.3.3 Three-Phase Partitioning of PAHs in Urban Stormwater 

 

In the environment, PAHs exist in the particulate, colloidal and truly dissolved phases, which 

interact with each other (e.g. Figure 1.5).  The distributions of the PAHs between these three 

phases are shown in Figures 5.16 and 5.17 for the Portobello Road site during baseflow and 

stormflow conditions respectively.  These are the first such distributions that appear to have 

been reported for urban stormwater anywhere in the world. 

 

As noted in Section 4.3.2, the truly dissolved phase was enriched in the more soluble LMW 

PAHs, while the particulate phase was dominated by the more hydrophobic HMW PAHs.  

This behaviour was a direct reflection of the increase in the log Koc values for the PAHs as 

their log Kow values increased in the order of the PAHs from left to right in Figure 5.16.  It 

was seen in Section 5.3.2 that there was also a positive correlation between log cK’doc and 

log Kow.  It may therefore be expected that the importance of the colloidal phase would also 

increase as the hydrophobicity of the PAHs increases.  This was clearly not the case for the 

three-phase partitioning of the PAHs.  The mean percentage of the total concentration in the 

colloidal phase was 41% for NAP, 6% for PHEN, 5% for PYR and 3% for BaP.  The organic 

carbon associated with the particulate phase was a better sorbent for the PAHs with log Kow 

values greater than 4.5 (Section 5.3.2) than was the DOC for the PAHs.  Therefore, the 

particulate phase was enriched at the expense of the colloidal phase as the hydrophobicity of 

the PAHs increased. 

 

The in-situ three-phase distributions of the PAHs in stormwater were similar to those reported 

by Eadie et al. (1990) for the partitioning of PAHs in water samples taken from the Great 

Lakes, North America.  In that study, the percentages of PYR and BaP in the colloidal phase 

were less than 10% of the total concentration.  The results of Naes et al. (1998) for the PAH 

distributions determined in-situ for the effluent waters of a Norwegian aluminium smelter 

were similar to those determined in the present study. 
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FIGURE 5.16  Percentage of the total concentration of each PAH in the truly dissolved, 
colloidal and particulate phases for baseflow samples from the Portobello Road 
stormwater drain  

 

 

FIGURE 5.17  Percentage of the total concentration of each PAH in the truly dissolved, 
colloidal and particulate phases for stormflow samples from the Portobello Road 
stormwater drain (median data for 7 December 2000 storm event) 
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During stormflow conditions at the Portobello Road site, the log Koc partitioning constants 

were higher than those for baseflow conditions (Section 5.3.1), possibly due to the influx of 

soot particles.  As a result, the percentage of each PAH in the particulate phase increased 

(Figure 5.17), while that in the truly dissolved phase decreased.  The importance of the 

colloidal phase remained relatively constant for NAP (44% of the total NAP concentration) 

and decreased slightly for PHEN (4%).  The decrease was more pronounced for PYR and BaP 

which were present in the colloidal phase at only 2% and 0.4% respectively during 

stormflows compared to 5% and 3% respectively during baseflow conditions.   

 

The C18 SPE methodology developed in the present study has allowed the occurrence and 

extent of colloidally-bound PAHs in urban stormwater to be documented for the first time.  

The presence of these colloidally-bound contaminants that are able to pass through filters into 

the dissolved phase, have often been cited as the reason for the experimental observation of 

the “solids effect” (Voice et al., 1983; Gschwend and Wu, 1985; Lee and Kuo, 1999).   

 

A common experimental verification of the existence of the “solids effect” is the negative 

correlation between the partition coefficient Kp and the concentration of SS i.e. Kp is lower at 

high SS concentrations.  This has been observed for both laboratory–based (Voice et al., 

1983; Turner et al., 1999) and field studies (Baker et al., 1986; Zhou et al., 1999).  In the 

present study, Spearman rank-order correlation coefficients for the combined Portobello Road 

baseflow and stormflow data showed that there was a positive correlation (p<0.05) between 

SS concentrations and the Kp values for six of the 16 PAHs (NAP, ACE, PHEN, BaA, CHY, 

and BbF).   

 

The positive correlation between the SS and the Kp values observed in the present study is in 

contrast to that previously reported in the literature (Voice et al., 1983; Turner et al., 1999) 

and implies that the partition coefficient increases with increasing concentrations of SS.  It is 

likely that the observed positive correlation is a function of the two differing flow regimes 

from which the data was collected.  During baseflow conditions, the values for Kp were lower 

than those determined during stormflows (Table 5.4).  With the on-set of rainfall, large 

quantities of road dust that is likely to be rich in combustion-derived PAHs, is washed into the 

stormwater system.  This influx of road dust increases both the SS and particulate PAH 

concentrations and consequently the values for Kp.  The correlation between the SS 

concentrations and Kp values was not observed for these six PAHs if the baseflow or 
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stormflow data were considered separately, or if the analysis was conducted for the data from 

all the sites sampled.  Thus from this analysis of the present results, there is little evidence for 

the occurrence of a “solids effect”. 

 

A decrease in the slope of the log Koc versus log Kow plot at log Kow values above 5.5 is often 

considered as another consequence of the “solids effect” (Kayal and Connell, 1990; Mitra and 

Dickhut, 1999).  In the present study, this decrease in the slope was observed in the average 

and individual sample data from all the sites and for both baseflow and stormflow conditions.  

However, the decrease in slope did not appear to occur until log Kow values of greater than 6.1 

were reached i.e. for DBA, BPY and INP.  This was the reason that these PAHs were not 

included in the linear regression analysis to calculate the relationship between log Koc and 

log Kow (Figure 5.11).  The decrease in slope implies that the “solids effect” may be occurring 

for these PAHs.  Maruya et al. (1996) reported similar behaviour for DBA, BPY and INP in 

sediment porewater from San Francisco Bay, USA.  An alternative explanation may involve 

“steric hindrance”, where it is difficult for the largest PAHs to adsorb and desorb from the 

particulate organic carbon and as a result, they may not have reached equilibrium between the 

two phases (Karickhoff, 1984). 

 

5.3.4 The Relationships of log Koc and log cK’doc to the Molecular Properties of the 

PAHs 

 

It is evident from the above discussion, that the partitioning behaviour of PAHs is determined 

to a large degree by their molecular properties.  The derivation of definitive relationships 

between their molecular properties and the partition constants for the 16 PAHs used in the 

present study would allow the prediction of the behaviour of other PAHs in environmental 

systems.  The most common of these quantitative structure-activity relationships (QSAR) is 

that of the partitioning constants with log Kow (Baker et al., 2000; Burkhard, 2000), which has 

already been widely used in the present study.  Other molecular properties which may be used 

to model the behaviour of the PAHs include aqueous solubility (S), LeBas molar volume 

(Vm), molecular volume (TMV), and molecular total surface area (TSA) (Krop et al., 2001).   

 

Linear regression analysis of the values for the molecular parameters (Mackay et al., 1992) 

against the log Koc values obtained from the Portobello Road site was undertaken.  The use of 

these alternative parameters on the complete PAH data-set (NAP to INP) did not result in the 

values of the partitioning coefficients for NAP, DBA, BPY or INP being significantly closer 
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to the relevant regression lines than that seen for log Kow in Figure 5.11 and so the analysis 

was conducted using the values for the range of PAHs from ACE to BaP only.  The results for 

Vm and TMV yielded slightly higher regression coefficients than that for log Kow (Table 5.6) 

but the difference was not great.  This was not surprising as the parameters exhibit strong 

positive correlations with log Kow (Mackay et al., 1992).  A negative correlation with log S 

was evident as has been previously reported (Karickhoff et al., 1979; Morehead et al., 1986; 

Eadie et al., 1990).   

 

TABLE 5.6  Prediction of log Koc via quantitative structure-activity relationships 
 
Molecular Parameter Regression Equation R2 

Octanol-water partition coefficient (log Kow) log Koc = 1.03 log Kow + 0.62 0.95 

Molar volume (Vm) log Koc = 0.02 Vm + 0.81 0.97 

Molecular volume (TMV) log Koc = 0.03 TMV + 0.79 0.97 

Molecular total surface area (TSA) log Koc = 0.03 TSA - 0.49 0.93 

Solubility (log S) log Koc = -0.63 log S + 6.98 0.88 

 

 

The analysis was repeated for the log cK’doc values.  Regression of the data-set for all 

16 PAHs against the alternative molecular descriptors did not result in the value for NAP 

being significantly closer to the regression lines than that seen for log Kow in Figure 5.13 and 

so the analysis was conducted on the data-set for PAHs in the range from ACE to INP only.  

The log of the octanol-water partition coefficient again provided a regression equation that 

was comparable to or better than those of the other molecular descriptors (Table 5.7). 

 

Table 5.7  Prediction of log cK’doc via quantitative structure-activity relationships 
 
Molecular Parameter Regression Equation R2 

Octanol-water partition coefficient (log Kow) log cK’doc = 0.17 log Kow + 3.37 0.43 

Molar volume (Vm) log cK’doc = 0.003 Vm + 3.60 0.35 

Molecular volume (TMV) log cK’doc = 0.004 TMV + 3.46 0.41 

Molecular total surface area (TSA) log cK’doc = 0.004 TSA – 3.35 0.40 

Solubility (log S) log cK’doc = -0.08 log S + 4.37 0.29 

 

 

NAP exhibited sorption to both the stormwater POC and DOC in contrast to what would be 

predicted based on its log Kow value and the results for the other PAHs.  Similar log Koc 
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values for NAP to those measured in the present study have been reported by Kayal and 

Connell (1990) and Gustafson and Dickhut (1997), indicating that this degree of association 

of the smallest PAH with particulate matter in natural systems is not atypical.  However, the 

log cK’doc values for NAP determined in the present study are higher than those reported in 

the recent compilation of Krop et al. (2001) for the binding of NAP to freshwater DOC.  The 

studies of Landrum et al. (1984) and Morehead et al. (1986) report similarly high values for 

the sorption of the 2-ring PAH biphenyl to freshwater DOC.  Biphenyl (C12H10) consists of 

two joined, but not fused, benzene rings.  The high log Kdoc values reported for biphenyl may 

indicate that it (and by inference, NAP) bind to aquatic DOC strongly because their small size 

enables them to penetrate hydrophobic cavities in the DOC that are not available to the larger 

PAHs (Schlautman and Morgan, 1993) .   

 

To test this theory that the small size of NAP was responsible for its anomalous behaviour, a 

filtered (<0.7 µm) sample of Portobello Road stormwater was spiked and then equilibrated 

with biphenyl and azulene (C8H10, a 2-ring PAH consisting of a fused 5 and 7 carbon ring), 

together with the usual 16 PAHs.  Despite containing only two rings, biphenyl has a log Kow 

value of 3.90 and has values for Vm, TMV and TSA which place it between ACE and FL in 

the succession of PAHs (Mackay et al., 1992).  Accordingly, the log cK’doc value for biphenyl 

of 4.64 L/kg C was close to that for ACE (4.63 L/kg C).  A log Kow value for azulene could 

not be found in the literature, however, equations reported by Mackay et al. (1992) allowed a 

LeBas molar volume of 155.4 cm3/mol to be calculated which is greater than that for NAP 

(147.6 cm3/mol) but lower than that for ACY (165.7 cm3/mol) or biphenyl (185.0 cm3/mol).  

The log cK’doc value for azulene of 4.98 L/kg C was very close to that determined for NAP 

(5.00 L/kg C).  This indicates that the small size of NAP and azulene may allow them to 

access binding sites in the stormwater DOC that the slightly larger biphenyl molecule (and 

those of the other PAHs) are excluded from. 



 215

 

5.3.5 The Effects of Aqueous Chemistry on the Partitioning of PAHs in Urban 

Stormwater 
 
5.3.5.1 Nature of the POC and DOC 

The absence of a significant correlation between ƒoc and the Kp partition coefficients 

(Section 5.3.1), suggests that not all of the particulate organic carbon was participating in the 

sorption of the PAHs to the same extent.  Recent research has shown that combustion-derived 

soot particles, which are likely to be prevalent in stormwater, adsorb PAHs to a much greater 

extent than the organic carbon in many soils and some sediments (Gustafsson et al., 1997).  

The nature and source of DOC also significantly influences its ability to bind PAHs (Gauthier 

et al., 1987; Kukkonen and Oikari, 1991).  The higher log cK’doc values for the Water of 

Leith, in comparison to those for the Portobello Road site, may therefore be the result of 

differences in the nature of DOC present in the stormwater taken from these two sites.   

 

The molar absorptivity of filtered natural waters at a wavelengths of 280 nm (E280, in units of 

L/mol C cm) reflects π-π* electron transitions in substituted benzenes and polyenes and has 

been correlated to the molecular size and the degree of aromaticity of the humic substances 

present in these natural waters (Gauthier et al., 1987; Chin et al., 1994).  The molecular size 

and aromaticity of humic substances as determined by 13C NMR techniques have in turn been 

correlated with their ability to bind PAHs (Chin et al., 1997; Perminova, 1999).  The molar 

absorptivity is therefore a convenient tool for assessing the potential of DOC to bind PAHs.  

The molar absorptivities of baseflow samples from the Portobello Road and Water of Leith 

sites were measured on two occasions to give mean values of 422 L/mol C cm and 

402 L/mol C cm respectively.  These values are in the range of those reported by Chin et al. 

(1994) and Peuravuori (2001) for freshwater humic substances.  Based on the equation 

provided by Chin et al. (1997) the percent aromaticity of the Portobello Road humic 

substances was estimated to be 28% and 27% for the Water of Leith.  This suggests the DOC 

from both sites should have a similar binding affinity for the PAHs. 

 

The molar absorptivities of the DOC from the Portobello Road and Water of Leith sites are 

shown in Figure 5.18, plotted against the mean baseflow log cK’doc values for PYR, BaA and 

BaP.  Also shown, are the values for these PAHs binding to AHA (E280 of 788 L/mol C cm), 

which is known to have a high degree of aromaticity and as a result, is a strong sorbent for 

PAHs (Chin et al., 1997; Perminova et al., 2001).  The difference in the molar absorptivities 
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between the Portobello Road site and that for the AHA sample is clearly reflected in the 

log cK’doc values for the PAHs.  However, substantial differences exist between the log cK’doc 

values for the Portobello Road and Water of Leith sites despite their molar absorptivities and 

degree of aromaticity being similar.  For the Water of Leith site, the log cK’doc values for 

PYR and BaA are similar to those for AHA, despite AHA having a much greater molar 

absorptivity and degree of aromaticity.  From these results, it is clear that the binding of PAHs 

to aromatic groups in the DOC is not the only active sorption mechanism.  Aliphatic moieties 

in the DOC may be involved and they have been reported by Chefetz et al. (2000) and 

Kopinke et al. (2001) to be just as important as aromatic groups for the sorption of PAHs. 

 

 

FIGURE 5.18  The molar absorptivities (E280) of the DOC from the Portobello Road 
and Leith sites in relation to the log cK’doc values for PYR, BaA and BaP.  Also shown 
are the results for AHA 
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result in a decrease of 30% in the value of Koc for PYR.  Krop et al. (2001) also noted a 
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expected to vary from no more than around 6 to 12oC from summer to winter, which may 

have resulted in minor variations in the magnitude of the partitioning constants.   

 

Solution pH can also effect the partitioning of PAHs.  As the pH decreases, the degree of 

protonation of the organic acid groups associated with the DOC increases.  This leads to an 

increase in the non-polar character of the DOC and as a result the increased sorption of PAHs.  

Krop et al. (2001) reported that decreases in pH may result in increases in values for Kdoc by a 

factor of 2-5 and that only very sensitive methods are able to discern such changes. 

Schlautman and Morgan (1993) reported both increases and decreases in Kdoc with increasing 

pH.  De Paolis and Kukkonen (1997) reported that changes in pH in the range of pH 5 to pH 8 

only weakly affected the Kdoc values for BaP binding to estuarine DOC.  The range in pH 

measured in the present study was small (pH 6.9-7.9) and it showed no correlation with any of 

the partition coefficients. 

 

Increasing ionic strength generally results in an increase in the amount of PAHs adsorbed to 

particles as a result of two factors.  The first is the decrease in the solubility of the PAHs with 

increasing ionic strength ( the “salting out” effect) (Schwarzenbach et al., 1993; Means, 1995; 

Krop et al., 2001).  The second is conformational changes in the adsorbing organic carbon 

itself, making it a better sorbent for the PAHs (Krop et al., 2001).  Means (1995) observed a 

2-3 fold increase in the Koc values for PYR adsorbing to sediments when changing the salinity 

from 0 to 32‰, whereas Hegeman (1995) noted less of a salinity effect for the binding of 

PHEN and BaP to Rotterdam Harbour sediments.  The effect of ionic strength on the binding 

of PAHs to DOC is less clear (Lee and Kuo, 1999).  Schlautman and Morgan (1993) reported 

a general decrease in Kdoc values with increasing ionic strength.  Krop et al. (2001) noted that 

increasing ionic strength resulted in an increase in Kdoc values, until such point that 

complexation of the DOC with the added ions may cause Kdoc to decrease.  Perhaps it was this 

latter effect that was detected by Schlautman and Morgan (1993) who also reported that 

increasing concentrations of Ca2+ resulted in higher values for Kdoc at pH values of 7 and 

greater.  In the present study, there was no apparent link between the measured Ca2+ 

concentrations and the cK’doc values determined for the various sites.  Conductivity was not 

measured in the present study but it would be expected to be similar for all the sampling sites 

as all received only fresh water inputs. 
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5.4 Potential Environmental Effects and Fate of the Stormwater Contaminants 
 
5.4.1 Prior to Discharge into the Otago Harbour 

 

Urban stormwater is known to exhibit toxicity to aquatic organisms (Pitt et al., 1995; 

Borchardt and Sperling, 1997; Shinya et al., 2000).  The 3-4 ring PAHs PHEN, FLR and PYR 

have been identified as the principal PAHs responsible for the toxicity associated with 

stormwater sediments (Boxall and Maltby, 1995; Boxall and Maltby, 1997), while zinc from 

galvanised roofing materials has been identified as one of the principal heavy metal toxicants 

(Field and Pitt, 1990).  The ANZECC water quality guidelines (ANZECC, 1992) for the 

protection of aquatic systems are shown in Table 5.8, together with the median stormwater 

concentrations measured at the key monitoring sites used in the present study. 

 

TABLE 5.8  The ANZECC (1992) water quality guidelines in comparison to the median 
stormwater concentrations of lead, copper, zinc and PAHs  
 
Contaminant Portobello  

Road 

Water of  

Leith 

Mosgiel ANZECC 

Guideline 

   BF STW BF STW M1A M2A  

Pb (µg/L ) total 3.2 21 0.8 19 110 11 1.0-5.0a 

  <0.4 µm 0.7 1.8 <MDL 1.0 2.9 <MDL  

Cu (µg/L ) total 10 30 1.3 17 56 7.9 2.0-5.0a 

  <0.4 µm 6.5 11 1.1 4.9 9.1 0.6  

Zn (µg/L ) total 218 895 <MDL 101 770 110 5.0-50a 

  <0.4 µm 142 703 <MDL <MDL 247 <MDL  

∑16PAHa  total 1 984 3 056 49 549 1477 417 3 000 

 (ng/L) <0.7 µm 1 769 930 36 60 319 104  
a  Depends on the hardness of the water 

 

 

The water quality guidelines are exceeded for lead, copper and zinc at all the sites during 

stormflow conditions and at baseflow conditions at the Portobello Road site.  The guideline 

for PAHs is exceeded only at the Portobello Road site during stormflow conditions.  The 

maximum concentrations were however considerably higher.  For example, at the Portobello 

Road site the maximum concentrations of total ∑16PAH during baseflow conditions and 

stormflow conditions were 18 x103 ng/L and 1 050x103 ng/L respectively.  The maximum 
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concentrations of the heavy metals were also greater than the median concentrations but not to 

the same degree as for the PAHs. 

 

Exceeding the guidelines in this manner suggests that the stormwater discharges may result in 

adverse effects to aquatic organisms.  Adverse effects on organisms are not expected within 

the underground Portobello Road stormwater drain, but would be if the stormwater was 

instead flowing through small modified urban streams.  Many such streams, for which the 

contaminated urban stormwater will comprise the bulk of the flow, exist in the greater 

Dunedin area.  The magnitude of any effect would depend on the bioavailability of the 

contaminants, which is governed to a large extent by their partitioning to the particulate, 

colloidal and truly dissolved phases (McCarthy et al., 1985; Williamson, 1993; Grout et al., 

1999).  Because the ANZECC 1992 water quality guidelines relate only to the total 

concentrations of each contaminant, they may lead to overly conservative (worst case) 

estimates of the likely environmental impacts.  For the heavy metals, the concentration of the 

free metal ion (more correctly, the activity of the free metal ion) is thought to be the principal 

factor in determining the bioavailability and toxicity (Campbell, 1996).  For the present study, 

the dissolved metal concentrations (<0.4 µm) probably provide a better estimate of the 

potential effects.  However, recent research on stormwater has shown that over 80% of the 

copper and lead and 30% of the zinc present in the dissolved phase is associated with a 

colloidal fraction (Grout et al., 1999; Mosley, 1999).  This will greatly reduce the potential 

toxicity of copper and lead, while perhaps explaining why zinc has been identified as one of 

the principal toxicants in stormwater (Field and Pitt, 1990).   

 

The binding of PAHs by humic substances has been shown to greatly reduce their 

bioavailability and hence toxicity (Landrum et al., 1985; McCarthy et al., 1985; Haitzer et al., 

1998).  Thus, it is the PAHs in the truly dissolved phase that are primarily responsible for 

their toxicity.  The C18 SPE method developed in the present study has for the first time 

allowed a direct measurement of the levels of PAHs associated with the colloidal phase of 

urban stormwater in comparison to those present in the truly dissolved phase.  Previously, the 

concentrations of PAHs present in the truly dissolved phase were often estimated by the use 

of equilibrium partition models that relied on data regarding the partition coefficient Koc and 

required assumptions to be made regarding strength of any binding to DOC (Crunkilton and 

DeVita, 1997; Burkhard, 2000).   
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The median concentration of ∑16PAH determined in the present study in the truly dissolved 

phase at the Portobello Road site during stormflow conditions was 1 925 ng/L and the 

maximum concentration was 7 734 ng/L.  Thus, there may be occasions when even the truly 

dissolved ∑16PAH concentration may exceed the water quality guideline.  These PAHs were 

primarily LMW species (Figure 4.14), in particular NAP (577 ng/L) and PHEN (466 ng/L) 

but significant amounts of FLR and PYR were also present (both >100 ng/L).  Acute effects 

to aquatic organisms living in such waters would not be expected as these concentrations are 

three orders of magnitude lower than their respective LC50 values (Table 1.1).  Small, but 

potentially significant levels of HMW PAHs are present in the truly dissolved phase at all the 

sites.  Exposure of organisms to these HMW PAHs is likely to be greater during baseflow 

conditions as they exist for longer periods of time and the truly dissolved concentrations are 

often higher.  Continual exposure to these PAHs will result in their bioaccumulation by 

organisms (Landrum et al., 1985; Haitzer et al., 1998), which in turn may lead to chronic 

effects from the HMW PAHs (Neff, 1985).   

 

5.4.2 Possible Effects of the Stormwater Discharges into the Otago Harbour 

 

When the stormwater enters the Otago Harbour, there will be a rapid deposition of particulate 

material as the flow velocity decreases.  Previous research conducted in the harbour has 

shown that zones of moderate to high PAH and heavy metal contamination occur in the 

immediate vicinity of the stormwater drain outlets and at the mouth of the Water of Leith 

(Reid, 1990; Purdie and Smith, 1994; Stevenson, 1998).  The concentrations of contaminants 

present in the stormwater SS are shown in Table 5.9 together with a selection of the harbour 

sediment contaminant concentrations reported by Stevenson (1998).   

 

The contaminant concentrations in the Leith SS are higher than those in the sediment in the 

middle of the upper harbour.  This is not surprising as this latter site is approximately 500 m 

away and indicates that either not all the SS reaches this site or it is being diluted with less 

contaminated sediments.  The concentrations in the Portobello Road SS and those in the 

sediments near the drain outlet are very similar, in particular for the PAHs, suggesting that the 

stormwater is the main source of this type of contamination (as expected) and that little 

dilution by the influx of cleaner sediments e.g. sand, is occurring.  The sediments near the 

outlet of the Orari Street stormwater drain (700 m west of the Portobello Road drain, 

Figure 2.1) show similar contaminant concentrations to those measured in the road debris 

(Tables 4.17 and 4.18). 
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TABLE 5.9  Comparison of the mean concentrations of lead, copper, zinc and PAHs in the 
stormwater suspended sediment and the Otago Harbour sediments to the sediment quality 
guidelines of Long et al. (1995).  Values greater than the effects-range-medium guideline are in 
bold 
 
Location Heavy Metals  

(µg/g) 
PAHs 

(x103 ng/g) 

 Pb Cu Zn LMW HMW  ∑16PAH 

Stormwater SS    

Portobello Road STW 670 560 5910 18 87 105 

Water of Leith STW 208 146 1079 0.57 5.1 5.7 

Otago Harbour Sediments    

Mid Upper Harbour  19 17 110 0.10 0.56 0.66 

Orari St Outlet (5 m) 64 29 220 2.2 13 15 

Portobello Rd Outlet (5 m) 410 210 1300 17 117 134 

Portobello Rd Outlet (60 m) 44 29 180 1.8 12 14 

Long et al. (1995) Sediment Quality Guidelines    

Effects-range-low  47 34 150 0.55 1.7 4.0 

Effect-range-medium 218 270 410 3.2 9.6 45 

 

 

The PAH profile for sediments collected 5 m from the Portobello Road drain outlet 

(Figure 5.19) (Stevenson, 1998) is very similar to that measured for the stormwater SS 

(Figure 5.4) collected within the drain.  They also have similar LMW/HMW and FLR/PYR 

fingerprint ratios.  Of particular note is the very low PHEN/ANT ratio of 1.66 in the 

sediments near the outlet, which suggests that the PAHs from the DCC gasworks are 

influencing their composition.  The samples of Stevenson (1998) were taken prior to the 

present study, suggesting that this influence has occurred periodically for some time.  As 

noted earlier spills of a PAH rich sludge from the gasworks occurred several times in 

November 1990 when parts of the site were being decommissioned (Sommerville, 1990).  It 

appears that this material is still present in the sediments near the drain outlet.  In fact, when 

taking sediment cores at the site for another project, the author noted oily residues when the 

sediments were disturbed and distinct oily layers in the cores when they were sectioned.  The 

profile for the sediments in the middle of the upper harbour (Figure 5.19) is more typical of 

that for the road debris and the Water of Leith SS.   
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FIGURE 5.19  Relative abundances of the 16 PAHs in the sediments of the Otago 
Harbour at the Portobello Road stormwater drain outlet and a site in the mid upper 
harbour (Stevenson, 1998) 

 

 

The concentrations of heavy metals in the harbour sediments are typical of those that have 

been measured in other urbanised estuaries in New Zealand (Deely and Fergusson, 1994; 

Morrisey et al., 2000).  The PAH concentration in sediment taken from the Mid Upper Otago 

Harbour site is typical of those previously reported (50-4000 ng/g) for other parts of New 

Zealand (Holland et al., 1993; Mills, 1997).  The recent paper of Zakaria et al. (2002) 

provides a comprehensive listing of the results of PAH sediment concentrations at over 100 

locations around the world.  The ∑16PAH concentrations measured 60 m from the Portobello 

Road stormwater drain outlet and 5 m from the Orari St outlet are typical of those found in 

industrialised areas of Europe and North America.  The ∑16PAH concentration 5 m from the 

Portobello Road stormwater drain outlet is higher than any of the 124 sites sampled in Sydney 

Harbour by McCready et al. (2000) and is amongst the highest reported elsewhere by Zakaria 

et al. (2002).  It should be noted however that this present area of highly contaminated 

sediments appears to be relatively small as the concentration is reduced by a factor of 10 in 

sediments collected 60 m from the outlet. 

 

Very high PAH concentrations in sediments do not necessarily imply that benthic organisms 

will be affected.  Carr et al. (2000) reported that despite the highest concentrations of PAHs 

(60x103 ng/g, 13 PAHs) in Corpus Christi Bay, Texas, USA, occurring in the sediments 

adjacent to a stormwater outfall, the toxicity of these sediments was lower than that for other 
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sites with significantly lower PAH concentrations.  Rochfort et al. (2000) also reported that 

the toxicity of PAHs (and metals) was low for stormwater derived sediments.  In a very recent 

study on the Portobello Road sediments, Moore (2001) found the sediments exhibited no 

acute toxicity to the amphipod Paracorophium excavatum.  Strong binding to soot carbon in 

the sediments and relatively low levels of the more acutely toxic LMW PAHs, are the likely 

reasons why these sediments exhibit little acute toxicity. 

 

The sediment quality guidelines of Long et al. (1995) for marine and estuarine sediments 

(Table 5.9) are often used to assess the potential impacts of contaminated sediments.  

Contaminant concentrations below the Effects-Range-Low (ERL) level are rarely associated 

with adverse effects on marine ecosystems.  Adverse effects are occasionally observed at 

contaminant concentrations between the ERL and Effects-Range-Medium (ERM) levels.  

Sediment concentrations above the ERM level are frequently associated with adverse effects 

on marine ecosystems.  The SS from the Water of Leith falls between the ERL and ERM 

levels for all but zinc which is above the ERM level.  The Portobello Road SS and the 

sediments at the drain outlet may be expected to exhibit frequent effects based on these 

criteria, while those further from the point of discharge and those at the Orari St outlet may 

exhibit occasional effects on marine organisms.  The PAH concentrations are high enough at 

all the sites that the cytochrome P450 enzymatic system in fish such as flounder may be 

activated and produce carcinogenic metabolites that can lead to liver carcinomas (Woodhead 

et al., 1999).   

 

Those pollutants in the stormwater that do not immediately settle out i.e. those attached to 

very fine particles and those in the colloidal and truly dissolved phases, will be rapidly diluted 

by the harbour currents.  As they do so, they will experience a gradient of increasing salinity 

which may lead to the flocculation of some of the dissolved contaminants (Millward, 1995; 

Hunter et al., 1996).  Mosley (1999) determined that upon mixing with seawater in an estuary, 

the lead in stormwater is likely to exhibit non-conservative behaviour, while copper may 

behave conservatively.  Mosley (1999) observed that on occasion levels of dissolved zinc 

increased with increasing salinity which may be due to the desorption of zinc ions from 

particle surfaces as the ionic strength and pH increases. 

 

PAHs in the water column of estuaries have been found to behave both non-conservatively 

(Zhou et al., 1996; Maskaoui et al., 2002) and conservatively (Kayal and Connell, 1989; 

Fernandes et al., 1997; Zhou et al., 2000) as the distance from the source and salinity 
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increases.  Non-conservative behaviour is likely to be due to increases in the solid-water 

partition coefficient Koc due to “salting out” and changes to the organic matter (Means, 1995; 

Turner and Rawling, 2001).  PAHs in the truly dissolved phase will be subject to uptake by 

organisms, photodegradation and volatilisation (Readman et al., 1982).  DOC has been shown 

to behave conservatively in many estuaries (Zhou et al., 1996; Mosley, 1999).  The presence 

of PAHs in the colloidal phase may result in the transportation of significant amounts of 

PAHs through estuaries and may explain observations of their conservative behaviour.  The 

results obtained in the present study indicate that such a colloidal phase would be enriched in 

the LMW PAHs, in particular NAP and PHEN.  The quantification of the in-situ colloidal 

PAH phase in estuarine waters and factors which affect it, has received little attention to date 

but warrants further work. 

 

5.5 Implications for Future Management of Stormwater Discharges 

 

The stormwater discharges are unlikely to cause any acute toxic effects to organisms living 

within the streams and drains, or when the discharges enter the harbour.  However, treatment 

of the discharges may be necessary to reduce the longer term build-up of contaminants in the 

harbour sediments and chronic effects on organisms, particularly the effects of heavy metals 

and more persistent HMW PAHs on benthic organisms (Field and Pitt, 1990; Law et al., 

1997). 

 

A common form of treatment is to collect the “first flush” of stormwater and treat it together 

with sewage discharges or in separate facilities (Bedding et al., 1995).  While the Water of 

Leith exhibited a “first flush”, the treatment of the discharges from this source would be 

difficult given the large volumes of water involved, particularly for large storm events.  The 

contaminant loads measured during baseflow conditions were significant for this source, 

comprising of up to nearly 40% of the annual load for both total copper and total ∑16PAH, 

and 22% for total lead.  If treatment of the discharges was considered necessary, the viability 

of treating the water during baseflow conditions would need further examination.  The 

Portobello Road catchment did not show a significant “first flush” and therefore collecting the 

early part of the storm runoff would not significantly reduce the load of contaminants entering 

the Otago Harbour.  This catchment appeared to be transport limited, with the largest 

mass-flows of contaminants occurring at water flows of greater than 500 L/s.  Such volumes 

of water would be hard to store and treat.  Baseflow conditions contributed only 0.1-2% of the 

total annual loadings due to the low flow rate (1 L/s). 
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Another common form of treatment for urban stormwater is via detention ponds or storage 

basins, which often receive both stormflow and baseflow runoff.  The primary mode of action 

of these ponds is via the sedimentation of the particulate matter, to which a large percentage 

of the contaminants are adsorbed.  Wet retention ponds can remove 60-90% of SS, while 

constructed wetlands often have a lower removal efficiency of 40% for SS (Jones et al., 

1996). Assuming a mid-range value for the removal of SS of 75% and the mean percentages 

of particulate contaminants measured at the Portobello Road site (calculated from Table 4.14), 

sedimentation may result in the removal of approximately 50% of the concentrations of total 

copper and total ∑16PAH.  The reductions in the concentration of total lead and total zinc 

may be 70% and 20% respectively.  Some additional reductions might be expected, due to the 

removal of some of the dissolved contaminants through adsorption to settling particles and the 

biodegradation or volatilisation of the more reactive PAHs.  These estimates are close to those 

previously reported in the literature.  For example, Latimer et al. (1986) reported that a 

detention basin taking stormwater runoff from a shopping centre carpark removed on average, 

54% of the total concentration of PAHs and 57% of the suspended sediments.  Farm (2002) 

reported removal efficiencies of 51% for total copper but only 26% for total lead and 84% for 

total zinc in a large stormwater retention pond in Sweden.   

 

A number of other factors in addition to cost and land availability, must also be considered in 

the use of stormwater detention ponds.  Unless the ponds are carefully designed, or the 

contaminated sediments are removed regularly, the ponds may act as temporary storage sites 

for the sediments which are then resuspended and transported further downstream during very 

large rainfall events (Ellis et al., 1985).  In addition, any sediments removed from the ponds 

may be contaminated to such an extent that they may be classified as hazardous waste (Jones 

et al., 1996).  Bishop et al. (2000) note that stormwater detention ponds need to be carefully 

monitored because the high levels of contaminants present in them may impact on the wildlife 

(often birds) attracted to them.  

 

As noted above, the high volumes involved and the lack of suitable land, particularly in the 

low lying Portobello Road catchment, would make any form of end-of-pipe treatment 

difficult.  A number of “at-source” controls such as sand filters for large carparks, grass 

swales for stormwater infiltration (Field et al., 1996; Urbonas et al., 1996) and a reduction in 

the actual emissions of contaminants (Elliot and Scholes, 1997), could also be considered.  

The continuation of the road sweeping and mudtank cleaning programmes is obviously 
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recommend because it stops a considerable amount of contaminated material entering the 

Otago Harbour.  The dredging of the contaminated material from around the stormwater drain 

outlets may be another mitigation option.  However, significant concentrations of 

contaminants will be present in the sediment porewaters and the dredging of this material may 

result in the additional release of significant amounts of PAHs and heavy metals into the 

Otago Harbour waters.  Leaving these contaminated sediments in place and accepting that 

they represent an area (albeit small) where the benthic organisms are being affected, may still 

be the best option. 
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Chapter 6 Conclusions and Suggestions for Further Research 

 

6.1 Conclusions 

 

Polycyclic aromatic hydrocarbons or PAHs are an important group of organic contaminants 

that are generated by human activities, in particular any process that involves the combustion 

or pyrolysis of organic matter.  In urban environments, PAHs are released in significant 

quantities from motor vehicles and the combustion of wood and coal for domestic heating.  

During rainfall, much of the PAH-containing soot and dust that has accumulated on roofs, 

roads and other surfaces is washed into the stormwater system and discharged directly, or via 

urban streams and rivers, into estuarine environments.  PAHs are persistent pollutants and 

because of their toxic, mutagenic and carcinogenic properties, they can have deleterious 

effects on aquatic organisms.  Understanding the geochemistry of PAHs in urban 

environments is essential to enable informed decisions on how best to assess and manage the 

impacts of PAHs from urban stormwater discharges. 

 

This thesis has examined the distribution of the USEPA-designated 16 priority pollutant 

PAHs between the particulate and colloidal matter in urban stormwater, in comparison to that 

in the truly dissolved phase.  The partitioning of the PAHs amongst these three phases is 

important, as it is known to affect their transport and fate in the environment and the degree to 

which they exhibit toxicity to organisms.  The existence of colloidally-bound PAHs in urban 

stormwater had been indicated by a number of previous stormwater studies relating dissolved 

PAH levels to the concentrations of DOC and from previous research on the geochemistry of 

PAHs in rivers, lakes and in seawater but they had not been directly quantified in stormwater.  

Factors leading to variations in the partitioning with time and between sites were examined.  

The analysis of debris collected from urban roads and the use of fingerprint ratios helped to 

confirm the sources of the PAHs in the stormwater.  In addition, the relationship between the 

concentrations of heavy metals (another group of stormwater contaminants) and PAHs was 

examined. 

 

New Technique 

A new technique, based on reverse-phase octadecyl (C18) solid phase extraction disks was 

successfully developed to separate and quantify the colloidally-bound PAHs from those that 
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were truly dissolved.  Correction for the retention of small amounts of colloidal material 

(assessed by measuring DOC) on the C18 disks was required.  If not corrected for, this would 

have lead to artificially high concentrations of PAHs in the truly dissolved phase and would 

have underestimated the degree of partitioning between the two phases.  Using the humic 

substance Aldrich Humic Acid (AHA) as a model colloid, the partitioning of the PAHs 

between the colloidal and truly dissolved phases was shown to be proportional to the 

hydrophobicity of the PAHs, as measured by the octanol water partition coefficients (Kow).  

The values for the partition coefficients obtained (cK’doc) were similar to those previously 

reported in the literature using C18 cartridges and other techniques, confirming that the new 

method was producing acceptable results.  A laboratory-based exercise, testing the new 

method on samples of stormwater to which PAHs had been added, showed that the PAHs 

bound to the humic substances (measured as DOC) in the stormwater according to their 

hydrophobicity.  The partition coefficients were much lower than those for AHA, suggesting 

that the humic substances in urban stormwater were relatively poor sorbents for the PAHs in 

comparison to AHA.  In view of AHA being derived from terrestrial sources (a peat bog in 

Germany), this is perhaps not a surprising result. 

 

Concentrations and Loadings of Heavy Metals and PAHs in Urban Stormwater 

A total of nine rainfall events were sampled over the period November 1998 to March 2001.  

The majority of the sampling was conducted within the Portobello Road stormwater drain, 

which drains one of the larger urban catchments in the city of Dunedin, New Zealand.  To 

provide a comparison for this site and to investigate the effects of land use on the 

concentrations of the contaminants in stormwater, sampling was also conducted in the Water 

of Leith (a local river) and another three sites.  The concentrations of PAHs and the heavy 

metals lead, copper and zinc in the stormwater at all sites were highly variable.  The total 

concentrations (particulate + dissolved) of these contaminants were strongly correlated with 

the levels of suspended sediment in the stormwater, confirming that rainfall washes 

significant amounts of contaminated particles off urban surfaces into the stormwater system.  

A “first flush”, when the maximum pollutant concentrations occur in the initial stages of a 

storm event and then rapidly decline, was not generally evident at the Portobello Road 

sampling site but was in the Water of Leith.  This may be due to the fact that the Portobello 

Road catchment is very flat compared to the Leith catchment, which may result in the rainfall 

having a reduced capacity to wash the contaminated particles from the roofs and roads. 
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For the Portobello Road catchment, the concentrations of suspended sediments in the 

stormwater were proportional to the rate of flow within the drain (and the amount of rainfall) 

but they were not proportional to the length of the dry period between storms.  This implied 

that the export of the contaminants from the catchment was “transport-limited”.  This was 

confirmed by a series of closely spaced and very intense storm events, which resulted in the 

export of significant amounts of contaminants that were probably stored in the catchment as 

sediment deposits above ground and in the mudtanks which underlie all roadside stormwater 

grates.   

 

The contaminant concentrations were generally lower during baseflow conditions (in the 

absence of rainfall) than those measured during stormflow conditions, although the levels of 

dissolved contaminants were higher during baseflow conditions.  The concentrations 

measured at the Portobello Road site were high for metals and PAHs when compared to those 

reported for stormwater elsewhere in New Zealand and internationally.  Two very high PAH 

measurements at this site were tentatively linked to specific activities occurring within the 

catchment.  The concentrations present in the Water of Leith were significantly lower and 

were more typical of those reported elsewhere for stormwater.   

 

The difference in the stormwater contaminant concentrations between the sites was reflected 

in the annual contaminant loadings (kg/yr) from each catchment.  The Portobello Road 

catchment exported significantly higher levels of lead, copper, zinc and PAHs, whereas the 

Leith catchment exported more suspended sediment (Table 4.16).  This appeared to be a 

function of the predominant land use within each catchment.  The smaller Portobello Road 

catchment is 100% urban whereas the much larger Leith catchment is only 17% urban with 

the remaining 83% being comprised of farmland and scenic reserve.  As a result, the annual 

yield per hectare of each contaminant was considerably lower from the Leith catchment.  If 

the results for the Leith catchment were recalculated based on only the urban part of the 

catchment, the annual yield per hectare of each contaminant was still 5-23 times lower than 

that from the Portobello Road catchment.  This suggested that the intensity of the urban 

activities e.g. traffic density, were greater in the Portobello Road catchment than that in the 

urban areas of the Leith catchment or that there were additional sources of contaminants in the 

Portobello Road catchment. 
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There are another 10 largely urban catchments in the Dunedin City area, which discharge 

stormwater into the Otago Harbour.  This suggests that the Water of Leith is a relatively 

minor contributor to the overall load of heavy metals and PAHs entering the Otago Harbour. 

 

Sources of the Contaminants 

The content of heavy metals and PAHs in the debris swept off the streets and that collected 

from the mudtank sumps was similar to that of the suspended sediments isolated from the 

stormwater from the Water of Leith, St David Street and Mosgiel sampling sites.  This 

indicated (as expected) that the road debris was the major source of the stormwater 

contaminants.  This was confirmed by an analysis of the relative abundances of the 16 PAHs 

and the use of specific fingerprint ratios of certain PAHs.  Both groups of materials exhibited 

a well defined signature that appeared to be typical of combustion-derived particles and drips 

of motor vehicle crankcase oil.  The heavy metal and PAH content of the suspended 

sediments from the Portobello Road site was much higher than that from the other sites or 

from the road debris, indicating a higher intensity of urban land use or alternatively an 

additional source(s) of PAHs was present in the catchment.  The relative abundances of the 

PAHs and the fingerprint ratios indicated that the old DCC gasworks site, which is within the 

Portobello Road catchment, contributed to the PAH levels measured in the stormwater, 

particularly during baseflows when the input from the road debris was less.  One of the two 

samples that exhibited very high PAH concentrations appeared to be associated with the 

gasworks, whereas the other was more typical of the road debris. 

 

Partitioning of the PAHs 

The partitioning of the PAHs between the suspended sediment and the water appeared to be 

similar to that previously reported for other aquatic systems.  For example, the solid-water 

partition coefficients (Kp) were proportional to the hydrophobicity of the PAHs i.e. the more 

soluble, low molecular weight PAHs were enriched in the water and the more hydrophobic 

high, molecular weight PAHs were enriched in the particulate phase.  In addition, the partition 

coefficients were similar to the few values that have been reported for urban stormwater or for 

urban water courses.   

 

Particulate organic carbon appeared to exert a smaller influence on the partitioning than that 

previously reported for estuarine and marine systems.  The organic carbon content of the 

stormwater suspended sediments was five to ten times that found in many estuarine 

sediments.  The values of Kp for the PAHs were not proportional to the fraction of organic 
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carbon, suggesting that only a certain amount of the organic carbon was involved in the 

sorption of the PAHs to the suspended sediments.  The partition coefficients were however 

higher than those predicted by laboratory-based sorption studies, which showed that the PAHs 

were more tightly bound.  This may be the result of the PAHs being strongly adsorbed to 

combustion-derived soot particles, which may be abundant in the road debris.  The degree of 

binding to the suspended sediments was lower during baseflow conditions, which may reflect 

a reduced role for soot particles in the absence of rainfall. 

 

The present study appears to be the first to report the magnitude of the in-situ partitioning of 

PAHs between the truly dissolved and colloidal phases in urban stormwater.  The separation 

of the “dissolved” phase into the colloidal and truly dissolved phases, using the new 

C18 disk-based method, showed that only a small percentage of the total concentration of each 

PAH was associated with DOC.  The strength of the binding of the PAHs to the DOC 

increased as their hydrophobicity increased i.e. the cK’doc values increased with increases in 

Kow.  The cK’doc values determined were similar to those reported for PAHs in other aquatic 

environments.   

 

Close examination of the cK’doc values showed some interesting variations between sites and 

between individual PAHs.  Differences in the partitioning constants between the Water of 

Leith and Portobello Road sites suggested potential variations in the nature of the DOC.  

These were not explained by estimating the degree of aromaticity of the dissolved organic 

carbon, which suggested that aliphatic groups may also be involved in the binding of the 

PAHs to this material.  Naphthalene exhibited binding to DOC that was much higher than 

would be predicted based on its Kow value.  Using two additional PAHs (azulene and 

biphenyl) of similar size and properties to naphthalene, it was shown that this was likely to be 

the result of steric effects i.e. naphthalene, the smallest of the 16 PAHs, was able to bind to 

sites that were not available to the larger PAHs. 

 

The influence of the hydrophobicity of the PAHs was clearly evident when considering the 

partitioning between all three of the phases.  The truly dissolved phase was dominated by the 

more soluble low molecular weight PAHs, whereas the particulate phase was enriched in the 

less soluble high molecular weight PAHs.  As noted earlier, there was a significant correlation 

between the cK’doc and Kow values of the PAHs.  It was therefore expected that the importance 

of the colloidal phase would also increase as the hydrophobicity of the PAHs increased.  

However, this was not the case suggesting that the particulate phase was a better sorbent than 
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the DOC.  The partitioning between the phases was slightly different for baseflow and 

stormflow conditions.  The percentage of each PAH in the particulate phase increased during 

stormflow conditions, while that in the truly dissolved phase decreased.  This was possibly 

due to the influx of soot particles under storm conditions.  In contrast, the importance of the 

colloidal phase remained relatively similar under the two differing flow regimes.  A limited 

“solids effect” was evident from a reduction in the Koc values for the three largest PAHs 

below that predicted based on their Kow values and the behaviour of the other PAHs.  The 

presence of these PAHs in the colloidal was a possible reason for this behaviour.  

 

Environmental Effects of the Discharges and Potential Mitigation 

The contaminant concentrations in the stormwater frequently exceeded the relevant water 

quality guidelines.  However, the toxicity of the discharges will be governed by the 

bioavailability of the contaminants which is largely a function of their concentrations in the 

truly dissolved phase.  The contaminant levels in the truly dissolved phase are such that they 

are unlikely to exhibit acute toxic effects but the PAHs and zinc may lead to impaired 

functioning for some aquatic organisms.   

 

The concentrations of the heavy metals and PAHs in the stormwater suspended sediment were 

very similar to those reported for the sediments present around the outlets of the stormwater 

drains.  This indicated that much of the suspended sediment present in the stormwater settled 

out very rapidly once it entered the Otago Harbour.  The reported contaminant concentrations 

around the stormwater drain outlets were similar to those reported for highly urbanised areas 

of Europe and North America.  However, the contaminant concentrations in the sediments in 

the vicinity of the Portobello Road stormwater drain are as high as any reported in the 

literature.  The PAH fingerprint ratios for these sediments were similar to those found in the 

stormwater suspended sediments indicating an influence from the old DCC gasworks.  The 

contaminant levels in the sediments around all the stormwater drains were such that chronic 

effects on benthic organisms are likely. 

 

The PAHs in the harbour water column will be removed by a variety of biotic and abiotic 

processes and are likely to persist for several days to several weeks.  The presence in the 

stormwater of moderate amounts of low molecular weight PAHs associated with the colloidal 

phase may greatly increase their lifetime in the harbour waters. 
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The stormwater discharges would be difficult to treat because of the large volumes involved, 

the variability in the contaminant concentrations, the general lack of a “first flush” and the 

only moderate removal efficiency of current treatment options.  At-source controls may be a 

better treatment option.  Any future dredging of the harbour sediments around the stormwater 

drain outlets would have to be carefully assessed as it may result in the release of large 

amounts of PAHs and trace metals from the sediment porewaters into the harbour waters. 

 

6.2 Suggestions for further research 

 

In the present study, a new technique based on C18 solid phase extraction disks was developed 

to determine the in-situ partitioning of PAHs in urban stormwater.  It was found that the 

in-situ partitioning of the PAHs between the truly dissolved phase and DOC was the same as 

that determined in a laboratory-based study where the PAHs were spiked into filtered 

stormwater and left to equilibrate.  However, this may not be the case for all stormwater or 

other freshwater bodies due to time dependent effects (Kopinke et al., 2000) and the difficulty 

in precisely replicating all pertinent environmental conditions in the laboratory.  It would 

therefore be useful to have a technique that functions well in any aquatic environment in order 

to verify the findings of laboratory-based partitioning studies.  To develop such a technique it 

would be necessary to carefully assess the retention of DOC on the disks to see how this 

varied between different water bodies and sources of DOC.  This could be conducted using 

UV measurements but it would also be helpful to continue to assess it via HTCO 

measurements.  Acidifying and sparging the samples to remove inorganic carbon prior to 

analysis would be expected to improve the precision of any results for waters with low DOC 

concentrations.  Further improvements in the precision of estimating the fraction of DOC 

retained on the disks may allow the correction factor FR to be calculated and used for each 

individual sample, rather than the current situation of using an average value.  The use of FR 

values that are specific to individual samples may remove some of the variability seen in the 

cK’doc partition coefficients measured for each source e.g. Figure 5.12. 

 

It would also be useful to investigate the effects of ionic strength on the retention of DOC on 

the C18 disks because increasing ionic strength may lead to enhanced aggregation of some of 

the DOC and therefore enhance its retention on the disks.   

 

This study has provided a detailed investigation of the concentrations of PAHs and heavy 

metals in urban stormwater.  However, further sampling in the Water of Leith for PAHs 
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would be beneficial to better assess their concentrations and loadings from this source under 

different conditions such a heavy rain.  Measurements from another catchment, whose land 

use is 100% urban, would be useful to confirm how representative the results for the 

Portobello Road catchment are of urban areas in general.  Sampling during baseflow 

conditions at various points “upstream” of the present sampling point in the Portobello Road 

catchment could be conducted to better identify the source(s) of the additional PAHs and 

confirm the suggestion made in the present study that a significant source is likely to be the 

old DCC gasworks site.  This would be facilitated by using GC/MS to analyse the PAHs, 

which would allow the determination of a far greater number of PAHs and hence the use of 

more sophisticated fingerprinting techniques.   

 

A number of questions remain regarding the precise nature of the partitioning of PAHs in 

stormwater.  Firstly, it would be useful to quantify the amount of soot carbon in the suspended 

sediments by thermogravimetric means (Gustafsson et al., 1997) and determine if this is 

correlated with the partition coefficient Kp.  Particle size analysis and scanning electron 

microscopy could be used to further define the nature of the suspended sediments.  Secondly, 

further UV and possibly NMR investigations (Peuravuori, 2001) may explain the differences 

observed in the present study in the binding capacities of the DOC from the Water of Leith 

and the Portobello Road catchments.  Further determination of the in-situ partitioning at a 

number of other sites would be useful to indicate how representative are the present results 

determined for the Portobello Road site. 

 

The presence of a significant proportion of the low molecular weight PAHs in the colloidal 

phase may greatly increase their lifetime in the water column of estuarine environments.  

Extending the C18 disk-based method to saline waters would allow this aspect to be 

investigated.  Conducting a transect of a harbour or estuary after a large storm event might 

show how the partitioning of the PAHs changes with increasing salinity and distance from the 

stormwater outlets.  Changes in the concentrations of the dissolved phase metals with 

increasing salinity could also be investigated, either by a harbour transect or mixing 

experiments, in order to examine the effect of salinity on the desorption of metals from any 

non-settling particles.  This is of interest because any significant degree of desorption may 

lead to an increase in the proportion of the contaminants that are bioavailable, in particular for 

Zn which occurred in very high concentrations in the stormwater from one of the sites 

sampled in the present study. 
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Appendix A Catchment Maps and Road Debris Collection Areas 
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FIGURE A-1  Map of the St David Street sub-catchment which discharges into the 
Water of Leith at the sampling site marked 
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Figure A-2  Map of the Reid Avenue and Parklands catchments in Mosgiel.  The 
stormwater drain discharge points are marked (!) 
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Figure A-3  DCC contractor mudtank collection zones – Northern Dunedin City 

 

 

Figure A-4  DCC contractor mudtank collection zones – Southern Dunedin City 
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Appendix B Method Detection Limits (MDL) for Metal Analysis 

 

 
 
 

 

 

Metals by GFAAs MDL Metals by ICP-AES MDL 

 (µg/L)  (mg/L) 

Pb 0.5 Zn 0.05 

Cu 0.5 Mn 0.10 

Cr 0.5 Fe 0.04 

Ni 0.5 Na+ 0.5 

As 0.8 K+ 0.5 

Cd 0.04 Ca2+ 1.0 

  Mg2+ 0.4 
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Appendix C Flow, Sampling and Rainfall Data for the Storm Events 

 
 
 
 

FIGURE C-1  Flow, sampling and rainfall data for the 12 April 1999 storm event at the 
Portobello Road site 

 
 

FIGURE C-2  Flow, sampling and rainfall data for the 4-5 May 1999 storm event at the 
Portobello Road site 
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FIGURE C-3  Flow, sampling and rainfall data for the 13 September 1999 storm event 
at the Portobello Road site 

 
 
 

 
 

FIGURE C-4  Flow, sampling and rainfall data for the 3-5 December 1999 storm event 
at the Portobello Road site 
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FIGURE C-5  Flow, sampling and rainfall data for the 7 December 2000 storm event at 
the Portobello Road site 
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FIGURE C-6  Flow, sampling and rainfall data for the 23-29 December 2000 storm 
event at the Portobello Road site (a) 23-27 December 2000 and (b) 28-29 December 
2000 

 
 
 
 
 
 
 
 
 
 
 
 
 

(a)

0

1000

2000

3000

4000

12:00a.m.
23-Dec-00

12:00a.m.
24-Dec-00

12:00a.m.
25-Dec-00

12:00a.m.
26-Dec-00

12:00a.m.
27-Dec-00

F
lo

w
 (

L
/s

)

0.0

0.5

1.0

1.5

2.0

R
ai

n
fa

ll
 (

m
m

)

Flow

Sample

Rainfall

(b)

0

1000

2000

3000

4000

12:00a.m.
28-Dec-00

04:00p.m.
28-Dec-00

08:00a.m.
29-Dec-00

12:00a.m.
30-Dec-00

04:00p.m.
30-Dec-00

F
lo

w
 (

L
/s

)

0.0

0.5

1.0

1.5

2.0

R
ai

n
fa

ll
 (

m
m

)

Flow

Sample

Rain



 266

 
 
 

 
 

FIGURE C-7  Flow and sampling data for the 28 March 2001 storm event at the 
principal sampling site in the Water of Leith 
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