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Abstract
Developing robust means of identifying anthropogenic stressor levels that degrade
aquatic ecosystems represents a global management and conservation challenge.
Among the known threats for coastal biodiversity and ecosystem processes, diffuse
inputs of nitrogen (N) from intensive agriculture are important stressors of estuarine
ecosystems. Due to on-going land use intensification, N pollution of estuaries is
expected to increase, and there is an urgent need to improve understanding and
assessment of the consequences of N enrichment for estuarine ecosystems. In this
thesis, I investigated the effects of increased catchment-derived N loading on key
benthic biota (macroinvertebrates, macroalgae and seagrass) to identify their efficacy
as ecological indicators. The potential for another stressor (sedimentation) to confound
relations between N loading and biota was also assessed. To achieve this, data were
collected from multiple shallow, intertidal-dominated estuaries (SIDEs) throughout
New Zealand subject to different catchment-derived N loading regimes.
Macroinvertebrate communities were surveyed with a suite of sedimentary abiotic
parameters at representative sites in eight geographically distinct SIDEs. A subset of
the abiotic parameters were associated with modelled catchment N loading rates and
these were significant drivers of benthic macroinvertebrate assemblages. Modelling of
taxon-specific (abundance maxima) responses along a gradient of sediment N
enrichment enabled categorisation into ecological groups, which significantly
strengthened the predictive power of an existing benthic index, the ASTI (ASTITecnalia Marine Research Division, Spain) Marine Benthic Index (AMBI) to
differentiate stress related to N enrichment and sediment mud content. An important
result to inform monitoring strategy is that integrated 0 – 15 cm down-core sampling
depth was a better indicator of eutrophication status than 0 – 2 cm. Further, long-term
monitoring sites should be established in upper and lower zones of SIDEs to reflect
apparent differences in susceptibility/response to N loading.
Eutrophication of shallow estuaries often manifests as dense mats of opportunistic
macroalgae, which alter sediment chemistry and benthic infaunal communities, and
displace other important primary producers including seagrass beds. To quantify
stressor levels responsible for seagrass—macroalgal shifts, I investigated relationships
between catchment-derived N and suspended sediment (SS) loads and the spatial extent
of seagrass and nuisance-level macroalgae, using broad-scale GIS habitat data for
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twenty-five SIDEs characterised by different N loading regimes. Catchment N and SS
loads were not correlated in this study, allowing me to discern their individual and
combined effects. The spatial extent of both macrophyte types were strongly governed
by increasing N loading. Seagrass extent declined significantly as N loading rates
increased towards critical values, but once surpassed, became abruptly spatially
restricted or absent. Conversely, nuisance macroalgae were predominantly absent
unless loading rates were relatively high, expanding in extent once loads increased
above critical levels. SS loading was not a significant predictor of the extent of either
macrophyte type. In addition, dramatic hysteresis in seagrass loss and nuisance
macroalgal production as a function of N loading was revealed, based on changes over
16 years in four SIDEs subject to different N loads.
Once established in estuaries, the persistence of macroalgae may be fuelled by
elevated nutrient availability. Sediment porewater nutrients often occur at
concentrations that are orders of magnitude higher than nutrients in overlying waters in
estuaries. The relative contribution of porewater nutrients is expected to be particularly
important for macroalgae entrained in eutrophic intertidal mudflat sediments, where
access to water column nutrients is tidally constrained. Hence, thalli of filamentous
Gracilaria chilensis (a nuisance macroalgae in the study SIDEs) were simultaneously
exposed to sediment and bottom water nutrient sources, labelled using
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N tracers.

Dissolved inorganic N (DIN) uptake from porewater and bottom water accounted for
similar proportions of the N necessary to support the growth of G. chilensis, despite the
two-fold lower DIN concentration of the overlying water and its periodic availability.
Ammonia was preferentially assimilated over nitrate. This ability to utilise multiple
sources and species of N relatively rapidly may partly explain the competitive
advantage and persistence of opportunistic macroalgae over historically abundant
seagrass beds in these environments. Furthermore, these results underscore the
significance of both internal N loading and external inputs as important in sustaining
nuisance macroalgal blooms in this class of shallow estuary.
This thesis demonstrates the efficacy of certain biological and physicochemical
parameters to quantitatively indicate stress related to N loading in SIDEs. It confirms
N loading as a dominant catchment-scale stressor of shallow intertidal estuaries in New
Zealand. My findings suggest that areal N loading rates entering estuaries from
surrounding catchments should not exceed approximately 50 – 100 mg N m-2 d-1 if
managers wish to maintain healthy macroinvertebrate assemblages as well as limit the
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occurrence of nuisance macroalgae and not exceed approximately 20 mg N m-2 d-1 to
avoid marked losses of seagrass habitat.
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Preface
The core of this thesis comprises three research chapters (Chapters 2 - 4), which have
been published, submitted, or are currently in preparation for publication, in peer
reviewed scientific journals. I have assumed responsibility for the fieldwork (for
Chapters 2 and 4), laboratory and data analysis, and for writing this thesis. The material
herein was based my own ideas except where referenced. This work was undertaken
under the supervision and co-authorship of Dr Candida Savage, Professor Jonathan
Gardner, Professor Steve Wing and Dr Federico Baltar.
A modified version of Chapter 2 has been published in Ecological Indicators (2016),
DOI: 10.1016/j.ecolind.2016.04.003 under the title ‘Optimising a widely-used coastal
health index through quantitative ecological group classifications and associated
thresholds’ by B.P. Robertson, C. Savage, J.P.A. Gardner, L.M. Stevens and B.M.
Robertson. The original manuscript, which focussed on the influence of sediment
muddiness and organic content on macrofaunal health (as measured by the AMBI) in
SIDEs, was modified (using an independent dataset) to incorporate the eutrophicationfocused sediment parameters measured in this thesis.
Chapter 3 is currently under review under the title ‘Characterising the extent of seagrass
and nuisance macroalgae along a gradient of catchment nitrogen loading’ by B.P.
Robertson and C. Savage. The data underpinning this chapter was supplied by
Robertson Environmental (formerly Wriggle Coastal Management) who collected it on
behalf of multiple New Zealand Regional Authorities.
Chapter 4 has been published in the journal Biogeochemistry under the title ‘Mudentrained macroalgae utilise porewater and overlying water column nutrients to grow
in a eutrophic intertidal estuary’ by B.P. Robertson and C. Savage.
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Chapter 1 - General Introduction

Macroalgal-dominated intertidal flats, Jacobs River Estuary, Southland (2016)
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1.1 Changing land use and agricultural intensification
Both human and environmental health are compromised in many parts of the world
(Daily 1997; Adger 2000), largely due to human activities such as land clearance, wood
and fibre production, use of fertilisers, irrigation, food production, discharge of human
and animal waste, and combustion of fossil fuels (Sala et al. 2000; Rockström et al.
2009a&b). In particular, diffusive agricultural pollutants, including nutrient runoff,
have caused major declines in the health of freshwater and marine ecosystems (Tilman
et al. 2001; Camargo and Alonso 2006; Rockström et al. 2009b). Among those most
affected by such inputs are recipient coastal ecosystems (Smith 2003), which provide
natural resources in the form of both goods and services that are ecologically and
economically indispensable (Costanza et al. 1997, 2014; Barbier et al. 2011).

1.2 Estuarine eutrophication
Estuaries are transition zones, where freshwater from land drainage mixes with
seawater (Pritchard 1967), creating some of the most biologically productive areas on
Earth (Kennish 2002). Because they are often situated in close proximity to human
populations, and many are subject to runoff from agricultural catchments, estuaries are
also highly susceptible to eutrophication. Eutrophication is defined as nutrient-induced
excess production of organic matter and associated oxygen deficiency (Nixon 1995,
2009), a process in marine ecosystems primarily driven by excessive inputs of inorganic
and organic nitrogen (N) (Oviatt et al. 1995; Howarth and Marino 2006).
Eutrophication is one of the most conspicuous threats to estuarine ecosystems,
particularly in locations with intense coastal development or agriculture, and a lack of
coastal forests or mangroves (Dauer et al. 2000; Kennish 2002; Conley et al. 2009).
The symptoms of eutrophication as a function of excessive N loading include shortterm and chronic effects on key ecosystem processes and components, often resulting
in altered nutrient dynamics and system-wide shifts in benthic macrofaunal
communities and the dominant primary producer. In shallow coastal ecosystems, for
example, N loading can lead to shifts from benthic macrophytes (aquatic plants that
grow in or near water and includes seagrass) dominance to dominance by opportunistic
macroalgae (macroscopic, multicellular algae) (Cloern 2001; Paerl 2006). Estuarine
eutrophication is also influenced by the coastal ocean and other processes. For example,
coastal waters can be a source of nutrients during upwelling periods (Howarth et al.
2011) and the sediment-water column interactions may influence within estuary
2

nutrient processing responses to increasing catchment loading (McGlathery et al.
1996). Coastal eutrophcation is likely to be exacerbated by climate change-induced
precipitation changes, especially in temperate regions (Robins et al. 2016; Sinha et al.
2017).
The extent to which an estuary is affected by excessive N loading (including
secondary release from the sediments; Tyler et al. 2003) is primarily dependent on its
physical (morphometric and hydrological) properties (Paerl 1988), particularly water
depth and flushing time (Bricker et al. 2003, 2008). Mainly subtidal, moderately deep
(>3 m to 15 m mean depth) coastal embayments and tidal estuaries, with moderate
residence times (>7 to 60 days) can exhibit both sustained phytoplankton blooms and
nuisance growths of opportunistic macroalgae (especially Ulva spp. and Gracilaria
spp.) under excessive nutrient loads (Boesch et al. 2001). The latter are usually evident
as dense mats particularly on muddy intertidal flats near river mouths and in the water
column where water clarity allows (Sundbäck et al. 2003). Deeper, long residence time
embayments and fiords are primarily phytoplankton dominated if nutrient loads are
excessive (Paerl 2006). Outer reaches of such systems that sustain vertical density
stratification can be susceptible to oxygen depletion and low pH effects (Sunda and Cai
2012; Green and Zeldis 2015). By contrast, for shallow (<3 m mean depth), intertidaldominated (>40 %) estuaries (hereafter SIDEs - Robertson et al. 2015c) with shorter
residence times (<3 days), flushing is generally assumed too strong for significant
retention of dissolved N and phytoplankton (Bricker et al. 2003). In such estuaries,
eutrophication symptoms therefore manifest themselves primarily as nuisance intertidal
and subtidal growth of opportunistic macroalgae, especially Ulva sp. and Gracilaria
sp. and secondarily as sediment oxygen depletion, toxicity and biotic damage (Nixon
and Buckley 2002; Paerl 2006; Corzo et al. 2009). However, despite a broad
understanding of the general system-wide processes associated with elevated N
loading, knowledge of robust response indicators and their effect thresholds in this class
of estuary remains limited (Sutula 2011; Green and Sutula 2014; Sutula et al. 2014).
Further complicating this issue, multiple anthropogenic stressors (e.g. sedimentation,
toxic contamination or climate-related environmental changes) often co-occur in
estuaries (e.g. Smith et al. 1998, 2016; Anderson et al. 2002; Norkko et al. 2002; Thrush
et al. 2014, 2004; Howarth and Marino 2006; Deegan et al. 2012; Pratt et al. 2014; Ellis
et al. 2015; Jessen et al. 2015; Hewitt et al. 2016; Ellis et al. 2017; O’Meara et al. 2017).
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As a consequence, the effectiveness of monitoring and management of eutrophication
in estuaries, including SIDEs, is particularly challenging.

1.3 Indicators and associated thresholds of the effects of nitrogen loading
to shallow estuaries
Indicators (biotic and abiotic) are used to monitor environmental changes, assess the
efficacy of management, and provide warning signals for impending ecological shifts
(Siddig et al. 2016). However, the broad use of indicators has been criticized for several
reasons (Lindenmayer et al. 2000; Lindenmayer and Fischer 2003; Niemi and
McDonald 2004). Primary limitations include: a single population rarely reflects the
complexity of the environment; selection criteria for indicators are subjective;
association between the indicator and the environmental contexts (i.e. monitoring
goals) are vague; the effects of future climatic changes on the effectiveness of indicator
species are unclear; and finally the lack of quantitative relationships between indicators
and a given stressor. In the context of marine eutrophication, three different classes of
indicators have been proposed: (a) early (warning) indicators; (b) indicators of direct
impact; and (c) indicators of long-term changes induced by eutrophication (Jessen et
al. 2015). This thesis is primarily concerned with investigating the latter class.
While water column-based indicators are often selected as proxies of
environmental stress in coastal ecosystems, because SIDEs are dominated by intertidal
sandflats with minimal water column for much of the tidal cycle, benthic rather than
water column-based proxies are the logical indicator choice (Jessen et al. 2015). This
is because benthic indicators effectively display long-term changes where an event or
process has already had an effect for a certain time period, whereas water column
proxies will only indicate direct, short-term impacts (e.g. fast nutrient induced shifts in
planktonic communities, such as diatoms to cyanobacteria and dinoflagellates) in the
water column, most of which is readily flushed out to sea with minimal implications at
the ecosystem level (Sutula 2011; Jessen et al. 2015).
Fine scale (i.e. site level) benthic assessment of the effects of catchment N loading
on estuarine ecosystems generally rely on measurement of a suite of environmental
parameters coupled with biological response data (Sutula 2011; Borja et al. 2012).
Figure 1.1 depicts key benthic eutrophication indicators in shallow estuarine
ecosystems, including those targeted in this thesis.
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Figure 1.1 Conceptual model of anthropogenic nitrogen-induced eutrophication in
shallow, intertidal-dominated estuaries. Highlighted components denote the primary
and secondary benthic indicators addressed in Chapters 2 (Red), 3 (Green) and 4 (Blue)
of this thesis (adapted from Cloern 2001 and Lemley et al. 2016).
Conspicuous autotrophs, particularly benthic macroalgae and to a lesser extent
seagrasses, are often selected as the primary biotic indicators of ecological condition
given their sensitivity to changes in N concentrations in shallow coastal ecosystems
(Sutula et al. 2014; Schmidt et al. 2017). They also have the distinct advantage of being
easily measured in situ and over comparatively large spatial scales (i.e. estuary-wide).
In SIDEs, symptoms of N enrichment often manifest as dense mats of mud-entrained
nuisance macroalgae (Teichberg et al. 2010; Gonzalez et al. 2013), which drastically
alter underlying benthic conditions, causing secondary physicochemical changes in
sediments (e.g. increased organic C, reduced oxygen, elevated toxic compounds) that
have led to well-documented losses in biodiversity (Duarte 1995; Valiela et al. 1997a),
including declines in seagrass coverage (van Katwijk et al. 1997; Hauxwell et al. 2001)
and macrobenthic communities (Sutula et al. 2014). A selection of these secondary
effects is also commonly chosen for measurement by appropriate indicators.
Benthic macrofauna are generally selected as the most common secondary
biological indicator of estuary condition due to their ecological importance (in nutrient
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recycling, in the sorting and transport of sediments and the fate of pollutants, and as a
key food source; Snelgrove 1997, 1998; Kraan et al. 2009; Dolbeth et al. 2012), and
their relatively sedentary existence and their ability to integrate conditions over a period
of time (Pearson and Rosenberg 1978; Majeed et al. 1987; Dauer 1993; Weisberg et al.
1997; Grall and Glémarec 1997; Borja et al. 2008). Guidelines for estuary health
assessment involving macrofauna still mainly rely on measures of community
composition, including species diversity, indices indicating deviance from assemblages
under non-impacted conditions and other region-specific multi-metric indices (e.g.
indices based on presence/absence of sensitive species) (Muniz et al. 2005; Sigovini et
al. 2013). Such biotic indicators of estuary health are generally not stressor-specific
(Borja and Dauer 2008). Thus, recent research efforts have aimed at facilitating the
interpretation of macrofaunal abundance data as it relates to specific environmental
stressors (e.g. van der Linden et al. 2012). For example, drawing on their diversity of
responses, there has been a recent development of trait-based approaches for benthic
macrofauna (e.g. Rodil et al. 2013; Greenfield et al. 2016), but which have lower
explanatory power than taxonomic approaches when applied over larger spatial scales
(i.e. across multiple estuaries) (Berthelsen et al. 2018). An alternative approach
involves quantitative methods to assign ‘sensitivity’ groupings to individual taxa as a
function of their responses along key stressor gradients (Robertson et al., 2015a).
However, these latter methodologies are yet to be coupled with an appropriate
community-level benthic health index (e.g. the ASTI (ASTI- Tecnalia Marine Research
Division, Spain) Marine Benthic Index (AMBI) or applied to track stress specific to N
enrichment.
System-wide surveys of macroalgal and/or seagrass extent, with supporting
secondary data, to discern estuarine ecological state relative to external N load intensity
are currently limited to very few published, deeper estuary studies (Latimer and Rego
2010; Ní Longphuirt et al. 2015). In addition, the relative contribution of the withinestuary (autochthonous) nutrient sources versus catchment sources fuelling local
nuisance macroalgal biomass in these environments is also generally unknown. It
follows that the ability to provide robust guidance on N loads, both external and
internal, for the management of eutrophication in such estuaries has limitations that
need to be addressed.
To provide such guidance there is a requirement for quantification of load-response
relationships for key primary and secondary response indicators. Numerous examples
6

exist in which natural systems have crossed biophysical thresholds (i.e. tipping points)
— nonlinear changes in ecosystem structure and function — as a result of humaninduced stressors, dramatically altering ecosystem function and services (e.g. Valiela
et al. 1997; Scheffer et al. 2001; Mumby et al. 2007; Duarte and Regaudie-de-Gioux
2009; Schallenberg et al. 2017). As an example, excessive N loading to Chesapeake
Bay, the largest estuary in the USA, has contributed to extensive benthic habitat
degradation and associated declines in benthic macrofaunal and fish populations (Kemp
et al. 2005). As a consequence, there is increased global interest in identifying threshold
values along key indicator gradients before they are crossed to inform decision-making
(Lindegren et al. 2012; Scheffer et al. 2012). Recently, Kelly et al. (2015) showed that
threshold-based management leads to better social, economic and environmental
outcomes than threshold-blind management across a wide range of ecosystem types,
and also suggested that smaller systems (e.g. SIDEs) may provide managers with
greater ability to understand, track and control drivers of ecological thresholds.
Therefore, establishing whether both primary and secondary biological components in
SIDEs exhibit predictable stressor-response thresholds, like they do for other classes of
estuary (Hinsby et al. 2012; Sutula et al. 2014), is a vital step in informing management
(e.g. catchment N load limits).
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1.4 The ecological status of shallow estuaries in New Zealand and
overseas
Globally, the ecological status of estuaries, including shallow classes of estuaries, is an
important issue as reflected in the legislative requirements of many countries. For
example in Europe, the EU Water Framework Directive 2000/60/EC (WFD) demands
an integrated ‘catchment-based’ sustainable approach to water management and a
common objective of obtaining at least ‘good status’ for all water bodies before 2025
(Martinez-Haro et al. 2015). To meet these requirements monitoring is essential in order
to establish how far estuarine condition is from good or high ecological status, therefore
indicating the need for management in the process. In the USA, the Clean Water Act
(2000) also demands a catchment-based approach to estuary management through the
setting of estuary-specific total maximum daily loads that specify the maximum amount
of a pollutant a water body can receive and still meet water quality standards. In South
Africa, the National Environmental Management: Integrated Coastal Management Act
(2009) requires individual estuarine management plans that seek to achieve greater
harmony between physical processes and human activities in estuaries by protecting
essential estuarine ecological processes and diversity through meaningful standards
while accommodating orderly and balanced estuarine resource utilisation.
In New Zealand (NZ), the Resource Management Act (1991) was enacted to create
a sustainable, integrated and holistic regulatory framework that covers air, land, and
water. The RMA’s emphasis on holistic resource management constitutes a strong
foundation but, in the case of estuaries, is weakened by the lack of clear national
guidance on estuary quality standards and an acceptable means of limiting diffuse
nutrient inputs. The demand for such guidance has become an important national issue
over the last 20 years due to ongoing intensification of agriculture, in particular dairy
farming (Bidwell et al. 2009; Colley et al. 2013; Snelder et al. 2014). Nutrient leaching
into terrestrial soils has increased by almost a third from 1990 to 2012 (OECD 2012).
As a result, more than half of lowland rivers fail to meet national guidelines for nutrient
levels and clarity (Parliament Commissioner for the Environment 2015; Gluckman et
al. 2017), and these freshwater tributaries feed directly to NZ’s estuaries (Townsend et
al. 2008; Matthaei et al. 2010).
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Figure 1.2 Regions of New Zealand where shallow, intertidal-dominated estuaries are
present (orange line). Source, NIWA Coastal Explorer.
There have been many studies undertaken to improve insight into the current
ecological state of estuaries in relation to a range of stressors (e.g. Pearson and
Rosenberg 1978; Dauer 1993; Weisberg et al. 1997; Borja et al. 2000a; Savage et al.
2002; Ellis et al. 2002, 2015; Anderson et al. 2004; Lohrer et al. 2004; Thrush et al.
2005, 2006; Anderson 2008; Hewitt et al. 2009; Jones et al. 2011; Rodil et al. 2013;
Pratt et al. 2014; Thrush et al. 2014). However, relatively few studies link the N load to
estuary ecological state. International examples include studies undertaken in Ireland
(Ní Longphuirt et al. 2015a), South Africa (Schlacher et al. 2008), Denmark (Conley et
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al. 2002, 2007), USA (Short and Burdick 1996; Bricker et al. 2003; Hagy et al. 2004;
Sutula 2011; Sutula et al. 2014), the Mediterranean (Borja et al. 2004) and NZ (Heggie
and Savage 2009; Robertson et al. 2015c&d; Schallenberg et al. 2017). As a
geologically young island nation, NZ’s estuaries are relatively small by continental
standards, but include a variety of morphological types. Of NZ’s 450+ estuaries
(source, NIWA’s Coastal Explorer Tool available at: http://www.niwa.co.nz/coastsand-oceans/nz-coast/coastal-explorer), the greatest proportion (approx. 35 %) is
classified as SIDEs (Fig. 1.2) (Robertson et al. 2015c). Among them, land cover in
surrounding catchments is highly variable, as are the magnitude of N inputs they each
receive. Data on their eutrophication state, particularly macroalgae and sediment
parameters, is relatively common and is reported annually in Regional Council
publications (e.g. Northland, Auckland, Bay of Plenty, Horizons, Greater Wellington,
Canterbury, Otago and Southland Regional Councils and Tasman and Marlborough
District Councils). The data includes a range of estuaries along an ecological gradient
from ‘poor’ to ‘relatively pristine’ (Robertson et al. 2017). Examples of those most
affected include two Southland SIDEs, Jacobs River and New River estuary (Robertson
et al. 2015c), which are located in catchments where intensive agriculture accounts for
>50 % of land use and contributes 14.8 % to local gross domestic production (Ballingall
and Pambudi 2017). State of environment monitoring of Southland’s estuaries began in
2001 and since then both estuaries have exhibited system-wide ecological decline,
evidenced as adverse biogeochemical changes in sediments, significant areal loss of
seagrass habitat and increase in nuisance-level macroalgae, concurrent with increasing
N loading (Robertson et al. 2017). To order to curb the on-going degradation of these
systems, as well as protect those still considered non-impacted by N loading,
Southland’s regional authority (Environment Southland) and other councils, interest
groups and agencies around NZ, have focussed on establishing ecologically meaningful
N load limits.
This continuum of estuary health (from relatively pristine systems to those highly
impacted) represents a unique opportunity to better understand and predict the
ecological effects of N enrichment in SIDEs.

1.5 Aims and thesis structure
The overall aim of this thesis was to investigate the influence of nitrogen (N) loading,
a key anthropogenic stressor, on benthic macroinvertebrate, macroalgal and
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macrophyte communities in shallow, intertidal estuaries in NZ. Wherever possible, the
potential for multiple stressor effects to occur, and the nature of any interactions, were
also investigated. This study used a combination of survey-based and experimental data
to investigate the following four objectives:
1.5.1 Chapter 2
In chapter 2, I aimed to:
•

Assess and improve the ability of a widely used benthic macrofaunal health
index to differentiate between ecological stress caused by two key, often
covarying stressors, fine (muddy) sediment and nutrient enrichment (Chapter
2).

To distinguish among macrofaunal stress caused by sediment muddiness or nutrient
enrichment, I measured in situ sediment mud content and a suite of sedimentary
parameters known to respond to nutrient enrichment (e.g. organic carbon, sulphur, N,
redox sensitive trace elements, redox potential) and assessed macrofaunal community
assemblages at multiple SIDEs along an N load gradient in 8 SIDEs distributed
throughout NZ. This approach allowed the categorisation of macrofaunal taxa into
ecological groupings (i.e. based on their sensitivity/tolerance to nutrient enrichment)
that feed into and thus strengthen an existing benthic health index. Comparisons
between the effects of each abiotic driver on macrofaunal condition were made using
simple regression models. In addition, relationships between key nutrient enrichment
indicators and catchment-derived N loading were quantified, since changes in these
variables under increasing environmental stress may lead to appreciable losses in
ecosystem function.
1.5.2 Chapter 3
In chapter 3, I aimed to:
• Model the system-wide spatial extent of two important macrophytes (seagrass
and Gracilaria sp.) along catchment-derived N and suspended sediment load
gradients (Chapter 3).
To gain insights into the consequences of N enrichment of sediments on ecologically
important primary producers in SIDEs, I examined relationships between the spatial
extent of seagrass and Gracilaria sp. along a catchment-derived N load gradient. The
analysis of data compiled from several different studies comprising 25 geographically
distinct SIDEs and collected using identical methods enabled the identification of
11

estuary-wide trends. Additionally, I assessed the influence of another key catchmentscale stressor, suspended sediment loading, on seagrass and Gracilaria sp. distributions
in SIDEs, since suspended sediment loading is a known driver of macrophyte
communities in deeper estuaries and its potential influence could therefore confound N
management efforts in this shallower class of estuary.

1.5.3 Chapter 4
In chapter 4, I aimed to:
•

Quantify the role of internal N loading (i.e. non-riverine sources) in fueling
mud-entrained macroalgal production

To determine the relative contribution of water column versus sediment (porewater) N
to nuisance macroalgal production in SIDEs, filamentous Gracilaria chilensis thalli
were simultaneously exposed to sediment and bottom water nutrient sources using
labelled
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N tracers (sequentially as

15

NH4+ and
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NO3-) during a 5-day laboratory

experiment. The laboratory results were compared to measured growth rates from a
complimentary field experiment. Internal N loading is often ignored when managing
eutrophication of estuaries where external sources are presumed to primarily determine
macroalgal production. It was hypothesised that mud-entrained macroalgae would have
a greater reliance on sediment (porewater) nutrient sources compared to water column
nutrient sources, since DIN concentrations are often higher in porewater and are
available throughout the tidal cycle. It was further hypothesised that this would be
demonstrated in both the field and laboratory experiments.
1.5.4 Chapter 5
In chapter 5 (General Discussion), I aimed to:
•

Derive ecologically meaningful thresholds for inputs of N to SIDEs

In my last chapter discussion, I combined findings from my three data chapters in a
summary of the effects of N loading intensity (and related physicochemical variables
operating at the within estuary scale) at two levels of biological response:
macroinvertebrate and primary producer communities. My thesis concludes with
investigating stressor thresholds, management implications and future research
challenges.
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Chapter 2 - Coupling macrofaunal sensitivity information to an existing benthic index
improves diagnosis of eutrophication-induced stress: a case study along a shallow
estuary nitrogen load gradient

Seagrass beds, Porirua Harbour, Wellington (2015)

Chapter 2 is a modified version of the article: Robertson BP, Savage C, Gardner JPA,
Robertson BM, Stevens LM (2016) Optimising a widely-used coastal health index
through quantitative ecological group classifications and associated thresholds.
Ecological Indicators, 69, 595-605. The original manuscript, which focussed on the
influence of sediment muddiness and organic content on macrofaunal community
composition (as measured by the AMBI) in SIDEs, was adapted (using an independent
dataset) to incorporate both catchment nitrogen load information and the
eutrophication-focused sediment parameters measured in this thesis.
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2.1 Abstract
Many globally applied biotic indices, including the AZTI (AZTI-Tecnalia Marine
Research Division, Spain) Marine Benthic Index (AMBI), are based on species’
sensitivities/tolerances to anthropogenic disturbances, and to be effective, primarily
rely on correct ecological group (EG) assignment. Macrofaunal populations and
physicochemical parameters (including a suite of eutrophication indicators) were
sampled within 8 geographically distinct SIDEs chosen to cover a wide gradient of N
loading from surrounding catchments. In this chapter, I describe how the AMBI has
been strengthened through quantitative derivation of taxon-specific sensitivities for
nutrient enrichment, and demonstrate the ability for AMBI to distinguish
eutrophication-related stress from another key estuarine stressor, sediment mud
content. In addition, relationships between key sediment abiotic parameters and
catchment-derived N loading, and the influence of down-core sampling depth and
estuary location, were quantified. By integrating quantitative, stressor-specific
information to an existing benthic index, differentiating between two key
anthropogenic disturbances, and quantifying links between N loading and sedimentary
indicators, these results facilitate management decisions based on more robust
identification of coastal stressors.
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2.2 Introduction
Determination of the benthic condition of shallow coastal ecosystems focusses on
monitoring both biotic and abiotic sediment quality indicators (e.g. the Australian
Oceans Policy, the Canadian Oceans Act and Oceans Strategy, the USA Oceans Act,
the European Water and Marine Strategy Framework Directives (WFD, 2000/60/EC
and MSFD, 2008/56/EC), and the NZ Estuary Monitoring Protocol (EMP, 2002) and
Estuarine Trophic Index (Robertson et al. 2015c&d). In particular, indicators have been
developed to reflect environmental degradation associated with increased sediment
mud content, organic enrichment and toxicity (Hyland et al. 2005; Pusceddu et al. 2009;
Rodil et al. 2013; Sutula et al. 2014; Brady et al. 2015; Robertson et al. 2015b).
Macroinfaunal communities are generally selected as the primary biotic indicator due
to their diversity of responses and their relatively sedentary existence. To facilitate the
interpretation of macroinfaunal abundance data as it relates to environmental variables,
‘sensitivity’ groupings have been developed for many taxa, either quantitatively
(Robertson et al., 2015a) or through expert opinion (e.g. Gillett et al., 2015). Comparing
the relative magnitudes of each of the taxon-specific sensitivity groupings at a particular
site provides an indication of where the macroinfaunal community fits along the
environmental gradient(s).
The most widely used coastal biotic index, the AZTI (AZTI-Tecnalia Marine
Research Division, Spain) Marine Benthic Index (AMBI), has been verified in relation
to a range of abiotic variables (Borja et al., 2000), environmental impact sources (Borja
and Muxika 2005) and regions, including Europe, the United States (Borja et al., 2008,
Borja & Tunberg 2011, Teixeira et al. 2012), South America (Muniz et al., 2005), and
Canada (Callier et al., 2008). The AMBI biotic coefficient (BC) is generated by
combining weighted abundances of each of five sensitivity groupings (called
Ecological Groups - EGs) to anthropogenic disturbance, ranging from very sensitive to
very insensitive, and is then used to categorise a particular site into one of seven
‘disturbance bands’ (Normal to Azoic), derived by comparing the macroinfaunal
response to a range of environmental variables. Hence, the two key drivers of the AMBI
BC scoring approach are the correct assignment of each taxon to an EG, and the
disturbance thresholds or bands used.
While such an approach clearly provides an easy-to-use, cost effective tool for
assessing the condition of benthic coastal habitat, in some cases the performance of the
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AMBI has been limited. For example, it can perform unsatisfactorily where samples
have a low number of taxa with assigned EG values (Muxika et al., 2007, Gillett et al.,
2015), or where sensitivity groupings are based predominantly on the international
AMBI list (http://ambi.azti.es) due to an absence of local sensitivity data (e.g. Rodil et
al., 2013, Gillett et al., 2015). Local sensitivity EG data, derived through expert opinion,
significantly improves the performance of AMBI when augmented with international
list values (Gillett et al., 2015). AMBI performance, particularly in its role in managing
coastal benthic pollution in estuaries, is also limited by its inability to differentiate
between various key anthropogenic stressors such as muddiness, organic matter
enrichment, oxygenation and toxicants, and natural disturbance such as low salinity
(Barbone et al. 2012). Furthermore, the usefulness of the AMBI is currently hampered
for land-estuary management through tenuous linkages with landscape-scale causes
such as N loading.
The present chapter addresses three main objectives in an effort to improve the
efficacy of the AMBI in SIDE type estuaries: (1) to determine improvements in the
AMBI from the inclusion of quantitative, stressor-specific EGs derived from NZ
benthic macroinfaunal data; (2) to quantify links between in-estuary sediment abiotic
indicators (sediment % mud content as a proxy for catchment-derived fine sediment
accumulation, and a suite of sediment abiotic parameters known to respond to
eutrophication; Gooday et al. 2009) and the landscape-scale driver, catchment nitrogen
loading; and (3) to assess AMBI’s ability to differentiate between stress caused by fine
sedimentation and nutrient enrichment. While the dataset used in this study represented
multiple NZ SIDEs, the overall number of samples was inadequate to warrant model
validation steps (e.g. model cross validation) to assess AMBI

2.3 Methods
2.3.1 Study locations and sampling protocol
In total, eight separate estuaries (Fig. 2.1) were selected to provide as wide a gradient
as possible of catchment-derived N loading. Each system is characterised by relatively
short water residence times (<1 day) and dominated by intertidal habitat (>90%) with
mouths perpetually open to tidal exchange, a type that constitutes >150 of NZ’s 450+
estuaries (NIWA’s Coastal Explorer Tool available at: http://www.niwa.co.nz/coasts-
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and-oceans/nz-coast/coastal-explorer). This physical class of estuary is also common
worldwide (e.g. Nicastro and Bishop 2013; Sutula et al. 2014; Ní Longphuirt et al.
2015b). Two representative sites (one lower estuary site, one mid-upper estuary site)
within each estuary, with moderate-high salinity zones (>25) in representative mid-low
water intertidal habitat with low sediment metal concentrations (apart from rare
situations where metal concentrations are naturally high due to geological activity),
based on regional council monitoring data, were chosen to reflect a difference in their
physical susceptibility to N loading (Robertson et al. 2015c). The sampling protocol
was carried out in accordance with the National Estuary Monitoring Protocol (NEMP)
(Robertson et al. 2002). All sampling was conducted during the Southern Hemisphere
summer (January to March) in 2015.

Figure 2.1 Geographic locations of the 8 estuaries sampled throughout New Zealand.
Refer to Table 1.1 for physicochemical details relating to each estuary.
From each site, three sediment cores – a total of 48 core samples in the study (16
sites × 3 cores at each site) – were randomly collected using a 130 mm diameter (area
= 0.0133 m2) core manually driven 150 mm into the sediment. Each core was manually
sectioned (0 - 20, 20 - 50, 50 - 100 and 100 – 150 mm) and kept on ice while in the
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field and stored at −20 ºC until returned to the laboratory for final storage at − 80 ºC.
Each section was subsequently (within 10 days) freeze-dried and analysed for: sediment
grain size (% gravel, >2 mm; sand, <2 mm; mud, <0.063 mm) using wet sieving and
gravimetric calculations, total elemental nitrogen (N), carbon (C) and sulphur (S) and
stable isotopes of each (δ15N, δ13C and δ34S – see Gooday et al. 2009 for relevant
indicator details) via elemental analyser (Elementar Vario EL elemental analyser
coupled to an IsoPrime IRMS); and a suite of Redox Sensitive Elements (RSEs) (total
recoverable Al, V, Cr, Fe, Ni, Cu, Zn, As, Mo, Cd, Ba, Re, Hg, Pb, U) using
nitric/hydrochloric acid digestion, ICP-MS (low level) USEPA 200.2 (US EPA, 2009).
The latter RSEs tend to form soluble oxyanions under oxidising conditions but become
more insoluble or particle-reactive (i.e. more likely to sorb to sediments) under reducing
conditions. Due to this behaviour, these RSEs can be used as proxies to examine
sedimentary oxygen levels (Bruland and Lohan 2006). Redox potential provides an in
situ quantitative measure of the ability of sediments to oxidise or reduce substances
(Koch et al. 1992; Mitsch and Gosselink 1993). Sediment redox profiles of the top 100
mm were measured by hand-hand redox electrode (YSI Pro10 ORP Handheld meter
fitted with a pre-calibrated YSI Pro Series Laboratory Grade ORP Sensor via 1 m
cable). Core samples (n = 3 per site) were extracted using a plastic core 150 mm long
x 130 mm internal diameter, the walls of which had been drilled at 10, 30, 60 and 100
mm in a spiral pattern so that each hole, covered by duct tape before use, would allow
insertion of an electrode. Once inserted at each depth, electrodes were left for 5 min to
stabilise before redox values (mV) and temperature (°C) were recorded. Finally, details
(species, % cover and biomass) of any overlying benthic vegetation (seagrass and/or
macroalgae) were recorded at each site in the field.
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Table 2.1 Summary statistics (mean, standard deviation, minimum and maximum) for sediment (down-core) abiotic parameters and landscapescale variables at the 16 study sites within 8 shallow estuaries.
Depth (cm)
0-2
Sediment parameter

2-5

5 - 10

10 - 15

Mean

SD

Min

Max

Mean

SD

Min

Max

Mean

SD

Min

Max

Mean

SD

Min

Max

30.40
69.57
0.03
0.74
0.08
0.20
-21.64
4.93
-4.88
68.71
8587.05
28.61
14.22
14197.84
15.61
7.44
34.64
4.81
0.15
0.05
14.23
0.02
0.05
4.51
0.57

31.59
31.57
0.15
0.80
0.09
0.25
3.40
2.09
7.28
91.79
4872.90
15.80
11.21
8318.80
20.35
6.67
27.78
1.71
0.29
0.03
8.12
0.00
0.04
3.63
0.30

0.35
12.28
0.00
0.08
0.01
0.03
-27.37
-0.34
-26.00
-147.00
3151.80
6.36
3.53
3863.23
2.78
1.40
7.82
1.55
0.01
0.04
4.31
0.02
0.04
0.70
0.17

87.72
99.65
0.93
3.23
0.45
1.16
-10.60
9.66
6.00
220.00
21518.59
72.22
45.77
36572.98
75.28
24.27
123.54
9.46
1.83
0.15
29.69
0.02
0.27
14.26
1.30

31.24
68.66
0.09
0.70
0.07
0.29
-22.60
4.53
-7.21
-78.63
8870.85
29.96
14.43
14511.96
15.74
7.79
36.04
4.68
0.55
0.05
14.62
0.02
0.04
4.71
0.80

31.22
31.14
0.52
0.75
0.08
0.24
2.79
1.99
7.66
88.57
5306.07
17.84
10.94
8912.89
19.49
7.02
31.11
1.85
0.96
0.03
8.82
0.00
0.01
3.95
0.58

0.35
4.81
0.00
0.04
0.00
0.05
-27.36
-1.45
-26.02
-238.00
3173.02
6.23
3.34
4271.19
2.60
1.59
7.36
1.34
0.03
0.04
4.53
0.02
0.04
0.74
0.22

95.19
99.65
3.24
2.80
0.33
1.09
-15.68
11.21
1.26
127.00
26385.84
88.19
43.36
43110.49
65.54
30.31
152.85
9.99
10.33
0.17
35.25
0.02
0.10
17.84
4.90

32.17
67.77
0.06
0.71
0.07
0.38
-23.01
4.25
-10.14
-131.02
8757.43
29.58
14.19
14439.35
15.57
7.59
35.41
4.85
0.73
0.05
14.35
0.02
0.04
4.70
1.03

31.82
31.81
0.31
0.74
0.07
0.22
2.55
1.83
8.64
109.97
5035.49
16.97
10.59
8499.54
19.17
6.55
29.34
1.70
1.29
0.03
8.61
0.00
0.01
3.82
0.78

0.27
10.98
0.00
0.06
0.01
0.06
-27.23
-2.21
-29.55
-461.00
3226.93
7.05
3.36
4609.92
2.52
1.66
7.26
1.38
0.03
0.04
4.45
0.02
0.04
0.78
0.32

89.02
99.73
2.46
2.64
0.30
0.91
-17.06
7.39
0.00
164.00
22789.43
76.73
37.90
36730.82
66.89
26.20
133.93
8.33
12.85
0.15
31.71
0.02
0.11
15.25
5.43

32.23
67.70
0.06
0.72
0.07
0.48
-23.46
4.19
-12.58
-164.49
9068.03
30.77
14.24
15021.69
15.73
8.03
36.20
5.42
0.99
0.05
15.11
0.02
0.04
4.81
1.36

30.71
30.65
0.37
0.70
0.07
0.25
2.78
1.95
10.08
110.00
5016.89
17.20
9.88
8480.91
17.65
6.50
28.90
1.89
1.35
0.02
8.59
0.00
0.02
3.79
1.26

0.27
9.46
0.00
0.04
0.01
0.06
-27.31
-2.55
-31.32
-415.00
3064.10
7.49
3.29
4445.10
3.11
1.60
6.58
1.36
0.05
0.04
4.54
0.02
0.04
0.78
0.27

90.54
99.73
2.32
2.64
0.29
1.13
-16.18
7.28
0.00
67.00
22784.83
76.72
36.80
36543.80
62.77
25.89
131.84
11.05
11.38
0.13
33.74
0.02
0.13
15.40
6.36

Landscape-scale variable

Mean

SD

Min

Max

Nitrogen load (mg m-2 d-1)

132.93

170.84

4.38

543.41

Mud (%)
Sand (%)
Gravel (%)
TOC (%)
TN (%)
TS (%)
δ13C (%)
δ15N (%)
δ34S (%)
Redox (mV)
Al (mg kg-1)
V (mg kg-1)
Cr (mg kg-1)
Fe (mg kg-1)
Ni (mg kg-1)
Cu (mg kg-1)
Zn (mg kg-1)
As (mg kg-1)
Mo (mg kg-1)
Cd (mg kg-1)
Ba (mg kg-1)
Re (mg kg-1)
Hg (mg kg-1)
Pb (mg kg-1)
U (mg kg-1)
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Macrofaunal communities were sampled from 10 random plots within each of the
16 sites using a 130 mm diameter (area = 0.0133 m2) core manually driven 150 mm
into the sediment. Samples were sieved on a 0.5 mm mesh and retained fauna were
preserved in 95% isopropyl alcohol/seawater solution. Macrofauna were identified to
the highest possible taxonomic resolution and counted. In total, 96,803 individuals
belonging to 120 macrofaunal taxa were recorded from the 16 sampling locations. To
enable comparative analyses with the sediment characteristics, which showed
negligible within-site variability (p > 0.05) across all study sites, macrofaunal
abundances were averaged relative to their closest (approx. 1 m maximum distance
apart) corresponding sediment sample. Because macrofauna can move vertically over
relatively short time scales (i.e. minutes), macrofaunal samples (expressed as density
per core) were not sectioned and therefore reflect a depth-integrated sample.
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2.3.2 Modelled nitrogen and suspended sediment input rates
Estimates of the total nitrogen (N) load for each estuary catchment used in this study
(Table 3.2) were derived primarily from NIWA’s Catchment Land Use for
Environmental Sustainability model – CLUES 10.1*, which is a model for assessing
the effects of land use change and mitigation practices on water quality (including N)
and socio-economic factors for catchments greater than ~10 km2. CLUES couples a
number of existing models within a GIS-platform with the basic spatial unit the River
Environments Classification (REC) river reach and surrounding sub-catchments
(Snelder et al. 2010) and incorporates the Landcare Research Land Cover Data Base
(LCDB) as a default land cover layer for deriving loads. Within CLUES, the
SPARROW model predicts annual average stream loads of N with provisions for
stream routing and loss processes (storage and attenuation). SPARROW, originally
developed by the US Geological Survey (Smith et al. 1998), has since been applied and
modified in the NZ context, following extensive liaison with the developers. In NZ,
SPARROW has been applied to N regionally (Alexander et al. 2002) and nationally
(Elliot et al. 2005). For further details on the CLUES framework see Semadeni-Davies
et al. (2016) and Woods et al. (2006). The estimates derived from CLUES reflect the
sum of the attenuated N loading from multiple sources (e.g. source of N: wastewater,
fertiliser, and atmospheric deposition) to produce an estimate of the total dissolved N
entering the receiving estuary. CLUES was developed by NIWA in collaboration with
Lincoln Ventures, Harris Consulting, AgResearch, HortResearch, Crop and Food
Research, and Landcare Research for the Ministry of Agriculture and Forestry (MAF)
and the Ministry for the Environment (MfE). Note some relevant caveats associated
with CLUES N load estimates are included in the discussion section of Chapter 3 in
this thesis.

2.3.3 Statistical analyses
To test for the ability of the AMBI to discriminate the effects of N loading and fine
sediment accumulation at different spatial scales (i.e. upper and lower sites both
separated and combined), a four-step procedure was employed. First, BV-STEP
analysis was used to distinguish from the initial comprehensive list (Table 2.1) the most
influential sediment abiotic drivers of macroinvertebrate assemblages (ρ > 0.95, Δρ <
0.001, 10 random starting variables, 100 restarts; Clarke and Ainsworth, 1993). BIOENV was used to rank each individual environmental variable by degree of association
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with community variability. BV-STEP and BIO-ENV use the Spearman rank
correlation coefficient (ρ) to determine the degree of association between similarity
matrices of macroinvertebrate communities (Bray–Curtis similarity) and environmental
data (Euclidean distance), using PRIMER v6 (Clarke & Gorley 2006). The size of the
environmental dataset was reduced by removing highly correlated variables (ρ > 0.90).
Models were considered significant at p < 0.05 after 9999 permutations. Second, to
provide confidence that the selected sediment abiotic drivers relate to catchment-scale
drivers, I explored the strength of associations between catchment-derived N loads and
the selected sediment abiotic variables using generalised linear models (GLMs) and an
information-theoretic model selection approach following Johnson & Omland (2004)
and Grueber et al. (2011). The modelling approach (based on replicate-level data)
followed relevant steps outlined in Lange et al. (2014) and was performed in R Studio
software version 1.0.136 (R Core Team 2017). Third, I used the sediment abiotic
variables most strongly related (cut-off Adj R2 >=0.5) to the catchment-scale variables
(combined on a single Principal Component Analysis (PCA) axis generated in PRIMER
v6) to derive stressor-specific ecological groupings (EGs) for specific macrofaunal taxa
that feed directly into the AMBI, following General Additive Modelling (GAM)
methods developed in Robertson et al. (2015). Finally, the performance of the AMBI,
under EG schemes relating to either sediment % mud content or nutrient enrichment
levels, were evaluated and compared based on the degree of variability (via regression
coefficients) in AMBI scores explained. The effect of sample depth on AMBI
performance was assessed using one-way ANOVA.

2.4 Results
2.4.1 Distinguishing sediment abiotic drivers of macrofaunal communities at three inestuary spatial scales
BV-STEP analyses based on macrofaunal data from all 16 sites (8 estuaries, 2 sites per
estuary) and 32 environmental variables (Table 2.2) showed that the most parsimonious
best fitting model was significant at p < 0.05 and included the variables TOC5-10, δ13C510,

δ34S2-5, Mud2-5 and Redox6cm (ρ = 0.446). For the eight upper estuary sites only (8

sites), the best model included the variables TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud1015,

Redox10cm, V10-15 (ρ = 0.630). For the eight lower estuary sites (8 sites), the best

model included the variables TOC5-10, TS2-5, δ13C10-15, δ15N5-10 (ρ = 0.594). Down-core

22

depth was an important factor, given that no abiotic parameter measured in surface
sediments (0 – 2 cm) was included in the list of parameters distinguished using BEST
analysis.

Table 2.2 Final BV-STEP and BIO-ENV output for the relationship between
macroinvertebrate communities and sediment abiotic parameters in eight shallow
estuaries. For each estuary region, spearman correlation for the best model (before
model overfitting occurred) is shown in bold. Subscripts = core depth (e.g. TOC5-10 =
[Total organic carbon] at 5 – 10 cm depth; Int = integrated down-core mean). Entire
Estuary = Upper and Lower estuary sites combined.
Estuary
region

Model
size

Model

Entire
Estuary

1
2
3
4
5
6
7
8
9
10
11
12
13

TOC5-10
TOC5-10, δ13C5-10
TOC5-10, δ13C5-10, δ34S2-5
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox6cm
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15, Cu5-10
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15, Cu5-10, As10-15
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15, Cu5-10, As10-15, Mo5-10
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15, Cu5-10, As10-15, Mo5-10, Cd10-15,
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15, Cu5-10, As10-15, Mo5-10, Cd10-15, Ba2-5
TOC5-10, δ13C5-10, δ34S2-5, Mud2-5, Redox5-10, Al10-15, Fe10-15, Cu5-10, As10-15, Mo5-10, Cd10-15, Ba2-5, U5-10

Spearman’s
Rho
correlation
0.402
0.426
0.433
0.441
0.446
0.408
0.408
0.404
0.393
0.384
0.392
0.391
0.394

Upper
Estuary

1
3
4
6
7
8
9
10
11
12
13

TOC5-10
TOC5-10, TS10-15, δ13C2-5
TOC5-10, TS10-15, δ15N10-15, δ34S2-5
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15, Fe10-15
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15, Fe10-15, Ni0-2
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15, Fe10-15, Ni0-2, As10-15
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15, Fe10-15, Ni0-2, As10-15, MoInt
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15, Fe10-15, Ni0-2, As10-15, MoInt, Ba0-2
TOC5-10, TS10-15, δ15N10-15, δ34S2-5, Mud10-15, Redox10cm, V10-15, Fe10-15, Ni0-2, As10-15, MoInt, Ba0-2, U5-10

0.340
0.493
0.611
0.622
0.630
0.600
0.600
0.620
0.620
0.605
0.616

Lower
Estuary

1
2
4
5
6
7
8
9
10
11
12

TOC5-10
TOC5-10, TS2-5
TOC5-10, TS2-5, δ13C10-15, δ15N5-10
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt, Fe2-5
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt, Fe2-5, Ni2-5
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt, Fe2-5, Ni2-5, Zn10-15
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt, Fe2-5, Ni2-5, Zn10-15, Cd10-15
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt, Fe2-5, Ni2-5, Zn10-15, Cd10-15, Ba10-15
TOC5-10, TS2-5, δ13C10-15, δ15N5-10, Redox3cm, AlInt, Fe2-5, Ni2-5, Zn10-15, Cd10-15, Ba10-15, U10-15

0.482
0.524
0.594
0.590
0.588
0.594
0.569
0.567
0.591
0.593
0.596
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2.4.2 Relationships between distinguished sediment abiotic parameters and catchment
nitrogen loading
The physicochemical conditions of the 16 estuarine sites covered a broad range of
nutrient, stable isotope ratios and trace element concentrations, grain size distributions
and redox potentials (Table 2.1). Of the eighteen sediment variables (mud content was
omitted from the list to enable subsequent comparisons between the influence of
nutrient enrichment and sediment mud content on the AMBI) selected via BV-STEP
analyses, 16 were significantly (p < 0.05) related to TN at an estuary-wide spatial scale
(Adj R2 range: 0.1 - 0.5), 15 when considering only upper estuary sites (Adj R2 range:
0.1 - 0.7), and 17 for lower estuary sites (Adj R2 range: 0.1 - 0.9). Of all 18
eutrophication-targeted variables, thirteen (TOC5-10, δ13C10-15, TS2-5, δ34S2-5,
Redox6cm, AlInt, Fe2-5, U10-15, δ15N5-10, Ba10-15, Cd10-15, Ni2-5, V10-15) showed moderate
to strong associations (i.e. Adj R2 > 0.3 for all variables) with N loading only. Once the
cut-off Adj R2 value (>=0.5) was applied, only eight variables (TOC5-10, δ13C5-10,
δ13C10-15, TS2-5, δ34S2-5, Redox6cm, U10-15, Cd10-15, V10-15) (Table 2.3) were retained for
subsequent analyses.
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Table 2.3 Adjusted R2 for the top models describing the relationships between selected
sediment abiotic parameters and catchment total nitrogen loading. Total nitrogen
loading was square root transformed to meet normality assumptions.
Adj R2

Estuary Region

Sediment
benthic variable

Entire Estuary

TOC5-10
δ13C5-10

0.72
0.51

Upper Estuary

TOC5-10
δ34S2-5
δ13C5-10
δ13C10-15
Redox6cm
U10-15

0.8
0.77
0.73
0.58
0.56
0.55

Lower Estuary

V10-15
Cd10-15
δ13C5-10
δ13C10-15

0.9
0.69
0.66
0.5

2.4.3 Comparison between the Mud-AMBI and Nutri-AMBI
Ecological group (EG) membership was established for each taxon based on the optima
and distribution range values for PCA.Nutri gradient calculated from the density
maxima models (see Table A2.1 for taxon-specific modelling details). I used the
primary axis from a Principal Component Analysis (PCA) of nutrient enrichmentrelated indicators (% TOC, δ13C, δ34S, Redox (mV), and Cd, V, U mg-1.kg) present in
the top 15 cm of sediment (PCA.Nutri) as an indication of nutrient enrichment level.
Sites with PCA.Nutri values between 0 – 4 corresponded to low levels of sediment
nutrient enrichment (TOC < 0.2, δ34S < 0.3, δ13C < -24.8, Redox > -24, Cd < 0.2, U
< 0.6). Comparisons were made between the Mud-AMBI (underpinned by previously
established mud-specific EGs; Robertson et al. 2015a, 2016) and Nutri-AMBI
(underpinned by nutrient enrichment-specific EGs) (Fig 2.2 and Table 2.4). At an
estuary-wide (upper and lower estuary sites combined) spatial scale, the amount of
explained variation in AMBI scores was considerably more for Nutri-AMBI (R2 = 0.72)
than Mud-AMBI (R2 = 0.33) (Fig 2.2 and Table 2.4). These associations were similar
for upper estuary sites only (Nutri-AMBI R2 = 0.73 and Mud-AMBI R2 = 0.29; Table
2.4), but were comparatively weaker for lower estuary sites (Nutri-AMBI R2 = 0.23 and
Mud-AMBI R2 = 0.01; Table 2.4). Model fit, for both Nutri-AMBI and Mud-AMBI,
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varied significantly as a function of sediment depth, with an optimal integrated sample
depth of 2 – 10 cm and 2 – 5 cm, respectively, across all spatial scales.
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Figure 2.2 Response of the Mud-AMBI (top) and Nutri-AMBI (bottom) coefficient in
terms of sediment mud and PCA.Nutri gradients, including both upper and lower
estuary sites.
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Table 2.4 Regression output from AMBI type comparison over the within-estuary
sediment % mud content and nutrient enrichment (PCA.Nutri) gradients. ‘Opt’ includes
the sediment abiotic parameters and associated depths as outlined in Table 2.2. ‘Int’
reflects an integrated down-core mean for each predictor. ** p < 0.05. Bold lines reflect
relationships featured in Fig 2.2.
AMBI type
Mud-AMBI

Spatial scale
Estuary-wide

Upper

Lower

Nutri-AMBI Estuary-wide

Upper

Lower

Sample
depth (cm)
0-2 cm
2-5 cm
Int
0-2 cm
2-5 cm
Int
0-2 cm
2-5 cm
Int

Predictor
Mud (%)**
Mud (%)**
Mud (%)**
Mud (%)**
Mud (%)**
Mud (%)**
Mud (%)
Mud (%)
Mud (%)

Equation
0.020x + 1.94
0.020x + 1.88
0.020x + 1.88
0.010x + 2.30
0.020x + 2.13
0.020x + 2.15
0.001x + 1.95
0.004x + 2.00
0.004x + 2.00

R2
0.30
0.33
0.32
0.22
0.29
0.29
0.00
0.01
0.01

Opt
0-2 cm
Int
Opt
0-2 cm
Int
Opt
0-2 cm
Int

PCA.Nutri**
PCA.Nutri**
PCA.Nutri**
PCA.Nutri**
PCA.Nutri**
PCA.Nutri**
PCA.Nutri**
PCA.Nutri
PCA.Nutri**

-0.220x + 2.78
-0.200x +2.78
-0.238x + 2.78
-0.214x + 2.87
-0.178x + 2.93
0.219x + 2.89
-0.171x + 2.63
-0.124x + 2.55
0.166x + 2.59

0.71
0.42
0.66
0.73
0.39
0.67
0.23
0.08
0.15

2.5 Discussion
Given the increasing global trend of coastal degradation linked to eutrophication
(Halpern et al., 2008), the AMBI is routinely employed worldwide because it provides
a cost-effective means of assessing the health of coastal resources and environments
for management. In this chapter, the efficacy and robustness of the AMBI were directly
improved through integration of local ecological group information pertaining to taxonspecific sensitivities to nutrient enrichment.
Thirteen uncorrelated sediment abiotic parameters (TOC, δ13C, TS, δ34S, δ15N,
Redox, Al, Fe, U, Ba, Cd, Ni, V) were most strongly related (Adj R2 > 0.3) to N loading.
Significant correlations between N load and these sedimentary nutrient, redox and trace
element parameters support the notion that elevated N inputs predictably alter benthic
conditions in estuarine environments (e.g. Kemp et al. 2005; Conley et al. 2007). This
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is despite the fact that in this study the sediment abiotic variables were sampled only
once even though they are likely to fluctuate over time (Chapman and Wang 2001). My
findings contradict those of a similar study of N impacts on the ecology of 16 southeast
Australian estuaries in which relationships between N loading and benthic abiotic
variables were comparatively weak (R2 < 0.1). Such a disagreement is likely explained
by the relatively low loadings of N that southeast Australian estuaries receive being
insufficient to impact benthic macrofaunal communities (Harris 2001; Conley et al.
2007).
There were differences in strength of N loading and sediment abiotic indicator
associations depending on where in an estuary (i.e. upper or lower sites) samples were
collected. When all distinguished abiotic variables were combined on a single PCA
axis, associations between N inputs and sediment abiotic parameters were stronger in
upper estuary sites compared to lower estuary sites. This represents, to the best of my
knowledge, the first such comparison in SIDEs type estuaries. Such a result is likely
due to catchment-derived nutrients (both from riverine and ground water sources)
accumulating more within the upper reaches of shallow estuaries where flocculation
(driving the fall out of both sediment-bound and dissolved nutrient fractions from the
water column to underlying sediments) and consequent benthic primary production
(often expressed as dense mats of macroalgae on the sediment surface if nutrient
delivery is excessive) are both physically encouraged (Ní Longphuirt et al. 2015b).
Whereas, lower estuary sites are better flushed and generally not at risk of becoming
eutrophic (Ní Longphuirt et al. 2015b). Notably, dense (>2000 g.m-2) macroalgal
canopies were present on the sediment surface at all upper estuary sites receiving
elevated (>200 mg m-2 d-1) N loads in this study.
Down-core sediment depth was an important factor in terms of the relative
influence of abiotic indicators on macrofaunal assemblage composition, with no
indicator measured in surface sediments (0 – 2 cm) included in the list of distinguished
parameters. While the effect of sediment mud content on macrofauna can be predicted
by measuring grain size in surface sediments (Ysebaert et al. 2002; Thrush et al. 2003;
Sakamaki and Nishimura 2009), the present results indicate that if sediment-based
indicators of eutrophication stress are to be reliably assessed, one must consider the
depth at which samples are obtained, which will vary depending on the parameter of
interest. The results of this study indicate that an integrated down-core (0 – 15 cm)
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sample is required to best describe macroinvertebrate community composition in
relation to benthic eutrophication stress in SIDEs.
To test the ability of the AMBI to differentiate eutrophication-related stress from
another known key stressor (sediment muddiness), comparisons were made between
AMBI coefficients underpinned by mud-specific EGs (Mud-AMBI, designed to
diagnose stress in relation to sediment muddiness) and nutrient enrichment-specific
EGs (Nutri-AMBI). A relatively high proportion (30 %) of the variability in MudAMBI scores was explained by the muddiness gradient, reinforcing sediment
muddiness as an influential driver of shallow estuary biota (Robertson et al. 2015b,
2016b). However, relations between Nutri-AMBI and the nutrient enrichment stress
gradient, PCA_Nutri, were comparatively much stronger with over 70 % of variation
explained. This result, and the lack of colinearity between the PCA_Nutri and sediment
% mud content gradients (R2 = 0.14; p > 0.5), shows that nutrient enrichment indicators
potentially provide a much stronger insight into the overall stressors influencing
macrofaunal assemblages among the shallow estuaries assessed in this study.
It could be argued that correlations between Nutri-AMBI and PCA_Nutri are
spurious because the Nutri-AMBI was calibrated against the PCA_Nutri via the
macrofaunal sensitivity (Ecological Group (EG) classification step; Robertson et al.
2015) analysis. Such potential autocorrelation, coupled with the absence of data from
sites not used in the macrofaunal sensitivity analysis, effectively restricted further
validation of the applicability of the Nutri-AMBI to other SIDEs not included in this
study. Clearly this limitation should be addressed in order to improve accuracy of the
Nutri-AMBI in identifying macrofaunal community condition, but given the relatively
large (national-scale) dataset used in this study which resulted in strong associations
between Nutri-AMBI and PCA_Nutri, any associated uncertainty is predicted to be
relatively minor and should not prohibit the interim use of the index. This latter point
is further strengthened by the fact that these same statistical methodologies have been
previously applied to validate the AMBI, in this case Mud-AMBI (Robertson et al.
2016), with a subsequent national-scale study (based on an independent dataset)
confirming strong associations between Mud-AMBI coefficients and sediment mud
content (Berthelsen et al. 2018).
The observed positive relationship between Nutri-AMBI scores and PCA.Nutri
levels represents a community-level shift away from an abundance of sensitive taxa to
a community made up of fewer taxa more tolerant of degraded or eutrophic conditions
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(Pearson and Rosenberg 1978). Established AMBI health bands (Table 2.5) suggest
that of the macrofaunal communities at the 18 sites considered in this study, over 50 %
fell within the ‘High’ or ‘Good’ categories in terms of ecological status, with the
remainder classified as ‘Moderate’ or ‘Poor’. In terms of comparative differences, for
the latter group, which included sites in upper estuary regions receiving the greatest N
loads (i.e. New River and Jacobs River estuaries, Southland, NZ), there was a marked
absence of any suspension feeding taxa and an abundance of deposit feeders (e.g. the
muscular polychaete Scolecolepides benhami and gastropod snail Amphibola crenata),
as predicted by the paradigm of sediment ecology (Rhoads and Young 1970), that posits
deposit feeders will be more abundant in muddy, and suspension feeders in sandy,
sediments.
Table 2.5 Summary of the AMBI values and their corresponding benthic condition
bands (adapted from Borja et al., 2000 and Muxika et al., 2005).
Biotic coefficient

Dominant
ecological
group
I

Benthic community health

Ecological
status*

Normal
Impoverished

High status

1.2 < AMBI ≤ 3.3

III

Unbalanced

Good status

3.3 < AMBI ≤ 4.3
4.3 < AMBI ≤ 5.0

IV-V

Transitional to pollution
Polluted

Moderate status
Poor status

Transitional to heavy pollution
Heavy pollution

Bad status

0.0 < AMBI ≤ 0.2
0.2 < AMBI ≤ 1.2

5.0 < AMBI ≤ 5.5
5.5 < AMBI ≤ 6.0

V

6.0 < AMBI ≤ 7.0 Azoic
Azoic
* European Union Water Framework Directive (WFD) ‘EcoQ’ bands (Borja et al.,
2003).
For Nutri-AMBI, the sediment depth at which samples were collected was found
to be an important factor in determining macroinvertebrate condition as a function of
their physicochemical surrounding. Compared to the Nutri-AMBI fit based on samples
collected at 0 – 2 cm and depth integrated samples, the ‘Opt PCA.Nutri’ gradient, which
included samples collected from a depth range of 2 – 10 cm, improved model fit by up
to 20 %. This is likely due to (1) the influence of organic enrichment in reducing the
volume and quality of habitat available for local macrofauna, which move across

31

multiple sediment depths, hence integrating their exposure to such stress (Pearson and
Rosenberg 1978b), and (2) in depth integrated samples abiotic conditions are integrated
over time, whereas surface sediments can be resuspended and moved laterally around
estuaries (Nichols 1986). This result reinforces the abovementioned need to consider
down-core sampling depth when assessing macrofaunal community responses to
eutrophication-related stress in shallow tidal estuaries.
Modelled catchment N loading rates were correlated with a subset of sediment
abiotic indicators, and these indicators were significant drivers of benthic
macroinvertebrate assemblages across multiple NZ SIDEs characterised by different N
loads. Modelling of taxon-specific responses to benthic nutrient enrichment allowed for
their categorisation into EGs, which significantly strengthened the predictive power of
the AMBI. This was the first time this globally applied index had been coupled with
quantitative taxon-specific sensitivity information and applied to track eutrophication
stress specifically. The results in this chapter also revealed that down-core sampling
depth and estuary site position both significantly affected AMBI’s ability to track
eutrophication stress in SIDEs, which has clear implications for monitoring and
management (see ‘Management Implications’ in Chapter 5).
Finally, while the AMBI index provides insight into structural changes in
macrofaunal communities in relation to taxon-specific sensitivities/tolerances to both
nitrogen loading (Nutri-AMBI) and sediment mud content (Mud-AMBI), it does not
provide direct insight into changes at a functional level. This is important to note
because the degradation of estuarine ecosystems is often associated with losses of key
macrofaunal taxa and the concomitant losses of the ecological functions they mediate
(Norkko et al. 2013; Lohrer et al. 2015; Bolam and Eggelton 2014; Harris et al. 2015).
For example, denitrification in sediments, a process often regulated by the presence and
density of key taxa capable of bioturbation (Douglas et al. 2017), provides ecosystem
resilience to eutrophication by removing excess bioavailable nitrogen. Therefore, the
AMBI could be further strengthened to improve understanding and management of the
community attributes that facilitate key functions and maintain ecosystem resilience,
by integrating relevant information pertaining to taxon-specific functional roles (e.g.
Traits-based information; Fauchland and Jumars 1979; Bonsdorff and Pearson 1999;
Pearson 2001; Villnäs et al. 2018).
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Chapter 3 - Characterising the extent of seagrass and nuisance macroalgae along a
gradient of catchment nitrogen loading

Broad-scale habitat mapping, New River Estuary, Southland (2016)
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3.1 Abstract
Eutrophication of shallow estuaries often manifests as dense mats of opportunistic
macroalgae, degraded underlying sediments and displacement of other important
primary producers such as seagrass beds. Robust identification of drivers that cause
these shifts in ecosystem state is needed to manage eutrophication in these systems. In
this chapter, relationships between catchment N load and suspended sediment (SS)
loading, and the spatial extent of two primary producers, seagrass and nuisance-level
macroalgae, are modelled using broad-scale GIS habitat data for twenty-five SIDEs in
NZ. Catchment N and SS loads were not correlated in this study, allowing me to discern
their individual and combined effects. Results indicate that the spatial extent of both
macrophyte types are strongly governed by increasing N loading to shallow intertidal
estuaries. Seagrass extent was unpredictable below critical N loads, but once surpassed,
became abruptly restricted to less than 10 % of estuary intertidal area or absent.
Conversely, nuisance macroalgae were predominantly absent unless loading rates were
relatively high, expanding in extent by 2.7 % of estuary intertidal area for every 50 mg
N m-2 d-1 increase above critical levels (50 – 100 mg N m-2 d-1). Conversely, SS loading
was not a significant predictor of the extent of either macrophyte type in this study. I
report a potential for hysteresis in seagrass loss and nuisance macroalgal production as
a function of estimated N loading, based on changes over 16 years in four shallow
estuaries subject to different N loads. Overall, these results highlight the importance of
managing diffuse N inputs to safeguard the structure and function of shallow estuarine
ecosystems, as well as the need to account for potential hysteresis responses.
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3.2 Introduction
Numerous examples exist in which natural systems have crossed biophysical thresholds
(i.e. tipping points) — nonlinear changes in ecosystem structure and function — as a
result of human-induced stressors, dramatically altering ecosystem function and
services (e.g. Valiela et al. 1997; Scheffer et al. 2001; Mumby et al. 2007; Duarte and
Regaudie-de-Gioux 2009). In estuaries, for example, the excessive input of terrestrial
muds has caused adverse, non-linear changes in the structure and functioning of
ecologically important benthic communities (Pratt et al. 2014). Once a critical threshold
is crossed, the effort to restore a system is generally far more than to prevent it (Scheffer
et al. 2015). As a consequence, and because of the potentially high-stakes consequences
of exceeding thresholds, “which may limit future management actions, force policy
choices, and in some circumstances be non-reversible” (Groffman et al. 2006), there is
increased interest in identifying thresholds before they are crossed (Lindegren et al.
2012; Scheffer et al. 2012). Recently, Kelly et al. (2015) showed that explicit thresholdbased management leads to better social, economic and environmental outcomes than
threshold-blind management across a wide range of ecosystem types, and also
suggested that smaller systems (e.g. shallow intertidal estuaries) may provide managers
with greater ability to understand, track and control drivers of ecological thresholds.
Two key stressors operating in shallow estuarine ecosystems relate to the delivery
and retention of nutrients and fine sediment (e.g. Smith et al. 1998, 2016; Anderson et
al. 2002; Norkko et al. 2002; Thrush et al. 2014, 2004; Howarth and Marino 2006;
Deegan et al. 2012; Pratt et al. 2014; Ellis et al. 2017; Sinha et al. 2017). Impacts
associated with excess nitrogen (N) loading to shallow estuaries involve excessive
macroalgal production, often coupled with anoxic, biologically depauperate underlying
sediments (Pearson and Rosenberg 1978; Gonzalez et al. 2013; Sutula et al. 2014;
Schmidt et al. 2017) and seagrass habitat loss (Latimer and Rego 2010; Schmidt et al.
2017). Shifts towards a widespread increase in muds (grain size < 63 µm) as a result of
excessive suspended sediment (SS) inputs has resulted in detrimental and difficult to
reverse ecological changes (e.g. declines in macroinvertebrate community health and
seagrass habitat loss), and adverse impacts to human uses and values (Norkko et al.
2002; Cummings et al. 2003; Thrush et al. 2003a&b; Lohrer et al. 2004; Matheson and
Schwarz 2007; Lilley and Unsworth 2014). In order to mitigate such issues in estuaries,
control of nitrogen (N) and suspended fine sediment (particles <63 µm) (SS) inputs is
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widely recognised as the primary requirement (Boesch 2001; Howarth and Marino
2006). Despite this understanding, predicting associated thresholds when multiple
stressors are acting in concert and given potential hysteresis, and when limits have been
exceeded, remains a key priority (Smith and Schindler 2009).
Tipping points in relation to interaction networks following nutrient addition have
been explored in shallow estuarine ecosystems (e.g. Thrush et al. 2014) using in situ
experimental approaches (Douglas et al. 2017). Yet the a priori detection of thresholds
in real world ecosystems requires significant investment in obtaining and analysing
high frequency, multi-system data (Scheffer et al. 2012; Kelly et al. 2015). However,
in instances where multiple stressors may be acting, a critical step in threshold
development is to first understand underlying stressor-response relationships and
thereby clarify influential stressor(s) requiring management. Therefore, in this chapter
I employed a comparative systems approach using a national long-term monitoring
dataset coupled with modelled catchment N and SS inputs to (1) develop empirical
models of relationships between the landscape-scale variables total N loading and total
SS loading and the system-wide spatial extent of nuisance macroalgae and seagrass; (2)
determine the strength and interaction of these stressors on each primary producer type;
and (3) identify potential hysteresis in these stressor-response relations through
assessment of spatiotemporal changes over a 16-year period in four regionally
proximate systems subject to different N loads. I hypothesised that, following an initial
no effect zone (or ‘reference envelope’ defined as the physical, chemical or biological
characteristics of sites found in the best available condition according to the response
variable of interest; Stoddard et al. 2006), I would observe a dramatic decline in
seagrass coverage followed by subsequent increase in nuisance macroalgal extent with
increasing catchment N and SS loads. I further hypothesised that changes in the extent
of both macrophytes would co-occur with changes in inputs loads (i.e. minimal
hysteresis).
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3.3 Materials and methods
3.3.1 Study systems
Twenty-five tidal estuaries, reflecting a gradient of catchment-derived N input loads in
New Zealand (NZ), were evaluated (Table 3.1 for key physical attributes of each
estuary). The study systems were classified as shallow (mean depth 1-2 m), short
residence time (< 3 days) and predominantly (>40 %) intertidal, tidal estuaries with
mouths permanently open to the sea. This class of estuary constitutes > 150 of NZ’s
450+

estuaries

(NIWA’s

Coastal

Explorer

Tool

available

at:

http://www.niwa.co.nz/coasts-and-oceans/nz-coast/coastal-explorer).
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Table 3.1 General features of the shallow estuaries assessed (n = 25).
System

Latitude

Kaipara (Otamatea Arm)
Ohiwa Harbour
Port Puponga
Whanganui Inlet
Pakawau Inlet
Parapara Inlet
Waikato Estuary
Wainui Inlet
Ligar Bay
Motupipi River
Otuwhero Inlet
Kaiteriteri Estuary
Porirua Harbour
Moutere Inlet
Delaware Estuary
Nelson Haven
Waimea Inlet
Avon-Heathcote River
Waikouaiti River
Blueskin Bay
Jacobs River Estuary
New River Estuary
Bluff Harbour
Waikawa Harbour
Haldane Estuary

36°18’ S
38°00’ S
40°31’ S
40°35’ S
40°35’ S
40°43’ S
40°47’ S
40°48’ S
40°49’ S
40°50’ S
41°00’ S
41°02’ S
41°06’ S
41°09’ S
41°09’ S
41°13’ S
41°17’ S
43°32’ S
45°38’ S
45°43’ S
46°20’ S
46°28’ S
46°33’ S
46°37’ S
46°38’ S

Catchment
area (km2)

614.0
186.0
5.0
87.0
8.0
43.0
3.0
41.0
4.0
44.0
54.0
3.0
211.0
187.0
93.0
129.0
933.0
211.0
421.0
91.0
1570.0
3948.0
323.0
241.0
70.0

Estuary
area at
high
water
(km2)
17.0
26.8
0.3
25.1
0.7
1.8
0.2
1.8
0.4
1.2
0.9
0.2
8.1
6.9
3.1
12.6
29.3
7.5
1.3
6.2
7.3
45.2
54.6
6.4
1.9

Mean
depth at
high water
(m)

Tidal
range (m)

3.0
1.6
1.5
1.2
1.2
1.8
0.5
1.5
0.5
1.0
0.8
0.8
1.3
1.0
2.0
3.0
2.0
2.0
1.7
1.2
2.2
1.8
2.2
1.5
1.2

2.4
1.7
3.7
3.1
3.7
3.7
3.7
3.6
3.6
3.6
3.6
3.6
1.1
3.6
3.5
3.6
3.7
1.8
1.6
1.6
2.3
2.2
2.2
2.0
2.0

Intertidal
area excl.
saltmarsh
(km2)
6.4
18.2
0.2
19.6
0.3
1.4
0.1
1.5
0.2
0.9
0.5
0.1
1.9
6.4
3.0
8.4
30.1
5.1
1.0
5.2
5.0
29.4
28.1
5.6
1.8

Intertidal
area soft mud
(>20% mud
content) (%)
30.1
16.7
47.1
29.4
34.5
0.0
16.2
40.0
41.5
18.9
21.4
10.5
42.8
28.6
9.6
39.8
24.0
21.6
0.0
34.8
25.4
0.1
45.0
34.0

Mean
freshwater
inflow
(m3.s-1)
3.0
9.5
0.2
6.1
0.4
6.5
0.2
2.1
0.2
2.2
2.9
0.2
8.8
6.8
4.3
5.9
46.0
4.5
3.0
2.9
54.1
145.0
3.4
9.5
2.6

Dilution
potentiala

Flushing
potentialb

3.33E-10
6.41E-10
2.85E-08
9.54E-10
2.07E-08
7.26E-09
7.48E-08
6.37E-09
2.21E-08
9.47E-09
1.14E-08
7.30E-08
2.93E-09
1.49E-09
4.52E-09
7.47E-10
2.84E-10
2.03E-09
1.30E-08
3.75E-09
1.93E-09
4.7E-10
2.32E-10
2.88E-09
1.21E-08

0.003
0.019
0.020
0.018
0.025
0.144
0.047
0.040
0.014
0.064
0.100
0.036
0.078
0.031
0.059
0.014
0.040
0.028
0.119
0.033
0.318
0.208
0.002
0.083
0.097

Physical
susceptibility
category
(ASSETS)c
Mod
High
Mod
High
Mod
Mod
Mod
Mod
Mod
Mod
Mod
Mod
Mod
Mod
Mod
High
High
Mod
Mod
Mod
Mod
High
Mod
Mod
Mod

Physical
susceptibility
category (this
study)d
Mod
Mod
Low
Low
Mod
Mod
Mod
Mod
Low
Mod
Mod
Mod
Mod
High
Low
Low
Mod
Mod
High
Low
Very High
Very High
Low
Mod
Mod

a

1 ÷ estuary volume (m3); refers to an estuary’s ability to dilute received nutrient load.
mean freshwater inflow (m-2 d-1) ÷ estuary volume (m3); refers to an estuary’s ability to flush received nutrients to sea.
c
estimated overall physical susceptibility of an estuary to nutrient enrichment based on combined dilution and flushing potentials (Bricker et al. 1999, 2003, 2007).
d
estimated overall physical susceptibility of an estuary to nutrient enrichment based on estuary physical susceptibility and existing condition (see computations in Table A3.1).
b
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3.3.2 Modelled nitrogen and suspended sediment input rates
Estimates of the total nitrogen (N) load and total suspended sediment (SS) load for each
estuary catchment used in this study (Table 3.2) were derived primarily from NIWA’s
Catchment Land Use for Environmental Sustainability model – CLUES 10.1*, which
is a model for assessing the effects of land use change and mitigation practices on water
quality (including N and SS) and socio-economic factors for catchments greater than
~10 km2. CLUES couples a number of existing models within a GIS-platform with the
basic spatial unit the River Environments Classification (REC) river reach and
surrounding sub-catchments (Snelder et al. 2010) and incorporates the Landcare
Research Land Cover Data Base (LCDB) as a default land cover layer for deriving
loads. Within CLUES, the SPARROW model predicts annual average stream loads of
N and SS with provisions for stream routing and loss processes (storage and
attenuation). SPARROW, originally developed by the US Geological Survey (Smith et
al. 1998), has since been applied and modified in the NZ context, following extensive
liaison with the developers. In NZ, SPARROW has been applied to N and SS regionally
(Alexander et al. 2002) and nationally (Elliot et al. 2005). For further details on the
CLUES framework see Semadeni-Davies et al. (2016) and Woods et al. (2006). The
estimates derived from CLUES reflect the sum of the attenuated N and SS loading from
multiple sources (e.g. source of N: wastewater, fertiliser, and atmospheric deposition)
to produce an estimate of the total dissolved N and SS entering the receiving estuary.
CLUES was developed by NIWA in collaboration with Lincoln Ventures, Harris
Consulting, AgResearch, HortResearch, Crop and Food Research, and Landcare
Research for the Ministry of Agriculture and Forestry (MAF) and the Ministry for the
Environment (MfE). Note some relevant caveats associated with CLUES N and SS load
estimates are included in 3.4 Discussion of this chapter.
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Table 3.2 Nitrogen and suspended sediment loading rates and the cover of nuisance
macroalgae and seagrass for each estuary studied. Bold estuaries are used in the
spatiotemporal analyses.
System

a

Kaipara (Otamatea Arm)
Ohiwa Harbour
Port Puponga
Whanganui Inlet
Pakawau Inlet
Parapara Inlet
Waikato Estuary
Wainui Inlet
Ligar Bay
Motupipi River
Otuwhero Inlet
Kaiteriteri Estuary
Porirua Harbour
Moutere Inlet
Delaware Estuary
Nelson Haven
Waimea Inlet
Avon-Heathcote River 2002
Avon-Heathcote River 2016
Waikouaiti River
Blueskin Bay
Jacobs River Estuary
New River Estuary
Bluff Harbour
Waikawa Harbour
Haldane Estuary

Total
suspended
sediment
loading
rates (g m-2
d-1)

1.9
1.5
3.0
2.0
6.1
24.4
17.8
38.6
4.9
22.2
67.6
9.4
8.0
8.6
7.3
2.2
10.1
0.6
0.6
57.7
1.5
26.8
11.3
0.01
10.8
8.5

Total
nitrogen
areal
loading
rates (mg
N m-2 d-1)b

14.4
12.9
20.5
4.4
18.9
27.9
19.6
24.5
23.4
60.5
57.5
19.0
33.9
119.5
18.3
8.1
26.8
300.0
77.6
284.1
15.2
543.4
239.2
0.9
64.4
51.8

Nuisance
macroalgaec extent

Areal
extent
(ha)
0.0
0.0
0.0
33.0
0.0
0.0
0.0
0.0
0.0
0.0
0.0
0.0
0.0
60.0
0.0
0.0
28.0
87.0
21.0
7.0
0.0
145.0
350.8
0.0
0.7
0.0

% of
intertidal
area
0.0
0.0
0.0
1.7
0.0
0.0
0.0
0.0
0.0
0.0
0.0
0.0
0.0
9.4
0.0
0.0
0.9
18.0
4.1
7.0
0.0
29.1
11.9
0.0
0.1
0.0

Seagrass (>20%
cover) extent

Areal
extent
(ha)
0.0
107.0
5.0
778.0
0.1
1.1
0.0
0.0
0.9
0.9
1.0
0.0
53.6
2.0
4.5
118.0
48.6
14.0
35.0
0.0
30.0
23.8
56.4
750.0
9.9
0.0

% of
intertidal
area
0.0
5.9
20.8
39.6
0.3
0.8
0.0
0.0
6.0
1.0
1.9
0.0
28.5
0.3
1.5
14.0
1.6
3.0
6.9
0.0
5.7
4.8
1.9
26.7
1.8
0.0

P = pasture, NFS = native forest/scrub, EFS = exotic forest/scrub, Urb = urban (NIWA Catchment Land Use for Environmental
Sustainability model – CLUES 10.1).
b

Loads derived using the Catchment Land Use for Environmental Sustainability model CLUES (default 2015 settings) except
for New River Estuary which was sourced from Robertson and Stevens (2013), with loads normalised to estuary area [i.e. areal N
load (mg.N.m-2.yr-1) = N load (kg.yr-1)/Area Estuary (km2)].
c
Nuisance macroalgae (defined as areas with macroalgal cover >50%, aRPD at sediment surface, no seagrass, and >25%
sediment mud content).

3.3.3 Determination of seagrass and nuisance macroalgal extent
Broad-scale (estuary-wide) surveys were undertaken to determine seagrass and
macroalgal extent using the NEMP approach (Robertson et al. 2002). The approach
combines detailed ground-truthing of aerial photos, and GIS-based digital mapping
from photography to record the primary habitat features present. Intertidal habitat
features were digitised into ArcMap 10.2 shapefiles using a Wacom Cintiq21UX
drawing tablet, and combined with field notes and georeferenced photographs to
produce habitat maps, from which the extent of dense (>20 % cover) seagrass (Zostera
spp.) and ‘nuisance macroalgae’ (defined as areas with > 50 % sediment-entrained
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macroalgal cover underlain by soft muds with apparent Redox Potential Discontinuity
layer (aRPD) at < 0.5 cm and no seagrass) were estimated (Table 3.2).
To quantify nuisance macroalgal extent in the field, the proportion of sedimententrained algae (in this case the opportunistic red macroalga, Gracilaria chilensis) was
estimated as the percentage of quadrats where algae are observed growing > 3 cm into
the underlying sediment. We also recorded the percentage cover of any other
macroalgae (e.g. Ulva sp.) present. aRPD was assessed visually (using a core in the
field) as the depth where sediment changes colour (from light tan/brown to grey/green
or black), indicating the approximate depth of sediment oxygenation. Visual aRPD
depth measures rely on the assumption that in the absence of oxygen, microbial sulphate
reduction results in the precipitation of Fe-sulphides, producing the grey/green or black
sediment coloration (Birchenough et al. 2012; Sutula et al. 2014). To validate
underlying substrata classifications, at representative sites, photographs were taken to
record the general appearance, and a composite of the top 2 cm of sediment (approx.
250 g in total) was collected for direct measurement of sediment grain size. Samples
were refrigerated within 4 hours of sample collection before being frozen for
subsequent grain size analysis (% mud, sand, gravel) using wet sieving and gravimetric
calculations.
In situ surveys in each estuary were undertaken in summer during the period of
peak macroalgal growth (November-March, i.e. intermittently between 2001 - 2016).
Mapping was then conducted using the ‘iGIS HD’ ipad application to show live
position tracking (via an inbuilt GPS accurate to ~5 m). The outer edges of macroalgal
and seagrass patches were mapped and the percent cover of each patch of comparable
growth recorded to the nearest 5 % using a 6 category percent cover rating scale as a
guide to describe density (Fig. 3.1). Multiple line transects were taken through each
patch, with patch percentage cover recorded either as the average of at least ten visually
assessed replicate measures along the transect line within each patch (Wilkes 2005).
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1-5%

6-10%

11-20%

21-50%

51-80%

81-100%

Fig 3.1 Visual rating scale for percentage cover estimates of e.g. nuisance macroalgae.
3.3.4 Data analyses
Generalised additive models (GAMs) were used to investigate the effects of the
catchment-scale variables, total N loading and total suspended sediment loading, on the
extent of seagrass and nuisance macroalgae. GAMs can be used to explore nonlinear
relationships between dependent and explanatory variables, fitting non-parametric
smoothers, and also permit implementation of several statistical distributions (Guisan
et al. 2002). For each macrophyte type, a set of five models were considered: the global
model (intercept plus three predictor terms: the first-order terms total N loading (TN)
and total suspended sediment loading (TSS), and the interaction TN×TSS), nested
versions of the global model with one or more predictor terms removed, and the null
model (intercept only). If the interaction term was retained, then the lower-order terms
were retained as well. Predictor variables were transformed where necessary. All
models were ranked according to their AICc values (Akaike Information Criterion for
small sample sizes; Burnham and Anderson 2002). The most parsimonious model set
was obtained by selecting all models that were within AICc ≤ 2 of the best model and
by applying the ‘nesting rule’ where the selected models could not be more complex
than the highest ranked model (Richards et al. 2011; Lange et al. 2014). Macrophyte
responses to increasing stressor gradients were modelled as a function of their areal
extent (% intertidal cover) following a gamma (link function = log) distribution. k
(smoothing term) was selected based on both the deviance explained and visual
assessment of model fit against the raw data, which ensured an ecologically realistic
model fit. All GAMs were generated in R (3.0.1 GUI 1.61 Snow Leopard build 6492)
using the mgcv package (http://cran.r-project.org/ web/packages/mgcv/index.html),
with 95 % confidence intervals obtained using its predict.gam() function.
To evaluate any time lag (i.e. hysteresis) between changes in extent of nuisance
macroalgae and seagrass and catchment-derived nutrient loads, I also assessed broadscale habitat maps (data collected at various times between 2001 and 2016) and
predicted N input loads (derived for the period 1996-2016, as well as for pre-impact
1000 AD) for four estuaries located in Southland, NZ. The predicted natural state ‘c.
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1000 AD’ N load estimate was derived using LCDB v4.1 and Environment Southland’s
consented dairy platform shape files. Derived N areal loads for this period were based
on N yields from land cover to estimate annual N loads and were converted to an
average daily load per m2 based on estuary area and finally corrected toward CLUESbased estimates which accounted for transport-related losses (refer to Pearson &
Couldery 2016 for detailed background information).
The ecological response to N loading in an estuary will be governed by its physical
characteristics, with response to external N inputs initially related to processes that
affect the N supply to primary producers (Painting et al. 2007; Latimer and Rego 2010).
These processes include additional internal N sources and sinks (Latimer and Rego
2010), but of particular importance with regard to physical susceptibility are
characteristics that determine how an estuary dilutes and retains nutrient inputs and
sediments that are not transported to sea or lost from the system through denitrification
(Painting et al. 2007). In general, eutrophication susceptibility is influenced by water
residence time (Painting et al. 2007). The flushing capability of a system is determined
by tidal action and the amount of freshwater flowing in from its tributaries. In most
cases, if the water and therefore nutrients are flushed quickly, there is insufficient time
for nuisance macroalgal symptoms to develop (i.e. low susceptibility). However, if the
estuary has a long water residence time, there is time for nutrients to be taken up by
algae and for blooms to develop (i.e. high susceptibility). This assessment uses physical
and hydrologic data to separately estimate dilution potential and flushing potential, and
when combined, these produce a physical susceptibility rating (Table 1). These ratings
were then compared to criteria based on current trophic conditions in each estuary
(Table A3.1 for further details on criteria used).

3.4 Results
3.4.1 Spatial patterns of nitrogen and suspended sediment input, nuisance macroalgae
and seagrass
Magnitude of N and SS loading varied across the 25 estuaries included in this study
(Table 3.2), with the areal daily N loading rates ranging from <1 to 543.4 mg N m-2 d1

, encompassing a ~3 orders of magnitude gradient, and SS from 0.01 to 67.6 g m-2 d-1.

In terms of N loading, three (12 %) received <10 mg N m-2 d-1, thirteen (52 %) received
between 10-50 mg N m-2 d-1, five (20 %) received between 50 - 100 mg N m-2 d-1 and
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four (16 %) received >100 mg N m-2 d-1. The two systems with the greatest loading
rates, Jacobs River (543.4 mg N m-2 d-1) and New River (239.2 mg N m-2 d-1), are
located in Southland, NZ, and drain relatively large intensive agricultural catchments
dominated by high producing pasture (Table 4.2). For SS loading, three estuaries (12
%) received <1 g.m-2 d-1, thirteen (52 %) received between 1 - 10 g.m-2 d-1, seven (28
%) received between 10 - 50 g.m-2 d-1 and two (8 %) received >50 g.m-2 d-1. Relations
between N and SS loads were weak and non-significant (linear regression β = 2.1525;
R² = 0.0466; p > 0.01) (Figure A3.1).
The extent of nuisance macroalgae ranged from 0 to 29 % and seagrass from 0 to
39.6 %, expressed as a percentage of the intertidal habitat (Table 3.2). Six estuaries (24
%) were completely devoid of seagrass habitat and eight (32 %) had intertidal regions
characterised by at least some nuisance macroalgae. Of the six systems devoid of
seagrass, five had no nuisance macroalgae. However, eight estuaries were characterised
by both primary producer types, and this included those receiving the highest N loads
(i.e. Jacobs River and New River estuaries).

3.4.2 Relations between catchment nitrogen and suspended sediment input rates and
extent of nuisance macroalgae and seagrass
GAMs indicated strong associations between catchment-derived N inputs and the
intertidal coverage of both types of macrophyte (Fig. 3.2 and Table 3.3). The final
model for nuisance macroalgal extent was a single stressor model with a positive linear
relationship to N load. This model predicted the extent of nuisance macroalgae with
relatively high accuracy (i.e. slight margin between GAM-scale and 10-fold MSE
estimates and 75.3 % of deviance explained). Nuisance macroalgae were predominantly
absent unless loading rates exceeded ~50 mg N m-2 d-1, thereafter macroalgae expanded
in extent by 2.7 % of estuary intertidal area with every 50 mg N m-2 d-1 (linear
regression β = 0.0548, R2 = 0.935, p < 0.01). For seagrass extent, the final model also
comprised only TN, exhibiting a weak relationship (i.e. seagrass extent was highly
variable) at loads between 0 - ~50 mg N m-2 d-1, but where N loads exceeded ~50 mg
N m-2 d-1 seagrass became abruptly restricted to less than 10 % of estuary intertidal area
or absent. Confidence intervals widened (i.e. predictive accuracy weakened) with
increasing N loading for both seagrass and nuisance macroalgae (Fig. 3.2). Neither
seagrass extent nor nuisance macroalgae extent were associated with SS loading (i.e.
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models including SS load did not provide a better fit than the null models) (Table 3.3
and Fig. 3.2).
Table 3.3 Top GAMs describing the relationships between nuisance macroalgal and
seagrass extent and landscape-scale variables, selected from a candidate set of 5
models, using the cut-off rule Δ AIC ≤ 2 and omitting models that were more complex
versions of the model ranked most highly. TN = total nitrogen loading.
Primary producer type

Predictor(s) in
model

Nuisance macroalgae

log(TN+1)

Deviance
explained
(%)
75.3

Seagrass

log(TN+1)

42.8
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Figure 3.2 Relationships between dense (>20 % cover) seagrass (left panel) and
nuisance macroalgal (right panel) extent and the catchment-scale variables predicted
areal nitrogen and suspended sediment loading rates in 25 shallow, tidal estuaries in
New Zealand. Red dashed lines = 95 % confidence intervals obtained using
predict.gam() in the mgcv package in R.
3.4.3 Temporal trends in nuisance macroalgal and seagrass extent along estuaryspecific nitrogen load gradients
To identify a time lag in macrophyte response to N loading, I assessed temporal changes
in the percent cover of seagrass and nuisance macroalgae over a 16-year period (20012016) in four regionally proximate estuaries (Jacobs River, New River, Waikawa and
Haldane estuaries) subject to different N loads and for which temporal data exist. SS
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loads were not considered in this analysis due to their lack of influence on these
macrophytes (as shown above). Fig. 3.3 shows that predicted N areal loads to the four
systems between 1996 and 2016 (including 1000 AD) varied among estuaries, and have
changed over recent years. In particular, N loads have increased recently to New River
and Jacobs River estuaries, where predicted N loads approximately doubled in the past
20 years, from approx. 110 to 240 and 280 to 545 mg.m-2.d-1, respectively. The extents
of both nuisance macroalgal and seagrass across all four estuaries changed as a function
of N loading. Estuaries with notable increases in N loads showed more nuisance
macroalgae, whereas those with less pronounced change in N areal load showed fewer
nuisance macroalgae.
A marked and consistent increase in N areal loads to Jacobs River and New River
estuaries from 1996 to 2016 coincided with a 30 - 40 % reduction in seagrass and a 600
- 1400 % increase in nuisance macroalgal extent (Fig. 3.3). Compared to the rapid
expansion of nuisance macroalgae during this period (i.e. from approx. 1% estuary
intertidal area in 2007-08 to 14 % and 30 % by 2016 in Jacobs River and New River,
respectively), seagrass extent reflected a more gradual but consistent decline (i.e. <1 %
decrease in estuary intertidal area per year between 2002 - 2016 in both systems).
Notably, this shift in dominance from seagrass to nuisance macroalgae lagged behind
an increase in areal N loads by approximately 10 years. Conversely, both Haldane and
Waikawa estuaries experienced relatively small changes in N loads and this was
reflected by negligible changes in the extents of both seagrass (expect for a slight
increase in seagrass coverage in Waikawa estuary, equivalent to 1 % of intertidal area)
and nuisance macroalgae over the 16-year period (Fig. 3.3).
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Figure 3.1 Percent of intertidal estuary area with (a) nuisance macroalgae (i.e. >50 %
sediment-entrained macroalgal cover underlain by soft muds with aRPD at <0.5 cm and
no seagrass) and (b) dense (>20 % cover) seagrass measured between 2001-2016 as a
function of predicted total nitrogen areal loads for the period 1997-2016 (including a
predicted natural state ‘c. 1000 AD’ load estimate) to four shallow estuaries located in
Southland, New Zealand. Dashed lines added to facilitate visual interpretation only.
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3.5 Discussion
Humans have dramatically altered the fluxes of growth-limiting nutrients, particularly
nitrogen (N) (Galloway et al. 2004), as well as fine sediments from land to receiving
estuarine waters (Smith 2003). As a consequence, shifts in the dominant primary
producers from perennial seagrass to opportunistic macroalgae have been documented
worldwide (Orth et al. 2006; Waycott et al. 2009). My results confirm that changes in
the extent of seagrass and macroalgae in recipient shallow estuaries coincided strongly
with increases in land-derived N inputs. Seagrass habitat was adversely affected by
increasing N loads, becoming spatially restricted where loading rates breached critical
levels. Nuisance macroalgae, by contrast, expanded in area as N loading rates increased
beyond critical levels. Modelled suspended sediment (SS) loading did not covary with
N loading in this study and did not feature alongside N loading as a significant driver
of spatial extent of either macrophyte. An analysis of long-term trends in four separate
estuaries receiving different N loads revealed rapid expansion of nuisance macroalgae
and concurrent gradual but consistent decline in seagrass extent in two estuaries subject
to increasingly elevated N loads, but relatively low macrophyte change in the remaining
two estuaries which received consistently low N loads.
A relatively abrupt L-shaped relationship was apparent between the extent of dense
(>20 % cover) seagrass and catchment N areal loading. A similar shaped relationship
was presented by Latimer & Rego (2010), and their data fell into three broad categories:
(1) low seagrass extent when N loading rates are high, (2) high seagrass extent when N
loading rates are low, and (3) low seagrass extent when N loading rates are low. With
respect to categories 1 and 2, it is clear that from my results that when N loads are high,
seagrass cover was very low or non-existent (i.e. limited to <10 % of estuary intertidal
area), whereas seagrass abundances are highly variable when N loading rates are low.
As Latimer and Rego (2010) acknowledged, category 1 and 2 estuaries are consistent
with known causal mechanisms (Neckles et al. 1993; Duarte 1995; Hauxwell et al.
2001, 2003), but explanations for the four estuaries within category 3 (i.e. Kaipara
(Otamatea Arm), Waikato, Kaiteriteri and Haldane) are less straightforward. Reasons
for the latter may involve an underestimation of actual N loads (and thus they would
fall into category 1) and/or other factors (e.g. light, nutrients, substratum, exposure,
temperature, salinity, sulphide toxicity, epiphytic growth, spatial competition and
grazing pressures; Nelson 2018) that affect seagrass distributions. With regard to the
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former, it is important to note the limitations associated to the model used to estimate
N loading rates. Currently, the CLUES model is the only freely available, relatively
comprehensive NZ whole catchment model that is potentially capable of estimating
detailed constituent landuse source loads (including native forest, exotic forest,
sheep/beef, dairying, deer, horticulture, cropping, and urban). CLUES consists of a
framework which links several underlying models, each of which has its own inherent
assumptions and sources of uncertainty. An Auckland-based study was undertaken to
attempt to assess the extent of the uncertainty, particularly in relation to loads. The
study, involving 8-15 catchments (area 21-398 km2) (Davies et al. 2015), showed a poor
level of agreement between CLUES simulated annual N and SS loads with loads
calculated using monitored concentration and flow data. For N loads, the model tended
to underestimate loads with the respective difference between the CLUES estimates
and the monitored data averaging 55% (range 3-88 %). For sediment loads, the model
both over- and under-estimated loads, with the respective difference between the
CLUES estimates and the monitored data averaging 34 % (range 7-93 %). Potential
sources of error and uncertainty that could be behind the poor level of agreement
between CLUES estimates (using both 2002 and 2008 land cover layers) and
observation-based estimates (i.e. monitoring data) in the Auckland region are listed in
Semandi-Davies et al. (2015). This lack of agreement with observation-based estimates
suggests that there is a need for local calibration of the CLUES model for most NZ
estuary catchments. Furthermore, CLUES does not account for oceanic N inputs which
may also influence seagrass distributions in estuaries (Latimer and Rego 2010). Thus,
it appears that the utility of seagrass extent as indicator of N over-enrichment in SIDEs
is limited, particularly in the more unpredictable situations where estimated catchment
N inputs are below ~50 mg N m-2 d-1.
For nuisance macroalgae, I found that N loading rates of approx. 0 – 50 mg N m-2
d-1 potentially represented a reference envelope, or N load range in which no detectable
effect on the development of nuisance macroalgal conditions was evident in the twentyfive NZ SIDEs assessed. Within this N loading range, benthic conditions are expected
to reflect a comparatively healthy state (i.e. low (<50 %), if any, non-sedimententrained macroalgal cover underlain by sands (>75 % sand content) with a relatively
deep (>0.5 cm) aRPD). While reference envelopes have been proposed for multiple
fine-scale (site-specific) abiotic indicators of environmental stress in shallow and
subtidal estuaries (e.g. % sediment mud, organic carbon, N, phosphorous; Hyland et al.
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2005; Diaz et al. 2008; Magni et al. 2009; Robertson et al. 2016), I found no previous
studies that have reported reference levels of catchment-derived N loads relative to the
system-level expression of ‘nuisance macroalgae’ in SIDEs type systems.
Beyond this reference range, an N load in excess of ~50 mg N m-2 d-1 promotes
nuisance macroalgae in this type of estuary. Nuisance macroalgae are defined herein as
intertidal areas comprising dense (>50 %) sediment-entrained macroalgal cover
underlain by soft muds (>25 % mud content) with a very shallow (<0.5 cm) aRPD and
no seagrass. Such areas are classified as highly eutrophic (Robertson et al. 2016a&b)
and generally contain depauperate biological communities due to reduced habitat areal
extent and quality (Nilsson and Rosenberg 1997, 2000). These effects also limit
availability of forage for fish, birds and macroinvertebrates (Raffaelli et al. 1989;
Bolam et al. 2000). I note that benthic conditions could deteriorate beyond those
associated with ‘nuisance macroalgae’ (e.g. azoic - devoid of invertebrate life sediments overlain by a bacterial film rather than a macroalgal canopy), but such
degraded situations have not, to the best of my knowledge, been documented in
shallow, intertidal estuaries in NZ.
Similar N-load responses have been reported for non-entrained macroalgal
production. Fox et al. (2008) compared three sub-tidal sub-estuaries of Waquoit Bay,
Massachusetts, USA (maximum water depth <3 m, average water depth ~1.5 m, tidal
range 0.6m), with different N loads and found the magnitude of non-entrained
macroalgal biomass was predicted by total N load over a six-year period, and reported
a clear shift to high macroalgal biomass (>800 g.m-2 wt weight) at N areal loads above
approx. 100 mg N m-2 d-1. My comparatively more sensitive critical level (approx. 50
mg N m-2 d-1) likely partly relates to the highly efficient nutrient uptake capability of
sediment-entrained macroalgae (Chapter 4), and therefore their ability to proliferate at
lower N loads (recent seasonal surveys have documented macroalgal biomasses >2000
g.m-2 (wt weight); B. P. Robertson, unpubl.), relative to non-entrained taxa.
Contrasting with my original hypothesis, the best GAM models did not include
suspended sediment loading as an influential driver of the extent of either type of
studied macrophyte. The most likely reason for this relates to the fact that, because fine
sediment accumulates over time, historical inputs, which in several cases were likely to
be much greater than present day loads due to large-scale deforestation, may be
confounding the influence of estimated present day SS loads. To investigate this further,
I regressed the extent of each macrophyte with the proportion on the estuary intertidal
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area with soft mud (>25 % sediment mud content), but results identified a very weak
relationship for nuisance macroalgae (R2 = 0.01; p > 0.01) and seagrass (R2 = 0.12; p >
0.01). To improve relationships between SS loads and ecological response, it is
recommended that historical land use/sediment yield models be developed (covering
the period from natural cover to present day cover) and used to provide input to estuary
hydrodynamic/sedimentation

models

with

the

aim

of

identifying

the

SS

load/macrophyte response over time.
Results showed hysteresis between increases in estimated N loads and changes in
the dominant macrophytes. Five key conclusions arise from the time series analysis: (1)
in two of the four estuaries assessed (Jacobs River and New River) shifts in the
dominant macrophyte from seagrass to nuisance macroalgae lagged behind increased
catchment N loads. It took at least ten years for nuisance macroalgae to develop and
seagrass to decline once N loads increased above critical threshold levels. This type of
hysteresis to changes in nutrient loading has been documented in lakes (e.g., Lake
Washington, USA; see Smith 1998), and can significantly complicate the recovery of
aquatic ecosystems from eutrophication (Carpenter et al. 1999). Reasons for it are likely
to be complex, but may include accompanying increasing deposition of N-rich fine
sediments (i.e. muds) and consequent increases in internal nutrient loading fueling the
establishment and growth of macroalgae. This is supported by studies that show that
production of nuisance macroalgae relies on internal loading for a large proportion (up
to ~35 %) of daily N requirements (Chapter 4); (2) it has been noted that, spatially, in
both Jacobs River and New River estuaries, the regression in seagrass habitat occurred
almost exclusively in the same areas that nuisance macroalgae had established
(Environment Southland, unpubl.). This competition is likely due to the highly reducing
and often toxic sediments resulting from an accumulation and decomposition of
decaying macroalgal matter, which, for seagrass, reduces nutrient uptake,
photosynthesis, growth, leaf density, and ultimately leads to plant mortality (Holmer
and Bondgaard 2001; McGlathery et al. 2007; Burkholder et al. 2007); (3) in Haldane
and Waikawa estuaries, changes in N loads and the extent of seagrass and nuisance
macroalgae were by contrast both negligible. In terms of other factors, in Haldane
estuary (where seagrass habitat was absent for the survey period), the system is
physically different to the other three estuaries in that the majority of the intertidal flats
are located high in the tide range and consequently are covered for only a relatively
short period of time late in the tidal cycle (Environment Southland, unpubl.). As a
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result, the effects of desiccation, wind driven currents and freshwater influences are
expected to be more severe on macrophyte communities than the other three estuaries;
(4) compared to the extensive growth of nuisance macroalgae, overall seagrass losses
in Jacobs River and New River were relatively minor. Historical seagrass abundances
in these four estuaries are unknown. Although, based on the N load threshold derived
in this study (~15 mg N m-2 d-1), and assuming that these systems were once seagrass
habitable, it is likely that large areas of intertidal seagrass bed were lost at some point
before baseline surveys were undertaken in the early 2000s. Other factors, not
accounted for in this study such as elevated sedimentation rates following catchment
deforestation (Swales et al. 2002) or natural geological upheaval (Dadson et al. 2004),
may have also influenced historical seagrass distribution in these estuaries; (5) areal
expansion of nuisance macroalgae with increasing N loads above threshold levels
indicates reduced system-level resiliency to eutrophication (i.e. an inability for nuisance
macroalgal areas to be eliminated quickly through subsidiary inputs from the broader
system, e.g. macrofaunal bioturbation reoxygenating sediments) (Scheffer et al. 2012).
An estuary’s response to N loading will be modulated by its physical
characteristics, with its response initially a function of processes that affect the N supply
to autotrophs. These processes include internal N sources and sinks, but of particular
importance with regard to physical susceptibility are characteristics that determine how
an estuary dilutes and retains inflowing nutrients that are not transported to sea or lost
to the atmosphere (Latimer and Rego 2010). Following the approach of Latimer and
Rego (2010), I assessed estuary N susceptibility by calculating both dilution and
flushing potentials for each of the 25 estuaries (Table 1). From this analysis I
determined that 0 estuaries (0 %) are categorised in the low susceptibility category, 20
(80 %) in the moderate, and 5 (20 %) in the category of high susceptibility to N inputs.
Therefore, 20 % of the study estuaries should be highly susceptible to the effects of N
inputs. By combining observed seagrass and nuisance macroalgal extents with the
estimated N loading thresholds, it is possible to determine whether the derived
susceptibility categories support the models. To test this, I assumed that systems
categorised as ‘highly susceptible’ should support low (<10 % estuary intertidal area)
seagrass extent and presence (>1 % estuary intertidal area) of nuisance macroalgae for
a given N load. Further, those estuaries in the low susceptibility category should support
the highest seagrass extent and no nuisance macroalgae. Of the five estuaries classified
as highly susceptible, only two showed low seagrass coverage and some nuisance
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macroalgae (i.e. 60 % were incorrectly classified). No estuary was classified into the
low susceptibility category, despite a total of six systems exhibiting high seagrass extent
and no nuisance macroalgae (i.e. 100 % were incorrectly classified). Such high
misclassification rates (60 - 100 %) may therefore lead to inaccurate prioritisation of
estuaries according to their susceptibility to the effects of N inputs. The present findings
support the recommendations of Robertson et al. (2015c) and the findings of Plew et
al. (2018) and strengthen the argument that these ratings be combined with N load
susceptibility ratings (based on relationships between N load and nuisance macroalgae
and seagrass coverages) to yield an overall combined N load and physical susceptibility
rating (see details in Table A3.1).
In conclusion, changes in the extent of seagrass and macroalgae in recipient
shallow estuaries coincided strongly with increases in land-derived N inputs in this
study. Seagrass habitat was strongly adversely affected by increasing N loads,
becoming spatially restricted where loading rates breached critical levels. Nuisance
macroalgae, by contrast, expanded in area as N loading rates increased beyond critical
levels. Meanwhile, suspended sediment loading was not shown as a powerful driver of
either macrophyte extent. An analysis of long-term trends in four separate estuaries
receiving different N loads revealed rapid expansion of nuisance macroalgae and
concurrent gradual but consistent decline in seagrass extent in two estuaries subject to
elevated N loads, but relatively low macrophyte change in the remaining two estuaries
which received consistently low N loads. Management stands to benefit from such
information as the results of this chapter clearly demonstrate threshold type behaviour,
thereby providing impetus to derive quantitative thresholds for N loading to SIDEs (see
thresholds section in general discussion of this thesis). Clearly, though, potential
hysteretic responses also need to be considered in this context (Schindler 2012).
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Chapter 4 - Tracing the relative influence of porewater and water column nitrogen on
mud-entrained macroalgal production using 15N-enriched stable isotopes

Experimental setup, Marine Science Laboratory, Portobello, Dunedin (2016)

Chapter 4 is based on the following published article:

Robertson, B. P., and C. Savage. 2018. Mud-entrained macroalgae utilise porewater
and overlying water column nutrients to grow in a eutrophic intertidal estuary.
Biogeochemistry 139: 53-68.
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4.1 Abstract
Sediment porewater nutrients often occur at concentrations that are orders of magnitude
higher than nutrients in overlying waters, and accordingly may subsidise growth of
benthic macroalgal mats in estuarine ecosystems. The relative contribution of
porewater nutrients is expected to be particularly important for macroalgae entrained in
intertidal mudflat sediments, where access to water column nutrients is tidally
constrained. In this study, filamentous Gracilaria chilensis thalli were simultaneously
exposed to sediment and bottom water nutrient sources, labelled using

15

N tracers

(sequentially as 15NH4+ and 15NO3-) during a 5-day experiment. Dissolved inorganic N
(DIN) uptake from porewater and bottom water accounted for 33 % and 52 %,
respectively, of the N estimated as necessary to support the growth of G. chilensis,
despite the two-fold lower DIN concentration of the overlying water and its periodic
availability (8 hr.d-1). Of the total N assimilated by the plants, ~15 % could not be
accounted for, supporting the acquisition of other N forms in order to meet demand.
We also found that regardless of background NH4+:NO3- ratios (i.e. 1:3 in bottom water
and 12:1 in porewater), plants accumulated
15

15

NH4+ significantly more readily than

NO3-, indicating a preference for NH4+. This ability to utilise multiple sources and

species of N relatively rapidly may partly explain the competitive success of entrained
macroalgae relative to non-entrained species and historically abundant seagrass beds in
these environments. These results underscore the significance of both internal nutrient
loading and external inputs as important in sustaining opportunistic macroalgal blooms
in shallow estuaries.
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4.2 Introduction
Coastal and estuarine ecosystems are recipients of land catchment drainage and are
susceptible to nutrient overloading and consequent eutrophication (Diaz and Rosenberg
2008). In shallow estuaries, eutrophication symptoms often manifest as dense mats of
nuisance macroalgae that drastically alter underlying benthic conditions, causing
physicochemical changes in sediments (e.g. reduced oxygen, elevated toxic
compounds) that have led to well-documented losses in biodiversity (Duarte 1995; van
Katwijk et al. 1997; Valiela et al. 1997a; Hauxwell et al. 2001; Teichberg et al. 2010).
The effective management and remediation of these eutrophic environments requires
quantification of the nutrient sources contributing to local macroalgal production
(Hessing-Lewis et al. 2015).
Growth of macroalgae in temperate coastal areas is largely regulated by N
availability (Nixon & Pilson, 1983; Oviatt et al. 1995). Estuarine sediments underlying
mats of macroalgae often contain much higher N concentrations than overlying waters,
with benthic macroalgae actively utilising N released from sediments to support growth
(McGlathery et al. 1997; Trimmer et al. 2000; Tyler et al. 2001b; Sundbäck et al. 2003;
Kamer et al. 2004; Weston et al. 2010; Kennison and Fong 2014; Lin et al. 2016). Freefloating macroalgae that accumulate on sediment surfaces (e.g. green macroalgae
belonging to genera such as Cladophora and Ulva) access benthic nutrients through
interception as concentration gradients force the release of porewater nutrients into
bottom waters (McGlathery et al. 1997). This indirect uptake strategy generally forms
only a supplementary fraction (10 - 20 %) of macroalgal N total demand (Engelsen et
al. 2008).
Comparatively little is known about the nutrient source dynamics of opportunistic
macroalgae that comprise living thalli extending into muddy, intertidal sediments
(Gonzalez et al. 2013), and possess the ability to internally transfer nutrients from these
sub-regions to photosynthetic thalli (Gonen et al. 1996). Such entrained macroalgae
proliferate seasonally in mid-upper estuary zones in some eutrophic estuaries (see
Chapter 3). In these areas sediment flocculation is enhanced, tidal bed stress is low,
light is often not limiting and exposure to elevated water column nutrient concentrations
is high (Aldridge and Trimmer 2009; Ní Longphuirt et al. 2015b). With direct contact
to nutrient-rich porewaters, coupled with an intertidal habitat and hence limited periods

58

of tidal immersion, it is expected that sediment-entrained macroalgae exhibit a greater
reliance on nutrients from underlying sediments than overlying water column.
Determining the relative contribution of nutrients in sediments to growth of benthic
macroalgae is complicated by the occurrence of multiple potential N sources (sediments
and surface water) and species (NH4+ and NO3-), and several biogeochemical processes
that alter N concentrations (Tyler et al. 2001; Hardison et al. 2011a). Such contributions
have been identified using a variety of techniques, including mass balance equations
(Trimmer et al. 2000), through to measuring uptake by monitoring changes in both
substrate and tissue nutrient concentrations (Kamer et al. 2004; Engelsen et al. 2008;
Teichberg et al. 2008). The use of stable isotope tracing approaches to quantify nutrient
uptake from different source pools is less common (McGlathery et al. 1997; Hardison
et al. 2011; Wang et al. 2014). Relevant studies using isotope source tracking
approaches have been limited to tracing the importance of a single source in sandy
subtidal situations, and therefore are unlikely to reflect the dynamic, muddy intertidal
conditions where multiple nutrient sources are available to sediment-entrained
macroalgae.
In this study, we sought to identify the sources of N responsible for the early spring
growth of the non-native, filamentous red macroalga, Gracilaria chilensis, on a
temperate, highly eutrophic, intertidal mudflat in southern New Zealand. It has been the
dominant macroalgal species in the region since routine monitoring began in 2001, and
recent seasonal surveys have documented biomasses as high as 2800 g dry weight (dry
wt) m-2 (B. P. Robertson, unpubl.). We simulated tidal inundation periods and labelled
overlying water column and porewater nutrient sources with 15N tracers (15NH4+ and
15

NO3-) during a 5-day laboratory experiment to quantify nutrient uptake rates and

source/N species preferences of G. chilensis. The laboratory results were compared to
modelled data from a complimentary field experiment. We hypothesised that mudentrained macroalgae would have a greater reliance on sediment (porewater) nutrient
sources compared to water column nutrient sources, since DIN concentrations are often
higher in porewater and are available throughout the tidal cycle. We further
hypothesised that this would be demonstrated in both the field and laboratory
experiments.
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4.3 Materials and methods
Rather than investigating their short-term (minutes) uptake kinetics (e.g., Wang et al.
2014), the primary aim of this study was to discern longer-term (days) N uptake from
sediment porewater versus bottom waters by mud-entrained G. chilensis in a eutrophic
shallow coastal setting. I measured N uptake over days rather than minutes in an effort
to capture both uptake and loss of N and thereby reflect overall N uptake dynamics over
a meaningful timescale. First, a preliminary field experiment was undertaken to provide
information on in situ source nutrient concentrations, and macroalgal growth rates and
coarse (modelled) estimates of uptake from porewater and overlying water. This
informed a subsequent laboratory experiment in which the relative contribution of each
N source to macroalgal growth was explicitly tested by labelling N sources with
enriched (15N) stable isotopes (McGlathery et al. 1997).

4.3.1 Site description and general characteristics
The field study was conducted in New River Estuary (NRE), a shallow intertidal estuary
in southern NZ (Fig. 4.1). General characteristics of the site are listed in Table 4.1. This
estuary was selected as being representative of NZ’s dominant estuary type (shallow,
mesotidal and dominated (>80 %) by intertidal habitat). The estuary receives high
nutrient inputs from its surrounding, intensive agricultural catchment and, as a
consequence, regularly supports extensive sediment-entrained Gracilaria chilensis
mats in mid-upper estuary zones (Robertson et al. 2016). Field measurements of
macroalgal growth, tissue N and P contents, and source nutrient concentrations were
undertaken in November 2016, to coincide with the initial spring bloom and peak
growth rate of G. chilensis in this region (Pickering et al. 1990). NRE typically
experiences relatively brief, frequent moderate-high freshwater inflow events. During
the 5-day period within which sampling was undertaken, river inflows were close to
mean levels (approx. 0.2 – 0.5 m3.s-1 at Waihopai River at Kensington) (Environment
Southland, unpubl.).
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Figure 4.1 Geographic location of the field site, New River Estuary, Southland, New
Zealand. Macroalgal layer reflects peak season biomass, measured in late January 2016
(Robertson et al. 2017).
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Table 4.1 Mean water column and sediment characteristics at the field site, measured
in November 2016. Sediment parameters (n = 3, ±SD) were measured during low tide.
Water column parameters were measured using an YSI Sonde instrument moored 0.4
m above the sediment surface. Light levels were measured using HOBO loggers (n =
4) moored directly above the sediment surface.
Tidal Position
Low1

+3 hours1

High

+3 hours1

Depth (m)

0

0

0.7

0

Temperature (°C)

10.2

9.6

12.8

12.8

Salinity (psu)

NA

NA

6.4

NA

Dissolved Oxygen (% sat)

NA

NA

80.9

NA

pH

NA

NA

8.0

NA

Chl a (µg l-1)

NA

NA

3.6

NA

Light (PAR µmol m-2 s-1)

118 (±0.7)

149 (±1.5)

5 (±1.2)

170 (±1.2)

Water

Sediment
Porosity

0.9 (±0.01)

Total Organic Carbon (% dry wt)

2.8 (±0.48)

Total Nitrogen (% dry wt)

0.3 (±0.08)

Carbon:Nitrogen

8.9 (±1.3)

Total Phosphorus (% dry wt)

0.1 (±0.02)

Mud (%)

76.6 (±4.3)

Sand (%)

22.5 (±6.3)

Gravel (%)

0.7 (±0.08)

Algal biomass2 (g dry wt m-2)
Start of season
Peak season

224.2
934.0

Annual average areal nitrogen load 800
to the estuary3 (mg m-2 d-1)
1

Mudflat exposed to air for two hours either side of high water.
Wet mass was converted to dry weight using percent water (72 %) determined from
G. chilensis collected in the field.
3
NIWA’s Catchment Land Use for Environmental Sustainability model – CLUES 10.1.
2
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4.3.2 Field measurements
Source nutrient concentrations
Five sampling stations spaced 10 m apart were selected along a 100 m transect
running parallel with the main river channel. Over a tidal cycle, porewater and
overlying water column samples were collected from each station. Samples were
collected every 4 hours for 12 hours. Sampling of the overlying water was possible only
at high water, due to inundation only occurring two hours either side of high water. To
avoid sediment resuspension, all high water sampling was undertaken using a kayak.
To reflect concentrations immediately available to belowground macroalgae (thalli
extend to ~5 cm depth; B. P. Robertson, pers. obs.), porewater (~20 mL) was collected
during a 20-minute period from 3 cm beneath the sediment surface using Rhizon
samplers (10 cm long, 2.5 mm diameter), connected to a 50 mL syringe via 5 mm
polyethylene tubing. Bottom water samples were collected within macroalgal mats (~3
cm above the sediment surface). Samples were stored frozen (-20 °C) in darkness until
nutrient were analysed for ammonium-N (NH4+), nitrate-nitrite-N (NO3-), dissolved
inorganic N (DIN) and dissolved reactive phosphorous (DRP) using a flow injection
analyser within 10 to 20 days.
In situ growth rate and nitrogen demand
Net biomass increase and tissue nutrient contents were measured to quantify the
nutrient demand of Gracilaria chilensis. Fifteen cylindrical growth enclosures were
established randomly within 500 m2 during low tide at the study site in NRE. Each 0.25
x 1 m (radius x height) enclosure was constructed using a custom-built aluminium (5
mm solid tubing) frame, with the upper half wrapped in clear plastic mesh (mesh
opening size = 10 mm) fixed with cable ties. Legs of each cage were pushed 50 cm into
the sediment. Through an opening in the top of each cage, a 40 cm2 patch of benthos
was carefully de-vegetated and left overnight to settle. The following day a recently
extracted G. chilensis plant was transplanted into the centre of the cleared patch in each
enclosure. Care was taken to ensure previously buried (not exposed) portions of each
plant that had already been subjected to local physiological stress (i.e. light limitation,
sulphide exposure, etc) were reburied. Transplanting involved wrapping the bottom
(previously buried) 5 mm of the plant around the tip of a rigid plastic tube (2 mm thick),
carefully inserting both to a depth of 5 cm (above/belowground biomass = 1:1), then
retracting the plastic tube. This artificial planting approach, based on the capacity of G.
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chilensis to develop an underground thallus system (Santelices & Fonck, 1979;
Santelices et al., 1984) that is able to survive burial for several months (Santelices et al.
1984), has been shown to result in the same seasonal biomass pattern characteristic of
natural G. chilensis beds (Pizarro and Barrales 1986; Santelices and Doty 1989). Prior
to transplanting, each plant was weighed (all approx. 3 g.wet wt) and measured (all
approx. 10 cm in length), and tissue subsamples (ca. 0.5 g.wet wt consisting of several
subsamples from representative parts of thalli) collected. After five days, each plant
was rinsed briefly in deionised water to remove sediments, epiphytes and salt, gently
patted dry, and weighed. These plants, as well as the initial subsamples and those
collected during subsequent lab experiments, were stored frozen (-20 °C) for 12 days
before they were freeze-dried (24 hours), re-weighed, and ground to a fine powder
(using mortar and pestle) for tissue total N content, d15N and total phosphorus (TP)
analysis. Results are given in percent dry weight. We note preliminary analyses
indicated that algae were not limited by P with an initial molar N:P ratio of 12.9 (±0.5)
(Wheeler and Bjornsater 1992).
Calculated source-specific N uptake
In lieu of robust methods to label muddy sediments in situ with isotope tracers
(Hardison et al. 2011b), a diffusion-based model was employed to calculate coarse
estimates of the relative contribution of sediment and overlying water column nutrients
to growth of transplanted macroalgae in the field using the following assumptions:
1. Direct uptake from water column: Half of each plant’s biomass resided on the
top of the sediment, with periodic access to water-column nutrients (i.e. overlying water
was present only during high tide for approximately 8 hr.d-1). Analogous to nutrient
uptake by algal cells, the mass transfer rate of nutrients to benthic surfaces is limited
(Sanford and Crawford 2000). Both the mass transfer limit and the biomass of
macroalgae are quantified per square meter. Noting that although nutrient
concentrations are unlikely to be zero at the surface of macroalgal thalli, the maximum
rate of nutrient uptake by benthic macroalgae, kN (mol m-2.s-1), can be calculated as a
diffusion rate through an effective diffusive boundary layer thickness, δ (m):
!" =

%
&

'

where D is the molecular diffusivity of the nutrient in water (m-2 s-1). Values used for
D were NOx: 1.61 x 10-9, NH4+ = 1.68 x 10-9 and DRP 6.12 x 10-10 (Reddy and DeLaune
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2008). N is the concentration of the nutrient in the water column (mol.m-3). The
effective thickness of the diffusive boundary layer (m), δ, is modulated by shear stress
(surface roughness and water velocity) at the water–algal cell interface (Hurd 2000).
Value for δ was 0.1 mm (Israel et al. 1991).
2. Direct uptake from sediment porewater: The other half of each individual’s
biomass was buried beneath the sediment surface permanently bathed in interstitial
porewater. Hence, to calculate this pathway the same equation as above was adopted,
but with molecular diffusivity values appropriate for anoxic muddy sediments and that
accounts for both sediment porosity and tortuosity, and N concentration gradients.
Values for D used were NOx: 7.34 x 10-10 (Fang et al. 2008), NH4+: 9.8 x 10-10 and
DRP: 6.12 x 10-10 (Krom & Berner 1980).
The estimated importance of each uptake pathway is expressed as a proportion of
the algae’s measured total daily N demand and thereby accounted for the ability of
Gracilaria sp. to translocate N across the entire plant. Macroalgal N demand in the field
was estimated based on algal growth rates, monitored during the study period. Notably,
because field rates were modelled based on diffusive equations, estimates may not
reflect the natural N demand of G. chilensis.
4.3.3 Laboratory experiment
Sample collection
Coincident with the November field experiment, thirty intact sediment cores
(ID=8.4 cm, acrylic tube length=30 cm, sediment depth=10 cm, 880 mL of overlying
water) were collected from the NRE site at low tide. Cores were transported on ice in
the dark to the laboratory where they were delicately de-vegetated, and connected to a
flow-through system in a controlled temperature (CT) room set at 15 oC and with a
14:10 light/dark cycle. To simulate field conditions, each core was exposed to a 4:8
flood/drain cycle, supplied with filtered (10-20 µm) brackish water (temperature: 15±1
°C, salinity: 15±1 psu, NOx-N: 35±0.7 µmol l-1, NH4+-N: 7.1±0.3 µmol l-1, DRP:
0.32±0.03 µmol l-1) at a rate of 20±5 ml.min-1 during the simulated flood tide. This flow
rate did not allow for the resuspension of surface sediment. The PAR light incident to
the sediment core surface was 111.11 µmol m-2 s-1, which approximates the light levels
in NRE (Table 4.1). Bare sediment cores were left to settle for five days and the
experiment was conducted over the following 6 days. In addition, thirty G. chilensis
thalli were collected in the field, and transported to the lab in a cool box within 4 hours,
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where they were flushed several times with artificial seawater to remove epiphytes,
slime, sediment and small grazers, and cultured in N poor (<1.4 µmol DIN l-1) seawater
at salinity 10±1 for five days (Wang et al. 2014). Light levels were maintained at
approximately 111.11 µmol.m-2.s-1 during this phase. These physical conditions were
chosen to mimic natural conditions measured in the field at the time of sampling.
Experimental setup
15

N-enriched stable isotopes were used to trace the N source (sediment or water

column) and species (NOx-N or NH4+-N) sustaining mud-entrained G. chilensis. Five
replicate cores were randomly allocated to each of five experimental treatments: (A)
Macroalgae + Sediment + Water with no labelled isotope (Control); (B) Macroalgae +
Sediment + Water labelled with 15N-NO3-; (C) Macroalgae + Sediment + Water labelled
with

15

N-NH4+; (D) Macroalgae + Sediment labelled with

15

N-NO3- + Water; (E)

Macroalgae + Sediment labelled with 15N-NH4+ + Water (Fig. 4.2A). Each treatment
was allocated a separate header tank and pump (Fig. 4.2B).
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Figure 4.2 Experimental conditions: (A) five experimental treatments: A = Algae + Sediment + Water (Control); B = Algae + Sediment +
Water labelled with 15N-NO3-; C = Algae + Sediment + Water labelled with 15N-NH4+; D = Algae + Sediment labelled with 15N-NO3- +
Water; D = Algae + Sediment labelled with 15N-NH4+ + Water. n = 5 for each treatment; (B) flow-through setup showing water source
(header tank), lighting, core contents and tidal inflow (controlled via pump on an 8:16 on/off cycle) and outflow (manually initiated using
50mL syringes as soon as inflow stopped); and (C) the purpose-built apparatus used to inject enriched isotope solutions into sediments.
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N sources were labelled by adding 10 atom % 15N of highly enriched (96 – 99 %)
dissolved

15

N-labeled NO3- or NH4+. For treatments B and C, tracers were added to

water in each respective header tank, and allowed to mix for two hours. During this
two-hour period, porewaters in each core of treatments D and E were labelled by
extracting all overlying water, inserting a purpose-built apparatus (Fig. 4.2C) into the
sediment surface to 3 cm, and simultaneously injecting dissolved tracers (total volume
added: 7 mL, based on recommendations in Stein & Klotz 2011) whilst slowly
removing the instrument. Preliminary experimentation indicated that this less
destructive, pipette-based method resulted in a more homogeneous tracer distribution
than manual mixing (i.e. massaging tracer solution into sediments in a bag then
transferring them back into a core). Upon inspection of the cores 24 hours later, all
holes created by pipette tips (initially <5 mm diameter, 3 cm depth) had naturally infilled and there was no sign of excess liquid above the sediment surface. 10 atom % 15N
additions were based on previously determined background source nutrient
concentrations. Background porewater concentrations were determined using samples
taken immediately before and after tracers were added from five bare sediment cores
that were subsequently discarded. For both labelled sources, tracer additions resulted in
negligible increases to background DIN concentrations (6 µmol.DIN.l-1 for porewaters
and 2 µmol.DIN.l-1 for overlying waters) relative to ambient concentrations (146±11.9
µmol.DIN.l-1 for porewaters and 42.1±7.2 µmol.DIN.l-1 for overlying waters).
After N starvation for five days, macroalgal thalli were carefully transplanted into
the centre of each of the remaining twenty-five bare sediment cores using the field
method outlined above. Once all cores were resealed and reconnected to the flowthrough system within 10 min of macroalgal transplantation, the experiment in the
laboratory was initiated. To allow estimation of growth rates, prior to transplanting,
each plant was weighed (all approx. 3 g.wet wt), measured (all approx. 10 cm in length),
and tissue subsamples (ca. 0.5 g.wet wt consisting of several subsamples from
representative parts of thalli) collected. At the conclusion of the five-day experiment,
each plant was collected and subsequently processed as per those collected in the field.
15

N incorporation rates were calculated from appearance of the isotope in algal tissue

(measured using a Elementar Vario EL elemental analyser in NC mode and an IsoPrime
IRMS), as in Naldi and Wheeler (2002), and are also expressed as a proportion of the
measured daily N required by the alga.
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Sediment redox profiles
Redox potential provides a quantitative measure of the ability of sediments to
oxidise or reduce substances (Koch et al. 1992; Mitsch and Gosselink 1993). In order
to provide confidence that field redox conditions were maintained in the laboratory,
sediment redox profiles of the top 10 cm were measured in the field and lab (before and
after the experiment) by hand-hand redox electrode (YSI Pro10 ORP Handheld meter
fitted with a pre-calibrated YSI Pro Series Laboratory Grade ORP Sensor via 1 m
cable). In the field, core samples (n = 3) were extracted using a plastic core 15 cm long
x 13 cm internal diameter, the walls of which had been drilled at 1, 3, 6 and 10 cm in a
spiral pattern so that each hole, covered by duct tape before use, would just allow
insertion of an electrode. Once inserted at each depth, electrodes were left for 5 min to
stabilise before redox values (mV) and temperature (°C) were recorded. Initial lab
profiles were based on measurement of the discarded cores (n = 5) mentioned above.
The profiles (Figure A4.1) show that sediments in the field and laboratory were both
highly reducing and comparable through time.

4.3.4 Statistical analyses
One-way ANOVA was used to test whether porewater nutrient concentrations were
affected by tidal phase in the estuary. Two-sample Student’s t-tests (for equal variances)
or Welch’s t-tests (for unequal variances) were used to test whether nutrient
concentrations in overlying bottom water differed from sediment porewater nutrient
concentrations. We employed a three-way ANOVA to examine the effects of
experimental setting (field and laboratory), nutrient species (NH4+ and NO3-) and
nutrient source (sediment and bottom water) on algal nutrient uptake rates. One-way
ANOVA was used to investigate differences in nutrient uptake rates of transplanted
algae between the two nutrient sources. Data were log-transformed if this improved
homogeneity of variance, as tested by Levene’s test. Post-hoc comparisons of the means
were based on Tukey’s HSD test using a significance level (α) of p < 0.01. All statistical
analyses were undertaken using R statistical software (Development core team, 2015 –
3.0.3 GUI 1.63 Snow Leopard build 6660).
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4.4 Results
4.4.1 Source nutrient concentrations over a tidal cycle
Dissolved inorganic nutrients in bottom water and sediment porewater were measured
over a tidal cycle in the field (Fig. 4.3). Tidal stage had no significant effect on nutrient
concentrations in porewater (one-way ANOVA: p > 0.01), and its influence was not
assessed for bottom water as concentrations were only measured at high tide.
Concentrations in bottom water were generally high: 16.2 ± 2.4 µmol l-1 for NH4+, 51.8
± 16.6 µmol l-1 for NO3− and 1.1 ± 0.1 µmol l-1 for DRP. Porewater collected from
sediments, and pooled across tidal stages (i.e. n = 20), were characterised by 8-fold
higher NH4+ concentrations (Welch’s t-test: t = -8.9, df = 26.1, p < 0.001), 31-fold lower
NO3− concentrations (Welch’s t-test: t = 5.7, df = 4.6, p = 0.002) and 6-fold higher DRP
concentrations (Student’s t-tests: t = -2.8, df = 19.0, p = 0.01) compared to bottom water
concentrations. With regard to DIN concentrations, porewater was 2-fold higher than
bottom water. The NH4+:NO3− ratios were substantially different between the two
sources, with NH4+:NO3− in bottom water approximately 1:3, and approximately 12:1
in porewater.
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Figure 4.3 Comparison of in situ porewater and bottom water dissolved inorganic
nutrient concentrations (n = 5, ±SD), collected over a tidal cycle. Intertidal flats are
exposed to air (Exposed) for approximately 16 hr d-1 and immersed in water (Immersed)
for approximately 8 hr d-1. Dashed line indicates tidal inundation. Porewater samples
were obtained 3 cm below the sediment surface. Bottom water samples were obtained
3 cm above the sediment surface

4.4.2 Nutrient uptake from porewater and overlying water by mud-entrained algae
Because tidal stage had no significant effect on nutrient levels in sediment porewater,
uptake rates were estimated based on porewater nutrient concentrations pooled across
the tidal cycle. As shown in Fig. 4.4, three-way ANOVA examining the effects of
experimental setting (field and lab), nutrient species (NH4+ and NO3−) and nutrient
source (sediment and bottom water) on algal DIN uptake indicated that all three factors
significantly affected uptake rates (F (1,32) = 51.5, p < 0.0001). No significant
interactions among the three factors on uptake rates were detected. For laboratory
incubations, post-hoc pairwise comparisons showed no significant difference in the
mean amount of NH4+ assimilated by macroalgae from sediment (32.1±11.2 µmol g1

dry wt d-1) and bottom water (24.5±7.4 µmol g-1 dry wt d-1). In contrast, field rates
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indicated significantly greater maximum uptake of porewater NH4+ (~80 µmol g-1dry
wt d-1) than bottom water NH4+ (~5 µmol g-1dry wt d-1), but similar uptake of NO3− and
NH4+ from bottom water. Finally, we found agreement between field- and laboratorybased uptake rates from both sources in terms of NO3− (p > 0.05), but not for either
source in terms of NH4+ (p < 0.01).

Figure 4.4 Comparison of NH4+ and NO3− uptake from sediments and overlying bottom
waters by transplanted Gracilaria chilensis in field and laboratory experiments. Bars
that do not share the same letter are significantly different, as tested by three-way
ANOVA followed by post hoc comparison of the means (n = 5, ±1 SD). Sediment
nutrients are based on mean concentrations pooled across tidal stages. Field rates
represent gross maximum uptake, calculated using diffusive equations. Lab rates
represent net uptake, estimated using % atom 15N of algal thalli from labelled source
pools.

4.4.3 Mud-entrained macroalgal growth: porewater versus water column nutrients
To estimate the relative importance of sediment porewater and overlying bottom water
for meeting the daily N requirement of the transplanted macroalgae, increases in net
mean biomass and tissue N content from each experiment (Table 4.2) were coupled
with relevant nutrient uptake information. For each experiment, overall source-specific
DIN uptake, expressed as a proportion of measured algal N demand, is shown in Fig.
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4.5. For the field experiment, the N demand of the algae was exceeded by maximum
DIN uptake, the majority (approximately 120 %) of which was NH4+ originating from
sediment porewater, followed by NO3- from bottom water (approx. 30 %). In contrast,
lab-based incorporation of 15N tracers to algal thalli from labelled sources revealed a
more even relative contribution of sediment (33±9 %) and bottom water (52±13 %)
nutrients to algal growth (One-way ANOVA: F (1,8) = 2.3, p = 0.16), with NH4+ the
dominant DIN species promoting growth. In the laboratory however, only
approximately 85 % of the N required by algae was supplied through DIN uptake.
Table 4.2 Initial and final tissue characteristics, and overall relative growth and nitrogen
demand of transplanted Gracilaria chilensis in field (n = 15, ±SD) and laboratory (n =
25, ±SD) experiments. Nitrogen demand was calculated from internal N content, the
atomic weight of N and the mean relative growth rate.
Algal Parameter

Field
Final
4.3 (0.3)
0.3 (0.03)
12.7 (1.1)

Lab

TN (% dry wt)
TP (% dry wt)
TN:TP ratio (% dry wt)

Initial
4.7 (0.2)
0.4 (0.01)
12.9 (0.5)

Initial
4.3 (0.2)
0.4 (0.1)
17.2 (0.6)

Overall growth rate (% d-1)

3.6 (0.7)

2.1 (0.6)

Overall nitrogen demand
(µmol N . g-1 dry wt . d-1)

64.4 (21.2)

81.5 (12.2)

Final
4.7 (0.1)
0.3 (0.02)
18.2 (0.9)
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Figure 4.5 The proportion of algal nitrogen demand derived from porewater and bottom
water DIN species, calculated using theoretical diffusion-based equations (Field) and
measured through thallus 15N incorporation from artificially enriched sources (Lab).

4.5 Discussion
The proliferation of dense mats of opportunistic macroalgae in sheltered regions of
shallow coasts and estuaries in response to excessive catchment-derived nutrient inputs
is well established (Smetacek and Zingone 2013). However, the complex processes and
nutrient source dynamics that sustain production of these nuisance macroalgal blooms
is less well known. Our results show that porewaters in anoxic, intertidal estuarine
sediments can contain two-fold higher dissolved inorganic N (DIN) concentrations
compared to those in overlying waters. We found that during spring the production of
the mud-entrained red macroalga, Gracilaria chilensis, relies, in more or less equal
proportion, on DIN (predominantly as NH4+) from porewaters and bottom waters,
according to thallus

15

N incorporation from artificially enriched source pools in the

laboratory.
Growth rates of Gracilaria chilensis in both the field (3.6 % per day) and laboratory
(2.1 % per day) experiment fell within the range of rates reported in other studies (2 5 % per day; Pickering et al. 1990), but there was some disagreement in rates of DIN
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uptake from bottom water and porewater sources. Specifically, estimated N uptake rates
from porewater in the field experiment exceeded algal N demand by 60 % and were 3fold greater than those measured in the laboratory. One explanation for this difference
might be that values used for the model parameter D (i.e. the molecular diffusivity of a
given nutrient in sediment) were inaccurate. However, this value was derived
experimentally for similarly anoxic, muddy sediments (Krom & Berner 1980; Fang et
al. 2008) and is therefore likely to fall within range (i.e. the same order of magnitude)
of the actual value. A more plausible explanation is that the capacity of belowground
algae to directly utilise porewater nutrients was partly compromised in the field
experiment (e.g. metabolically) by their harsh surroundings (i.e. low light, highly
anoxic, ammonium and presumably sulphide rich porewaters) and although efforts
were taken to ensure previously buried rather than exposed thalli were reburied during
transplantation, this was not accounted for by the model. Such a misrepresentation (i.e.
modelled uptake rates overestimated the relative importance of sediments as a source
of N in the field) highlights the need for further research, particularly around the uptake
capacity of belowground thalli, before this kind of model can be used reliably in the
future, and also provides impetus for development of defensible methods to label in situ
muddy sediments with enriched stable isotopes. An additional factor potentially
contributing to the above disagreement may be the different N:P ratios for the field
versus laboratory macroalgal tissue. In any case, given the limitations associated with
the field component, the remainder of this discussion focusses exclusively on the
laboratory-based results.
Previous studies supporting porewater as a nutrient source for estuarine
macrophytes have focussed on the production of non-entrained macroalgal
morphologies (e.g. green macroalgae belonging to the genera Cladophora and Ulva)
(McGlathery et al. 1997; Engelsen et al. 2008; Morris et al. 2013) and seagrasses
(Morris et al. 2008, 2013). Lacking any significant belowground biomass, such
macroalgae access benthic nutrients not via direct uptake, but instead through
interception as the nutrients are released into bottom waters (McGlathery et al. 1997),
a pathway that typically provides only a small fraction (~10 – 20 %) of macroalgal N
demand (Engelsen et al. 2008). The filamentous red macroalga, G. chilensis, on the
other hand, has living thalli that extend into muddy sediments (Gonzalez et al. 2013),
and possess the ability to internally transfer nutrients from these sub-regions to
photosynthetic thalli (Gonen et al. 1996). Our results support these nutrient-scavenging
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attributes, with porewaters supplying close to 35 % of the N estimated as necessary to
support the growth of G. chilensis.
DIN in overlying bottom waters provided ~50 % of algal N demand which, given
their limited availability due to a semi-diurnal tidal regime (8 hr d-1) and 2-fold lower
concentrations compared to sediment sources, supports a greater capacity for sedimententrained macroalgal mats to utilise nutrients in bottom waters relative to those in
porewaters. Again, this most probably relates to aboveground conditions being more
favourable (certainly in terms of light availability) for uptake by photosynthetically
active, aboveground algae compared to those belowground. We estimated that
aboveground G. chilensis take up DIN from surrounding bottom water at a rate of ~40
µmol g-1dry wt.d-1 (i.e. corrected for source availability). This value is within the range
of DIN uptake rates of 0.7–80 µmol DIN g dry wt d-1 estimated for Gracilaria sp. in
other studies (Andría et al. 1999; Wang et al. 2014). In terms of validating our
belowground uptake estimate, in the only relevant published example, the tropical
siphonous green macroalga Caulerpa sp., have been shown to acquire NH4+ at rates of
5 – 150 µmol g wet wt.d-1 from anoxic, ammonium-rich fine sediments by means of up
to 5 cm long ‘root-like rhizoidal holdfasts’ (Williams 1984; Ceccherelli & Cinelli
1997). Once converted back to wet weight, our estimated uptake rate for belowground
algae (~150 µmol DIN g-1 wet wt d-1) fits within the range reported for Caulerpa sp. It
appears that the ability of G. chilensis to grow both above and belowground
(aboveground:belowground biomass ratio of 1:1 during early spring; pers. obs.) enables
it to maximise uptake from two different sources.
DIN supplied ~85 % of measured algal N demand, suggesting that other N forms
(e.g. DON originating from benthic sources, either directly or indirectly) also support
benthic algal production. Total dissolved N (TDN) and total organic N (DON) provide
key additional information on the total nutrient pool available to macroalgae (e.g. Tyler
et al. 2001). For instance, Gracilaria sp. is capable of utilising DON under conditions
of low DIN (<1.4 µmol l-1) availability (Tyler et al. 2003, 2005). Interestingly, our
results suggest that Gracilaria sp. may utilise DON under much greater DIN
concentrations (>57.1 µmol l-1). In relation to the benthic origin of DON, studies have
found that fluxes of DON compounds, e.g. more labile protein, peptides, and free amino
acids from the sediments and the remineralisation of algal mats to the water column can
be substantial for uptake by macroalgae (Boucher and Boucher-Rodoni 1988; Lomstein
et al. 1989, 1998; Tyler et al. 2001). The relative importance of DON for supporting
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growth in entrained macroalgae is an interesting area for future research, however
beyond the scope of the current study.
Generally, N uptake by macroalgae depends on intracellular and environmental
concentrations (Pedersen and Borum 1996; Harrison and Hurd 2001), and is also
influenced by biotic factors such as metabolism, morphology, tissue type, the age of the
alga, and its nutritional history (Rosenberg and Ramus 1984; Neori et al. 2004;
Pedersen et al. 2004). We found that G. chilensis preferentially assimilates NH4+ even
when source NO3- concentrations are much greater, which shows concordance with
findings of a previous study (Wang et al. 2014). According to Wang et al. (2014), this
pattern can be explained by different N assimilation mechanisms, involving transport
from the water source across the cell membrane and then assimilation into organic
compounds, followed by incorporation into proteins and macromolecules for growth
(McGlathery et al. 1996). For NO3-, there is the additional step of reduction to NH4+ by
nitrate reductase after uptake (Hurd et al. 1995). Therefore, the NH4+ preference
observed might be that energy required for nitrate reduction could be saved (Rosenberg
& Ramus 1984). In addition, the actual sediment-based nitrate pool available to
belowground algae was likely strongly reduced by the reduction of injected 15NO3- to
ammonium, a predictable process in such an anoxic environment with low background
NO3- (Anderson et al. 2003). Based on the present results, it appears that for G. chilensis
growing in anoxic, intertidal sediments the apparent preference for NH4+ is strongly
linked to the energetics of not having to reduce nitrate after assimilation rather than
background source NH4+:NO3- ratios.
It could be argued that with a relatively large gradient of sediment to water column
DIN concentrations, aboveground algae were intercepting sediment-released DIN
rather than acquiring them from porewaters directly. Assuming a release rate of ~0.2
nmol DIN cm-2 hr-1 (calculated from mean concentration gradients in the top 3 cm of
sediments and overlying water using Fick’s law of diffusion adapted to sediments;
Berner 1980, and NH4+ plus NO3- diffusion coefficients for fine-grained anoxic
sediments), the resulting concentration surrounding aboveground algae would be ~0.02
nmol DIN l-1. This concentration is too low to even contribute to saturating the DIN
uptake of G. chilensis (~3 µmol g-1 dry wt hr-1), thus strengthening the argument that
rhizoids provide a direct link for G. chilensis to utilise benthic DIN nutrient source
pools. There was a chance that benthic macrofauna were affecting the sediment-water
flux estimates (Lavery et al. 2001), but with an impaired macrofaunal community with
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very few species present at low densities at the study site (Robertson et al. 2016), such
an effect was likely to be negligible.
Macroalgal mats may also affect sediment N dynamics on intertidal mudflats
(Valiela et al. 1997a; Corzo et al. 2009; García-Robledo and Corzo 2011), including
rates of denitrification (i.e. the microbially mediated reduction of nitrate to N2 gas).
According to Gonzalez et al. (2013), net denitrification was enhanced when mats of
Gracilaria vermiculophylla (incorporated several centimeters into sediments) were
present at moderate densities (~40 g dry wt.m-2) compared with rates from bare muddy
sediment, but at higher densities (~120 g dry wt.m-2), denitrification rates decreased
substantially. Importantly, in the absence of denitrification, N compounds, namely
NH4+, may accumulate to toxic levels and prove deleterious to other functionally
important biota (e.g. seagrass beds and benthic macrofauna) (Valiela et al. 1997; Green
& Sutula 2014; Sutula et al. 2014). Ammonia toxicity has been reported for seagrass
(Ruppia drepanensis and Zostera marina) at 1750 µg l-1 water column NH4+ applied
over 5 weeks (Touchette and Burkholder 2000). Our background NH4+ concentrations
in sediments and overlying bottom water at the field site were ~2000 and ~200 µg l-1,
respectively, and seagrass was absent.
Once established in an estuary, the ability of Gracilaria chilensis to persist in such
a physicochemically harsh and variable environment relates to its capacity to utilise a
variety of nutrient sources and species of N over short time scales. This ability is likely
to be bolstered by several other key attributes, including its: high nutrient uptake
capacity owing to its simple thallus with a high surface area to volume ratio (Pedersen
1994, Pedersen and Borum 1997); ability to grow in low light conditions by increasing
the ratio of the photosynthetic pigment phycoerythrin with decreased light intensities
(Beer and Levy 1983; Carnicas et al. 1999); wide salinity tolerance (Nyberg 2007); (4)
ability to reproduce both sexually and asexually, and easily spread by developing
fragments and these, even as small as one millimetre, survive and continue growing
after detachment (Santelices & Fonck, 1979; Santelices et al., 1984; Nyberg 2007);
seemingly wide tolerance of highly reduced, highly toxic sediments (this study); and
finally its tolerance to being emerged, surviving a dehydration of up to 17 % without
affecting the growth notably (Nyberg 2007). Therefore, once established in an estuary,
these opportunistic macroalgal beds can outcompete perennial macrophytes like
seagrass and significantly hinder restoration efforts.
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Chapter 5 – General Discussion
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Estuaries are important ecosystems with respect to both habitat provision and numerous
functional goods and services (Costanza et al. 1997, 2014; Thrush et al. 2013;
Townsend et al. 2014). Estuarine ecosystems vary widely in physical characteristics
and therefore in response to anthropogenic inputs, including N loading, which
represents a major management and conservation challenge (Smith and Schindler
2009). Worldwide and in NZ, the coastline is characterised by numerous shallow,
intertidal-dominated estuaries (SIDEs), each subject to different N loading regimes
from surrounding catchments. This nationwide natural N input gradient in NZ provides
a unique situation to improve understanding and assessment of the ecological effects of
N loading on SIDEs that can be applied worldwide.
The research chapters of this thesis describe investigations of how ecological
properties and processes vary across biological and environmental gradients to gain
insight into the consequences of elevated N loads in SIDEs. Using a combined surveyand experimental-based approach, these studies identified changes in multiple
biological variables as a function of catchment-derived N loading, and examined how
these relationships vary spatially at national and local scales. The results indicate a
higher likelihood of optimum ecosystem health (i.e. a well-balanced macrofaunal
assemblage, presence of seagrass habitat and an absence of nuisance macroalgae)
occurring at relatively low N loading levels, highlighting the vulnerability of estuaries
to increasing N loads. Overall, these findings underscore the central role of catchment
N loading in influencing the distributions and relative abundances of several key
biological communities (primary producers and macrofauna). These relationships, in
turn, provide a useful suite of ecosystem health surrogates of N load-related stress in
SIDEs.
In this general discussion the major findings are first reviewed, with chapters 2, 3
and 4 being addressed separately. I then investigate potential threshold responses of the
studied biological attributes (macroinvertebrates, nuisance macroalgae and seagrass
coverage) along key estuarine stressor gradients, including N loading. Finally, I outline
both the implications for N load management in SIDEs and the future research
challenges that result from this research.
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5.1 Major findings
Modelled catchment N loading rates were correlated with a subset of sediment abiotic
parameters, and these parameters were significant drivers of benthic macroinvertebrate
assemblages across multiple NZ SIDEs subject to different N loads (Chapter 2).
Modelling of taxon-specific responses to benthic nutrient enrichment allowed for their
categorisation into ecological groups (EGs), which significantly strengthened the
predictive power of a widely used benthic health index, namely the AMBI. This was
the first time this index had been applied to eutrophication stress specifically. These
results also revealed that down-core sampling depth and estuary site position both
significantly affected AMBI’s ability to track eutrophication stress in SIDEs. While
many studies underscore changes in sediment mud content as the dominant structural
driver of benthic macrofaunal communities, the findings of this study suggest that the
influence of N inputs may be the more influential driver. Given the importance of
estuarine macrofauna at an ecological level (Pratt et al. 2014), increased N loading rates
are likely to have disproportionate effects on ecosystem functioning in SIDEs.
Changes in the extent of seagrass and macroalgae in recipient shallow estuaries
significantly correlated with increases in land-derived N inputs (Chapter 3). Seagrass
habitat was strongly adversely affected by increasing N loads, becoming spatially
restricted where loading rates breached critical levels, but was relatively variable in
extent below those critical levels. Nuisance macroalgae, by contrast, expanded in area
as N loading rates increased beyond critical levels. Meanwhile, suspended sediment
loading was not identified as a powerful driver of either macrophyte extent. An analysis
of long-term trends in four separate estuaries receiving different N loads revealed rapid
expansion of nuisance macroalgae and concurrent gradual but consistent decline in
seagrass extent in two estuaries subject to elevated N loads, but relatively low
macrophyte change and low biomass in the remaining two estuaries which received
consistently low N loads. These results are generally consistent with other global
studies into the influence and associated thresholds of N loading on macrophyte and
macroalgal assemblages, including those conducted in deeper subtidal systems,
suggesting such relations may occur irrespective of estuary type.
The rapid expansion of nuisance macroalgae above critical N loads may be
reinforced by the ability of these macroalgae to assimilate nutrients from both the
overlying water column and sediments. Porewaters in anoxic, intertidal estuarine
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sediments can contain two-fold higher dissolved inorganic N (DIN) concentrations
compared to those in overlying waters, and during spring the production of the mudentrained red macroalga Gracilaria chilensis relies, in more or less equal proportion,
on DIN (predominantly as NH4+) from porewaters and bottom waters (Chapter 4),
according to thallus

15

N incorporation from artificially enriched source pools in the

laboratory. This ability to utilise multiple sources and species of N relatively rapidly
may partly explain the competitive success of entrained macroalgae relative to nonentrained species and historically abundant seagrass beds in these environments.
Overall these results underscore the significance of both internal nutrient loading and
external inputs as important in sustaining opportunistic macroalgal blooms in SIDEs.

5.2 Thresholds of adverse effects of nitrogen loading
A core ecological concept underpinning this thesis relates to the establishment of
thresholds, which are increasingly being used by resource managers to set limits for
key stressors affecting estuarine ecosystems (Thrush et al. 2014), including catchment
N inputs (Fox et al. 2008). Ecological thresholds are defined as the stressor intensities
where sudden changes in species composition or ecosystem functioning occur, or where
small increases in stressor intensity cause a large ecological response (Groffman et al.
2006). There has been a recent interest in defining thresholds in situations where
multiple stressors might interact, and recent statistical advances have led to suitable
methods for defining thresholds for multiple-stressor scenarios (Toms and Lesperance
2003; Brenden et al. 2008; Baker and King 2010; Toms and Villard 2015). Therefore,
in this section of my thesis I chose to investigate potential threshold responses of the
ecosystem-level measures (i.e. the Nutri-AMBI and nuisance macroalgae and seagrass
coverage) along both single- and, when relevant, multiple-stressor gradients. Statistical
methods used to quantify thresholds are outlined in Appendix 4.
5.2.1 Thresholds for macroinvertebrate assemblages
To quantify threshold values and thereby provide guidance about the ranges of
Nutri_AMBI scores (based on macroinvertebrate communities) that indicate healthy
(i.e. balanced communities consisting of a range of sensitive taxa) and unhealthy (i.e.
unbalanced communities dominated by fewer taxa more tolerant of eutrophication
stress) sites, I performed an analysis using regression trees (Fig. 5.1). Two primary
sedimentary stressor gradients (i.e. the derived nutrient enrichment axis, PCA.Nutri,
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and sediment % mud content) were included in the analysis. This approach, based on
changes in macrofaunal community composition may depend on subtle interactions
between multiple stressors, including that of sediment muddiness (Thrush et al. 2014),
and enables identification of the contribution of each stressor. Accordingly, sediment
muddiness did not feature alongside PCA.Nutri as a significant driver of macrofaunal
community structure, despite the wide body of literature positing sediment muddiness
as the dominant abiotic driver of estuarine macrofaunal communities (e.g. Thrush et al.
2003; Pratt et al. 2014; Robertson et al. 2015a). Nutri-AMBI scores greater than 4.3
indicated either poor or very poor condition rating depending on the sediment mud and
metal concentrations at a site (Table 5.1). The first major decline in health appeared to
be driven by PCA.Nutri as it increased between 2.3 and -7.1 (or an approximate areal
N load between 0 – 100 mg N m-2 d-1), turning from high to moderate conditions. The
second major decline occurred once sites become sufficiently enriched (PCA.Nutri > 7.1, or an approximate areal N load >100 mg N m-2 d-1), turning them from moderate
to poor status. Clearly, the relationship of ecosystem integrity, as measured through
Nutri-AMBI, along the nutrient enrichment gradient did not depend on the intensity of
the other key stressor (sediment mud content) acting in estuarine ecosystems. This
result contradicts those of two previous studies that suggested changes in estuarine
macrofaunal condition are linked to subtle interactions between two or more stressors
(Rodil et al. 2013; Ellis et al. 2017). Three possible reasons for this discrepancy include:
(1) both previous studies did not account for the comprehensive suite of known
eutrophication-focussed abiotic parameters that were measured in the present study; (2)
both focussed solely on stressor levels in surface sediments (0 - 2 cm) rather than the
full vertical profile (0 – 15 cm), and (3) both encompassed comparatively narrower
environmental gradients and geographical areas.
It is important to reiterate here that, while the AMBI provides insight into structural
changes

in

macrofaunal

communities

in

relation

to

taxon-specific

sensitivities/tolerances to environmental stress, it is does not provide direct insight into
changes at a functional level. This is pertinent because the degradation of estuarine
ecosystems is often associated with losses of key macrofaunal taxa and the concomitant
losses of the ecological functions they mediate (Norkko et al. 2013; Lohrer et al. 2015;
Bolam and Eggelton 2014; Harris et al. 2015). For example, denitrification in
sediments, a process often regulated by the presence and density of key taxa capable of
bioturbation (Douglas et al. 2017), provides ecosystem resilience to eutrophication by
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removing excess bioavailable nitrogen. Therefore, the AMBI index could be further
strengthened to improve understanding and management of the community attributes
that facilitate key functions and maintain ecosystem resilience, by integrating relevant
information pertaining to taxon-specific functional roles (e.g. Traits information;
Fauchland and Jumars 1979; Bonsdorff and Pearson 1999; Pearson 2001; Villnäs et al.
2018).

Figure 5.1 Regression tree explaining the Nutri-AMBI in terms of primary sedimentary
stressors, nutrient enrichment (PCA.Nutri) and sediment muddiness (% Mud).
Descending from the tree’s apex, threshold values of the dominant abiotic (explanatory)
variable partition the Nutri-AMBI scores into four relatively distinct groups (see Nodes
at bottom of trees). In each node, the lines extend the range, the box extends from the
25th to the 75th percentile and the central line represents median (50th percentile). Open
circles identify outliers.
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Table 5.1 Summary of the AMBI values and their corresponding benthic condition
bands (from Borja et al., 2000 and Muxika et al., 2005).
Biotic coefficient

Dominant
ecological
group
I

Benthic community health

Ecological
status*

Normal
Impoverished

High status

1.2 < AMBI ≤ 3.3

III

Unbalanced

Good status

3.3 < AMBI ≤ 4.3
4.3 < AMBI ≤ 5.0

IV-V

Transitional to pollution
Polluted

Moderate status
Poor status

Transitional to heavy pollution
Heavy pollution

Bad status

0.0 < AMBI ≤ 0.2
0.2 < AMBI ≤ 1.2

5.0 < AMBI ≤ 5.5
5.5 < AMBI ≤ 6.0

V

6.0 < AMBI ≤ 7.0 Azoic
Azoic
* European Union Water Framework Directive (WFD) ‘EcoQ’ bands (Borja et al.,
2003).
5.2.2 Seagrass and nuisance macroalgal thresholds
Since suspended sediment load was not found to be an important factor limiting
seagrass and nuisance macroalgal distributions in SIDEs in the current study, thresholds
were derived for the influence of N load only (Fig. 5.2). Results indicate that the
coverage of nuisance macroalgae and to a lesser extent seagrass are strongly governed
by increasing N loading to this class of estuary. Seagrass extent was highly variable
below critical values (0 – ~50 mg N m-2 d-1, threshold = 14.14±2.9 mg N m-2 d-1), but
once surpassed, became abruptly restricted, if present at all, to no more than 10 % of
estuary intertidal area. Conversely, nuisance macroalgae were predominantly absent
unless loading rates exceeded 41.15±21.1 mg N m-2 d-1, predictably expanding in extent
by 2.7 % of estuary intertidal area for every 50 mg N m-2 d-1 increase above threshold
levels.
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Figure 5.2 Piecewise regressions between nuisance macroalgae (% of intertidal estuary area) (R2 = 0.924) and seagrass (% of intertidal estuary
area with >20 % seagrass cover) (R2 = 0.485) extent, and predicted N loading rates in 25 shallow, tidal estuaries. The inset in the left-hand plot
magnifies seagrass-N loading relations at loading rates <20 mg N m-2 d-1. In the right-hand plot, grey bar is the reference (unimpacted) envelope;
Dashed lines are the N loading thresholds; White area in both plots is the non-reference (impacted) class; = estuaries located in Southland, and
= 21 remaining estuaries scattered throughout New Zealand.
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5.2.3 Limitations associated with the catchment-derived nitrogen load estimates used
to derive thresholds
Currently, the CLUES model is the only freely available, relatively comprehensive NZ
whole catchment model that is potentially capable of estimating detailed constituent
landuse source loads (including native forest, exotic forest, sheep/beef, dairying, deer,
horticulture, cropping, and urban). CLUES consists of a framework which links several
underlying models, each of which has its own inherent assumptions and sources of
uncertainty. An Auckland-based study was undertaken to attempt to assess the extent
of the uncertainty, particularly in relation to loads. The study, involving 8-15
catchments (area 21-398 km2) (Davies et al. 2015), showed a poor level of agreement
between CLUES simulated annual N and SS loads with loads calculated using
monitored concentration and flow data. For N loads, the model tended to underestimate
loads with the respective difference between the CLUES estimates and the monitored
data averaging 55% (range 3-88 %). For sediment loads, the model both over- and
under-estimated loads, with the respective difference between the CLUES estimates
and the monitored data averaging 34 % (range 7-93 %). Potential sources of error and
uncertainty that could be behind the poor level of agreement between CLUES estimates
(using both 2002 and 2008 land cover layers) and observation-based estimates (i.e.
monitoring data) in the Auckland region are listed in Semandi-Davies et al. (2015). This
lack of agreement with observation-based estimates suggests that there is a need for
local calibration of the CLUES model for most NZ estuary catchments. Furthermore,
CLUES does not account for oceanic N inputs which may also influence the abiotic and
biotic factors addressed in this thesis (Latimer and Rego 2010).
In addition, as recently outlined by Plew et al. (2018), the catchment N loading
rates (as predicted by CLUES land use model) used in this study should be treated with
caution as three key potential error sources may reduce their accuracy: “(1) CLUES
does not yet simulate groundwater or effects of irrigation on river flows, or subsurface
nutrient decay; (2) although the load models are calibrated to measured concentrations
in rivers, lag [(hysteresis)] effects from land use intensification in some catchments may
result in underestimation of actual loadings to estuaries; (3) the resolution and accuracy
of the land use within each catchment also influences the accuracy of the predictions
(Elliott et al. 2016); and (4) further compounding the issue, the estimates of estuary
properties in NIWA’s Coastal Explorer database have been found to be inaccurate for
some estuaries, largely due to the methods used to obtain these properties, but also
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because estuary properties may also change over time due to infilling, migration of bars
and mouths and in some cases anthropogenic intervention”. Indeed, the results of this
thesis emphasise the need to address the first two sources of error (internal loading and
hysteresis) when predicting catchment N loading rates to estuaries. In addition, further
improvements to CLUES and other such models could be made by accounting for
potential climate-change induced precipitation changes, which are expected to
substantially increase riverine total N loading to estuaries across the globe, particularly
in temperate regions (Sinha et al. 2017). Finally, because overall sample sizes were
relatively small in this study, confidence intervals around N load-biological response
models should be considered with caution (Toms and Lesperance 2003), particularly
where N loads are low (e.g. where seagrass extent was highly variable) and high (e.g.
where confidence in nuisance macroalgal response was lowest).

5.3 Management implications
Notwithstanding the general limitations of the present study (my investigations covered
a limited number of sites/estuaries, the lack of any temporal data useful to quantify the
recovery phase of SIDEs eutrophication, as well as the potentially limited nature of
catchment-derived N load estimates), this thesis includes several key outputs important
to managing the relative ecological state of SIDEs in NZ (see overall findings displayed
conceptually in Figure 5.3). Specifically, the NZ National Estuary Monitoring
Programme (Robertson et al. 2001) conducted by >10 regional authorities, the recently
developed Estuary Trophic Index (ETI) protocol (Robertson et al. 2015c&d), the
National Policy Statement for Freshwater Management (NPSFM 2014), and the
Estuaries Upstream Project (currently under development by NIWA) would all benefit
from the inclusion of the information present herein.
On the basis of results presented in Chapter 2, I suggest that several nutrient
enrichment-related sedimentary parameters (Total Organic Carbon (TOC), δ13C, δ34S,
Redox potential, Trace elements [U, Cd, V]), down-core sampling depth (cm) and site
position within an estuary (upper and lower relative to mouth) be incorporated into
estuarine assessment criteria as part of the state of the environment (SOE) monitoring
programmes regularly conducted in NZ, particularly as it relates to the impacts and
management of N inputs in SIDEs. The above sedimentary parameters were related to
N loading, thereby providing good indicators of nitrogen enrichment, all of which can
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be measured relatively easily. To measure these variables reliably in terms of their
influence on macroinvertebrate community composition, I recommend taking an
integrated sediment sample representing a down-core depth of 0 – 15 cm (i.e. not 0 – 2
cm as is the case in many contemporary monitoring protocols, including those
mentioned above), and analysing for the full suite of abiotic parameters listed above.
Adopting this approach would, in turn, also allow comparisons to be made with relevant
international datasets and studies (e.g. Sutula et al. 2011). In addition, establishment of
long-term monitoring sites in upper and lower zones of SIDEs should reflect apparent
differences in susceptibility/response to N loading.
My results in Chapter 3 (coupled with the above thresholds), quantified empirical
shifts for (1) abrupt displacement of ecologically important seagrass habitat and (2)
appearance of nuisance macroalgae (symptomatic of advanced eutrophication), as a
function of predicted catchment N loading to SIDEs in NZ. The derived thresholds,
based on a national-scale dataset, represent ecological endpoints between healthy
(seagrass

dominated/nuisance

macroalgae

absent)

and

impaired

(negligible

seagrass/nuisance macroalgae present) estuary states. Noting the limitations associated
with the unpredictability of seagrass extent in SIDEs (i.e. in this study N load was a
poor predictor of seagrass extent in estuaries receiving N loads less than ~50 mg N m2

d-1), management stands to benefit from such information to proactively avoid tipping

points or restore estuarine sites that have crossed thresholds (Qian and Cuffney 2012),
but also clearly needs to consider potential hysteresis responses which may further
complicate management efforts (Schindler 2012). Routine, long-term monitoring in
these threshold-based systems also needs to be prioritised, as frequently updated data
are necessary to gauge ecosystem state relative to a tipping point (Kelly et al. 2015).
Macroalgal blooms represent a common nuisance in eutrophic coastal waters and
a better understanding of the sources of N that support growth of nuisance macroalgae,
such as Gracilaria sp., has implications for ecosystem functioning and nutrient
mitigation policies. The results of our
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N uptake experiment (Chapter 4) provide

empirical evidence that dissolved inorganic nutrients both from interstitial porewater
and the overlying water column support the early spring growth of the mat-forming,
mud-entrained macroalga Gracilaria chilensis. Thus, to accurately predict and manage
eutrophication symptoms in SIDEs with extensive ‘nuisance’ macroalgal beds,
scientists and managers need to control anthropogenic nutrients entering the system
from the catchment as well as consider the internal regeneration of nutrients. Without
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considering the internal nutrient loading of the system any reduction in opportunistic,
sediment-entrained macrolgal growth in these poorly flushed, mid-upper estuary
environments is likely to be slow or negligible. However, based on the present results,
it remains unclear whether these key primary producers (and associated sedimentary
effects) in SIDEs would react (i.e. recover) to N load reductions in a similar timeframe
as they do to N load increases. Relatively quick reaction times have been reported for
dynamic, deeper, longer residence time estuaries where phytoplankton blooms rather
than macroalgae are the primary eutrophication symptom (Josefson and Rasmussen
2000).
To conclude, this thesis demonstrates the capacity for the studied biological and
physicochemical components to indicate stress related to N loading in SIDEs. It
confirms catchment-derived N loading as a dominant stressor affecting this shallow
class of estuary. Furthermore, these results underscore the significance of both internal
N loading and external inputs as important in sustaining nuisance macroalgal blooms
in intertidal estuaries. My combined findings suggest that areal N loading rates entering
estuaries from surrounding catchments should not exceed approximately 50 – 100 mg
N m-2 d-1 if managers wish to maintain healthy macroinvertebrate assemblages
including a wide range of taxa as well as limit the occurrence of nuisance macroalgae
and not exceed approximately 20 - 50 mg N m-2 d-1 to avoid marked losses of seagrass
habitat.
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Figure 5.3 Conceptual diagram,
illustrating hypothetical linear and
non-linear responses in primary
producer (seagrass and nuisance
macroalgae)
coverage
and
macroinvertebrate
community
composition (indicative of the
Nutri-AMBI
benthic
index
response to eutrophication stress;
see Figures 2.2 and 5.1) in shallow,
intertidal estuaries as a function of
catchment-derived
nitrogen
loading. Nitrogen load threshold
(100 mg N m-2 d-1) indicative of an
adverse shift from a dominance of
seagrass (if present) associated
with
oxygenated
sediments,
desirable nitrogen cycling, and a
diverse/abundant
macrofauna
sensitive to N enrichment (top
right
panel)
to
nuisance
macroalgal dominance, anoxic
underlying sediments, undesirable
nitrogen cycling and a depauperate
macrofauna
tolerant
of
N
enrichment (bottom right panel).
The relative contribution of
sediment versus water columnbased nitrogen to nuisance
macroalgal
production
(‘Macroalgal N uptake’) is also
shown in the bottom right panel
with arrow weights indicating the
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5.4 Future research directions
NZ AMBI benthic index:
•

Both stressor-response relations and associated thresholds derived herein would
be strengthened by further national validation, and testing their applicability in
other estuary types. For efficiency and rigour, this step should draw on all
available data (e.g. student theses, long-term monitoring research projects and
regional council databases), so as to allow for the development of one large
database with levels of confidence that can be used to expand these national
approaches.

•

Add further quantitative weight to the pathways by which landscape-scale
stressors affect estuarine ecological condition through structural equation
modelling, a statistical approach which was beyond the scope of this thesis.
Structural equation modelling has been used in an attempt to disentangle the
many potential pathways (often indirect) between land use and freshwater
ecosystems (streams) and by the long-lasting effects of past land use (Maloney
and Weller 2011; Burdon et al. 2013). Knowledge of these indirect and longterm effects of land use could then be used to inform conservation/restoration
efforts in estuaries.

•

Using macroinvertebrate traits to partition multiple stressor effects was beyond
the scope of the present project. Future research should aim to assess whether
the inclusion of traits-based information (e.g. Rodil et al. 2013) (1) improves
the ability of the AMBI to track benthic stress in relation to multiple stressors
and (2) provides insight into the functional state of macrofaunal communities in
shallow intertidal estuaries.

Nitrogen source tracing:
•

Since the relative contribution of each nutrient source to macroalgal production
may vary within and among different classes of estuary, validate the N uptake
dynamics of Gracilaria chilensis at an estuary-wide spatial scale and across
multiple estuary types.

•

Determine the influence of tidal immersion on the successional patterns of G.
chilensis in eutrophic upper regions of shallow intertidal estuaries.
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•

Determine the in situ nutrient source dynamics of other nuisance macroalgae
(e.g. non-entrained green macroalga Ulva sp.) in SIDEs.

Nitrogen load thresholds:
•

Determine the areal extent to which SIDEs can become characterised by
nuisance macroalgae and/or seagrass in relation to critical N load thresholds,
using predictive habitat suitability modelling approaches (e.g. Valle et al. 2011).

•

Validate N load thresholds for nuisance macroalgal and seagrass extent in other
estuary types (e.g. tidal river estuaries, intermittently open/closed lagoons).

•

Examine the capacity and time scale required for impacted SIDEs to recover
ecologically once N load thresholds are crossed, thereby clarifying the recovery
phase of the disturbance theory in this shallow estuary class.

•

Since multiple stressors often co-occur in estuaries, investigate their individual
and combined effects on N load thresholds and at multiple spatial scales in
SIDEs.

93

References
Adger, W. N. 2000. Social and ecological resilience: Are they related? Prog. Hum.
Geogr. 24: 347–364. doi:10.1191/030913200701540465
Aldridge, J. N., and M. Trimmer. 2009. Modelling the distribution and growth of
“problem” green seaweed in the Medway estuary, UK J.H. Andersen and D.J.
Conley [eds.]. Eutrophication Coast. Ecosyst. Towar. better Underst. Manag.
Strateg. Sel. Pap. from Second Int. Symp. Res. Manag. Eutrophication Coast.
Ecosyst. 20--23 June 2006, Nyborg, Denmark 207: 107–122. doi:10.1007/978-90481-3385-7_10
Alexander, R. B., A. H. Elliott, U. Shankar, and G. B. McBride. 2002. Estimating the
sources and transport of nutrients in the Waikato River Basin, New Zealand. Water
Resour. Res. 38: 4–23. doi:10.1029/2001WR000878
Anderson, D., P. Glibert, and J. Burkholder. 2002. Harmful algal blooms and
eutrophication: nutrient sources, composition, and consequences. Estuaries 25:
704–726.
Anderson, I. C., K. J. McGlathery, and A. C. Tyler. 2003. Microbial mediation of
“reactive” nitrogen transformations in a temperate lagoon. Mar. Ecol. Prog. Ser.
246: 73–84. doi:10.3354/meps246073
Anderson, M., R. Ford, D. Feary, and C. Honeywill. 2004. Quantitative measures of
sedimentation in an estuarine system and its relationship with intertidal softsediment infauna. Mar. Ecol. Prog. Ser. 272: 33–48. doi:10.3354/meps272033
Anderson, M. J. 2008. Animal-sediment relationships re-visited: Characterising
species’ distributions along an environmental gradient using canonical analysis
and quantile regression splines. J. Exp. Mar. Bio. Ecol. 366: 16–27.
doi:10.1016/j.jembe.2008.07.006
Andría, J. R., J. Vergara, and J. L. Perez-Llorens. 1999. Biochemical responses and
photosynthetic performance of Gracilaria sp. (Rhodophyta) from Cadiz, Spain,
cultured under different inorganic carbon and nitrogen levels. Eur. J. Phycol. 34:
497–504. doi:10.1080/09541449910001718851
Baker, M. E., and R. S. King. 2010. A new method for detecting and interpreting
biodiversity and ecological community thresholds. Methods Ecol. Evol. 1: 25–37.
doi:10.1111/j.2041-210X.2009.00007.x
Ballingall, J., and D. Pambudi. 2017. Dairy trade’s economic contribution to New

94

Zealand: NZIER report to DCANZ. 1–34.
Barbier, E. B., S. D. Hacker, C. Kennedy, E. W. Koch, A. C. Stier, and B. R. Silliman.
2011. The value of estuarine and coastal ecosystem services. Ecol. Monogr. 81:
169–193. doi:10.1890/10-1510.1
Barbone, E., I. Rosati, S. Reizopoulou, and A. Basset. 2012. Linking classification
boundaries to sources of natural variability in transitional waters: A case study of
benthic

macroinvertebrates.

Ecol.

Indic.

12:

105–122.

doi:https://doi.org/10.1016/j.ecolind.2011.04.014
Beer, S., and I. Levy. 1983. Effects of photon fluence rate light spectrum composition
on growth, photosynthesis pigment relations in Gracilaria sp. Blackwell
Publishing Ltd.
Berthelsen, A., J. Atalah, D. Clark, E. Goodwin, M. Patterson, and J. Sinner. 2018.
Relationships between biotic indices, multiple stressors and natural variability in
New

Zealand

estuaries.

Ecol.

Indic.

85:

634–643.

doi:https://doi.org/10.1016/j.ecolind.2017.10.060
Bidwell, V., L. Lilburne, M. Thorley, and D. Scott. 2009. Nitrate discharge to
groundwater from agricultural land use: an initial assessment for the Canterbury
Plains. Lincoln Ventur. Tech. Rep. 1–16.
Birchenough, S. N. R., R. E. Parker, E. McManus, and J. Barry. 2012. Combining
bioturbation and redox metrics: Potential tools for assessing seabed function. Ecol.
Indic. 12: 8–16. doi:10.1016/j.ecolind.2011.03.015
Boesch, D. F., R. B. Brinsfield, and R. E. Magnien. 2001. Chesapeake Bay
eutrophication: scientific understanding, ecosystem restoration, and challenges for
agriculture. J. Environ. Qual. 30: 303–320.
Bolam, S. G., and J. D. Eggleton. 2014. Macrofaunal production and biological traits:
spatial relationships along the UK continental shelf. Journal of Sea Research
64:166–179.
Bolam, S. G., T. F. Fernandes, P. Read, and D. Raffaelli. 2000. Effects of macroalgal
mats on intertidal sandflats: an experimental study. J. Exp. Mar. Bio. Ecol. 249:
123–137. doi:https://doi.org/10.1016/S0022-0981(00)00185-4
Bonsdorff, E., and T. H. Pearson. 1999. Variation in the sublittoral macrozoobenthos
of the Baltic Sea along environmental gradients: a functional group approach.
Australian Journal of Ecology 24:312–326.
Borja, A., A. Basset, S. Bricker, and others. 2012. Classifying ecological quality and
95

integrity of estuaries. In Wolanski E and McLusky DS (eds.) Treatise on Estuarine
and Coastal Science, Vol 1. Waltham: Academic Press: 125-162.
Borja, A., S. B. Bricker, D. M. Dauer, and others. 2008. Overview of integrative tools
and methods in assessing ecological integrity in estuarine and coastal systems
worldwide. Mar. Pollut. Bull. 56: 1519–37. doi:10.1016/j.marpolbul.2008.07.005
Borja, A., J. Franco, and V. Pérez. 2000. A Marine Biotic Index to Establish the
Ecological Quality of Soft-Bottom Benthos Within European Estuarine and
Coastal Environments. Mar. Pollut. Bull. 40: 1100–1114.
Borja, A., and I. Muxika. 2005. Guidelines for the use of AMBI (AZTI’s Marine Biotic
Index) in the assessment of the benthic ecological quality. Mar. Pollut. Bull. 50:
787–789. doi:10.1016/j.marpolbul.2005.04.040
Borja, A., and B. Tunberg. 2011. Assessing benthic health in stressed subtropical
estuaries, eastern Florida, USA using AMBI and M-AMBI. Ecol. Indic. 11: 295–
303. doi:10.1016/j.ecolind.2010.05.007
Borja, A., and D. M. Dauer. 2008. Assessing the environmental quality status in
estuarine and coastal systems: Comparing methodologies and indices. Ecol. Indic.
8: 331–337. doi:10.1016/j.ecolind.2007.05.004
Borja, A., J. Franco, and I. Muxika. 2003. Classification tools for marine ecological
quality assessment: the usefulness of macrobenthic communities in an area
affected by a submarine outfall. ICES C. 2003/Session J-02, Tallinn, Est. Sept. 2428: 1–10.
Boucher, G., and R. Boucher-Rodoni. 1988. In situ measurement of respiratory
metabolism and nitrogen fluxes at the interface of oyster beds . Mar. Ecol. Prog.
Ser. 44: 229–238. doi:10.3354/meps044229
Brady, J. P., G. A. Ayoko, W. N. Martens, and A. Goonetilleke. 2015. Development of
a hybrid pollution index for heavy metals in marine and estuarine sediments.
Environ. Monit. Assess. 187. doi:10.1007/s10661-015-4563-x
Brenden, T. O., L. Wang, and Z. Su. 2008. Quantitative identification of disturbance
thresholds in support of aquatic resource management. Environ. Manage. 42: 821–
832. doi:10.1007/s00267-008-9150-2
Bricker, S., J. Ferreira, and T. Simas. 2003. An integrated methodology for assessment
of estuarine trophic status. Ecol. Modell. 169: 39–60. doi:10.1016/S03043800(03)00199-6
Bricker, S. B., B. Longstaff, W. Dennison, A. Jones, K. Boicourt, C. Wicks, and J.
96

Woerner. 2008. Effects of nutrient enrichment in the nation’s estuaries: A decade
of change. Harmful Algae 8: 21–32. doi:10.1016/j.hal.2008.08.028
Bruland, K. W. and Lohan, M. C. 2003. The control of trace metals in seawater, in: The
Oceans and Marine Geochemistry, edited by: Elderfield, H., Treatise on
Geochemistry, Elsevier-Pergamon, Oxford, UK 6: 23-47.
Burdon, F. J., A. R. McIntosh, and J. S. Harding. 2013. Habitat loss drives threshold
response of benthic invertebrate communities to deposited sediment in agricultural
streams. Ecol. Appl. 23: 1036–1047. doi:10.1890/12-1190.1
Burkholder, J. M., D. A. Tomasko, and B. W. Touchette. 2007. Seagrasses and
eutrophication.

J.

Exp.

Mar.

Bio.

Ecol.

350:

46–72.

doi:10.1016/j.jembe.2007.06.024
Burnham, K. P., and D. R. Anderson. 2002. Model Selection and Multimodel Inference:
A Practical Information-Theoretic Approach (2nd ed). Library of Congress
Cataloging-in-Publication Data. 172: 488.
Callier, M. D., C. W. McKindsey, and G. Desrosiers. 2008. Evaluation of indicators
used to detect mussel farm influence on the benthos: Two case studies in the
Magdalen

Islands,

Eastern

Canada.

Aquaculture

278:

77–88.

doi:10.1016/j.aquaculture.2008.03.026
Camargo, J. A., and Á. Alonso. 2006. Ecological and toxicological effects of inorganic
nitrogen pollution in aquatic ecosystems: A global assessment. Environ. Int. 32:
831–849. doi:10.1016/j.envint.2006.05.002
Carnicas, E., C. Jiménez, and F. X. Niell. 1999. Effects of changes of irradiance on the
pigment composition of Gracilaria tenuistipitata var. liui Zhang et Xia. J.
Photochem. Photobiol. B Biol. 50: 149–158. doi:http://dx.doi.org/10.1016/S10111344(99)00086-X
Carpenter, S. R., D. Ludwig, and W. A. Brock. 1999. Management of Eutrophication
for Lakes Subject to Potentially Irreversible Change. Ecol. Appl. 9: 751–771.
doi:10.2307/2641327
Ceccherelli, G., and F. Cinelli. 1997. Short-term effects of nutrient enrichment of the
sediment and interactions between the seagrass Cymodocea nodosa and the
introduced green alga Caulerpa taxifolia in a Mediterranean bay. J. Exp. Mar. Bio.
Ecol. 217: 165–177. doi:10.1016/S0022-0981(97)00050-6
Chapman, P. M., and F. Wang. 2001. Assessing sediment contamination in estuaries.
Environ. Toxicol. Chem. 20: 3–22. doi:10.1002/etc.5620200102
97

Cloern, J. E. 2001. Our evolving conceptual model of the coastal eutrophication
problem. Mar. Ecol. Prog. Ser. 210: 223–253. doi:10.3354/meps210223
Conley, D. J., J. Carstensen, G. Ærtebjerg, P. B. Christensen, T. Dalsgaard, J. L. S.
Hansen, and A. B. Josefson. 2007. Long-term changes and impacts of hypoxia in
Danish coastal waters. Ecol. Appl. 17: S165--S184. doi:10.1890/05-0766.1
Conley, D. J., S. Markager, J. Andersen, T. Ellermann, and L. M. Svendsen. 2002.
Coastal eutrophication and the Danish National Aquatic Monitoring and
Assessment Program. Estuaries 25: 848–861. doi:10.1007/BF02804910
Conley, D. J., H. W. Paerl, R. W. Howarth, and others. 2009. Controlling
Eutrophication: Nitrogen and Phosphorus Nitrogen and Phosphorus. Source Sci.
New Ser. 323: 1014–1015. doi:10.1126/science.1167755
Corzo, A., S. A. Van Bergeijk, and E. García-Robledo. 2009. Effects of green
macroalgal blooms on intertidal sediments: net metabolism and carbon and
nitrogen contents. Mar. Ecol. Prog. Ser. 380: 81–93. doi:10.3354/meps07923
Costanza, R., R. Arge, R. De Groot, and others. 1997. The value of the world’s
ecosystem

services

and

natural

capital.

Nature

387:

253–260.

doi:10.1038/387253a0
Costanza, R., R. de Groot, P. Sutton, S. van der Ploeg, S. J. Anderson, I. Kubiszewski,
S. Farber, and R. K. Turner. 2014. Changes in the global value of ecosystem
services.

Glob.

Environ.

Chang.

26:

152–158.

doi:10.1016/j.gloenvcha.2014.04.002
Dadson, S. J., N. Hovius, H. Chen, and others. 2004. Earthquake-triggered increase in
sediment delivery from an active mountain belt. Geology 32: 733–736.
Daily, G. C. 1997. Nature’s Services: Societal Dependence on Natural Ecosystems.
(ed.) Island,Washington DC: 412.
Dauer, D. 1993. Biological critereia, environmental health and estuarine macrobenthic
community structure. Mar. Pollut. Bull. 26: 249–257.
Dauer, D. M., J. A. Ranasinghe, and S. B. Weisberg. 2000. Relationships between
benthic community condition, water quality, sediment quality, nutrient loads, and
land use patterns in Chesapeake Bay. Estuaries 23: 80–96. doi:10.2307/1353227
Davies‐Colley, R. J., P. Franklin, B. Wilcock, S. Clearwater, and C. Hickey. 2013.
National Objectives Framework - Temperature , Dissolved Oxygen & pH.
Proposed thresholds for discussion. NIWA Client report for the Ministry for the

98

Environment. NIWA Client Rep. No HAM2013-056 83.
De’ath, G., and K. E. Fabricius. 2000. Classification and regression trees: a powerful
yet simple technique for ecological data analysis. Ecology 81: 3178–3192.
Deegan, L. a, D. S. Johnson, R. S. Warren, B. J. Peterson, J. W. Fleeger, S. Fagherazzi,
and W. M. Wollheim. 2012. Coastal eutrophication as a driver of salt marsh loss.
Nature 490: 388–92. doi:10.1038/nature11533
Diaz, R. J., D. C. Rhoads, J. A. Blake, R. K. Kropp, and K. E. Keay. 2008. Long-term
trends of benthic habitats related to reduction in wastewater discharge to Boston
Harbor. Estuaries and Coasts 31: 1184–1197. doi:10.1007/s12237-008-9094-z
Diaz, R. J., and R. Rosenberg. 2008. Spreading dead zones and consequences for
marine ecosystems. Science 321: 926–9. doi:10.1126/science.1156401
Dolbeth, M., M. Cusson, R. Sousa, M. A. Pardal, and Y. T. Prairie. 2012. Secondary
production as a tool for better understanding of aquatic ecosystems. Can. J. Fish.
Aquat. Sci. 69: 1230–1253. doi:10.1139/f2012-050
Douglas, E. J., C. A. Pilditch, C. Kraan, L. A. Schipper, A. M. Lohrer, and S. F. Thrush.
2017. Macrofaunal Functional Diversity Provides Resilience to Nutrient
Enrichment

in

Coastal

Sediments.

Ecosystems

20:

1324–1336.

doi:10.1007/s10021-017-0113-4
Duarte, C. M. 1995. Submerged aquatic vegetation in relation to different nutrient
regimes. Ophelia 41: 87–112. doi:10.1080/00785236.1995.10422039
Duarte, C. M., and A. Regaudie-de-Gioux. 2009. Thresholds of gross primary
production for the metabolic balance of marine planktonic communities. Limnol.
Oceanogr. 54: 1015–1022. doi:10.4319/lo.2009.54.3.1015
Elliot, A. H., R. B. Alexander, G. E. Schwarz, U. Shankar, J. P. S. Sukias, and G. B.
McBride. 2005. Estimation of nutrient sources and transport for New Zealand
using the hybrid mechanistic-statistical model SPARROW. J. Hydrol. New Zeal.
44: 1–27.
Ellis, J., V. Cummings, J. Hewitt, S. Thrush, and A Norkko. 2002. Determining effects
of suspended sediment on condition of a suspension feeding bivalve (Atrina
zelandica): results of a survey, a laboratory experiment and a field transplant
experiment. J. Exp. Mar. Bio. Ecol. 267: 147–174. doi:10.1016/S00220981(01)00355-0
Ellis, J. I., D. Clark, J. Atalah, W. Jiang, C. Taiapa, M. Patterson, J. Sinner, and J.
Hewitt. 2017. Multiple stressor effects on marine infauna: responses of estuarine
99

taxa and functional traits to sedimentation, nutrient and metal loading. Sci. Rep.
7: 12013. doi:10.1038/s41598-017-12323-5
Ellis, J. I., J. E. Hewitt, D. Clark, C. Taiapa, M. Patterson, J. Sinner, D. Hardy, and S.
F. Thrush. 2015. Assessing ecological community health in coastal estuarine
systems impacted by multiple stressors. J. Exp. Mar. Bio. Ecol. 473: 176–187.
doi:https://doi.org/10.1016/j.jembe.2015.09.003
Engelsen, A., S. Hulth, L. Pihl, and K. Sundba. 2008. Benthic trophic status and nutrient
fluxes in shallow-water sediments. Estuar. Coast. Shelf Sci. 78: 783–795.
doi:10.1016/j.ecss.2008.02.018
Fang, H. H. P., M. Zhang, T. Zhang, and J. Chen. 2008. Predictions of nitrate diffusion
in sediment using horizontal attenuated total reflection (HATR) by Fourier
transform

infrared

(FTIR)

spectrometry.

Water

Res.

42:

903–908.

doi:10.1016/j.watres.2007.08.038
Fauchald, K., and P. A. Jumars. 1979. The diet of worms: a study of polychaete feeding
guilds. Oceanography and Marine Biology: An Annual Review 17:193–284.
Fox, S. E., E. Stieve, I. Valiela, J. Hauxwell, and J. McClelland. 2008. Macrophyte
Abundance in Waquoit Bay: Effects of Land-Derived Nitrogen Loads on Seasonal
and Multi-Year Biomass Patterns. Estuaries and Coasts 31: 532–541.
doi:10.1007/s12237-008-9039-6
Galloway, J. N., F. J. Dentener, D. G. Capone, and others. 2004. Nitrogen cycles: Past,
present, and future,.
García-Robledo, E., and A. Corzo. 2011. Effects of macroalgal blooms on carbon and
nitrogen biogeochemical cycling in photoautotrophic sediments: An experimental
mesocosm.

Mar.

Pollut.

Bull.

62:

1550–1556.

doi:10.1016/j.marpolbul.2011.03.044
Gillett, D. J., S. B. Weisberg, T. Grayson, and others. 2015. Effect of ecological group
classification schemes on performance of the AMBI benthic index in US coastal
waters. Ecol. Indic. 50: 99–107. doi:10.1016/j.ecolind.2014.11.005
Gluckman, P., B. Cooper, C. Howard-Williams, S. Larned, J. Quinn, A. Bardsley, K.
Hughey, and D. Wratt. 2017. New Zealand’s fresh waters: values, state, trends and
human impacts. Report for Office of the Priminster's Chief Science advisor: 84.
Gonen, Y., E. Kimmel, E. Tel-Or, and M. Friedlander. 1996. Intercellular assimilate
translocation in Gracilaria cornea (Gracilariaceae, Rhodophyta). Hydrobiologia
326–327: 421–428. doi:10.1007/BF00047841
100

Gonzalez, D. J., A. R. Smyth, M. F. Piehler, and K. J. McGlathery. 2013. Mats of the
non-native macroalga, Gracilaria vermiculophylla, alter net denitrification rates
and nutrient fluxes on intertidal mudflats. Limnol. Oceanogr. 58: 2101–2108.
doi:10.4319/lo.2013.58.6.2101
Grall, J., and M. Glémarec. 1997. Using biotic indices to estimate macrobenthic
community perturbations in the Bay of Brest. Estuar. Coast. Shelf Sci. 44: 43–53.
doi:10.1016/S0272-7714(97)80006-6
Green, L., and M. Sutula. 2014. How much is too much? Identifying benchmarks of
adverse effects of macroalgae on the macrofauna in intertidal flats. Ecol. Appl. 24:
300–314.
Green, M., and J. Zeldis. 2015. Firth of Thames water quality and ecosystem health Data Report. NIWA Client Report No. CHC2014-123, prepared for Waikato
Regional Council and DairyNZ. 4355: 177.
Groffman, P. M., J. S. Baron, T. Blett, and others. 2006. Ecological thresholds: the key
to successful environmental management or an important concept with no
practical application? Ecosystems 9: 1–13.
Guisan, A., T. C. Edwards, and T. Hastie. 2002. Generalized linear and generalized
additive models in studies of species distributions: setting the scene. Ecol. Modell.
157: 89–100.
Hagy, J. D., W. R. Bonton, C. W. Keefe, and K. V. Wood. 2004. Hypoxia in
Chesapeake Bay, 1950 - 2001: Long-term change in relation to nutrient loading
and river flow. Estuaries 27: 634–658. doi:10.1007/BF02907650
Halpern, B. S., S. Walbridge, K. A Selkoe, and others. 2008. A global map of human
impact on marine ecosystems. Science 319: 948–52. doi:10.1126/science.1149345
Hardison, A. K., I. C. Anderson, E. A. Canuel, C. R. Tobias, and B. Veuger. 2011a.
Carbon and nitrogen dynamics in shallow photic systems: Interactions between
macroalgae, microalgae, and bacteria. Limnol. Oceanogr. 56: 1489–1503.
doi:10.4319/lo.2011.56.4.1489
Hardison, A., C. R. Tobias, J. W. Stanhope, I. C. Anderson, and E. Canuel. 2011b. An
Experimental Apparatus for Laboratory and Field-Based Perfusion of Sediment
Porewater with Dissolved Tracers. Estuaries and Coasts 34: 243–255.
doi:10.1007/s12237-010-9285-2
Harris, G. P. 2001. Biogeochemistry of nitrogen and phosphorus in Australian
catchments, rivers and estuaries: effects of land use and flow regulation and
101

comparisons with global patterns. Mar. Freshw. Res. 52: 139–149.
Harris, R. J., C. A. Pilditch, J. E. Hewitt, A. M. Lohrer, C. Van Colen, M. Townsend,
and S. F. Thrush. 2015. Biotic interactions influence sediment erodibility on waveexposed sandflats. Marine Ecology Progress Series 523:15–30.
Harrison, P. J., and C. L. Hurd. 2001. Nutrient physiology of seaweeds: Application of
concepts to aquaculture. Cah. Biol. Mar. 42: 71–82.
Hauxwell, J., J. Cebrián, C. Furlong, and I. Valiela. 2001. Macroalgal Canopies
Contribute to Eelgrass (Zostera marina) Decline in Temperate Estuarine
Ecosystems. Ecology 82: 1007–1022.
Hauxwell, J., J. Cebrián, and I. Valiela. 2003. Eelgrass Zostera marina loss in temperate
estuaries: Relationship to land-derived nitrogen loads and effect of light limitation
imposed by algae. Mar. Ecol. Prog. Ser. 247: 59–73. doi:10.3354/meps247059
Heggie, K., and C. Savage. 2009. Nitrogen yields from New Zealand coastal
catchments to receiving estuaries. New Zeal. J. Mar. Freshw. Res. 43: 1039–1052.
doi:10.1080/00288330.2009.9626527
Hessing-Lewis, M. L., S. D. Hacker, B. A. Menge, S. O. McConville, and J. Henderson.
2015. Are large macroalgal blooms necessarily bad? Nutrient impacts on seagrass
in upwelling-influenced estuaries. Ecol. Appl. 25: 1330–1347. doi:10.1890/140548.1.sm
Hewitt, J. E., J. I. Ellis, and S. F. Thrush. 2016. Multiple stressors, nonlinear effects and
the implications of climate change impacts on marine coastal ecosystems. Glob.
Chang. Biol. 22: 2665–2675. doi:10.1111/gcb.13176
Hinsby, K., S. Markager, B. Kronvang, J. Windolf, T. O. Sonnenborg, and L. Thorling.
2012. Threshold values and management options for nutrients in a catchment of a
temperate estuary with poor ecological status. Hydrol. Earth Syst. Sci. 16: 2663–
2683. doi:10.5194/hess-16-2663-2012
Holmer, M., and E. J. Bondgaard. 2001. Photosynthetic and growth response of eelgrass
to low oxygen and high sulfide concentrations during hypoxic events. Aquat. Bot.
70: 29–38. doi:http://dx.doi.org/10.1016/S0304-3770(00)00142-X
Hope, B. K. 2005. Performing Spatially and Temporally Explicit Ecological Exposure
Assessments Involving Multiple Stressors. Hum. Ecol. Risk Assess. An Int. J. 11:
539–565. doi:10.1080/10807030590949645
Howarth, R., F. Chan, D. J. Conley, J. Garnier, S. C. Doney, R. Marino, and G. Billen.
2011. Coupled biogeochemical cycles: Eutrophication and hypoxia in temperate
102

estuaries and coastal marine ecosystems. Front. Ecol. Environ. 9: 18–26.
doi:10.1890/100008
Howarth, R. W., and R. Marino. 2006. Nitrogen as the limiting nutrient for
eutrophication in coastal marine ecosystems: Evolving views over three decades.
Limnol. Oceanogr. 51: 364–376. doi:10.4319/lo.2006.51.1_part_2.0364
Hurd, C. L. 2000. Water motion, marine macroalgal physiology, and production. J.
Phycol. 36: 453–472. doi:10.1046/j.1529-8817.2000.99139.x
Hurd, C. L., J. A. Berges, J. Osborne, and P. J. Harrison. 1995. An in-vitro nitrate
reductase assay for marine macroalgae - optimization and characterization of the
enzyme

for

fucus-gardneri

(Phaeophyta).

J.

Phycol.

31:

835–843.

doi:10.1111/j.0022-3646.1995.00835.x
Hyland, J., L. Balthis, I. Karakassis, P. Magni, a Petrov, J. Shine, O. Vestergaard, and
R. Warwick. 2005. Organic carbon content of sediments as an indicator of stress
in

the

marine

benthos.

Mar.

Ecol.

Prog.

Ser.

295:

91–103.

doi:10.3354/meps295091
Israel, A., S. Beer, and G. Bowes. 1991. Photosynthetic carbon acquisition in the red
alga Gracilaria conferta. Mar. Biol. 110: 195–198. doi:10.1007/BF01313704
Jessen, C., V. N. Bednarz, L. Rix, M. Teichberg, and C. Wild. 2015. Marine
Eutrophication. In R.H. Armon and O. Hänninen (eds.), Environmental Indicators.
Springer Netherlands: 177–203.
Josefson, A. B., and B. Rasmussen. 2000. Nutrient Retention by Benthic Macrofaunal
Biomass of Danish Estuaries: Importance of Nutrient Load and Residence Time.
Estuar. Coast. Shelf Sci. 50: 205–216. doi:https://doi.org/10.1006/ecss.1999.0562
Kamer, K., P. Fong, R. L. Kennison, and K. Schiff. 2004. The relative importance of
sediment and water column supplies of nutrients to the growth and tissue nutrient
content of the green macroalga Enteromorpha intestinalis along an estuarine
resource

gradient.

Aquat.

Ecol.

38:

45–56.

doi:10.1023/B:AECO.0000021041.31385.19
van Katwijk, M., L. Vergeer, G. Schmitz, and J. Roelofs. 1997. Ammonium toxicity in
eelgrass

Zostera

marina.

Mar.

Ecol.

Prog.

Ser.

157:

159–173.

doi:10.3354/meps157159
Kelly, R. P., A. L. Erickson, L. M. Mease, W. Battista, J. N. Kittinger, and R. Fujita.
2015. Embracing Thresholds for Better Environmental Management. Philos.
Trans. R. Soc. B. doi:10.1098/rstb.2013.0276
103

Kemp, W. M., W. R. Boynton, J. E. Adolf, and others. 2005. Eutrophication of
Chesapeake Bay: Historical trends and ecological interactions. Mar. Ecol. Prog.
Ser. 303: 1–29. doi:10.3354/meps303001
Kennish, M. J. 2002. Environmental threats and environmental future of estuaries.
Environ. Conserv. 29: 78–107. doi:10.1017/S0376892902000061
Kennison, R. L., and P. Fong. 2014. Extreme Eutrophication in Shallow Estuaries and
Lagoons of California Is Driven by a Unique Combination of Local Watershed
Modifications That Trump Variability Associated with Wet and Dry Seasons.
Estuaries and Coasts 37: 164–179. doi:10.1007/s12237-013-9687-z
Koch, P. L., J. C. Zachos, and P. D. Gingerich. 1992. Correlation between isotope
records in marine and continental carbon reservoirs near the Palaeocene/Eocene
boundary. Nature 358: 319–322. doi:10.1038/358319a0
Kraan, C., J. A. Van Gils, B. Spaans, A. Dekinga, A. I. Bijleveld, M. Van Roomen, R.
Kleefstra, and T. Piersma. 2009. Landscape-scale experiment demonstrates that
Wadden Sea intertidal flats are used to capacity by molluscivore migrant
shorebirds. J. Anim. Ecol. 78: 1259–1268. doi:10.1111/j.1365-2656.2009.01564.x
Krom, M. D., and R. A. Berner. 1980. The diffusion coefficients of sulfate, ammonium,
and phosphate ions in anoxic marine sediments. Limnol. Oceanogr. 25: 327–337.
doi:10.4319/lo.1980.25.2.0327
Lange, K., C. R. Townsend, R. Gabrielsson, P. C. M. Chanut, and C. D. Matthaei. 2014.
Responses of stream fish populations to farming intensity and water abstraction in
an agricultural catchment. Freshw. Biol. 59: 286–299. doi:10.1111/fwb.12264
Latimer, J. S., and S. A. Rego. 2010. Empirical relationship between eelgrass extent
and predicted watershed-derived nitrogen loading for shallow New England
estuaries. Estuar. Coast. Shelf Sci. 90: 231–240. doi:10.1016/j.ecss.2010.09.004
Lavery, P. S., C. E. Oldham, and M. Ghisalberti. 2001. The use of fick’s first law for
predicting porewater nutrient fluxes under diffusive conditions. Hydrol. Process.
15: 2435–2451. doi:10.1002/hyp.297
Lemley, D. A., J. B. Adams, and G. C. Bate. 2016. A review of microalgae as indicators
in

South

African

estuaries.

South

African

J.

Bot.

107:

12–20.

doi:10.1016/j.sajb.2016.04.008
Lilley, R. J., and R. K. F. Unsworth. 2014. Atlantic Cod (Gadus morhua) benefits from
the availability of seagrass (Zostera marina) nursery habitat. Glob. Ecol. Conserv.
2: 367–377. doi:https://doi.org/10.1016/j.gecco.2014.10.002
104

Lin, X., L. Hou, M. Liu, X. Li, G. Yin, Y. Zheng, and F. Deng. 2016. Gross nitrogen
mineralization in surface sediments of the Yangtze Estuary. PLoS One 11: 1–16.
doi:10.1371/journal.pone.0151930
Lindegren, M., V. Dakos, J. P. Gröger, A. Gårdmark, G. Kornilovs, S. A. Otto, and C.
Möllmann. 2012. Early detection of ecosystem regime shifts: A multiple method
evaluation

for

management

application.

PLoS

One

7.

doi:10.1371/journal.pone.0038410
van der Linden, P., J. Patrício, A. Marchini, N. Cid, J. M. Neto, and J. C. Marques.
2012. A biological trait approach to assess the functional composition of subtidal
benthic communities in an estuarine ecosystem. Ecol. Indic. 20: 121–133.
doi:https://doi.org/10.1016/j.ecolind.2012.02.004
Lindenmayer, D. B., and J. Fischer. 2003. Sound science or social hook—a response to
Brooker’s application of the focal species approach. Landsc. Urban Plan. 62: 149–
158. doi:https://doi.org/10.1016/S0169-2046(02)00147-0
Lindenmayer, D. B., C. R. Margules, and D. B. Botkin. 2000. Indicators of Biodiversity
for Ecologically Sustainable Forest Management. Conserv. Biol. 14: 941–950.
doi:10.1046/j.1523-1739.2000.98533.x
Lohrer, A.M., S.F. Thrush, J.E. Hewitt, andC.Kraan. 2015. The up-scaling of ecosystem
functions

in

a

heterogeneous

world.

Scientific

Reports

5:10349.

https://doi.org/10.1038./srep10349
Lomstein, B. A., A. G. U. Jensen, J. W. Hansen, J. B. Andreasen, L. S. Hansen, J.
Berntsen, and H. Kunzendorf. 1998. Budgets of sediment nitrogen and carbon
cycling in the shallow water of Knebel Vig, Denmark. Aquat. Microb. Ecol. 14:
69–80. doi:10.3354/ame014069
Lomstein, B. A., T. Blackburn, and K. Henriksen. 1989. Aspects of nitrogen and carbon
cycling in the northern Bering Shelf sediment. I. The significance of urea turnover
in the mineralization of NH4+ . Mar. Ecol. Prog. Ser. 57: 237–247.
doi:10.3354/meps057237
Magni, P., D. Tagliapietra, C. Lardicci, and others. 2009. Animal-sediment
relationships: evaluating the “Pearson-Rosenberg paradigm” in Mediterranean
coastal

lagoons.

Mar.

Pollut.

Bull.

58:

478–86.

doi:10.1016/j.marpolbul.2008.12.009
Magnien, R.E., Summers, R.M. & Sellner, K.G. 1992. External nutrient sources,
internal nutrient pools, and phytoplankton production in Chesapeake Bay.
105

Estuaries 15: 497. dio: 10.2307/1352393
Majeed, S. A., U. D. B. Occidentale, and A. Le Gorgeu. 1987. Organic Matter and
Biotic Indices on the Beaches of North Brittany. Mar. Pollut. Bull. 18: 490–495.
Maloney, K. O., and D. E. Weller. 2011. Anthropogenic disturbance and streams: land
use and land-use change affect stream ecosystems via multiple pathways. Freshw.
Biol. 56: 611–626. doi:10.1111/j.1365-2427.2010.02522.x
Martinez-Haro, M., R. Beiras, J. Bellas, and others. 2015. A review on the ecological
quality status assessment in aquatic systems using community based indicators
and ecotoxicological tools: what might be the added value of their combination?
Ecol. Indic. doi:10.1016/j.ecolind.2014.07.024
Matthaei, C. D., J. J. Piggott, and C. R. Townsend. 2010. Multiple stressors in
agricultural streams: interactions among sediment addition, nutrient enrichment
and water abstraction. J. Appl. Ecol. 47: 639–649. doi:10.1111/j.13652664.2010.01809.x
McGlathery, K. J., D. Krause-jensen, S. Rysgaard, and P. B. Christensen. 1997. Patterns
of ammonium uptake within dense mats of the filamentous macroalga
Chaetomorpha linum. Aquat. Bot. 59: 99–115.
McGlathery, K. J., M. F. Pedersen, and J. Borum. 1996. Changes in intracellular
nitrogen pools and feedback controls on nitrogen uptake in Chaetomorpha linum
(chlorophyta). J. Phycol. 32: 393–401. doi:10.1111/j.0022-3646.1996.00393.x
McGlathery, K. J., K. Sundbäck, and I. C. Anderson. 2007. Eutrophication in shallow
coastal bays and lagoons: The role of plants in the coastal filter. Mar. Ecol. Prog.
Ser. 348: 1–18. doi:10.3354/meps07132
Morris, E. P., G. Peralta, F. G. Brun, L. van Duren, T. J. Bouma, and J. L. Perez-Llorens.
2008. Interaction between hydrodynamics and seagrass canopy structure: Spatially
explicit effects on ammonium uptake rates. Limnol. Oceanogr. 53: 1531–1539.
doi:10.4319/lo.2008.53.4.1531
Morris, E. P., G. Peralta, T. Van Engeland, and others. 2013. The role of hydrodynamics
in structuring in situ ammonium uptake within a submerged macrophyte
community.

Limnol.

Oceanogr.

Fluids

Environ.

3:

210–224.

doi:10.1215/21573689-2397024
Mumby, P. J., A. Hastings, and H. J. Edwards. 2007. Thresholds and the resilience of
Caribbean coral reefs. Nature 450: 98–101. doi:10.1038/nature06252
Muniz, P., N. Venturini, A. M. S. Pires-Vanin, L. R. Tommasi, and A. Borja. 2005.
106

Testing the applicability of a Marine Biotic Index (AMBI) to assessing the
ecological quality of soft-bottom benthic communities, in the South America
Atlantic

region.

Mar.

Pollut.

Bull.

50:

624–37.

doi:10.1016/j.marpolbul.2005.01.006
Muxika, I., Á. Borja, and J. Bald. 2007. Using historical data, expert judgement and
multivariate analysis in assessing reference conditions and benthic ecological
status, according to the European Water Framework Directive. Mar. Pollut. Bull.
55: 16–29. doi:10.1016/j.marpolbul.2006.05.025
Muxika, I., a Borja, and W. Bonne. 2005. The suitability of the marine biotic index
(AMBI) to new impact sources along European coasts. Ecol. Indic. 5: 19–31.
doi:10.1016/j.ecolind.2004.08.004
Naldi, M., and P. A. Wheeler. 2002. 15N measurements of ammonium and nitrate
uptake by Ulva fenestrata (Chlorophyta) and Gracilaria pacifica (Rhodophyta):
Comparison of net nutrient disappearance, release of ammonium and nitrate, and
15N accumulation in algal tissue. J. Phycol. 38: 135–144. doi:10.1046/j.15298817.2002.01070.x
Neckles, H. A., R. L. Wetzel, and R. J. Orth. 1993. Relative effects of nutrient
enrichment and grazing on epiphyte-macrophyte (Zostera marina L.) dynamics.
Oecologia 93: 285–295. doi:10.1007/BF00317683
Neori, A., T. Chopin, M. Troell, A. H. Buschmann, G. P. Kraemer, C. Halling, M.
Shpigel, and C. Yarish. 2004. Integrated aquaculture: rationale, evolution and state
of the art emphasizing seaweed biofiltration in modern mariculture. Aquaculture
231: 361–391. doi:http://dx.doi.org/10.1016/j.aquaculture.2003.11.015
Ní Longphuirt, S., S. O’Boyle, and D. B. Stengel. 2015a. Environmental response of
an Irish estuary to changing land management practices. Sci. Total Environ. 521–
522: 388–399. doi:https://doi.org/10.1016/j.scitotenv.2015.03.076
Ní Longphuirt, S., S. O’Boyle, R. Wilkes, T. Dabrowski, and D. B. Stengel. 2015b.
Influence of Hydrological Regime in Determining the Response of Macroalgal
Blooms to Nutrient Loading in Two Irish Estuaries. Estuaries and Coasts.
doi:10.1007/s12237-015-0009-5
Nicastro, A., and M. J. Bishop. 2013. Weak and habitat-dependent effects of nutrient
pollution on macrofaunal communities of southeast Australian estuaries. PLoS
One 8: e65706. doi:10.1371/journal.pone.0065706
Nichols, M. M. 1986. Effects of Fine Sediment Resuspension in Estuaries. Estuarine
107

Cohesive Sediment Dynamics. Springer New York. 5–42.
Niemi, G. J., and M. E. McDonald. 2004. Application of Ecological Indicators. Annu.
Rev.

Ecol.

Evol.

Syst.

35:

89–111.

doi:10.1146/annurev.ecolsys.35.112202.130132
Nilsson, H. C., and R. Rosenberg. 1997. Benthic habitat quality assessment of an
oxygen stressed fjord by surface and sediment profile images. J. Mar. Syst. 11:
249–264. doi:https://doi.org/10.1016/S0924-7963(96)00111-X
Nilsson, H. C., and R. Rosenberg. 2000. Succession in marine benthic habitats and
fauna. Mar. Ecol. Prog. Ser. 197: 139–149.
Nixon, S., and B. Buckley. 2002. “ A Strikingly Rich Zone ” -Nutrient Enrichment and
Secondary Production in Coastal Marine Ecosystems. Estuaries 25: 782–796.
Nixon, S. W. 1995. Coastal marine eutrophication: A definition, social causes, and
future concerns. Ophelia 41: 199–219. doi:10.1080/00785236.1995.10422044
Nixon, S. W. 2009. Eutrophication and the macroscope. Hydrobiologia 629: 5–19.
doi:10.1007/s10750-009-9759-z
Norkko, A., A. Villnäs, J. Norkko, S. Valanko, and C. Pilditch. 2013. Size matters:
implications of the loss of large individuals for ecosystem function. Scientific
Reports 3:2646. https://doi.org/10.1038/srep02646
Norkko, A, S. Thrush, J. Hewitt, and others. 2002. Smothering of estuarine sandflats
by terrigenous clay: the role of wind-wave disturbance and bioturbation in sitedependent macrofaunal recovery. Mar. Ecol. Prog. Ser. 234: 23–42.
doi:10.3354/meps234023
Nyberg, C. D. 2007. Introduced marine macroalgae and habitat modifiers: their
ecological role and significant attributes.
O’Meara, T. A., J. R. Hillman, and S. F. Thrush. 2017. Rising tides, cumulative impacts
and cascading changes to estuarine ecosystem functions. Sci. Rep. 7: 10218.
doi:10.1038/s41598-017-11058-7
Orth, R. J., T. J. B. Carruthers, W. C. Dennison, and others. 2006. A Global Crisis for
Seagrass

Ecosystems.

Bioscience

56:

987.

doi:10.1641/0006-

3568(2006)56[987:AGCFSE]2.0.CO;2
Oviatt, C., P. Doering, B. Nowicki, L. Reed, J. Cole, and J. Frithsen. 1995. An
ecosystem level experiment on nutrient limitation in temperate coastal marine
environments. Oceanogr. Lit. Rev. 42: 763.

108

Paerl, H. W. 1988. Nuisance phytoplankton and inland waters ’ blooms in coastal,
estuarine. Limnol. Oceanogr. 33: 823–847.
Paerl, H. W. 2006. Assessing and managing nutrient-enhanced eutrophication in
estuarine and coastal waters: Interactive effects of human and climatic
perturbations. Ecol. Eng. 26: 40–54. doi:10.1016/j.ecoleng.2005.09.006
Painting, S. J., M. J. Devlin, S. J. Malcolm, and others. 2007. Assessing the impact of
nutrient enrichment in estuaries: Susceptibility to eutrophication. Mar. Pollut.
Bull. 55: 74–90. doi:https://doi.org/10.1016/j.marpolbul.2006.08.020
Parliament Commissioner for the Environment. 2015. Water quality in New Zealand:
Land use and nutrient pollution: 23.
Pearson, L., and M. Couldrey. 2016. Methodology for GIS-based Land Use Maps for
Southland. Techical Report - Environment Southland - Publ. No. 2016-10 167.
Pearson, T. H. 2001. Functional group ecology in soft-sediment marine benthos: the
role of bioturbation. Oceanography and Marine Biology: An Annual Review
39:233–267.
Pearson, T. H., and R. Rosenberg. 1978a. Macrobenthic succession in relation to
organic enrichment and pollution of the marine environment. Oceanogr. Mar. Biol.
an Annu. Rev. 16: 229–321.
Pearson, T., and R. Rosenberg. 1978b. Macrobenthic succession in relation to organic
enrichment and pollution of the marine environment. Oceanogr. Mar. Biol. an
Annu. Rev. 16: 229–311.
Pedersen, A., G. Kraemer, and C. Yarish. 2004. The effects of temperature and nutrient
concentrations on nitrate and phosphate uptake in different species of Porphyra
from Long Island Sound (USA). J. Exp. Mar. Bio. Ecol. 312: 235–252.
doi:http://dx.doi.org/10.1016/j.jembe.2004.05.021
Pedersen, M. F., and J. Borum. 1996. Nutrient control of algal growth in estuarine
waters. Nutrient limitation and the importance of nitrogen requirements and
nitrogen storage among phytoplankton and species of macroalgae. Mar. Ecol.
Prog. Ser. 142: 261–272. doi:10.3354/meps142261
Pickering, T. D., M. E. Gordon, and L. J. Tong. 1990. Seasonal growth, density,
reproductive phenology and agar quality of Gracilaria sordida (Gracilariales,
Rhodophyta) at Mokomoko Inlet, New Zealand. Hydrobiologia 204/205: 253–
262.
Pizarro, A., and H. Barrales. 1986. Field assessment of two methods for planting the
109

agar-containing seaweed, Gracilaria, in Northern Chile. Aquaculture 59: 31–43.
doi:http://dx.doi.org/10.1016/0044-8486(86)90076-1
Plew, D. R., J. R. Zeldis, U. Shankar, and A. H. Elliott. 2018. Using Simple Dilution
Models to Predict New Zealand Estuarine Water Quality.doi:10.1007/s12237018-0387-6
Pratt, D. R., A. M. Lohrer, C. A. Pilditch, and S. F. Thrush. 2014. Changes in Ecosystem
Function Across Sedimentary Gradients in Estuaries. Ecosystems 17: 182–194.
doi:10.1007/s10021-013-9716-6
Pritchard, D. W. 1967. What is an estuary: physical viewpoint. Estuaries 83: 3–5.
Pusceddu, A., A. Dell’Anno, M. Fabiano, and R. Danovaro. 2009. Quantity and
bioavailability of sediment organic matter as signatures of benthic trophic status.
Mar. Ecol. Prog. Ser. 375: 41–52. doi:10.3354/meps07735
Qian, S. S., and T. F. Cuffney. 2012. To threshold or not to threshold? That’s the
question. Ecol. Indic. 15: 1–9. doi:10.1016/j.ecolind.2011.08.019
Raffaelli, D., S. Hull, and H. Milne. 1989. Long-term changes in nutrients, weedmats
and shore birds in an estuarine system. Cah. Biol. Mar. 30: 259–270.
Rhoads, D. C., and D. K. Young. 1970. The influence of deposit-feeding organisms on
sediment stability and community trophic structure. J. Mar. Res. 28: 150–178.
Richards, S. A., M. J. Whittingham, and P. A. Stephens. 2011. Model selection and
model averaging in behavioural ecology: the utility of the IT-AIC framework.
Behav. Ecol. Sociobiol. 65: 77–89. doi:10.1007/s00265-010-1035-8
Robertson, B. M., P. Gillespie, R. Asher, S. Frisk, N. Keeley, G. Hopkins, S.
Thompson, and B. Tuckey. 2002. Estuarine Environmental Assessment and
Monitoring: A National Protocol. Part A. Development, Part B. Appendices, and
Part C. Application. Prep. Support. Counc. Minist. Environ. Sustain. Manag. Fund
Contract No. 5096 292.
Robertson, B. P., J. P. A. Gardner, and C. Savage. 2015a. Macrobenthic-mud relations
strengthen the foundation for benthic index development: A case study from
shallow,

temperate

New

Zealand

estuaries.

Ecol.

Indic.

58.

doi:10.1016/j.ecolind.2015.05.039
Robertson, B. P., C. Savage, J. P. A. Gardner, B. M. Robertson, and L. M. Stevens.
2016. Optimising a widely-used coastal health index through quantitative
ecological group classifications and associated thresholds. Ecol. Indic. 69.
doi:10.1016/j.ecolind.2016.04.003
110

Robertson, B. M., L. Stevens, N. Ward, and B. P. Robertson. 2017. Condition of
Southland’s Shallow, Intertidal Dominated Estuaries in Relation to Eutrophication
and Sedimentation: Output 1: Data Analysis and Technical Assessment - Habitat
Mapping, Vulnerability Assessment and Monitoring Recommendations Related to
Issues.
Robertson, B. M., L. Stevens, J. Zeldis, and others. 2015b. New Zealand Estuary
Trophic Index Screening Tool 1. Determining eutrophication susceptibility using
physical and nutrient load data. 47p.
Robertson, B. M., L. Stevens, J. Zeldis, and others. 2015c. New Zealand Estuary
Trophic Index Screening Tool 2. Determining Monitoring Indicators and
Assessing Estuary Trophic State. 68p.
Robins, P. E., M. W. Skov, M. J. Lewis, and others. 2016. Impact of climate change on
UK estuaries: A review of past trends and potential projections. Estuar. Coast.
Shelf Sci. 169: 119–135. doi:10.1016/j.ecss.2015.12.016
Rockström, J., M. Falkenmark, L. Karlberg, H. Hoff, S. Rost, and D. Gerten. 2009a.
Future water availability for global food production: The potential of green water
for increasing resilience to global change. Water Resour. Res. 45: 1–16.
doi:10.1029/2007WR006767
Rockström, J., W. Steffen, K. Noone, and others. 2009b. Planetary boundaries:
Exploring the safe operating space for humanity. Ecol. Soc. 14. doi:10.5751/ES03180-140232
Rodil, I. F., A. M. Lohrer, J. E. Hewitt, M. Townsend, S. F. Thrush, and M. Carbines.
2013. Tracking environmental stress gradients using three biotic integrity indices:
Advantages of a locally-developed traits-based approach. Ecol. Indic. 34: 560–
570. doi:10.1016/j.ecolind.2013.06.023
Rosenberg, G., and J. Ramus. 1984. Uptake of inorganic nitrogen and seaweed surface
area: Volume ratios. Aquat. Bot. 19: 65–72. doi:http://dx.doi.org/10.1016/03043770(84)90008-1
Sakamaki, T., and O. Nishimura. 2009. Is sediment mud content a significant predictor
of macrobenthos abundance in low-mud-content tidal flats? Mar. Freshw. Res. 60:
160. doi:10.1071/MF08173
Sala, O. E., F. S. Chapin, J. J. Armesto, and others. 2000. Global biodiversity scenarios
for the year 2100. Science 287: 1770–1774. doi:10.1126/science.287.5459.1770
Sanford, L. P., and S. M. Crawford. 2000. Mass transfer versus kinetic control of uptake
111

across

solid-water

boundaries.

Limnol.

Oceanogr.

45:

1180–1186.

doi:10.4319/lo.2000.45.5.1180
Santelices, B., and M. S. Doty. 1989. A review of Gracilaria farming. Aquaculture 78:
95–133. doi:http://dx.doi.org/10.1016/0044-8486(89)90026-4
Santelices, B., J. Vásquez, U. Ohme, and E. Fonck. 1984. Managing wild crops of
Gracilaria in central Chile, p. 77–89. In C.J. Bird and M.A. Ragan (eds.), Eleventh
International Seaweed Symposium: Proceedings of the Eleventh International
Seaweed Symposium, held in Qingdao, People’s Republic of China, June 19--25,
1983. Springer Netherlands.
Scheffer, M., S. Carpenter, J. A Foley, C. Folke, and B. Walker. 2001. Catastrophic
shifts in ecosystems. Nature 413: 591–6. doi:10.1038/35098000
Scheffer, M., S. R. Carpenter, T. M. Lenton, and others. 2012. Anticipating Critical
Transitions. Science 338: 344–348. doi:10.1126/science.1225244
Scheffer, M., S. Barrett, S. R. Carpenter, and others. 2015. Creating a safe operating
space for iconic ecosystems. Science 347: 1317 LP-1319.
Schindler, D. W. 2012. The dilemma of controlling cultural eutrophication of lakes.
Proc. R. Soc. B Biol. Sci. 279: 4322–4333. doi:10.1098/rspb.2012.1032
Schlacher, T. a., L. M. C. Thompson, and S. J. Walker. 2008. Mortalities caused by offroad vehicles (ORVs) to a key member of sandy beach assemblages, the surf clam
Donax deltoides. Hydrobiologia 610: 345–350. doi:10.1007/s10750-008-9426-9
Schallenberg, M., D. P. Hamilton, A. S. Hicks, and others. 2017. Multiple lines of
evidence determine robust nutrient load limits required to safeguard a threatened
lake/lagoon system. New Zeal. J. Mar. Freshw. Res. 8330: 1–18.
doi:10.1080/00288330.2016.1267651
Schmidt, A. L., M. Coll, and H. K. Lotze. 2017. Regional-Scale Differences in
Eutrophication Effects on Eelgrass-Associated (Zostera marina) Macrofauna.
Estuaries and Coasts 40: 1096–1112. doi:10.1007/s12237-016-0204-z
Semadeni-davies, A., S. Elliot, and U. Shankar. 2016. CLUES - Catchment Land Use
for Environmental Sustainability User Manual. Fifth Ed. CLUES 10.3: 92.
Short, F. T., and D. M. Burdick. 1996. Quantifying Eelgrass Habitat Loss in Relation
to Housing Development and Nitrogen Loading in Waquoit Bay, Massachusetts.
Estuaries 19: 730. doi:10.2307/1352532
Siddig, A. H., A. M. Ellison, A. Ochs, C. Villar-Leeman, and M. K. Lau. 2016. How
do ecologists select and use indicator species to monitor ecological change?
112

Insights from 14 years of publication in Ecological Indicators. Ecol. Indic. 60:
223–230. doi:10.1016/j.ecolind.2015.06.036
Sigovini, M., E. Keppel, and D. Tagliapietra. 2013. M-AMBI revisited: Looking inside
a widely-used benthic index. Hydrobiologia 717: 41–50. doi:10.1007/s10750-0131565-y
Sinha, E., A. M. Michalak, and V. Balaji. 2017. Eutrophication will increase during the
21st century as a result of precipitation changes. Science 357: 405–408.
doi:10.1126/science.aan2409
Smetacek, V., and A. Zingone. 2013. Green and golden seaweed tides on the rise.
Nature 504: 84–88. doi:10.1038/nature12860
Smith, V. 2003. Eutrophication of freshwater and coastal marine ecosystems a global
problem. Environ. Sci. Pollut. Res. 10: 126–139. doi:10.1065/espr2002.12.142
Smith, V. H., and D. W. Schindler. 2009. Eutrophication science: where do we go from
here? Trends Ecol. Evol. 24: 201–207. doi:10.1016/j.tree.2008.11.009
Smith, V. H., G. D. Tilman, and J. C. Nekola. 1998. Eutrophication: Impacts of excess
nutrient inputs on freshwater, marine, and terrestrial ecosystems. Environ. Pollut.
100: 179–196. doi:10.1016/S0269-7491(99)00091-3
Smith, V., S. Wood, C. McBride, J. Atalah, and D. Hamilton. 2016. Phosphorus and
nitrogen loading restraints are essential for successful eutrophication control of
Lake Rotorua, New Zealand. Inl. Waters 6: 273–283. doi:10.5268/IW-6.2.998
Snelder, T., C. Rajanayaka, and C. Fraser. 2014. Contaminant Load Calculator.
Prepared for Environment Southland. Envirolink Proj. 1476-ESRC266.
Snelgrove, P. V. R. 1997. The importance of marine sediment biodiversity in ecosystem
processes. Ambio 26: 578–583.
Snelgrove, P. V. R. 1998. The biodiversity of macrofaunal organisms in marine
sediments. Biodivers. Conserv. 7: 1123–1132. doi:10.1023/A:1008867313340
Stoddard, J. L., D. P. Larsen, C. P. Hawkins, R. K. Johnson, and R. H. Norris. 2006.
Setting expectations for the ecological conidition of streams: The concept of
refernce condition. Ecol. Appl. 16: 1267–1276. doi:10.1890/1051-0761(2006)016
Sunda, W. G., and W.-J. Cai. 2012. Eutrophication Induced CO2-Acidification of
Subsurface Coastal Waters: Interactive Effects of Temperature, Salinity, and
Atmospheric

PCO2.

Environ.

Sci.

Technol.

46:

10651–10659.

doi:10.1021/es300626f
Sundbäck, K., A. Miles, S. Hulth, L. Pihl, P. Engström, E. Selander, and A. Svenson.
113

2003. Importance of benthic nutrient regeneration during initiation of macroalgal
blooms in shallow bays. Mar. Ecol. Prog. Ser. 246: 115–126.
Sutula, M. 2011. Review of Indicators for Development of Nutrient Numeric Endpoints
in California Estuaries. Southern California Coastal Water Research Project
Technical Report No 646: 269.
Sutula, M., L. Green, G. Cicchetti, N. Detenbeck, and P. Fong. 2014. Thresholds of
adverse effects of macroalgal abundance and sediment organic matter on benthic
habitat quality in estuarine intertidal flats. Estuaries and Coasts 1–17.
doi:10.1007/s12237-014-9796-3
Swales, A., R. B. Williamson, L. F. Van Dam, M. J. Stroud, and M. S. McGlone. 2002.
Reconstruction of urban stormwater contamination of an estuary using catchment
history

and

sediment

profile

dating.

Estuaries

25:

43–56.

doi:10.1007/BF02696048
Teichberg, M., S. E. Fox, C. Aguila, Y. S. Olsen, and I. Valiela. 2008. Macroalgal
responses to experimental nutrient enrichment in shallow coastal waters: growth,
internal nutrient pools, and isotopic signatures. Mar. Ecol. Prog. Ser. 368: 117–
126. doi:10.3354/meps07564
Teichberg, M., S. E. Fox, Y. . Olsen, and others. 2010. Eutrophication and macroalgal
blooms in temperate and tropical coastal waters: nutrient enrichment experiments
with Ulva spp. Glob. Chang. Biol. 16: 2624–2637. doi:10.1111/j.13652486.2009.02108.x
Teixeira, H., S. B. Weisberg, A. Borja, and others. 2012. Calibration and validation of
the AZTI’s Marine Biotic Index (AMBI) for Southern California marine bays.
Ecol. Indic. 12: 84–95. doi:10.1016/j.ecolind.2011.05.025
Thrush, S. F., M. Townsend, J. E. Hewitt, K. Davies, A. M. Lohrer, C. Lundquist, and
K. Cartner. 2013. The Many Uses and Values of Estuarine Ecosystems. Dymond
JR ed. Ecosyst. Serv. New Zeal. - Cond. trends. Manaaki Whenua Press. Lincoln,
New Zealand. 226–237.
Thrush, S., J. Hewitt, V. Cummings, J. Ellis, C. Hatton, A. Lohrer, and A. Norkko.
2004. Muddy waters: elevating sediment input to coastal and estuarine habitats.
Front. Ecol. Environ. 2: 299–306.
Thrush, S., J. Hewitt, M. Gibbs, C. Lundquist, and A. Norkko. 2006. Functional role of
large organisms in intertidal communities: community effects and ecosystem
function. Ecosystems 9: 1029–1040. doi:10.1007/S10021-005-0068-8
114

Thrush, S., J. Hewitt, P. Herman, and T. Ysebaert. 2005. Multi-scale analysis of
species-environment relationships. Mar. Ecol. Prog. Ser. 302: 13–26.
doi:10.3354/meps302013
Thrush, S., J. Hewitt, A. Norkko, P. Nicholls, G. Funnell, and J. Ellis. 2003. Habitat
change in estuaries: predicting broad-scale responses of intertidal macrofauna to
sediment

mud

content.

Mar.

Ecol.

Prog.

Ser.

263:

101–112.

doi:10.3354/meps263101
Thrush, S., J. Hewitt, S. Parkes, and others. 2014. Experimenting with ecosystem
interaction networks in search of threshold potentials in real-world marine
ecosystems. Ecology 95: 1451–1457.
Tilman, D., J. Fargione, B. Wolff, and others. 2001. Forecasting Agriculturally Driven
Global Environmental Change. Science (80-. ). 292: 281 LP-284.
Toms, J. D., and M. Villard. 2015. Threshold detection: matching statistical
methodology to ecological questions and conservation planning objectives. Avian
Conserv. Ecol. 10: http://dx.doi.org/10.5751/ACE-00715-100102.
Toms, J., and M. Lesperance. 2003. Piecewise regression: a tool for identifying
ecological thresholds. Ecology 84: 2034–2041.
Townsend, C. R., S. S. Uhlmann, and C. D. Matthaei. 2008. Individual and combined
responses of stream ecosystems to multiple stressors. J. Appl. Ecol. 45: 1810–
1819. doi:10.1111/j.1365-2664.2008.01548.x
Townsend, M., S. F. Thrush, A. M. Lohrer, J. E. Hewitt, C. J. Lundquist, M. Carbines,
and M. Felsing. 2014. Overcoming the challenges of data scarcity in mapping
marine

ecosystem

service

potential.

Ecosyst.

Serv.

8:

44–55.

doi:https://doi.org/10.1016/j.ecoser.2014.02.002
Trimmer, M., D. B. Nedwell, D. B. Sivyer, and S. J. Malcolm. 2000. Seasonal organic
mineralisation and denitrification in intertidal sediments and their relationship to
the abundance of Enteromorpha sp. and Ulva sp. Mar. Ecol. Prog. Ser. 203: 67–
80.
Tyler, A. ., K. . McGlathery, and I. . Anderson. 2001a. Macroalgae Mediation of
Dissolved Organic Nitrogen Fluxes in a Temperate Coastal Lagoon. Estuar. Coast.
Shelf Sci. 53: 155–168. doi:10.1006/ecss.2001.0801
Tyler, A. C., K. J. Mcglathery, and I. C. Anderson. 2001b. Macroalgae Mediation of
Dissolved Organic Nitrogen Fluxes in a Temperate Coastal Lagoon. Estuar. Coast.
Shelf Sci. 53: 155–168. doi:10.1006/ecss.2001.0801
115

Tyler, A. C., K. J. McGlathery, and I. C. Anderson. 2003. Benthic algae control
sediment-water column fluxes of organic and inorganic nitrogen compounds in a
temperate

lagoon.

Limnol.

Oceanogr.

48:

2125–2137.

doi:10.4319/lo.2003.48.6.2125
Tyler, A. C., K. J. McGlathery, and S. A. Macko. 2005. Uptake of urea and amino acids
by the macroalgae Ulva lactuca (Chlorophyta) and Gracilaria vermiculophylla
(Rhodophyta). Mar. Ecol. Prog. Ser. 294: 161–172. doi:10.3354/meps294161
Valiela, I., J. McClelland, J. Hauxwell, P. Behr, D. Hersh, and K. Foreman. 1997a.
Macroalgal blooms in shallow estuaries: Controls and ecophysiological and
ecosystem consequences. Limnol. Oceanogr. 42: 1105–1118.
Valiela, I., J. Mcclelland, J. Hauxwell, P. J. Behr, D. Hersh, and K. Foreman. 1997b.
Macroalgal blooms in shallow estuaries: Controls and ecophysiological and
ecosystem

consequences.

Limnol.

Oceanogr.

42:

1105–1118.

doi:10.4319/lo.1997.42.5_part_2.1105
Valle, M., Á. Borja, G. Chust, I. Galparsoro, and J. M. Garmendia. 2011. Modelling
suitable estuarine habitats for Zostera noltii, using Ecological Niche Factor
Analysis and Bathymetric LiDAR. Estuar. Coast. Shelf Sci. 94: 144–154.
doi:10.1016/j.ecss.2011.05.031
Villnäs, A., J. Hewitt, M. Snickars, M. Westerbom, and A. Norkko. 2018. Template for
using biological trait groupings when exploring large-scale variation in seafloor
multifunctionality: Ecol. Appl. 28: 78–94. doi:10.1002/eap.1630
Wang, C., A. Lei, K. Zhou, Z. Hu, W. Hao, and J. Yang. 2014. Growth and Nitrogen
Uptake Characteristics Reveal Outbreak Mechanism of the Opportunistic
Macroalga Gracilaria tenuistipitata. 9. doi:10.1371/journal.pone.0108980
Waycott, M., C. M. Duarte, T. J. B. Carruthers, and others. 2009. Accelerating loss of
seagrasses across the globe threatens coastal ecosystems. Proc. Natl. Acad. Sci. U.
S. A. 106: 12377–81. doi:10.1073/pnas.0905620106
Weisberg, S. B., J. A. Ranasinghe, D. M. Dauer, L. C. Schaffner, R. J. Diaz, and J. B.
Frithsen. 1997. An Estuarine Benthic Index of Biotic Integrity (B-IBI) for
Chesapeake Bay. Estuaries 20: 149. doi:10.2307/1352728
Weston, N. B., A. E. Giblin, G. T. Banta, C. S. Hopkinson, and J. Tucker. 2010. The
effects of varying salinity on ammonium exchange in estuarine sediments of the
Parker

River,

Massachusetts.

Estuaries

and

Coasts

33:

985–1003.

doi:10.1007/s12237-010-9282-5
116

Wheeler, P. A., and B. R. Bjornsater. 1992. Seasonal fluctuations in tissue nitrogen,
phosphorus, and N:P for five macroalgal species common to the Pacific Northwest
Coast. J. Phycol. 28: 1–6. doi:10.1111/j.0022-3646.1992.00001.x
Williams, S. L. 1984. Uptake of sediment ammonium and translocation in a marine
green macroalga Caulerpa cupressoides. Limnol. Oceanogr. 29: 374–379.
doi:10.4319/lo.1984.29.2.0374
Woods, R., V. Bidwell, B. Clothier, and others. 2006. The CLUES Project: Predicting
the Effects of Land-use on Water Quality – Stage II. NIWA Client Rep. No
HAM2006-096: 106.
Ysebaert, T., P. Meire, P. Herman, and H. Verbeek. 2002. Macrobenthic species
response surfaces along estuarine gradients: prediction by logistic regression. Mar.
Ecol. Prog. Ser. 225: 79–95. doi:10.3354/meps225079

117

Appendices
Appendix 1: Mud-AMBI versus Nutri-AMBI (Chapter 2).
Table A2.1 Macroinvertebrate taxon-specific output for GAM analyses.

Taxa
Arthritica sp.#1
Nicon aestuariensis
Potamopyrgus estuarinus
Amphipoda sp.#7
Austrohelice crassa
Halicarcinus varius
Anthopleura aureoradiata
Nemertea sp.#1
Aglaophamus macroura
Aonides trifida
Boccardia acus
Boccardia syrtis
Disconatis accolus
Macroclymenella stewartensis
Glycera lamelliformis
Heteromastus filiformis
Orbinia papillosa
Perinereis vallata
Prionospio aucklandica
Scoloplos cylindrifer
Oligochaeta
Diloma subrostrata
Haminoea zelandiae
Notoacmaea spp.
Xymene plebeius
Zeacumantus lutulentus
Austrovenus stutchburyi
Linucula hartvigiana
Paphies australis
Amphipoda sp.#1
Colurostylis lemurum
Halicarcinus whitei
Isocladus sp.#1
Paracorophium excavatum
Phoxocephalidae sp.#1
Diptera sp.#2

Deviance
Explained
(%)
78.2
98.9
96.8
72.6
87.8
82
91.6
88.7
90.1
74.3
87.6
95.2
93.5
93.3
93.8
95.1
86.5
69.7
66.9
82.8
82
91.4
67.9
93.8
86.2
94.8
76.2
89.4
72.8
76.8
81.8
64.3
67.1
76
49.3

PCA.Nutri
significance (p)
5.71e-15 **
<2e-16**
<2e-16 **
9.43e-09 **
<2e-16 **
3.03e-16 **
1.97e-14 *
< 2e-16 **
< 2e-16 **
<2e-16 **
1.26e-09 **
<2e-16**
<2e-16 **
<2e-16 **
<2e-16 **
<2e-16**
<2e-16**
6.03e-14 **
2.75e-11 **
4.2e-10 **
ns
7.27e-05 **
<2e-16 **
<2e-16 **
1.22e-08 **
<2e-16 **
<2e-16 ***
9.26e-16 **
<2e-16 **
3.86e-09 **
3.43e-13 **
<2e-16 **
0.00105 **
<2e-16 **
<2e-16 **
0.000263 **

GAM scale
79.7628
2.6864
177.2363
506.7531
0.8893
3.4041
4.5358
0.0988
0.5767
1107.377
4.7407
0.4413
0.0065
0.1713
0.035
27.7165
2.8817
1.2842
10.4572
2.2441

10-fold
MSE
96.2099
2.7169
198.3809
649.3896
1.257
3.7677
5.0972
0.1108
0.6002
1135.59
6.6151
0.5153
0.0088
0.2176
0.0528
28.6979
2.9107
1.3311
11.0501
2.6913

n
52
34
89
121
86
40
57
70
66
86
76
72
54
115
80
82
96
88
63
62

0.4589
0.0406
3.4376
0.0056
6.6508
17.4776
10.6978
2.891
133.754
0.6712
2.9442
0.3061
7911.305
0.6583
0.5451

0.5559
0.0525
3.5741
0.0086
7.2064
18.798
10.9756
3.165
168.3933
0.9721
3.4244
0.3376
8361.084
0.7239
0.5708

31
31
51
54
37
49
94
101
51
32
35
33
90
86
33

118

Edwardsia sp.#1
Nemertea sp.#2
Nereididae
Paraonidae sp.#1
Cominella glandiformis
Tellina liliana
Hemiplax hirtipes
Scolecolepides benhami
Amphibola crenata

95.5
96.5
90.5
79
58.7
82.3
53.3
66.1
74.2

<2e-16**
<2e-16**
9.05E-15
1.39e-07 **
1.37e-10 **
4.17e-05 **
0.000365 **
1.24e-07 **
0.000662 **

4.1979
0.0692
2.2332
9.6354
0.2055
1.8625
0.4862
14.0154
0.1818

4.7005
0.0936
2.3367
9.6726
0.2182
1.8714
0.5387
14.5976
0.2374
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56
34
57
112
48
62
45
61
32

Appendix 2: Nitrogen load versus primary producer extent (Chapter 3).
Table A3.1 Steps to determine combined estuary physical susceptibility and existing
condition rating.
Step 1. Determine flushing potential (FP) using ASSETS (Bricker et al. 1999, 2003,
2007) criteria:
A flushing rating, calculated as freshwater (FW) inflow (m3.d-1) divided by estuary
volume (m3) and adjusted for tidal height (m). For FW inflow/Est Vol; Macrotidal
(>1.8m): 100-10-2 High, 10-3-10-4 Moderate. Mesotidal (0.8-1.8m): 100-10-1 High,
10-2 Moderate, 10-3-10-4 Low. Microtidal (<0.8m): 100-10-1 High, 10-2 Moderate,
10-3-10-4 Low.
Step 2. Determine dilution potential (DP) using ASSETS (Bricker et al. 1999, 2003,
2007) criteria:
For unstratified and minor vertical stratification (e.g. upper estuary and navigation
channels) estuaries the DP calculated as: DP = 1 ÷ estuary volume (ft3) (Note:
ASSETS approach uses cubic feet as units for volume) or if estuary stratified then
DP = 1 ÷ estuary freshwater layer volume (ft3). For unstratified estuaries: If answer
= 10-12-10-13 then rating is High; 10-11 then rating is Moderate; 10-9-10-10 then rating
is Low.
Step 3. Step 3. Determine physical susceptibility or export potential (EP) using
ASSETS (Bricker et al. 1999, 2003, 2007) criteria:
Determine the overall physical susceptibility of an estuary to dilution and flushing
by combining the physical susceptibility (FP and DP) information in the following
matrix.

High
Flushing
potential

Moderate
Low

Dilution potential
High
Moderate
High EP & Low
High EP & Low
Susceptibility
Susceptibility
High EP & Low
Susceptibility
Moderate EP &
Moderate
Susceptibility

Moderate EP &
Moderate
Susceptibility
Low EP & High
Susceptibility

Low
Moderate EP &
Moderate
Susceptibility
Low EP & High
Susceptibility
Low EP & High
Susceptibility
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Step 4. Determine the combined physical and nutrient load susceptibility.
It is proposed that the N load susceptibility is based on relationships between
nutrient load and presence of nuisance macroalgae (i.e. high macroalgal
cover/biomass and aRPD at surface) and seagrass. The combined susceptibility of
physical and nutrient load factors is determined based on the physical susceptibility
calculated above, and N load susceptibility. To determine the influence of the
nutrient areal load (mgN.m-2.d-1) on nuisance macroalgal and seagrass growth, use
the following thresholds: Very high: >250; High: >50-250; Moderate: 10-50; Low:
<10mg.m-2.d-1. The physical susceptibility ratings (or export potential) are as
indicated above (i.e. ASSETS approach). The combined physical and nutrient load
susceptibility is determined from the following matrix:
N load susceptibility (mg.m-2.d-1)
Very High >250 High >50-250 Mod 10-50 Low <10
Band D
Band C
Band C
Band B
Very High
High
High
Moderate
Physical
Moderate
Band
D
Band
C
Band
B
Band A
susceptibility
Very High
High
Moderate
Low
Low
Band C
Band B
Band B
Band A
High
Moderate
Moderate
Low
Note: to estimate the nutrient load, estimates of catchment nutrient loads (supplemented with point
source input data) are the logical first source of this data. That is, bearing in mind that model data
will likely need to be validated, or at least exposed to sensitivity analysis, once major management
decisions are being addressed. Once the load is estimated in kg.N.yr-1 or kg.P.yr-1, then normalise
it to the estuary area (i.e. mg.N.m-2.yr-1) by the following equation: Areal N load (mgN.m-2.yr-1 =)
= N load (kg.yr-1)/Area estuary (km2).
High

The following table provides narrative guidance on the ecological condition that
is likely to result from combined N load and physical susceptibility ratings using
the following ecological condition bands that relate to the table above:
Band

Ecological
quality

A

B

C

D

No stress
caused by
the indicator
on any
aquatic
biota.
Healthy
seagrass
communities
present.

A minor stress on
sensitive biota
caused by the
indicator. Some
eutrophic
symptoms (e.g.
macroalgae) but
still support
healthy seagrass
and fish
communities.

Moderate stress on
a number of aquatic
biota caused by the
indicator exceeding
preference levels
for some species
and a risk of
sensitive biota
species being lost
or reduced.
Macroalgal growth
moderate.

Significant,
persistent stress on
a range of aquatic
biota caused by the
indicator exceeding
tolerance levels. A
likelihood of local
extinctions of
keystone species
and loss of
ecological integrity.
Algal dominated,
turbid systems,
seagrass absent or
reduced.
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Figure A3.1 Relations between catchement-derived total nitrogen and suspended
sediment loads (linear regression β = 2.1525; R² = 0.0466; p > 0.01).
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Appendix 3: Nuisance macroalgal nutrient source tracing (Chapter 4).

Fig. A4.1 Sediment redox profiles (n = 3, ±SE) associated with mat-forming
macroalgae, collected at low tide in the field and before (t0) and after (t1) the
laboratory experiment.
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Appendix 4: Methods used to quantify stressor thresholds (Chapter 5).
Thresholds for macroinvertebrate assemblages
To derive ‘classification’ thresholds of Nutri.PCA that defined boundaries in AMBI
coefficients, regression tree models were selected due to their ease-of-use and strong
performance, particularly for large datasets with correlated causal variables, simulating
non-linear relationships and ranking causal variables (e.g. De’ath and Fabricius 2000).
Trees were developed through binary recursive partitioning, an iterative process that
splits the data into groups, and then continues splitting each group into more
homogeneous groups. Each group is characterised by a typical value of the response
variable attributable to that split, the number of observations in the group, and the
values of the explanatory variables that define it. The ctree() function in R
(Development core team, 2015 – 3.0.3 GUI 1.63 Snow Leopard build 6660) package
‘party’ (https://cran.r-project.org/web/ packages/party) was used to generate trees, with
a maximum split number of 3 and p < 0.05 as the stopping criteria; box plots indicating
variances rather than bootstrapped confidence intervals (CIs) were employed because
the latter are often considered too narrow (Brenden et al., 2008). The robustness of
classification threshold estimates was also assessed for log-transformed Nutri.PCA and
sediment mud content data, since this should not affect the identified estimates (Qian
and Cuffney, 2012).
Thresholds for macroalgae and seagrass coverage
Potential ‘breakpoint-based’ thresholds were assessed using segmented (or piecewise)
regression (Muggeo, 2012). Segmented regression analysis allows evaluation of a
segmented linear response composed of two functions that differ in their slopes but
their lines converge at the breakpoint. This was undertaken using the ‘segmented’
package (https://cran.r-project.org/web/packages/segmented) and associated CIs
calculated using its confint.segmented() function within R.
Key differences between ‘classification’ and ‘breakpoint’ thresholds
The classification and breakpoint-based threshold types both provide ecologically
meaningful but different information. While classification thresholds identify groups of
data points with differing properties (Toms and Villard, 2015), breakpoint-based
thresholds indicate the point of maximum benthic deterioration, or the position where

124

conditions could be expected to improve as stressor influence is reduced (Sutula et al.,
2014).
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